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The main challenge in wastewater treatment is changing the perception of 
wastewater as a waste product to be treated or disposed of, and instead 
seeing it as a source of energy and other valuable byproducts. This approach 
is in line with the basic principles of a circular economy, which replaces 
the ‘end-of-life’ concept with reducing, reusing, recycling, and recovering 
materials in production, distribution and consumption processes. The 
anaerobic treatment of wastewater aligns with these goals: energy, safe water 
and nutrients can all be recovered in the process. As a result, the anaerobic 
process could represent the best mainstream treatment option for domestic 
wastewater. The development of powerful technologies such as high-rate and 
membrane reactors is making anaerobic wastewater treatment more viable, 
especially in cold and moderate climate regions where the process is made 
more challenging due to the low process efficiency for dilute streams such as 
domestic wastewaters.

Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities 
presents the current state of knowledge and future perspectives of the 
anaerobic process applied as a mainstream treatment method of domestic 
wastewater. 12 chapters cover engineering, microbiology, process monitoring 
and control, sustainability, life-cycle assessment, and techno-economic 
analysis. Topical areas of research, including the fate of microplastics and 
antibiotic resistance in the treatment line, are also discussed.

This book provides all the necessary knowledge to analyse, evaluate, design, 
and implement anaerobic bioreactors for domestic wastewater treatment, 
making it essential reading for doctoral and master’s students of water 
treatment subjects, and professionals or researchers in the water sector.
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The book presents the state of knowledge and the future perspectives of anaerobic processes applied as 
mainstream treatment of domestic wastewater, which in the last few decades, due to the development 
of effective technologies such as the high-rate bioreactors, became competitive with the conventional 
aerobic process even in moderate climatic regions.

The book consists of 12 chapters covering the main aspects related to the anaerobic treatment 
of domestic wastewater including engineering, microbiology, process monitoring and control, 
sustainability derived by energy and resource recovery, life-cycle assessment, and techno-economic 
analysis. Effective technologies namely upflow anaerobic sludge blanket bioreactors, membrane 
bioreactors, and granular and immobilized biomass systems, potentially able to achieve removal 
performance of high organics even at low temperatures, are presented in detail, and their status of 
application is reported.

For the nutrient content of treated effluents, two alternatives are considered: their recovery, 
which is preferable to maximize the process sustainability, and low impact post-treatment solutions. 
Operational strategies to recovery energy and water are also discussed for different final use options.

Concerning the drawback caused by the dissolved methane in the treated effluent, possible 
alternatives to enhance either its recovery within the process to maximize energy production or its use 
as an alternative carbon source to improve denitrification potential, avoiding in any case the emission 
of this powerful greenhouse gas, are critically analyzed.

Constraints such as removal of microbial indicators (i.e., helminth eggs, pathogenic microorganisms, 
viruses) and fate of micropollutants are discussed to evaluate possible interventions for enhancing 
their removal.

Feasibility of anaerobic treatment for domestic wastewater is also evaluated through life-cycle 
assessment and techno-economic analysis to define the real competitiveness with conventional 
activated sludge processes.

At the end, the book will provide the reader all the information required to evaluate anaerobic 
processes as a feasible alternative in treating domestic wastewater, expected advantages in terms of 
sustainability, and the still open research questions, placing special emphasis on hot topics such as the 
fate of microplastics and antibiotic resistance in anaerobic systems.

Introduction
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2 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

WHY THIS BOOK?
In spite of the fact that the potential advantages of anaerobic domestic wastewater treatment have been 
well highlighted in numerous earlier studies, the application of the process is still limited to regions 
with favorable warm climatic conditions. This book can effectively contribute to the dissemination of 
the information on the current state of knowledge, which is very promising, and speed up the research 
activities required to complete the last steps toward an extended full-scale application, including the 
necessary post-treatment options, especially in temperate regions of the world.

Through a combination of theoretical knowledge and practical considerations, this book aims to 
provide readers, doctoral, and master’s students on a water treatment topic, and even professionals 
or researchers in the water sector, with the knowledge necessary to know, analyze, design, and 
implement anaerobic bioreactors for sewage treatment. As we embark on this journey toward 
anaerobic wastewater treatment, we invite readers to explore the science, technology, and real-world 
applications that make this approach a reliable alternative in the search for more economical and 
sustainable solutions for domestic wastewater treatment.
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ABSTRACT

Anaerobic treatment of domestic wastewater (DWW) is currently applied in warm climate regions because the 
process kinetics at these temperatures are competitive with the conventional activated sludge process, and the 
solution is advantageous given the possibility of energy and nutrient recovery and the reduced sludge production. 
However, the lower metabolic capacity of anaerobic bacteria than aerobic ones makes the process less efficient, 
especially for low concentrated wastewater as the domestic ones. This challenge can be overcome by applying 
high-rate bioreactors, such as anaerobic filters, upflow anaerobic sludge blanket reactors, expanded granular 
sludge bed reactors, and anaerobic baffled reactors, allowing the decoupling of hydraulic retention time (HRT) 
and sludge retention time (SRT). They operate with highly concentrated biomass, thus low HRTs (and consequently 
lower reactor volumes) can be applied to achieve process rates suitable for practical application. Another important 
aspect to evaluate the feasibility of the anaerobic treatment of DWW is the hygienization potential, which is gaining 
increasing attention in light of safe water reuse. In this chapter, an overview of the present state of knowledge of 
high-rate systems as well as multi-step treatment options, in combination with the anaerobic process, are presented 
and discussed. In addition, an extended analysis of pathogen removal in anaerobic processes treating low-strength 
wastewater (with or without post-treatment) is reported with the aim of providing an exhaustive contribution to this 
aspect, which is of relevance for water reuse and process sustainability.

Keywords: anaerobic process, low-strength wastewater, high-rate bioreactors, combined processes, pathogen 
removal, microbial indicators.

1.1 WHY ANAEROBIC TREATMENT OF LOW-STRENGTH WASTEWATER?
1.1.1 Advantages and potentialities in comparison to conventional activated sludge process
Recent trends in domestic wastewater (DWW) treatment no longer consider DWW as a waste to 
be treated or disposed of but as a source of energy and valuable products. This approach is in line 
with the United Nations sustainable development goals (SDGs) 6 and 12 and in particular with the 
following target goals: ‘achieving the environmentally sound management of chemicals and all wastes 

Chapter 1
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wastewater: applicability and 
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4 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

throughout their life cycle; reducing waste generation through prevention, reduction, recycling and 
reuse; encourage companies to adopt sustainable practices’ (SDG 12) and ‘improve water quality 
by reducing pollution, eliminating dumping and minimizing release of hazardous chemicals and 
materials, halving the proportion of untreated wastewater and substantially increasing recycling 
and safe reuse globally’ (SDG 6). Potentially recoverable resources in anaerobic treatment consist of 
water itself whose quality depends on the applied post-treatment, fertilizing nutrients (nitrogen and 
phosphorus as main nutrients but also potassium and sulfur), and energy (Bae et al., 2014; Foresti 
et al., 2006; Kujawa-Roeleveld & Zeeman, 2006; McCarty et al., 2011).

The majority of wastewater treatment plants in moderate and cold climate regions are operated with 
aerobic processes, using different configurations based on the conventional activated sludge (CAS) 
process whereas anaerobic processes have a minor role being applied only for sludge digestion in large 
DWW treatment plants. CAS plants achieve high removal efficiencies of the influent organic load, but 
show main drawbacks related to the high energy demand for aeration and to the high production of 
sludge, which requires handling, treatment and disposal (Leitão et al., 2006; Martinez-Sosa et al., 2011; 
Smith et al., 2012). Moreover, only a minor fraction of the wastewater energy content can be recovered 
through anaerobic sludge digestion, whereas the energy associated with the dissolved organic fraction 
is completely lost. As a result, in CAS the energy balance is negative, that is, more energy is consumed 
in wastewater treatment than gained with anaerobic sludge digestion (McCarty et al., 2011).

Anaerobic treatment, owing to attractive advantages of energy saving, biogas recovery, and lower 
sludge production, has the potential of being a more sustainable technology (Bae et al., 2014; Wen 
et al., 1999) for DWW treatment and increasing investigations have focused on this topic in the last 
few decades. McCarty et  al. (2011) have published an important reference study on the potential 
advantages in terms of energy recovery from anaerobic DWW treatment compared to a CAS system 
coupled with anaerobic sludge digestion. Assuming typical DWW at a chemical oxygen demand 
(COD) concentration of 500 mg/L, they estimated a doubling of CH4 production in comparison to 
CAS and observed that the energy production greatly exceeds the energy required for plant operation. 
This important result means that anaerobic DWW treatment can be a net energy producer.

DWW can also be an important carrier medium for nutrients in the nutrient cycle. Recycling 
nitrogen and phosphorus present in sewage rather than wasting them could help to minimize the 
anthropogenic production of fertilizers. An average evaluation of potential nutrient and fertilizer 
recovery from the anaerobic DWW treatment has been reported in Verstraete et  al. (2009), who 
estimated a potential recovery per m3 sewage of 0.05 kg nitrogen, 0.01 kg phosphorus, and 0.1 kg 
organic fertilizers, calculated on the basis of 20% organic matter remaining after anaerobic digestion.

At first, anaerobic digestion kinetics were considered feasible only for high-strength wastewater 
at temperatures above 20–25°C. Thus, the first anaerobic bioreactors were used in tropical regions 
and designed for high organics’ concentrated wastewater as the agro-food ones (Foresti et al., 2006). 
However, over the past 50 years, technologies that are more efficient have been developed opening 
a wider spectrum of anaerobic process applications, including the possibility of treating DWW at 
lower temperatures. Since then, the application of the anaerobic process as the mainstream treatment 
unit of DWW significantly increased, particularly in developing countries such as Brazil, Colombia, 
Mexico, Egypt, and India, where this technology is considered to be a fully feasible treatment option 
characterized by a favorable cost–benefit ratio (Aiyuk et al., 2006; McCarty et al., 2011).

In the last few decades, the already mentioned increased interest in a more sustainable wastewater 
treatment approach pushed research activities toward high-performance technologies allowing the 
extension of anaerobic treatment applicability to low-strength wastewater such as DWW under 
temperate climate conditions, and this is one of the main challenges for anaerobic technology evolution.

1.1.2 Drawbacks of anaerobic DWW treatment
For a better understanding of some of the drawbacks of the anaerobic DWW treatment, it is useful for 
the reader to have a short presentation of the basic reactions occurring in the process. Anaerobic organic 
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matter degradation is carried out in four steps in series: (1) hydrolysis; (2) acidogenesis; (3) acetogenesis; 
and (4) methanogenesis. In the first step, complex organic compounds such as proteins, carbohydrates, 
and lipids are hydrolyzed to obtain simpler soluble products such as amino acids, sugars, long-chain 
fatty acids, and glycerin by the action of extracellular enzymes excreted by fermentative bacteria. This 
hydrolytic step is considered the rate-limiting step of the overall process for streams containing lipids 
and/or a significant amount of particulate matter (Khanal, 2008). In a general simplified model of the 
anaerobic biodegradation process, it is assumed that the first step is performed by fermentative bacteria, 
whose catabolic phase produces acids and alcohols (acidogenesis), which are then readily utilized as 
substrates by acetogenic bacteria to yield acetate (acetogenesis). In the final step, methanogens obtain 
energy from converting acetate, carbon dioxide and hydrogen to methane (Schink, 1997).

As a rule of thumb, in common practice, aerobic-based technologies are suitable for the treatment 
of low-strength wastewater (biochemical oxygen demand (BOD) ≤1000 mg/L), whereas anaerobic 
ones can be better applied for the treatment of high-strength wastewater (BOD >4000 mg/L). 
Furthermore, aerobic systems, compared to anaerobic ones, are able to achieve higher removal 
efficiencies for soluble biodegradable organics and the produced biomass is generally characterized 
by good settleability, resulting in lower effluent suspended solid (SS) concentration. Thus, the effluent 
quality from an aerobic process is generally higher than that in an anaerobic process in terms of both 
residual organics and solids’ content. In the presence of stringent effluent discharge limits, a post-
treatment after the anaerobic step is necessary to achieve the required removals of organic matter, 
SSs, pathogenic microorganisms, and possibly nutrients. Several alternatives have been tested for 
post-treatment including aerobic reactors, physical–chemical processes, or nature-based alternatives 
such as wetlands and oxidation ponds (Chan et al., 2009; El-Khateeb et al., 2009; Kim et al., 2011; 
Van Haandel et al., 2006).

The lower efficiency of anaerobic processes is due to a lower metabolic capacity of anaerobic 
bacteria resulting in longer retention times required in comparison to aerobic ones (Van Haandel 
et  al., 2006). This critical aspect can be overcome with high-rate anaerobic systems, which have 
the ability to uncouple hydraulic retention time (HRT) and solid retention time (SRT) effectively. 
Therefore, quite low HRTs can be applied due to the high biomass concentration in the system (Daud 
et al., 2018; Gömec, 2010).

As mentioned earlier, temperature strongly affects the rates of anaerobic conversion processes. 
Therefore, some essential improvements must be made in the conventional design of high-rate 
reactors to enable their applications under sub-optimal temperatures (Lettinga et al., 2001). Many 
researchers (Kettunen & Rintala, 1997; Lettinga et al., 1999; Matsushige et al., 1990; Rebac et al., 
1995; Svensson, 1984; Wu et al., 1993) have investigated the effect of temperature on the maximum 
substrate utilization rates of microorganisms. Most studies on the metabolic activity of mesophilic 
anaerobic methanogenic bacteria showed a negative effect with decreasing temperatures. Thus, 
full-scale applications of anaerobic DWW were restricted to wastewater with temperatures above 
18°C (Lettinga et al., 2001). To avoid lower microbial activity, external heating should be provided 
to maintain the required temperature, which will result in a consistent increase of operating costs 
(Aiyuk et  al., 2006; Foresti, 2002). However, a wide range of temperature conditions was tested 
showing that temperature may not be a limiting factor in anaerobic treatment applications if the 
appropriate process design is chosen (Nachaiyasit & Stuckey, 1997; Patel & Madamwar, 2002; 
Petropoulos et al., 2017; Van Lier et al., 1997). For example, well-established upflow anaerobic sludge 
blanket (UASB) and expanded granular sludge bed (EGSB) reactors are able to meet the requirements 
necessary for high-rate anaerobic treatment (Aiyuk et al., 2004; Seghezzo et al., 1998) if operated 
with a sufficiently high biomass concentration achieved with granular or immobilized biomass. Under 
unfavorable environmental conditions, however, granules could disintegrate leading to a decrease of 
the bioreactor performance (Connaughton et al., 2006). Anaerobic membrane bioreactors (AnMBRs), 
by coupling membrane filtration with anaerobic treatment, could provide an alternative strategy for 
DWW treatment at low temperatures (Smith et al., 2012). Regardless of short HRTs, they can retain 
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the biomass in the reactor more effectively and can produce high-quality effluent in terms of SSs, 
COD, and pathogens. Moreover, it is possible to reuse and recycle the treated effluent for non-potable 
purposes (Ho & Sung, 2010). However, the applicability of large-scale AnMBRs for the treatment of 
DWW still remains an issue, as will be elaborated below.

1.2 HIGH-RATE SYSTEMS
1.2.1 Principle of operation and configuration of high-rate bioreactors
Anaerobic treatment in high-rate bioreactors is an advanced technology effective for environmental 
protection and resource preservation, depending on the required effluent standards. It can be applied 
as standalone technology or in combination with other treatment steps such as aerobic and physical 
or chemical pre/post-treatments. The peculiarity of high-rate bioreactors is the uncoupling of HRTs 
and SRTs. They operate with highly concentrated biomass, thus, relatively low HRTs can be applied 
(Daud et al., 2018; Gömec, 2010; Lettinga et al., 1997a, 1997b; Seghezzo et al., 1998) reducing the 
bioreactor volume.

According to Iza (1991), good performance of high-rate anaerobic reactors is attributed to the 
following features:

(a) high biomass concentration achieved by different methods, that is, settling, attachment to 
solids (fixed or mobile), or recirculation;

(b) enhanced contact between biomass and wastewater obtained with the optimal configuration 
of the hydraulic regime in the bioreactor;

(c) adaptation procedures and enhanced growth strategies improving the biomass activity;
(d) effective separation of the biomass from the liquid phase.

Given the high SRT values, slowly growing microorganisms are not removed from the system while 
the bioreactor can be operated at short HRTs (Gömec, 2010), high-organic loadings can be applied 
in smaller reactors, and the high SRT provides generally good process stability (Aiyuk et al., 2006).

Typical high-rate anaerobic bioreactors include: anaerobic filter (AF), UASB, EGSB, anaerobic 
baffled reactor (ABR), fixed film fluidized-bed, and expanded-bed reactors. An important step in 
the evolution of these technologies was the development of UASB and EGSB reactors. They were 
first designed for the treatment of industrial wastewater, then the application was extended to low-
strength wastewater and, currently, they constitute the most powerful anaerobic treatment device 
for sewage (Aiyuk et al., 2006; Bajpai, 2017; Bodkhe, 2009; Gömec, 2010; Iza, 1991; Liu et al., 2018; 
Seghezzo et al., 1998; Van Haandel et al., 2006). A schematic representation of the most applied high-
rate bioreactors for DWW treatment is reported in Figure 1.1, and briefly described in the following 
sections.

1.2.1.1 Anaerobic filters
Young and McCarty (1969) first proposed an AF bioreactor, which has been applied to both high- 
and low-strength wastewaters. An AF consists of one or more vertical filter beds containing inert 
media, such as rocks or plastics, which act as a support for biomass attachment. Moreover, they are 
characterized by a structure favoring the entrapment of suspended flocs or microorganisms. Influent is 
fed upward through a filling material, resulting in an enhanced contact between the attached biomass 
and the wastewater (Bajpai, 2017; Switzenbaum, 1983).

AFs can achieve high substrate removal efficiency operating at low HRTs, can tolerate shock loads, 
and require small volumes. The treated effluent has low SS concentration, thus it is not necessary 
to add a solid separation phase and sludge recycle. Moreover, efficient and quick recovery of the 
biological activity was observed when restarted after a stop period. All these features contribute to 
affordable construction, operation, and maintenance costs (Manariotis & Grigoropoulos, 2003, 2008; 
Martín et al., 2010).
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7Anaerobic treatment of low-strength wastewater: applicability and hygienization potential

Nowadays, AF is gaining more attention as an alternative technological solution for mainstream 
anaerobic treatment of low-strength wastewater under ambient conditions, especially in small 
decentralized facilities located in moderate climate regions (Manariotis & Grigoropoulos, 2006).

1.2.1.2 Upflow anaerobic sludge blanket reactors
A UASB reactor was proposed by Lettinga and his coworkers in 1970s and it is recognized as one 
of the best anaerobic treatment devices developed so far. Currently, UASB reactors are extensively 
applied as consolidated technology for treating DWW in large full-scale plants covering a population 
of 1 million inhabitants (Chernicharo et al., 2015). Simplicity, low investment and operation costs, and 
the long favorable experience gained in the treatment of a wide range of wastewater types are some 
features of these bioreactors (Elmitwalli, 2000; Yu et al., 1997).

UASB reactors are fed in upflow mode operating with suspended biomass, and they also act as 
settling devices, as the SS retention is extremely important for the biological processes taking place 
in the system (Bajpai, 2017; Gömec, 2010). Under proper physical and chemical operating conditions, 
anaerobic sludge can flocculate and form granules with excellent settling properties, so that it is not 

Figure 1.1 Schematic representation of high-rate bioreactors and related streams: (a) AF, (b) UASB, (c) EGSB, and 
(d) ABR (source: from Stazi & Tomei, 2018).
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susceptible to wash-out from the system. High active biomass concentrations can be established in the 
bioreactor with better exploitation of the reactor working volume (Chernicharo et al., 2015; Seghezzo 
et al., 1998; Switzenbaum, 1983).

A biological reaction area and a sedimentation section are the two main zones of a reactor. The 
wastewater flows upward through a bed of highly active sludge and the organic matter contained 
in the influent is finally converted to methane and carbon dioxide. A gas–solid–liquid separator is 
located at the top of the reactor and provides the separation of the biogas and the sludge particles 
entrapped or attached to gas bubbles in the liquid effluent (Bajpai, 2017; Gömec, 2010).

A detailed presentation of the principle of operation, technological features, evolution, and status 
of application of UASB bioreactors is discussed in Chapter 2.

1.2.1.3 Expanded granular sludge bed reactors
Aiming to optimize the contact between sludge and wastewater, and to overcome operational problems 
such as preferential flows, dead zones, and hydraulic short circuits that might occur in UASB reactors, 
an advanced reactor configuration, namely EGSB bioreactor, has been proposed (Bajpai, 2017; Gömec, 
2010; Rinzema et al., 1993).

The solution consisted in applying a higher influent upflow velocity that can be obtained by using 
an appropriate height/diameter ratio and/or high effluent recirculation. Under these conditions, the 
expansion of the bed of granules, which is achieved by the upward flow of the fluids (DWW and biogas) 
at high velocity, favors the mass transfer of substrates and reaction products to/from the granules. This 
condition will increase the kinetics of the biological process leading to better performance compared 
to a conventional UASB reactor (Van Haandel et al., 2006).

EGSBs can efficiently remove soluble pollutants, but a scarce removal of SSs is observed due to the 
high applied upflow velocity, which can cause the rupture of flocs and granules (Seghezzo et al., 1998). 
Moreover, recirculation of the effluent dilutes the bulk phase of the bioreactor with a consequent 
decrease of substrate concentration, causing a decrease in the anaerobic kinetics. However, it has been 
verified that even in the presence of recirculation and at low temperatures, EGSBs could satisfactorily 
treat low-strength wastewater (Gömec, 2010).

1.2.1.4 Anaerobic baffled reactors
An ABR was developed in the 1970s by McCarty and co-workers. It is a compartmentalized reactor 
composed of a series of UASB reactors in which alternating hanging and standing baffles are placed 
to direct the liquid flow upward and downward from one section to the next (Chinwetkitvanich 
& Ruchiraset, 2017). High concentrations of biomass are retained in the upflow region of each 
compartment resulting in high performances, whereas overall sludge production is characteristically 
low (Bajpai, 2017; Gömec, 2010). This configuration minimizes the risk of clogging and excessive 
sludge bed expansion that may occur in other systems, such as AFs and UASBs (Manariotis & 
Grigoropoulos, 2002).

The main advantage of an ABR is the possibility of separating acidogenesis and methanogenesis 
phases longitudinally down the reactor, allowing the two-phase operation without the use of complex 
control devices and at reduced costs. The two-phase mode can significantly increase acidogenic 
and methanogenic performance because the different bacterial groups can operate under optimized 
operational conditions. This is particularly important for methanogenic bacteria, which are not 
affected by the possible pH decrease derived from the accumulation of volatile acids produced in 
the acidogenic phase (Barber & Stuckey, 1999; Chinwetkitvanich & Ruchiraset, 2017; Rozzi et al., 
1994; Tomei et al., 1994). Furthermore, at low temperatures, the compartmentalization might improve 
the hydrolysis of less biodegradable substrates in the first zone of the reactor where the pH is low. 
Other peculiarities of these bioreactors include high tolerance to hydraulic and organic shock loads as 
well as high biomass retention times and lower sludge production. Operational problems detected at 
pilot/full-scale include the requirement of shallow reactors for maintaining acceptable liquid and gas 
upflow velocities, and the difficulty in ensuring a uniform influent distribution (Tilche & Vieira, 1991).
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Several studies have revealed the potential of ABRs for the application of the anaerobic process 
(Abbasi et al., 2017; Gopala Krishna et al., 2008; Manariotis & Grigoropoulos, 2002; Wang et al., 
2004). For example, Xi-quan and Zhao-hua (2008) successfully tested ABRs for the treatment of low-
strength wastewater, with high efficiencies for COD removal in the front compartments, indicating 
that the number of compartments could be reduced in several of the investigated cases.

1.2.1.5 Anaerobic membrane bioreactors
As mentioned earlier, modern high-rate anaerobic reactors offer effective strategies for biomass 
retention, that is, the biggest issue that limits the widespread application of anaerobic processes to 
low-concentrated streams. Meanwhile, some peculiarities of the process, that is, long start-up periods, 
difficulty in establishing optimal operating conditions suitable for all the involved bacterial groups, 
low efficiency at low temperatures, and other influent characteristics such as salinity, still represent 
critical conditions for extended applicability to the treatment of DWW. A promising alternative 
to resolve these drawbacks is the combination of membrane with anaerobic bioreactors, which is 
potentially able to provide a sustainable wastewater treatment characterized by complete biomass 
retention with the added benefits of lower sludge production, and high-quality effluent, also under 
critical conditions as for saline wastewater (Lin et al., 2013; Watanabe et al., 2017).

Grethlein proposed the AnMBR concept for the first time in 1978. He employed an external 
cross-flow membrane to treat DWW, and achieved 85–95% BOD reduction and 72% nitrate removal 
simultaneously. The first commercially available AnMBR was constructed in the early 1980s by 
Dorr-Oliver to treat high-strength whey processing wastewater. Since then, AnMBRs have been 
investigated for municipal and industrial wastewater treatment for a wide spectrum of contaminant 
loads (Liao et al., 2006; Skouteris et al., 2012). By the 2000s, studies on AnMBRs focused on several 
issues such as filtration characteristics, system performance, characterization of membrane foulants, 
and membrane fouling. The success of submerged aerobic membrane bioreactors (MBRs) in the early 
2000s encouraged the exploration of submerged anaerobic membrane bioreactors (SAnMBRs) for 
wastewater treatment. In the later 2010s, SAnMBRs were studied in-depth, with the aim to improve 
biogas production, extend the application scope, and solve related technical problems (Lin et  al., 
2013). Although this topic has been widely investigated, studies focused mainly on single treatment 
system, and there are still some challenging issues regarding AnMBR systems, such as membrane 
fouling, low flux, high capital, and operational costs (Chernicharo et al., 2015; Lin et al., 2013; Ozgun 
et al., 2013).

Given the high potentialities of MBRs and the great research interest specifically for the treatment 
of DWW, Chapter 3 is dedicated to this technology.

1.2.2 Status of application
Table 1.1 shows several examples of applications of high-rate anaerobic bioreactors for DWW 
treatment at laboratory, pilot, and full scale. Their performances are evaluated in terms of COD 
removal and biogas production for different operating conditions: temperatures, HRTs, and organic 
loading rates (OLRs). These parameters are the most investigated because their variations strongly 
affect the process performance. Based on the data shown in Table 1.1, the removal efficiency of COD 
is 70% on average, with influent COD concentration in the range of 30–1500 mg/L. The highest value 
of COD reduction is 95%, and it was obtained for a lab-scale UASB (T = 28°C) and an ABR (T = 35°C) 
for influent COD of 1000 and 500 mg/L, respectively (Ghangrekar et al., 1996; Langenhoff & Stuckey, 
2000). In the first case, biogas production was 0.49–0.55 N m3/kg CODremoved. Similar values were 
achieved with an ABR operating under similar conditions, that is, HRT 8 h, temperature in the range 
of 22–28°C, and influent COD in the range of 505–914 mg/L (Nasr et al., 2009). However, the ABR 
achieved lower COD removal (≈70%) than the UASB, and achieved efficiencies of ≈80%, at HRT of 
24 h. Satisfactory efficiencies for COD removal, ranging from 73 to 88%, were also obtained with AF 
and EGSB reactors at 35°C and HRT of 24 and 6 h, respectively, and at T = 15°C and HRT in the range 
of 10–17 and 3.5–5.7 h, respectively (Kobayashi et al., 1983; Li et al., 2007).

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



10 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

Ta
b

le
 1

.1
 E

xa
m

pl
es

 o
f a

pp
lic

at
io

n 
of

 h
ig

h-
ra

te
 a

na
er

ob
ic

 s
ew

ag
e 

tr
ea

tm
en

t 
at

 d
if

fe
re

nt
 s

ca
le

 (s
in

ce
 2

00
0)

.

B
io

re
ac

to
r 

C
o

n
fi

gu
ra

ti
o

n
V

o
lu

m
e 

(L
)

O
p

er
at

io
n

 
Te

m
p

er
at

u
re

 
(°

C
)

H
R

T 
(h

)
O

LR
  

(k
g 

C
O

D
/

m
3  

d
ay

)

In
fl

u
en

t 
C

O
D

 
(m

g
/L

)

C
O

D
 

R
em

o
va

l 
(%

)

B
io

ga
s 

P
ro

d
u

ct
io

n
 

(N
 m

3 /
k

g 
C

O
D

re
m

o
ve

d
)

C
H

4 
P

ro
d

u
ct

io
n

 
(N

 m
3 /

k
g 

C
O

D
re

m
o

ve
d
)

R
e

fe
re

n
ce

A
F

1.
35

15
–1

7
10

–1
7

1–
4

70
5

8
0

0.
15

M
ar

tí
n

 e
t 

al
. (

2
01

0)

U
A

S
B

3.
5

9
12

31
0

37
B

o
d

ík
 e

t 
al

. (
2

0
0

0)

3.
5

15
12

31
0

4
8

4
13

8
45

6
67

E
lm

it
w

al
li

 (
2

0
0

0)

2
0 
×

 1
03

2
0

6
30

0
70

M
o

n
ro

y 
et

 a
l. 

(2
0

0
0)

10
0 
×

 1
03

2
0

–2
5

12
50

0
70

–8
0

2
2

0
0 
×

 1
03

2
0

2
0.

3
6

0
0

75
–8

0 
(B

O
D

)

15
.7

2
5

–1
3

4.
7

1.
6

31
2

6
4

–7
0

0.
16

–0
.2

6
U

em
u

ra
 a

n
d
 

H
ar

ad
a 

(2
0

0
0)

81
0 
×

 1
03

31
9.

4
5

49
75

F
lo

re
n

ci
o
 e

t 
al

. 
(2

0
01

)

14
0

15
6

2
.8

8
72

1
4

4
0.

0
9

M
ah

m
o

u
d
 e

t 
al

. 
(2

0
0

4)

6
.4

5
10

8
.1

5
1.

61
8

0
0.

13
6

G
ö

m
ec

 (
2

0
0
5

)

6
0 
×

 1
03

18
–2

5
2

3
–2

7
15

31
51

0.
2

5
H

al
al

sh
eh

 e
t 

al
. 

(2
0

0
5

)

12
0

27
6

19
5

–8
16

53
–5

7
L

ei
tã

o
 e

t 
al

. (
2

0
0

6)

5.
6

5
15

2
4

0.
93

5–
1.

03
80

0–
10

00
8

3
0.

3
A

k
il

a 
an

d
 C

h
an

d
ra

 
(2

0
07

)

30
12

–2
7

5.
0

8
30

–7
0

0
70

G
ö

m
ec

 e
t 

al
. (

2
0

0
9)

(C
on

ti
n
u

ed
)

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



11Anaerobic treatment of low-strength wastewater: applicability and hygienization potential

Ta
b

le
 1

.1
 E

xa
m

pl
es

 o
f a

pp
lic

at
io

n 
of

 h
ig

h-
ra

te
 a

na
er

ob
ic

 s
ew

ag
e 

tr
ea

tm
en

t 
at

 d
if

fe
re

nt
 s

ca
le

 (s
in

ce
 2

00
0)

. 
(C

on
ti

nu
ed

)

B
io

re
ac

to
r 

C
o

n
fi

gu
ra

ti
o

n
V

o
lu

m
e 

(L
)

O
p

er
at

io
n

 
Te

m
p

er
at

u
re

 
(°

C
)

H
R

T 
(h

)
O

LR
  

(k
g 

C
O

D
/

m
3  

d
ay

)

In
fl

u
en

t 
C

O
D

 
(m

g
/L

)

C
O

D
 

R
em

o
va

l 
(%

)

B
io

ga
s 

P
ro

d
u

ct
io

n
 

(N
 m

3 /
k

g 
C

O
D

re
m

o
ve

d
)

C
H

4 
P

ro
d

u
ct

io
n

 
(N

 m
3 /

k
g 

C
O

D
re

m
o

ve
d
)

R
e

fe
re

n
ce

E
G

S
B

2
0
5 
×

 1
03

16
–1

9
1.

5–
5.

8
39

1
30

V
an

 d
er

 L
as

t 
an

d
 

L
et

ti
n

ga
 (

19
9

2)

4.
7

15
–2

5
3.

5–
5.

7
1.

6
–4

.5
38

3
–8

49
73

–8
8

0.
28

 ×
 1

0−
3
–

0.
58

 ×
 1

0−
3   

N
 m

3 /
d
ay

C
h

u
 e

t 
al

. (
2

0
0
5

)

3
35

6
1.

6
6

15
0

81
L

it
tl

e 
o

r 
n

o
 b

io
ga

s 
p

ro
d

u
ct

io
n

L
i 
et

 a
l. 

(2
0

07
)

18
13

0.
75

36
9

6
6

C
h

u
n

ju
an

 e
t 

al
. 

(2
0

0
9)

A
B

R
10

35
10

50
0

95
0.

0
03

  
N

 m
3 /

d
ay

L
an

ge
n

h
o

ff
 a

n
d
 

S
tu

ck
ey

 (
2
0

0
0)

10
2
0

10
50

0
70

0.
0

0
2

2 
 

N
 m

3 /
d

ay

10
10

10
50

0
6

0
0.

0
01

9 
 

N
 m

3 /
d

ay

3 
×

 1
03

2
38

56
4

58
0.

39
 m

o
l/

h
F

o
xo

n
 e

t 
al

. (
2

0
0

4)

10
0

18
9.

5
30

–7
0

0
6

3
G

ö
m

ec
 e

t 
al

. (
2

0
0

9)

15
2

2
–2

8
8

2
.1

50
5

–9
14

67
.5

0.
45

5
N

as
r 

et
 a

l. 
(2

0
0

9)

15
2

2
–2

8
12

1.
3

50
5

–9
14

75
.6

0.
35

15
2

2
–2

8
18

0.
95

8
50

5
–9

14
79

.7
0.

35

15
2

2
–2

8
2

4
0.

6
6
9

50
5

–9
14

82
0.

35

10
0

0
18

12
76

0
43

0.
2

4
H

ah
n

 a
n

d
 F

ig
u

er
o

a 
(2

01
5

)

So
u

rc
e:

 M
o

di
fie

d 
fr

om
 S

ta
zi

 a
nd

 T
om

ei
 (2

01
8)

.

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



12 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

Concerning full-scale applications of UASB reactors, Monroy et  al. (2000) and Florencio et  al. 
(2001) reported average COD removal of 75% operating at similar HRTs (12 and 9.4 h), influent COD 
concentrations (500 and 549 mg/L), and at temperatures of 20–25 and 31°C, respectively.

Biogas generation in sewage treatment is still an investigated topic and little data are available in 
the literature. Reported CH4 yield values are between 0.09 and 0.3 N m3/kg CODremoved, whereas for 
biogas composition typical data for the anaerobic digestion of DWW are 70–80% methane, 10–25% 
nitrogen, and 5–10% carbon dioxide and they are strongly influenced by the operating temperature 
(Noyola et al., 2006).

A critical aspect of the anaerobic process applied to DWW treatment concerns the presence, in the 
treated effluent, of dissolved methane (dCH4), which, if not properly recovered, can be released into 
the atmosphere. The emission of this greenhouse gas (GHG) with a global warming potential 28 times 
higher than CO2, represents a performance decrease in terms of energy recovery and exerts a strong 
negative environmental impact. Losses of dCH4 through anaerobic effluents can vary between 45 
and 88% of the total CH4 produced, depending on load, reactor type, and temperature. Consequently, 
strategies for efficient dCH4 recovery or reuse within the same treatment process are required for 
making anaerobic treatment an attractive option in this field. Strategies for optimizing methane/
energy recovery will be discussed in detail in Chapter 7.

1.3 MULTI-STEP TREATMENT SYSTEMS IN COMBINATION WITH THE ANAEROBIC 
PROCESS
UASB reactors have been the most applied treatment option for DWW in several tropical countries, 
whereas the employment of other high-rate bioreactors has increased in recent years. However, as 
already mentioned, due to the complexity of the composition of sewage and its high SS content, 
further research efforts are required for the extensive application of these reactors in moderate 
climate zones. The main possible drawbacks caused by low operating temperatures, as mentioned in 
the previous sections, include a decreased process efficiency, a higher content of volatile fatty acids 
and SSs in the effluent, a pH decrease, a lag-phase in gas production, and low methane content in the 
biogas (Gömec, 2010).

Several alternative options have been proposed to resolve the above-mentioned problems:

• pre-treatment to remove SSs;
• pre-treatment performed with a high-rate anaerobic bioreactor followed by a post-treatment;
• two-stage systems constituted by a first hydrolytic bioreactor followed by a methanogenic 

bioreactor;
• combination of two high-rate anaerobic bioreactors and anaerobic bioreactor/digester.

Settling or physical–chemical pre-treatment of DWW prevents the accumulation of solids in the 
bioreactor and can favor the formation of granular sludge (Vieira & Souza, 1986). It is known that 
hydrolysis at low temperature occurs at very low rates and represents the limiting step of the whole 
removal process. This is why at low temperatures the pre-treatment can improve the anaerobic process 
kinetics and the problems due to hydrolysis, in the case of pre-treated sewage, can be minimized 
(Foresti et al., 2006).

Post-treatment of anaerobic effluent is advisable to guarantee the effluent quality in terms of 
organic matter and nutrients considering the intrinsic limitations associated with the anaerobic 
process kinetics, which are directly related to the substrate concentration, and the stringent discharge 
standards in many countries and regions, especially in Europe (Chernicharo et al., 2015). In several 
cases, a post-treatment is required for the removal of residual COD, nutrients, and pathogens in the 
effluent. The choice of a post-treatment strongly depends on the characteristics of the anaerobic 
effluent and on local law standards for the reuse of the treated effluent or discharge to the environment 
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13Anaerobic treatment of low-strength wastewater: applicability and hygienization potential

(Kujawa-Roeleveld & Zeeman, 2006). Several post-treatment methods have been proposed in the 
literature: some examples are waste stabilization ponds (Van Haandel & Lettinga, 1994), trickling 
filters (Chernicharo & Nascimento, 2001), dynamic membrane filters (Quek et  al., 2017), aerobic 
chambers (Da Silva et al., 2017), activated sludge (Von Sperling et al., 2001), and constructed wetlands 
(El-Khateeb et al., 2009). Among them, aerobic post-treatment was demonstrated to be effective in 
enhancing sludge stabilization (Tomei & Carozza, 2015) and pathogen removal (Tomei et al., 2016); 
whereas constructed wetlands are particularly suitable for decentralized wastewater treatment in 
rural areas (Álvarez et  al., 2008). These latter methods have been deeply investigated and widely 
utilized being characterized by low cost and easy operation. An extensive analysis of the applicability 
of constructed wetlands combined with anaerobic digesters is presented elsewhere (Álvarez et al., 
2008; De la Varga et al., 2013; El-Khateeb et al., 2009; Liu et al., 2015).

In two-stage systems, the particulate organic matter is partially converted into soluble compounds 
in the first hydrolytic reactor. Thus, the effluent of the first reactor mostly contains dissolved organic 
matter, which is suitable to be digested in a second methanogenic reactor. Some investigated 
alternatives include the use of two UASBs in series, an AF, and a UASB, and a UASB-septic tank (ST) 
followed by a conventional UASB (Van Haandel et al., 2006). A drawback of a two-stage system can 
be the high solid accumulation in the first reactor, which occurs with low hydrolysis rates, as in the 
case of low temperatures. According to Zeeman et al. (1997), a two-stage anaerobic process resulted 
in higher removal efficiency compared to one-phase UASB systems.

Sequential anaerobic systems consist in the combination of different high-rate anaerobic bioreactors 
in which a post-treatment takes place in the second reactor to polish off the effluent coming from the 
first reactor. A classic example is the ST with AF. Some other options are an UASB and AF, an UASB 
and EGSB, and an AF and anaerobic hybrid (AH) reactor (Foresti et al., 2006; Van Haandel et al., 
2006). As an EGSB reactor is suitable for low-strength wastewater and low temperatures, it can be 
used as a polishing reactor of UASBs or any other anaerobic effluent, which needs intense mixing and 
effective contact between biomass and wastewater to achieve good performances. Influent should 
enter the EGSB reactor with substrates predominantly dissolved, either acidified or non-acidified, 
because high upflow velocity is unfavorable for retaining SSs (Van Haandel et al., 2006). Even with 
flocculent sludge but constituted by dense biomass, pilot-scale polishing reactors for UASB sewage 
effluent showed good COD and SS removal efficiency (Kato et al., 2003).

An AF followed by an AH reactor operated with granular sludge achieved very good performance 
for DWW treatment at low temperatures (Lettinga et al., 2001). The AF retained the suspended COD, 
whereas the AH reactor consisting of a sludge bed in the lower part and filter material in the upper 
part, physically retained the biomass and enhanced the biological activity, contributing to further 
COD reduction (Kujawa-Roeleveld & Zeeman, 2006). Elmitwalli (2000) observed a removal efficiency 
of 71% for total COD when operating a combined AF–AH system treating sewage at 13°C with HRTs 
of 4 and 8 h, respectively.

Moreover, the removal of colloidal COD could be enhanced in a two-step system by the addition 
of a small amount of a cationic polymer before the second step, due to the increase in the size of the 
colloidal particles and consequent easy settling and better retention (Lettinga et al., 2001).

Mahmoud (2002) investigated a combined UASB–anaerobic digester system for both sewage 
treatment and sludge stabilization at low temperatures. The SS of the influent is retained in the UASB 
operating at 15°C and the concentrated sludge is fed to the digester operating at 35°C. Digested sludge 
containing methanogens is recirculated to the UASB reactor to improve its methanogenic capacity 
and dispersed biodegradable solids attached to the sludge flocs are biodegraded in the digester. In this 
way, it is possible to prevent the accumulation of non-degraded solids in the sludge bed and to gain 
better removal efficiencies and sludge stabilization. Biogas produced in the digester should be reused 
for its heating. The performance of the UASB–digester system was compared with a one-stage UASB, 
showing substantially better removal performances (Mahmoud et al., 2004).
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14 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

1.4 MICROBIAL COMMUNITY IN ANAEROBIC REACTORS
Organic matter present in low-strength effluents is converted to biogas in anaerobic reactors through 
a multistage process involving at least four groups of microorganisms: hydrolytic bacteria (including 
polysaccharolytic, proteolytic, and lipolytic), fermentative bacteria, acetogenic bacteria (including 
proton-reducing and syntrophic), and methanogenic archaea (Kallistova et al., 2014). These microbial 
groups carry out the four main steps leading to the conversion of organic macromolecules, such as 
proteins, lipids, and polysaccharides, to the primary end-products methane and carbon dioxide. These 
steps are named hydrolysis, acidogenesis, acetogenesis, and methanogenesis (Figure 1.2), and they are 
discussed below.

(1) Hydrolysis: Organic matter is present in low-strength effluents in the form of polymeric materials 
such as carbohydrates, lipids, and proteins. Hydrolysis is the first step in the decomposition 
of these materials and it determines the overall rate of the degradation process. Fermentative 
microbes excrete extracellular enzymes (e.g., cellulases, lipases, and proteases) which break 
down their respective substrates into soluble monomeric units that can be further metabolized 
in the subsequent steps.

(2) Acidogenesis: Monomeric units such as sugars, amino acids, and fatty acids produced during 
the hydrolysis are metabolized by different facultative and obligatory anaerobic fermentative 
bacteria to hydrogen, carbon dioxide, fatty acids, and alcohols, and the composition of these 
products depend on the environmental conditions and type of metabolism. The biological 
reactions taking place in this step are thermodynamically favorable and the fermentative 
bacteria have the highest growth rates among the groups involved in the anaerobic conversion 
of organic matter (Thauer et al., 1977).

Figure 1.2 Scheme of the main steps leading to the biological conversion of organic matter to biogas in anaerobic 
reactors.
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(3) Acetogenesis: Fatty acids and alcohols produced in the acidogenesis are oxidized to hydrogen, 
carbon dioxide, and acetate by hydrogen-producing acetogenic bacteria. The conversion 
of fatty acids to acetate is usually performed by syntrophic communities of acetogens and 
methanogens because the latter can utilize the hydrogen produced by acetogens as an electron 
donor.

(4) Methanogenesis: Hydrogen and carbon dioxide on the one hand and acetate on the other, 
formed during either acidogenesis or acetogenesis steps are used as substrates by methanogenic 
hydrogenotrophic and acetoclastic archaea respectively, resulting in the production of methane. 
High sensitivity of the methanogenic consortium was observed for environmental factors such 
as pH, ammonia concentration, OLRs, and macro and micro-nutrients (Ma et al., 2009), which 
could lead to system imbalance or failure.

1.5 PATHOGEN REMOVAL IN ANAEROBIC REACTORS
1.5.1 Occurrence of pathogens in wastewater
Human pathogens are agents able to cause disease, being a health hazard to wastewater treatment 
plant workers and the population living downstream from effluent discharge points and near sludge 
disposal sites. Their main source in DWW is fecal matter and urine contaminated by infected people 
(Cai & Zhang, 2013). Pathogens can enter wastewater treatment plants through animal wastes 
from meat-processing facilities and rats in sanitary sewers. In addition, pathogens may end up in 
wastewater due to inflow and infiltration from sites containing animal waste on the ground (Gerardi 
& Zimmerman, 2004).

The most commonly found pathogens in wastewater are bacteria, viruses, fungi, protozoa, and 
helminths. People can be exposed to these organisms through unsafe drinking water, aerosols from 
spray irrigation, and recreational use of reclaimed water, meaning that communities lacking access to 
proper sanitation are at greater risk of exposure to waterborne diseases. For instance, over 360,000 
kids under the age of 5 are estimated to die of diarrhea annually (WHO, 2019), which is considered 
the second highest cause of infant mortality in developing countries (Ugboko et al., 2020). Table 1.2 
provides some examples of ubiquitous wastewater pathogens and the diseases associated with them.

1.5.2 Regulations on pathogens in wastewater
Several methods to identify and quantify different types of pathogens in wastewater have been 
established, and most of them involve direct detection using a microscope or culturing of pathogens 
using artificial media. Despite the low cost, these methods are not always feasible due to the time 
taken to perform each analysis. Recently, methods relying on the use of polymerase chain reaction 
(PCR) have been implemented to detect short sections of the genome of specific viral of bacterial 
pathogens. PCR-based methods are highly specific and sensitive; however, this technology is still 
costly and the environmental contaminants present in the samples can interfere with the analysis due 
to low extraction efficiency of the genetic material (Toze, 1999). In addition, high-throughput shotgun 
sequencing techniques were found to be a potential approach to investigate the distribution, diversity, 
and abundance of pathogens in wastewater and sludge samples (Cai & Zhang, 2013). Although 
these techniques can achieve high accuracy and avoid the potential bias characteristic of PCR-based 
methods, they do not provide a reliable volumetric quantification of pathogens and are relatively 
costly compared to direct detection or culture-based methods.

Thus, indicator organisms, typically fecal and total coliforms, have been adopted to determine 
the risk of the presence of pathogens in water and sludge samples (Rose, 2005). Escherichia coli, 
a member of the fecal coliform group, is considered a reliable indicator of fecal pollution due to its 
prevalence in human and animal feces and its rare incidence in non-polluted environments (Odonkor 
& Ampofo, 2013). Moreover, there are well-established simple, rapid, and inexpensive methods to 
detect E. coli in water, allowing for the implementation of routine monitoring of pathogens. Although 
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E. coli has been used as an indicator organism for well over 60 years, but Wu et al. (2011) showed that 
E. coli is not strongly correlated with several specific pathogens, suggesting that monitoring multiple 
indicators might be a better approach for water quality assessment.

Although current regulations do not include the monitoring of microbiological contaminants for 
treated wastewater effluent, water reuse and resource recovery have become widespread, leading 
the authorities to propose minimum quality requirements to ensure protection to environment and 
human health. To address the impacts of water scarcity and droughts, the European Commission 
proposed a regulation for minimal requirements on water reuse (EU Legislation 2020/741). For the 
use of reclaimed water in irrigation, parameters such as total SS, turbidity, and E. coli must fall below 
the quality requirements for each quality class. In some situations, Legionella spp. and intestinal 
nematodes must also be monitored. Fecal coliform or E. coli are also water quality parameters for 
non-food crop irrigation in several states across the United States, Mexico, and Australia. Bacterial 
indicators such as total or fecal coliform, E. coli, and Enterococci have also been adopted as water 
quality parameters for urban reuse in several American states. In addition, coliphage, a viral indicator, 
Giardia, Cryptosporidium, and Clostridium are regulated in some states for water reuse for irrigation 
of food crops (EPA, 2012).

A study comparing 70 current worldwide regulations and guidelines on agricultural water reuse 
indicates that some of the common pathogen indicators are fecal coliform, E. coli, intestinal nematodes, 
total coliform, thermotolerant coliform, and Enterococci (Shoushtarian & Negahban-Azar, 2020). 
According to the authors, these microbial parameters and their thresholds are not adequate to ensure 
that the water reuse practices will not cause harm to human health. Although pathogen indicators 

Table 1.2 Common genera of pathogens reported in wastewater and diseases associated 
with them.

Pathogen Genus Diseases

Bacteria Vibrio Cholera

Salmonella Salmonellosis

Shigella Shigellosis

Escherichia Urinary tract infection, gastroenteritis

Burkholderia Melioidosis

Campylobacter Gastroenteritis

Viruses Mastadenovirus Acute respiratory infection, gastroenteritis

Astrovirus Gastroenteritis

Calicivirus Gastroenteritis

Norovirus Gastroenteritis

Enterovirus Gastroenteritis

Rotavirus Gastroenteritis

Protozoa Cryptosporidium Cryptosporidiosis

Giardia Giardiasis

Entamoeba Amebiasis

Helminths Dracunculus Guinea worm disease

Fasciola Fascioliasis

Fungi Aspergillus Aspergillosis

Candida Candidiasis

Rhizopus Mucormycosis

Source: Adapted from Magana-Arachchi and Wanigatunge (2020) and Olaolu et al. (2014).
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are used as water quality parameters in water reuse regulations, it is important to notice that the 
bacterial community structure may be modified during conventional wastewater treatment processes 
and reuse site practices, which could lead to higher abundance of species that may be a public health 
concern. For instance, Kulkarni et al. (2018) observed a progressive increase in the abundance of 
Legionella spp. along the wastewater treatment train. Its abundance was reportedly higher at the 
sprinkler system pumphouse at the irrigation site than in the influent of the wastewater treatment 
plant, showing that guidelines for water reuse should include a broader assessment of the bacterial 
community to protect human health.

1.5.3 Pathogen removal mechanisms
Anaerobic reactors are primarily designed for COD removal and biogas production. However, they 
also have the ability to remove pathogens from wastewater, increasing the quality of the final effluent 
and helping to protect public health. The removal of pathogens occurs through different mechanisms 
in anaerobic reactors such as adsorption, predation, and competition between microorganisms.

(1) Adsorption: Pathogenic microorganisms can be removed from the liquid phase through 
adhesion to the surfaces of organic matter and SS in wastewater and subsequent removal 
via sedimentation and/or filtration. The adsorption of viruses to solid surfaces has been 
investigated by Armanious et al. (2016). According to the authors, the process is governed by 
electrostatic interactions. These interactions depend on the solution pH and ionic strength, 
which affects the surface charges of the viruses and the sorbents. Hydrophobic effects may 
also have a favorable contribution to adsorption, especially in systems where high apolarity of 
the virus and sorbent surfaces is observed. Extracellular polymeric substances excreted from 
anaerobic bacteria in the sludge can also interact with adjacent bacteria and viruses, leading 
to their aggregation to sludge through electrostatic and physical interactions (Mahmoud et al., 
2003).

(2) Predation: Organisms present in anaerobic reactors such as viruses, bacteria, and protozoa 
have different types of trophic interactions. Bacterivory, a process in which an organism feeds 
on bacteria as its main source of nutrients, and viral lysis are considered the two main causes 
of bacterial mortality (Miki & Jacquet, 2008). On the contrary, the authors also show that 
certain bacteria have active mechanisms to resist viral attacks, contributing to the elimination 
of viruses, and that viruses can be grazed by heterotrophic protozoa. All these interactions 
can lead to significant reduction in the number of specific organisms in anaerobic reactors, 
including pathogens. For instance, studies have shown that enteric viruses can be internalized 
by free-living protozoa, and human adenovirus can be internalized by ciliates in wastewater 
(Verbyla & Mihelcic, 2015).

(3) Competition: The anaerobic environment in the reactor favors the growth of certain 
microorganisms that are responsible for steps of the biodegradation of organic matter 
such as fermentation and methanogenesis. Thus, these microorganisms can outcompete 
pathogens for resources such as organic matter and nutrients, which can limit their growth 
and reduce their populations in the reactor. Although pathogen removal by competition 
has not been reported in anaerobic reactors treating low-strength wastewater, it has been 
observed during anaerobic sludge digestion, where competition for substrates led to a decline 
in the concentrations of enteric bacteria in a reactor under mesophilic temperatures (Smith 
et al., 2005).

Overall, these mechanisms work together to remove pathogens from DWW in anaerobic reactors. 
The efficiency of pathogen removal can be affected by various factors, such as reactor design, 
operational conditions, and the characteristics of the wastewater being treated, which are discussed 
in the next section.
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1.5.4 Pathogen removal efficiency
Anaerobic reactors rely on microbial activity to degrade organic matter, producing biogas in the 
process. Pathogens are also removed during the treatment of wastewater, but the effectiveness of this 
removal can vary depending on the type of anaerobic reactor used. Typical anaerobic systems do not 
produce effluents that comply with discharge standards for protection of receiving water bodies and 
for water reuse. Thus, a post-treatment step is usually employed to ensure better quality of the effluent, 
as shown in Table 1.3.

Studies have reported on the removal of pathogens such as coliforms (total and fecal), viruses, and 
helminth eggs in anaerobic reactors. In most studies shown in Table 1.3, the removal of pathogens in 
anaerobic reactors such as UASBs is usually below 1-log reduction. For instance, the virus removal 
ranged from 0.52 log for F-specific coliphage to 0.99 log reduction for RNA coliphage, whereas 
bacteria removal ranged from 0.67 log for fecal coliforms to 1.14 log reduction for E. coli. Temperature 
is known as a major factor affecting virus inactivation in anaerobic reactors, as the survival rates 
of viruses tend to decrease with increasing temperatures (Plaza-Garrido et al., 2022). In the studies 
assessing viral removal presented in this chapter, the temperatures in UASB reactors were below 
25°C, in the mesophilic range. To date, the mechanism for the removal of pathogenic bacteria in 
UASB reactors has not been widely investigated, but it could be related to their sorption to sludge. 
According to Espinosa et al. (2021), the number of E. coli in the sludge of an UASB reactor was one 
order of magnitude higher than in the clarified liquid effluent. Low removal rates were also observed 
for protozoa cysts and helminth eggs in UASB reactors. Yaya-Beas et  al. (2015) showed that the 
removal rate of Ascaris suum eggs increased as the upflow velocity decreased in the reactor. At lower 
upflow velocities, the viscosity of the flocculent anaerobic sludge decreases, reducing its capacity to 
retain helminth eggs.

Because UASB reactors do not produce effluents with desirable characteristics for environmental 
discharge and water reuse, they are commonly combined with a post-treatment step. Processes such as 
sand filtration and downflow hanging sponge (DHS) reactors can reduce the pathogens concentrations 
via retention of the biomass in the media. For example, fecal coliforms and total coliphage removals 
of 1.86 log and 1.26 log reduction, respectively, were achieved in a DHS unit composed of two 
rectangular sheets in series. A sand filter was not as efficient, showing a fecal coliform removal of 
0.44 log reduction, which could be due to the lower surface area of the media as compared with a 
DHS reactor. High-rate algal ponds have also been successfully used to improve the quality of the 
UASB effluent. Some of the mechanisms for pathogen removal in this process are direct and indirect 
sunlight-mediated inactivation, predation, starvation, high dissolved oxygen, and high pH values (Von 
Sperling, 2005).

AnMBRs showed a better performance than UASB reactors in terms of pathogen removal. Saddoud 
et al. (2006) demonstrated that bacteria, helminth eggs, and protozoa could be reduced several orders 
of magnitude by an anaerobic reactor with an ultrafiltration membrane. The mechanisms involved in 
the pathogen removal by the system are size exclusion, because pathogens, except for most viruses, are 
bigger than the pore size of ultra- or microfiltration membranes, and electrostatic repulsion, leading to 
5–7 log reduction of fecal bacteria (Ottoson et al., 2006). High removal of viruses smaller than the pore 
size can also be achieved, due to the formation of a biofilm on the membrane. However, it is important 
to notice that membrane fouling decreases the permeate flux, indicating that operation strategies must 
be developed to optimize viral removal and filtration performance (Zhang et al., 2022).

1.6 CONCLUDING REMARKS
Feasibility of high-rate bioreactors for treating DWW has been demonstrated even at moderate 
climate regions. They, in fact, can provide a more sustainable treatment of DWW characterized by 
almost full recovery of energy and nutrient contents of the treated influent. Among the still critical 
issues to be investigated are the long start-up times, the high-nutrient contents of the effluent, which is 
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a positive aspect when these nutrients can be recovered in agriculture, but can be an issue if they have 
to be removed to respect the regulatory limits. Moreover, low methane production and high methane 
solubility can affect the real amount of methane recovered with consequent reduction of the energy 
production and the potential emission of this dangerous GHG in the atmosphere. This is why research 
efforts should be devoted to technological solutions able to maximize the recovery of the produced 
methane and achieve an effective positive energy balance in wastewater treatment.

Best results in facing treatment of DWW at low temperature were obtained with AnMBRs, which 
improve effluent quality over the anaerobic mainstream bioreactors, coupled with some of the highest 
energy recovery values. After the proved success of AnMBRs on DWW treatment at lab-scale, several 
pilot-scale studies have recently been conducted (Shin & Bae, 2018), but a complete picture of the real 
potentialities and exhaustive information on the energy balance are still not exhaustive. Additional 
research as well as quantitative environmental and economic evaluations for full-scale implementation 
of AnMBRs are required due to several reasons, such as membrane fouling, membranes sensitivity to 
toxicity, and low nitrogen and phosphorus removals. To the best of our knowledge, results on full-scale 
trials are not available. Most authors, indeed, worked with laboratory-scale bioreactors, but because 
the membrane performance cannot be directly scaled-up from laboratory to real plant, further studies 
are needed to facilitate the implementation of this technology at full-scale wastewater treatment plants.

Another promising solution is UASB bioreactors, a well-known technology applied at full scale 
for the treatment of DWW in warm climate regions. Suspended biomass UASB bioreactors cannot 
guarantee the same performance of AnMBRs in terms of effluent quality but their performance can 
be substantially improved by operating with immobilized or granular biomass and/or by adding a 
post-treatment depending on the required characteristics of the treated effluent. In comparison to 
AnMBRs, UASB is a simpler technology, extensively tested even at full scale, and characterized by 
lower costs of installation and maintenance, so to be considered as a valid alternative for DWW 
treatment depending on the specific required effluent standards.

Same considerations apply for pathogens’ removal: also in this case, AnMBRs and UASBs coupled 
with a post-treatment (i.e. sand filtration, DHS reactors, and high-rate algal ponds) appear as feasible 
solutions able to achieve satisfactory performance for effluent hygienization. In addition, AnMBRs 
can also achieve high removal efficiencies for antibiotic resistant bacteria and antibiotic resistance 
genes, which will be discussed in Chapter 12.
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ABSTRACT

This chapter addresses the use of upflow anaerobic sludge blanket (UASB) reactors for mainstream sewage treatment 
in warm climate regions. The first section presents the status of the application, highlighting the development of the 
third-generation UASB reactors concerning the efforts of more than three decades of continuous implementation. 
Next, a brief background is provided based on functioning principles and typical configurations. The following section 
on design procedures summarizes the most relevant criteria, in which modular gas–liquid–solid (GLS) separators 
play a crucial role. Based on suggested standardized dimensions and integrated process control (gas pressure and 
hydrostatic scum withdrawal), modular GLS separators improve the reliability of the design of (third-generation) 
UASB reactors treating sewage. Performance prediction for chemical oxygen demand and biochemical oxygen 
demand removal is addressed, as well as for effluent total suspended solid concentration. A dedicated section on 
the operation of full-scale UASB reactors discusses the management of sludge, scum, biogas and diffuse emissions. 
Aspects related to design, construction and operation are explored, pointing out the main hurdles and consolidated 
solutions. The chapter ends with final reflections on the advances made so far and the remaining bottlenecks, 
stressing the key role of mainstream sewage treatment for circular economy models.

Keywords: mainstream sewage treatment, scum, sludge, biogas, fugitive emissions.

2.1 STATUS OF APPLICATION IN WARM CLIMATE REGIONS AT FULL SCALE
After promising results from upflow anaerobic sludge blanket (UASB) reactors treating high-strength 
wastewater from potato and beet processing in the mid-1970s, the first demonstration-scale UASB 
reactor (64 m3) treating sewage was implemented in the city of Cali, Colombia (Lettinga, 2014). 
Tropical temperatures have aided in overcoming shortcomings previously observed in lab- and pilot-
scale tests in The Netherlands, and the Colombian trial paved the basis for criteria and parameters for 
the design and operation of UASB reactors applied to sewage treatment. Following such a successful 
experience, full-scale reactors (∼1,000 m3) were implemented in Cali, launching the first generation of 
UASB reactors directly treating sewage (mainstream). Moreover, research projects were deployed in 
India, Ghana, the Middle East and Latin America, Brazil, Colombia and Mexico.

Chapter 2

Upflow anaerobic sludge blanket 
reactors
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Between the 1980s and the 1990s, the design of the first-generation UASB reactors for sewage 
treatment was focused on the liquid phase, whose main driver was the performance for chemical 
oxygen demand (COD) removal. The critical aspects were related to the need for consolidation of the 
recommended hydraulic parameters (i.e. hydraulic retention time (HRT), upflow velocity) as well as 
proper influent distribution and effluent collection. In other words, the first-generation UASB reactors 
for sewage treatment were dedicated to deriving the key design principles that are still in use.

To the best of our knowledge, Brazil currently has the largest number of UASB reactors for mainstream 
sewage treatment. A survey led by the Brazilian National Water Agency (ANA, 2017) identified 1,047 
anaerobic-based sewage treatment plants (STPs) (38% of the total STPs surveyed), which deal with 
wastewater from about 21.5 million inhabitants (30% of all sewage presently being treated in Brazil). 
A comprehensive survey in the Latin American region approximately 10 years ago (Noyola et al., 
2012) showed that UASB reactors treating municipal wastewater accounted for 17% out of a total of 
2,734 facilities in six countries (Brazil, Colombia, Chile, Dominican Republic, Guatemala and Mexico). 
Those results have been deemed as a significant milestone towards the implementation of mainstream 
anaerobic sewage treatment, especially considering an UASB system as a newcomer in the field of 
municipal sewage treatment compared to the century-old activated sludge process (Chernicharo et al., 
2015). In fact, the technology is fully mature in Latin America where UASB-based treatment plants of 
up to 1 million population equivalent (Onça STP, Belo Horizonte, Brazil) have been in operation for 
more than 15 years. The Indian experience with UASB reactors for mainstream sewage treatment is 
also mature, considering the report of implementation of several full-scale systems with a total capacity 
of 598,000 m3/day, under the Yamuna Action Plan launched in the early 1990s (Uemura & Harada, 
2010). The performance of UASB reactors treating sewage is further explored in Section 2.3.2.

The widespread implementation of mainstream anaerobic sewage treatment has led to the 
development of the second-generation UASB reactors, incorporating the lessons learned from the 
first-generation installations. In this case, attention was also paid to the solid phase as it showed to 
directly affect the system performance for organic matter removal. Protocols for sludge sampling and 
withdrawal were developed. Although efforts were also made for scum management, the second-
generation UASB reactors lack a comprehensive approach for scum formation control and withdrawal. 
This prompted acute operational hurdles such as scum solidification and the collapse of gas–liquid–
solid (GLS) separators. Therefore, although several full-scale UASB reactors for mainstream sewage 
treatment are currently in operation in warm climate regions, their design typically comprises 
significant drawbacks ascribed to the second generation.

The flaws from the second-generation UASB reactors hinder the whole potential of mainstream 
anaerobic processes for carbon conversion and energy recovery. This has prompted the development 
of a third generation, currently fully mature. Besides the improvements related to the management 
of the liquid and solid phases ascribed to the first and second generations, respectively, a holistic 
view was addressed considering the gaseous phase. In the third-generation UASB reactors for sewage 
treatment, effective devices for biogas collection and energy recovery were incorporated into the 
designs. This represents for the first time a complete integration of liquid, solid and gaseous phases. 
Furthermore, the third-generation UASB reactors demonstrated how the management of scum and 
biogas is intrinsically correlated, paving the way for odour and corrosion control. The management 
of diffusive gaseous emissions (i.e. dissolved hydrogen sulphide and methane) was also taken into 
account, helping to assess the carbon footprint of UASB-based STPs.

2.2 BACKGROUND
2.2.1 Principle of functioning of UASB reactors
The process principles of UASB reactors for mainstream sewage treatment are consolidated; the basics 
can be found in von Sperling and Chernicharo (2005). A UASB reactor comprises four functional units 
in a single tank (van Lier et al., 2010), namely (1) a primary settler for removing suspended solids from 
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the influent, (2) a biological reactor (secondary treatment) for carbon removal through its conversion 
into methane, (3) a secondary settler for clarifying the effluent in the settling zone at the top of the 
reactor and (4) a sludge digester for thickening and digestion (or stabilization) of the retained organic 
solids and the sludge contributions from aerobic post-treatment systems. The main components of a 
UASB reactor for sewage treatment are shown in Figure 2.1.

In summary, the process is attained by an upward flux of wastewater passing firstly through 
a dense-sludge bed (3–5% TS) with a typical specific methanogenic activity of approximately 
0.2 gCOD /g VS /day(volatile solids)CH4  (von Sperling & Chernicharo, 2005), followed by a more 
dispersed and light sludge (sludge blanket) close to the upper part of the so-called digestion 
compartment. A GLS separation device is situated at the cornerstone of the reactor, assuring (1) 
the return of the particles washed out from the sludge blanket to the digestion compartment; (2) the 
collection of the produced biogas and (3) the collection of the treated effluent.

2.2.2 Typical configurations of UASB reactors
Through the adaptation process of UASB reactors to treat low-concentration wastewater (such as 
sewage), an important outcome has been considered, which is the control of excessive upflow velocities 
in the digestion and settler compartments, especially during peak flows. Consequently, the height of 
the reactor is reduced (compared to reactors treating industrial wastewater) and its cross section is 
increased, as the design is mainly ruled by the hydraulic loading criteria. Additionally, to prevent 
higher upflow velocities in the settler compartment and to enable sludge to return to the digestion 
compartment, larger cross sections close to the settler compartment have been tested. In this case, 

Figure 2.1 Schematic representation of the main components of a UASB reactor treating sewage. Source: Adapted 
from Chernicharo and Bressani-Ribeiro (2019).
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the reactor adopts a variable section that is smaller when close to the digestion compartment and 
larger when close to the settler compartment. A UASB variation called RALF (fluidized bed anaerobic 
reactor (acronym in Portuguese)) was developed in Brazil following this assumption. Nevertheless, 
this significantly increases the construction complexity (e.g. inclined walls), and drawbacks associated 
with sludge withdrawal and biogas collection have been widely reported by sanitation companies 
(Chernicharo & Bressani-Ribeiro, 2019). To circumvent those pitfalls, mounting GLS separators and 
reduced upflow velocities prevent the need for enlarged surfaces at the top (van Lier et al., 2010).

Full-scale UASB reactors treating sewage are typically circular (Figure 2.2a) or rectangular (Figure 
2.2b). The first is especially considered for small-scale plants that generally have a single UASB reactor. 
Circular reactors are more economical from a structural standpoint (as they occupy a smaller perimeter 
than rectangular reactors with the same surface area), and alternative materials can be used for 
construction instead of reinforced concrete, such as glass fibre and polypropylene. Rectangular units 
are more suitable for medium- and large-scale STPs, especially when modulation is necessary, where 
a wall can serve two contiguous modules. Modulation is a crucial aspect for UASB reactors treating 
sewage, as the influent to an STP undergoes no equalization, thereby exposing the UASB reactor to flow 
variations that may be extremely high. For sewage collected in combined sewers (a typical condition 
in developed countries), large flow fluctuations (e.g. a 5–6 fold increase in flow during rain events) can 
occur. Even when using sewerage systems exclusively for sewage collection, excessive rainwater can 
enter the system through both infiltration and the irregular cross connections of rainwater (a typical 
condition in developing countries). Therefore, modulation aims to cope with these marked variations of 
the average flow, when one or more UASB reactors would only be used during peak flows to ensure the 
recommended HRTs. From an economic standpoint, implementing larger reactors may decrease costs 
compared to implementing several smaller units maintaining the same total volume. This is because 
shared walls can be removed for larger reactors. However, from an operational standpoint, modulation 
is also advisable as it allows a reactor to be taken out of operation without losing treatment capacity.

Open-air UASB reactors (without a top slab covering the settler compartment) can be used provided 
effluent collection design accounts for odour control (see Chapter 7). Other alternative configurations 
of UASB reactors for sewage treatment have been tested, namely Y-shaped UASB reactors, two-stage 
UASB reactors, combined UASB–digester systems and UASB reactors with double-stage biogas 
collection (Chernicharo & Bressani-Ribeiro, 2019). However, none of the configurations, except 
for hybrid anaerobic reactors, has been implemented effectively at full scale. Therefore, sparse, or 
even no information on adequate construction materials, maintenance, instrumentation and control 

(a) (b)

Figure 2.2 Cylindrical UASB reactors in glass fibre (a) and rectangular UASB reactors in reinforced concrete (b). 
Source: Adapted from Chernicharo and Bressani-Ribeiro (2019).
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33Upflow anaerobic sludge blanket reactors

needs is available. Furthermore, the third-generation UASB reactors are fully established considering 
cylindrical- or rectangular-shaped UASB reactors, as previously presented.

2.3 CURRENT DESIGN CRITERIA OF UASB REACTORS TREATING SEWAGE
2.3.1 Sizing parameters
As well documented in the classical literature (van Haandel & Lettinga, 1994; van Lier et al., 2010; 
von Sperling & Chernicharo, 2005), the design of UASB reactors treating low-strength wastewater 
such as sewage (COD < 1,000 mg/L) in warm climate regions (T > 20°C) is controlled by the hydraulic 
loading instead of the organic loading criteria. For those conditions, the minimum required solid 
retention time (SRT) of 30 days (i.e. three times the doubling time of methanogens; van Lier et al., 
2010) has to be met. An exception is made for arid climate countries with limited water supply where 
the sewage concentration can attain up to 2,500 mg COD/L, whereas winter temperatures may drop 
to 15°C (Chernicharo et al., 2015). In this case, the SRT should be the main design criterion for 
determining the UASB reactor volume.

The main design criteria of UASB reactors treating sewage are summarized in Table 2.1, supported 
by the full-scale experiences in Brazil. As a hydraulic-based design, the upflow velocity in the digestion 

Table 2.1 Main design criteria recommended for UASB reactors based on Brazilian experiences.

Parameter Unit Value Comment

HRT h Temperature 
(°C)

HRTavg Maximum peak flows should not last for more 
than 2–4 h to harm the buffer capacity of the 
settler compartment for solid retention.
Adopting values close to the upper limits of 
each range ensures a larger capacity for sludge 
storage in the digestion compartment.

>25
22–25
18–21
15–17

>6
7–9
8–10
10–14

Upflow velocity at 
average flow

m/h 0.5–0.7 Less than 1.1 m/h for the maximum peak flow.

Useful depth m 4–6 Minimum useful depths of digestion and 
settler compartments are 2.5 and 1.5 m, 
respectively. For the recommended upflow 
velocities and HRT, the UASB reactor depths 
should be between 4 and 6 m.

Feed inlet density m2 per 
feed point

2.0–3.0 Minimum inlet pipe internal diameter should 
be 75 mm.

Angle of gas collector Degree ≥50 See below for standardized GLS separators.

Depth of the settler 
compartment

m ≥1.5

Velocity in the 
apertures to the 
settler compartment

m/h <2.0–2.3 Less than 4.0–4.2 m/h for the maximum 
peak flow.

Surface loading 
rate in the settler 
compartment

m/h 0.6–0.8 Less than 1.2 m/h for the maximum peak 
flow. This parameter is easier to determine 
than the HRT in the settler compartment, 
which should be between 1.5 and 2.0 h.

Overlap of the gas 
deflectors over the 
apertures for the 
settler compartment

m 0.15–0.20

Source: Adapted from Chernicharo and Bressani-Ribeiro (2019).
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and settler compartments is a crucial parameter. Therefore, for the average design flow definition, 
besides the per capita water consumption, rainfall infiltration coefficients that reflect local realities 
should be accounted for. Excessive velocities result in solid washout with the effluent, whereas low 
velocities can jeopardize the system performance owing to a worse contact between the influent 
substrate and microorganisms. The average influent sewage flow rate should be considered for 
calculations; nevertheless, maximum flow checks should be performed concerning the HRT, upflow 
velocity in the digestion compartment and surface loading rate in the settler compartment, as reported 
in Table 2.1. In the case of using pumping stations to feed UASB reactors, speed control of the pumps, 
using variable frequency drives or a minimum of three pumps (one standby and two in service, with 
an individual pumping capacity equal to half the maximum flow) is recommended, to avoid exceeding 
the maximum design flow rate.

The design of third-generation UASB reactors considers the use of modular GLS separators, such as 
the Étsus-1000. Such a device (Figure 2.3) is the result of a partnership between the Federal University 
of Minas Gerais (UFMG, Brazil) and the following Brazilian companies: Copasa (Companhia de 
Saneamento de Minas Gerais), Sabesp (Companhia de Saneamento Básico do Estado de São Paulo), 
Sanepar (Companhia de Saneamento do Paraná) and Fibrasa. A modular GLS separator is made of 
glass fibre, and serves as the solution for several operational problems of UASB reactors, namely (1) 
adequate management of the formation and removal of scum, (2) efficient collection of biogas without 
losses by leakages and (3) adequate collection of the treated effluent, avoiding the release of waste 
gases and the occurrence of hydraulic short circuits. The main advantages associated with the GLS 
separator Étsus-1000 are as follows:

• A modular structure, water and gas-tight, light and robust to facilitate transport and installation.
• Incorporation of scum removal connected to the biogas system, allowing for the control of 

odour nuisance and methane losses.
• Incorporation of an effluent collection system coupled with a level-checking device.
• Standard dimensions that allow for the design of UASB reactors for any incoming flow.

The conceived modulation for the GLS separator Étsus 1000 is reported in Table 2.2. Three 
different models were proposed as a function of the GLS length (dimensions A and B, shown in 

Figure 2.3 Longitudinal (a) and cross-sectional (b) views of a standardized GLS separator (Étsus 1000) for UASB 
reactors treating sewage. Source: Adapted from Chernicharo and Bressani-Ribeiro (2019). A and B dimensions refer 
to the length of GLS separator. C refers to the length of the UASB reactor. WGLS refers to the standard dimensions 
between the vertical axis of two GLS separators. H1 refers to the submerged height of the gas chamber (adaptable). 
D stands for the submerged height of the pressure-safe device (adaptable). Refer to the design example in Section 
2.3.3 for further clarification.
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Table 2.2 and Figure 2.3). In summary, after determining the required area of a UASB reactor, the 
length of a chosen modular GLS could be adopted (dimension A) as well as the number of GLS 
to be implemented. The width of the reactor is a consequence of this design procedure, which is 
further exemplified (see Section 2.3.3). In practice, the three proposed modular GLS models can 
be applied to UASB reactors designed for any population equivalents (small-, medium- and large-
scale STPs).

2.3.2 Performance of UASB reactors treating sewage
Organic carbon removal efficiencies of UASB reactors for mainstream sewage treatment in warm 
climate countries are in the range of 60–75% for biochemical oxygen demand (BOD) and 55–70% for 
COD, respectively, without a post-treatment step. Table 2.3 shows the efficiencies of full-scale UASB 
reactors for COD and total suspended solid (TSS) removal (Chernicharo & Bressani-Ribeiro, 2019). 
Underperforming systems can be mainly ascribed to the first- and second-generation reactors, which 
typically lack a thorough design control for scum withdrawal, besides engineering flaws incurred 
during the construction stage, and operational shortcomings reported by Chernicharo and Bressani-
Ribeiro (2019).

It is worth stressing that the performance of a UASB-based system is highly dependent on the 
implementation of adequate operational routines particularly related to the preliminary treatment 
unit and the management of sludge and scum. A typical design and construction shortcoming refers 
to the lack of sludge dewatering capacity. In many cases where mechanical dewatering is taken out 
of service for maintenance (without sparing equipment), excessive sludge build-up occurs in the 
anaerobic reactors, leading to solid washout with the effluent and disturbing the operation of the 
entire treatment plant.

The COD removal efficiency of UASB reactors treating sewage can be estimated by empirical 
equations as proposed by Chernicharo and Bressani-Ribeiro (2019). Equations (2.1) and (2.2) predict 
COD and BOD removal efficiencies, suitable for well-operated full-scale systems, especially in the 
operational HRT range of 8–12 h. The original dataset derives from 25 full-scale UASB reactors 
treating sewage under tropical conditions (sewage temperature in the range of 20–27°C), with influent 
COD ranging from 300 to 1,400 mg/L and influent BOD varying between 150 and 850 mg/L:

ECOD HRT= ×48 0 14( ).

 (2.1)

where

ECOD = UASB reactor efficiency for COD removal (%)
HRT = hydraulic retention time (h)
48 = empirical constant
0.14 = empirical constant

Table 2.2 Modulation of a standardized GLS separator (Étsus 1000) for UASB reactors treating sewage.

GLS Separator Model Number of Scum 
Withdrawal Points
(Nscum-points)

Length of the GLS 
Separator (Upper Part),
A (m)

Length of the GLS 
Separator (Lower Part),
B (m)

1 1 3 4.9

2 2 3–6 4.9–7.9

3 3 6–9 7.9–10.9

Source: Adapted from Chernicharo and Bressani-Ribeiro (2019).
Notes: (1) The length of the scum withdrawal channel should be the same as ‘A’ but with convergent divisions to the Nscum points (see 
Figure 2.3). (2) The values between the range limits of ‘A’ and ‘B’ can be incremented every 0.5 m up to the upper limit of the range
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EBOD HRT= ×49 2 0 18. ( ).

 (2.2)

where

EBOD = UASB reactor efficiency for BOD removal (%)
HRT = hydraulic retention time (h)
49.2 = empirical constant
0.18 = empirical constant

Table 2.3 Performance of full-scale UASB-based STPs.

Location Effluent Concentration Removal Efficiency Population 
Equivalent 
(Inhabitants)

Reference

COD
(mg/L)

BOD
(mg/L)

TSS
(mg/L)

COD 
(%)

BOD 
(%)

TSS 
(%)

India 202 60 150 63 67 70 93,500 Pandey and Dubey (2014)

India 139–567 57–159 72–452 29–75 45–79 40–70 — Khan et al. (2011)

Brazil 283 — 132 58 — 49 3,047 Silva et al. (2013)

Brazil 114 38 132 79 84 59 70,000 Rosa et al. (2012)

Brazil 251 98 85 65 74 71 24,000 Oliveira and Von 
Sperling (2011)

India 515 115 113 41 50 47 — Mungray and Patel (2011)

India 405 153 167 44 40 36 — Mungray and Patel (2011)

India 145–250 55–75 160–240 45 60 34 — Walia et al. (2011)

Colombia — 60 — — 77 — 320,000 WERF (2010)

Brazil 170 66 75 58 68 56 544,000 Franco (2010)

Brazil 247 97 112 62 67 54 — Van Lier et al. (2010)

India 285 121 357 46 41 49 — Van Lier et al. (2010)

Brazil 190 70 60 60 65 61 1,000,000 Chernicharo et al. (2009)

Colombia 144 — 81 58 — 65 — Peña et al. (2006)

Brazil 181 75 127 64 74 51 24,719 Baréa and Alem 
Sobrinho (2006)

Brazil 106 69 — 72 72 — 150,000 Carraro (2006)

Brazil 161 66 — 77 78 — — Tachini et al. (2006)

India 403 130 380 47 50 7 55,000–
570,000

Sato et al. (2006)

Middle 
East

221 83 63 71 70 85 — Nada et al. (2006)

India — — — 61 61 66 — Khalil et al. (2006)

Jordan 632 — 180 58 — 62 — Halalseh et al. (2005)

Brazil 237 64 127 60 69 52 3,808 Busato (2004)

Brazil 202 — 80 67 — 61 18,000 Florencio et al. (2001)

Colombia 177 69 72 66 78 69 9,000 Peña et al. (2000)

Mexico — — — 70–80 — — — Monroy et al. (2000)

Median 
values

212 70 127 62 68 58

Source: Adapted from Chernicharo and Bressani-Ribeiro et al. (2019).
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As for predicting TSS effluent concentration of UASB reactors treating sewage (Equation (2.3)), 
key aspects should be considered before direct application, such as the existence of sludge and scum 
withdrawal routines, proper GLS separators and adequate upflow velocities in the digestion and 
settler compartments. Even under a proper HRT condition, the absence of strict sludge management 
can deteriorate the effluent quality:

TSS HRT= × −133 0 36( ).

 (2.3)

where

TSS = TSS concentration in the effluent of UASB reactors (mg/L)
HRT = hydraulic retention time (h)
133 = empirical constant
0.36 = empirical constant

2.3.3 Design example of a third-generation UASB reactor for sewage treatment
Design example of a third-generation UASB reactor for 40,000 PE, based on the concept of modular 
GLS separators (see Section 2.3.1).

Input data:

• Population equivalent: PE = 40,000 inhabitants
• Average influent sewage flow rate: Qs-avg = 77.4 L/s (278.6 m3/h)
• Maximum hourly sewage influent flow rate: Qs-max = 133.0 L/s (478.8 m3/h)
• Per capita COD contribution: QPCPCOD = 0.10 kg/inhab/day
• Average influent COD concentration: CCOD = 598 mg/L (0.598 kg/m3)
• Average influent BOD concentration: CBOD = 333 mg/L (0.333 kg/m3)
• COD removal efficiency (in terms of filtered COD): ECOD-filtered = 80%
• Methane yield*: YCH4  = 0.13 N m3 CH4/g CODremoved

• Sludge yield: Ysludge = 0.15 kg TS/kg CODapplied

• Sludge specific mass: γsludge = 1,020 kg TS/m3

• Total solid concentration of the sludge removed by the UASB reactors: Csludge = 4%
• Temperature of the liquid: 20°C
 (*) Methane yield referred to as the amount recovered as biogas (does not take into account the 

loss of dissolved methane).

Solution:

(1) Assume a hydraulic retention time (HRTadopted)
• HRTadopted = 9.0 h (see Table 2.1)

(2) Determine the total reactor volume (Vt)
• Vt = Qs-avg × HRT = 278.6 m3/h × 9.0 h = 2,507 m3

(3) Assume a number of UASB reactors to be implemented (Nr)
• Nr = 4 reactors

(4) Determine the volume of each UASB reactor (Vr)
• Vr = Vt/Nr = 2,507 m3/4 reactors = 627 m3

(5) Assume a reactor useful height (Hu)
• Hu = 4.6 m (adopting lower values leads to larger areas and, consequently, lower upflow 

velocities)
(6) Determine the area of each UASB reactor (Ar)

• Ar = Vr/Hu = 627 m3/4.6 m = 136.3 m2
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(7) Determine the dimensions of each UASB reactor based on the available GLS separator 
dimensions (see Table 2.2 and Figure 2.3)
(7.1) Assume a UASB reactor length (LUASB) (preferably a multiple of 3.0 m, because of the 

GLS separator standard dimensions, WGLS in Figure 2.3b)
• LUASB = 15.0 m

(7.2) Determine the number of GLS separators to be implemented (NGLS)
• NGLS = LUASB/WGLS (for standard dimensions of WGLS, see Figure 2.3) = 15.0 m/3.0 m = 5

(7.3) Determine the required UASB reactor width (WUASB-req) separators to be implemented 
(NGLS)
• WUASB-req = Ar/LUASB = 136.3 m2/15.0 m = 9.1 m

(7.4) Select a GLS separator length based on Table 2.2
• Selected GLS separator: Model 3→ length of the lower GLS separator part  

(LGLS-lower) = 8.4 m; length of the upper GLS separator part (LGLS-upper) = 6.5 m; width of 
the lower GLS separator part (WGLS-lower) = 2.30 m; width of the upper GLS separator part 
(WGLS-upper) = 0.37 m

(7.5) Assume a width for the aperture between the GLS separator and the UASB reactor wall 
(Waperture-wall) (see Figure 2.3, Section 2.3.1)
• Waperture-wall = 0.35 m

(7.6) Determine the resulting UASB reactor width (WUASB)
• WUASB = LGLS-lower + 2 × Waperture = 8.4 m + 2 × 0.35 m = 9.1 m

(7.7) Verify the area and volume of each UASB reactor
• Ar = WUASB × LUASB = 9.1 m × 15.0 m = 136.5 m2

• Vr = Ar × Hu = 136.5 m2 × 4.6 m = 627.9 m3

(8) Verify the HRT
• HRT = Vr × Nr/Qs-avg = 627.9 m3 × 4/278.6 m3/h ≈ 9.0 h

Note: The variables Hu, LUASB and NGLS can be managed to obtain different UASB reactor 
configurations.A schematic representation of two of the UASB reactor dimensions (plant and cross-
section views) and the GLS separator configuration is shown in Figures 2.4 and 2.5.

(9) Verify the upflow velocities
• For Qs-avg: v = Qs-avg/(Ar × Nr) = 278.6 m3/h/(136.5 m2 × 4) = 0.51 m/h
• For Qs-max: v = Qs-max/(Ar × Nr) = 478.8 m3/h/(136.5 m2 × 4) = 0.88 m/h

(10) Determine the influent distribution system
• Adopting an influence area (Ai) of 2.25 m2 per distribution pipe (according to Table 2.1), the 

number of distribution pipes is:
 Nd = Ar/Ai = 136.5 m2/2.25 m2 = 61 distributors. Due to symmetry, adopt 60 distributors 

per reactor, as follows:
	{ along the length of each reactor (15.0 m): 10 pipes
	{ along the width of each reactor (9.1 m): 6 pipes

(11) Verify the velocities through the apertures to the settler compartment
• Number of GLS separators (NGLS): 20 (5 in each UASB reactor)
• Lower area occupied by each GLS separator: AGLS-lower = (LGLS-lower ×  

WGLS-lower) = 8.4 m × 2.3 m = 19.32 m2

• Area of each UASB reactor: Ar = 136.5 m2

• Total area of the apertures: Aapertures = Ar − AGLS-lower = (Nr × Ar) − (NGLS ×  
AGLS-lower) = (4 × 136.5 m2) − (20 × 19.32 m2) = 159.6 m2

	{ Verification of the velocities through the apertures:
• For Qs-avg: v = Qs-avg/Aapertures = 278.6 m3/h/159.6 m2 = 1.75 m/h
• For Qs-max: v = Qs-max/Aapertures = 478.8 m3/h/159.6 m2 = 3.00 m/h
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(12) Verify the surface loading rates on the settler compartment
• Number of GLS separators (NGLS): 20 (5 in each reactor)
• Upper area occupied by each GLS separator: AGLS-upper = (LGLS-upper ×  

WGLS-upper) = 6.5 m × 0.37 m = 2.41 m2

• Area of each UASB reactor: Ar = 136.5 m2

• Total area of the settler compartments: Asettlers = Ar − AGLS-upper = (Nr × Ar) − (NGLS ×  
AGLS-upper) = (4 × 136.5 m2) − (20 × 2.41 m2) = 497.8 m2

	{ Surface loading rates on the settler compartment
• For Qs-avg: v = Qs-avg/Asettler = 278.6 m3/h/497.8 m2 = 0.56 m/h
• For Qs-max: v = Qs-max/Asettler = 478.8 m3/h/497.8 m2 = 0.96 m/h
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15
.00
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0.70 m (aperture between the GLS separators) 
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Figure 2.4 Schematic representation of two of the UASB reactors dimensions (plant view) and the GLS separators 
(on the top of the reactors).
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Figure 2.5 Schematic representation of the UASB reactor dimensions (cross-section views).

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



40 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

(13) Verify the HRT on the settler compartment (HRTsettler)
• Number of GLS separators (NGLS): 20 (5 in each UASB reactor)
• Height of the lower part of the GLS separator (inverted pyramid trunk): HGLS-lower =  

1.30 m
• Height of the upper part of the GLS separator (rectangular gas hood): HGLS-upper = 0.50 m
• Height of the upper part of the reactor (above the lower part of the GLS separator): 

Hr-upper = 1.80
• Lower area of each GLS separator: AGLS-lower = (LGLS-lower × WGLS-lower) = 8.4 m × 2.3 m =  

19.32 m2

• Upper area of each GLS separator: AGLS-upper = (LGLS-upper × WGLS-upper) = 6.5 m × 0.37 m =  
2.41 m2

• Lower volume occupied by each GLS separator (inverted pyramid trunk): VGLS-lower =  
(HGLS-lower/3)  × [AGLS-lower + AGLS-upper + SQR(AGLS-lower × AGLS-upper)] = (1.30/3) × [19.32 +  
2.41 + SQR(19.32 × 2.41)] = 12.37 m3

• Upper volume occupied by each GLS separator (rectangular gas hood): VGLS-upper =  
(LGLS-upper × WGLS-upper) × HGLS-upper = (6.5 × 0.37) × 0.50 = 1.20 m3

• Upper volume of each reactor (above the lower part of the GLS separator): Vr-upper = Ar ×  
Hr-upper = 136.5 × 1.80 = 245.7 m3

• Total volume of the settler compartments: Vsettlers = (Nr × Vr-upper) − NGLS × (VGLS-lower +  
VGLS-upper) =  (4 × 245.7 m3) − 20 × (12.37 × 1.20 m3) = 711.4 m3

	{ HRT of the settler compartment (HRTsettler):
• For Qs-avg: HRTsettler = Vsettler/Qs-avg = 711.4 m3/278.6 m3/h = 2.6 h
• For Qs-max: HRTsettler = Vsettler/Qs-max = 711.4 m3/497.8 m3/h = 1.4 h

(14) Estimate the COD removal efficiency
• According to Section 2.3.2: ECOD = 48 × (HRT0.14)
• ECOD = 48 × (9.10.14) = 65%

(15) Estimate the BOD removal efficiency
• According to Section 2.3.2: EBOD = 49.2 × (HRT0.18)
• EBOD = 49.2 × (9.10.18) = 73%

(16) Estimate the effluent COD and BOD concentrations
• CefflCOD = CCOD − (ECOD × CCOD)/100 = 598 − (65 × 598)/100 = 209 mg COD/L
• CefflBOD = CBOD − (EBOD × CBOD)/100 = 333 − (73 × 333)/100 = 90 mg BOD/L

(17) Estimate the biogas flow rate (Qg)
• Organic load removed: OLremoved = Qs-avg × CCOD × ECOD-filtered = 278.6 m3/h × 24 h/

day × 0.598 kg/m3 × 0.80 = 3,198.8 kg COD/day
• Daily methane recovered in biogas: QCH4  = OLremoved × YCH4  = 3,198.8 kg COD/

day × 0.13 N m3 CH4/g CODremoved = 415.8 m3 CH4/day
• Adopting a methane content of 75%: Qg = QCH4 /0.75 = 415.8 m3 CH4/day/0.75 = 554.5 m3 

biogas/day
(18) Estimate the daily sludge production (Psludge)

• Daily sludge mass production: Psludge = Qs-avg × CCOD × Ysludge = 278.6 m3/h × 24 h/
day × 0.598 kg/m3 × 0.15 kg TS/kg CODapplied = 599.8 kg TS/day

• Daily sludge volumetric production: Vsludge = Psludge/(Csludge × γsludge) = 599.8 kg TS/day/
(0.04 × 1,020 kg TS/m3) = 14.7 m3/day

Note: A design spreadsheet can be found in Chernicharo and Bressani-Ribeiro (2019).
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2.4 OPERATION OF FULL-SCALE UASB REACTORS FOR MAINSTREAM SEWAGE 
TREATMENT
2.4.1 Brief overview of the main operational challenges
The main operational challenges of UASB reactors for mainstream sewage treatment are associated 
with (1) the control of the preliminary treatment units, (2) the management of anaerobic sludge inside 
the digestion compartment, (3) the management of scum that accumulates inside the GLS separators, 
(4) the management of biogas and (5) the control of diffuse emissions. Preliminary treatment units are 
the core of the operation of UASB reactors, as raw domestic wastewater usually comprises components 
(debris of all kinds and sand) that should not be introduced into the biological process. Therefore, it 
is crucial to establish an operational routine of regular maintenance of the screens and grit chambers 
to ensure the effective removal of the coarse solids and grit prior to the UASB reactor. The following 
sections highlight the key aspects related to the integrated management of sludge, scum, biogas and 
diffuse emissions.

2.4.2 Management of sludge
Solid by-products (sludge and scum) produced in UASB reactors must be effectively managed to 
ensure process efficiency. Nevertheless, from a practical standpoint, sludge build-up and withdrawal 
control are often neglected, probably due to the low excess sludge production relative to aerobic 
processes. From the start-up of the system, the accumulation of sludge (biomass + inert solids) occurs 
after a few months of continuous operation, and the rate of accumulation depends on both biomass 
growth (microbial cell synthesis) and the presence of inert or non-biodegradable suspend solids in 
raw sewage. The latter can contribute significantly to the increase in the sludge yield coefficient and 
must, therefore, be included in the calculations of sludge production in UASB reactors. A special 
concern arises when sludge from post-treatment units is sent to digestion and thickening in the 
anaerobic reactor, or the facility receives exogenous contributions (e.g. leachate from landfills). In 
both cases, the sludge yield coefficient during the design phase should reflect augmented sludge 
production.

A key characteristic of well-operated UASB reactors refers to their high-solid retention capacity, 
ascribed to the combined effect of having a GLS separator, low-imposed upflow velocities and the high 
settleability of the sludge developing in the system (Leitão et al., 2010). Therefore, high-solid retention 
times can be achieved with a high degree of sludge stabilization. Nevertheless, because of its compact 
volume (typically a function of a selected HRT – see Table 2.1), the reactor has a maximum capacity 
for sludge storage, determined mainly by the volume of the digestion compartment. The excess sludge 
must be withdrawn systematically to prevent exceeding such a maximum sludge storage capacity. A 
lack of a comprehensive sludge discharge routine can cause (Chernicharo & Bressani-Ribeiro, 2019):

• Excessive passage of sludge from the digestion compartment to the settler compartment, with a 
consequent increase in total solid concentration in the settler compartment.

• Solid washout with the effluent, leading to an increase in the effluent concentration of particulate 
COD and BOD.

• Overloading and eventual impairment of the post-treatment unit, particularly attached growth 
systems (e.g. biofilters, trickling filters and the like).

• Hurdle to manage the aerobic sludge generated in the post-treatment unit when it is sent for 
thickening and digestion in the UASB reactor.

• Excessive build-up of inert solids in the bottom of the reactor.
• Decrease in the usable volume of the reactor.
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Accordingly, the absence of and/or ineffective management of sludge in UASB reactors compromises 
the efficiency of the entire treatment system. Usually, the lack of an operational routine for systematic 
sludge withdrawals is associated with the factors described in Table 2.4. Those factors can be related 
to the design, construction and operation of UASB reactors (Chernicharo & Bressani-Ribeiro, 2019).

2.4.2.1 Proper sludge withdrawal systems
Two levels of sludge withdrawal pipes must be implemented in UASB reactors treating sewage to provide 
operational flexibility. A lower set of pipes, which allows the withdrawal of the more concentrated 
sludge that has better settling characteristics, and an upper set of pipes, which allows the withdrawal 
of the less concentrated sludge, with worse settling characteristics. The management of the sludge 
discharge system ensures the removal of the worst quality sludge (upper, less concentrated) and the 
preservation of the best-quality sludge (lower, more concentrated). Therefore, a dense-sludge bed is 
fostered at the bottom of the reactor, promoting a physical retention of suspended solids for further 
hydrolysis. On the contrary, sludge withdrawn from the bottom allows the removal of inert solids 
(e.g. sand) that enter the reactor. Moreover, the balance between lower and upper sludge discharge 
contributes to attain higher solid retention time, consequently, the withdrawal of more stabilized 
(digested) sludge. Besides, lower solids are lost to the settler compartment, directly reflecting the 
improvement of the effluent quality.

To prevent the undesired solid washout with the final effluent, the sludge mass within the reactor 
must be maintained between a minimum value that should match the amount of biomass sufficient 
to digest the influent organic load, and a maximum value that is dependent on the sludge retention 
capacity in the UASB reactor. The minimum mass is calculated from the organic load applied to 
the reactor and the specific methanogenic activity of the anaerobic sludge (Chernicharo & Bressani-
Ribeiro, 2019).

The maximum mass of the sludge the reactor can store depends on close observation of the results 
of TSS and settleable solid trends in the effluent and the TS concentrations along the height of the 

Table 2.4 Main factors that can affect the management of sludge in UASB reactors treating sewage.

Factors that can Affect the Operational Routine of Sludge Management Non-compliance 
Source

Sludge sampling points, used to monitor total solid concentration along the height of the 
digestion compartment, are insufficient in number and/or installed in the wrong position.

Design and 
construction

Sludge withdrawal pipes in insufficient number or poorly distributed along the height of 
the digestion compartment.

Design and 
construction

Manuals or operating guidelines for UASB reactors and dewatering systems that do not 
provide adequate detail on the procedures to be followed by the operators.

Design

Lack of systematic removal of excess sludge from UASB reactors and drying beds because 
of logistical and administrative problems (e.g. service contract for sludge transport 
incompatible with the required frequency, preventing sludge withdrawal from the reactor).

Operational 
management

Failures in the designs of drying beds or mechanized dewatering systems, with 
capacity below the need to process the sludge produced in the STP or incompatible 
with the characteristics of the sludge to be dewatered (e.g. climatic conditions, time 
scale of operators, transport of sludge, availability of chemical products and spare 
parts, need for preventive maintenance, possibility of shutdowns because of corrective 
maintenance, and the like).

Design and 
operational 
management

Equipment of the mechanized dewatering system (e.g. sludge pumps, polymer dosers, 
centrifuges and the like) not in operation owing to difficulties with preventive and 
corrective maintenance.

Operational 
management

Source: Adapted from Chernicharo and Bressani-Ribeiro et al. (2019).
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digestion compartment (sludge profile). In other words, the maximum sludge storage capacity is defined 
as a threshold that triggers excessive loss of solids to the settler compartment and deterioration of the 
effluent quality. If no data series is available for the definition of the maximum mass, a possibility is 
ensuring the TS concentration at the highest point of the digestion compartment (located immediately 
before the gas deflector) always below 0.5%. The removal of the upper sludge favours the maintenance 
of low TS concentrations at the interface of the digestion and settler compartments.

The effective volume of sludge to be discarded is a function of the adopted withdrawal strategy and 
should be determined from the estimated sludge production and the mass of sludge to be withdrawn. 
One recommended strategy is to discard at least 50% of the excess sludge mass from the upper pipeline 
(1.0–1.5 m above the reactor bottom – see Figure 2.1). To compensate for the higher volumes of sludge 
extraction resulting from this practice (less concentrated sludge), a sludge homogenization tank should 
be implemented before the dewatering unit. The thickening of the sludge allows the supernatant to be 
returned to the UASB reactor and the remaining fraction to the dewatering unit.

Pre-programmed and continuous removal of the sludge is recommended to enable the reactor to 
function as steadily as possible. The definition of the percentage of sludge to be discarded from the 
upper and lower pipelines, as well as the frequencies of the pre-programmed extractions should be 
established according to the capacity and operational routine of the dewatering system (drying beds 
or mechanized).

2.4.3 Management of scum
The production and accumulation of scum inside the GLS separators of UASB reactors depend 
essentially on the composition of the raw sewage. Although oil and grease are an essential part of 
scum and should be removed to the maximum extent prior to the reactor, the presence of debris in the 
sewage is at the cornerstone of scum formation, as light inert materials tend to float inside the reactor 
(e.g. hair, cotton swabs, dental floss, cigarette butts, plastics, etc.) and become entrapped in the scum 
layer. Therefore, special care should be taken to design the preliminary treatment units, where grease 
traps and fine screens (preferably <6 mm) are advisable. Besides containing oil, grease and debris 
not removed in the preliminary treatment unit, ‘floating sludge’ can also entrap in the scum layer 
formed inside the GLS separator, which is caused by excess sludge in the digestion compartment and 
hydraulic overload in the reactor.

The lack of efficient scum removal devices, and the absence of a systematic protocol for scum 
removal, promotes the build-up of a solid and thick scum layer inside the GLS separator (Figure 2.6). 
This is one of the main operational hurdles reported in full-scale UASB reactors treating sewage. The 
scum layer prevents the release of the biogas, which escapes to the settler compartment of the reactor. A 
cascade of malfunctioning is triggered, as gas bubbles tend to drag solids (solid washout), deteriorating 
effluent quality and compromising the operation of post-treatment units. Besides, it contributes to 
fugitive emissions of hydrogen sulphide and methane. Therefore, odour nuisance and greenhouse gas 
emissions can become an issue. Furthermore, as the effective biogas recovery (capture) decreases, so 
does the renewable energy generation potential of the plant.

From a construction standpoint, the thickening of the scum layer imposes high-structural stresses 
on the walls of the GLS separator. This, in turn, can eventually cause the rupture of the GLS separator, 
particularly when manufactured from less-resistant materials, such as plastic canvas, metal sheets and 
the like. Moreover, as the scum layer gets thicker, the usable volume of the gas chamber decreases, 
changing the operating pressure. Accordingly, the scum must be removed periodically, as further 
addressed.

2.4.3.1 Proper scum withdrawal systems
The design improvements of the third-generation UASB reactors for sewage treatment incorporate 
scum collection channels inside the GLS separator to promote the hydrostatic removal of the scum. 
This removal procedure is based on the change in the water level inside the GLS separator, which allows 
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the scum to flow to the internal channel of the separator, and to be directed to the withdrawal pipe, 
outside the reactor. The change in the water level inside the GLS separator is achieved by increasing 
or reducing the pressure in the gas line between the separator and the water seal located on top of 
each UASB reactor (see Figure 2.3). A fluid scum layer is key to a high-performing hydrostatic removal 
device. Hence, scum should be removed frequently (two–three times a week) to avoid solidification.

Different configurations of hydrostatic scum removal devices have been tested, with satisfactory 
results in demonstration- and full-scale UASB reactors (Chernicharo & Bressani-Ribeiro, 2019). Scum 
removal efficiencies between 75 and 90% have been observed by Rosa et al. (2012), Santos (2014) 
and Díaz Flórez (2016), considering proper frequencies of discharge to avoid excessively thickening 
or solidification. Table 2.5 shows the main design, construction and operational guidelines for the 
adequate functioning of a GLS separator equipped with hydrostatic scum removal devices.

2.4.4 Management of biogas
The biogas produced in UASB reactors treating sewage comprises mainly methane (CH4), nitrogen 
and carbon dioxide, whereas hydrogen sulphide (H2S), oxygen, hydrogen, carbon monoxide, 
ammonia, siloxanes, water and particulate matter are present in smaller proportions (Noyola et al., 
2006). Methane has a calorific value of 9.9 kWh/N m3 and its concentration defines the potential 
of recovering energy from the biogas. In addition, methane has a global warming potential (GWP) 
28 times higher than that of carbon dioxide over a 100-year horizon (IPCC, 2014). Currently, most 
of the UASB-based treatment plants in warm climate regions do not store and/or use the biogas 
produced. Generally, the captured biogas is conveyed to an open flare, where it is destroyed thermally 
to reduce the rates of methane and hydrogen sulphide emitted to the atmosphere. Hydrogen sulphide 
is harmful to human health at high levels and is perceptible to humans from 0.47 to 100 ppb, having 
an unpleasant smell (Metcalf & Eddy, 2014; Park et al., 2014). In addition, hydrogen sulphide can 
contribute to the corrosion of materials. Obviously, such biogas emissions need to be mitigated and 
controlled (Brandt et al., 2019).

Figure 2.6 Thick and solidified scum layer inside different GLS separators of UASB reactors treating sewage (without 
proper removal devices and operational routines). Source: Chernicharo and Bressani-Ribeiro (2019).
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Simply burning biogas in flares leads to the loss of its chemical energy. The design of third-
generation UASB reactors comprises biogas recovery and possibly utilization, particularly for thermal 
and electricity generation (Possetti et al., 2018). Heat recovery from biogas combustion has been 
studied as an alternative for the drying and sanitization of the sewage sludge. One of the advantages 
of this system is the non-use of the chemicals usually necessary to treat sludge, such as lime. In 
addition, the heat recovery from biogas in these systems ensures a high rate of water removal in the 
sludge, as well as the removal of pathogens, reducing the costs inherent to its handling, transportation 
and final destination (Chernicharo et al., 2015). The electricity generation from biogas has also been 
demonstrated to be feasible, particularly for distributed generation, including net metring (Possetti et 
al., 2019). In addition, the cogeneration of electricity and heat has been considered as on-site utilization 
of the residual heat produced in the thermodynamic processes of electricity generation. Aiming at the 
energy efficiency of the process, residual heat can be used also in thermal sludge drying systems.

The key to successful biogas recovery design is the accurate quantification of the biogas available. 
Each system presents daily and monthly variations in biogas production regardless of the size of 
the treatment plant. The influent sewage characteristics, reactor tightness to prevent leaks, scum 
removal devices, operational control and significant rainfall events (where separate sewerage and 
drainage systems are not effective) all influence the net biogas production, as reported by Possetti 
et al. (2013), Silva (2015), Cabral et al. (2017) and Possetti et al. (2018). The design and operation 
of third-generation UASB reactors for sewage treatment should ensure that (1) the reactor is sealed 

Table 2.5 Guidelines for design, construction and operation of hydrostatic scum removal devices.

Guidelines for Adequate Functioning of Hydrostatic Scum Removal Devices Responsibility

GLS separator must be connected to a water seal to allow the control of internal 
pressures and, consequently, the adjustment of the water levels in relation to the 
scum collecting channel.

Design and 
construction

Scum collection channel should preferably be positioned adjacent to one of the walls 
of the GLS separator and not at the centre. The positioning of the channel next to one 
of the sides allows a larger water level and superior efficiency in the removal of scum.

Design and 
construction

Provision of inspection points and valves on the scum outlet pipes of each GLS 
separator, aiming to identify clogging points and avoiding uneven hydraulic head loss.

Design

Provision of extraction nozzles along the length of the scum collection channel to 
allow more adequate hydraulic flow conditions.

Design

Whenever possible, provisioning of automated valves to facilitate the scum removal 
operation.

Design

Ensuring gas compartment tightness to allow the establishment of small pressures in 
the biogas line (10–15 cm w c).

Design, construction 
and operation

Correct positioning of the scum collection channel at the time of construction, as 
installation at levels other than those specified in the design can prevent proper GLS 
pressurizing and operation of the device.

Construction

Optimum frequency of scum removal can be calibrated during start-up, based 
on visual inspection, which can be performed from the opening of the hermetic 
inspection hatches (or through transparent displays when available), before 
and after the withdrawal operation trials. The operational practice will enable 
establishing the optimal removal routine (frequency and time of withdrawal, degree 
of valve opening, volumes removed and the like).

Operation

Amount of scum accumulated inside the GLS separator should be checked for each 
specific condition, considering the characteristics of the raw sewage, the efficiency of 
the preliminary treatment units and the constructive characteristics of the reactor.

Operation

Source: Adapted from Chernicharo and Bressani-Ribeiro et al. (2019).
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tightly to prevent biogas leakage during operation; (2) scum is removed frequently from the inner part 
of the GLS separator and (3) the biogas collection system is equipped with a condensate removal 
device, flame trap and a biogas flare. For those plants in which electricity generation from biogas is 
economically feasible, gas treatment units for H2S and siloxane removal and an internal combustion 
engine should additionally be used. Extended design and construction guidelines for the entire biogas 
system are discussed in Chernicharo and Bressani-Ribeiro (2019).

Problems related to high pressure (overpressure) or vacuum (underpressure) inside GLS separators 
can interfere with the correct management of the biogas. Therefore, a minimum pressure of 1,500 Pa 
(15 cm of water column) should be maintained in the GLS to ensure the correct operation of the 
system (Chernicharo & Bressani, 2019), for which pressure and vacuum relief valves must be installed 
in the biogas pipeline. Third-generation UASB reactors have adopted water seals as a mitigating 
measure related to overpressure and vacuum in GLS separators.

2.4.5 Control of diffuse emissions
Diffuse emissions in UASB reactors treating sewage refer to dissolved hydrogen sulphide and methane 
that can escape the liquid phase (waste gas) (Figure 2.7). H2S has a characteristic odour that generally 
masks the presence of other volatile compounds (Bhatia, 1978; Smet & Van Langenhove, 1998). 
Its formation is inherent to anaerobic reactors treating sewage, which contains sulphate (incoming 
concentrations rely mainly on the local geology, seawater infiltration in the coastal sewers and 
presence of industrial contributions). Hydrogen sulphide is not only the primary reason related to 
odour complaints, but it is also toxic when inhaled and highly corrosive, causing considerable damage 
to concrete and steel structures under ambient conditions.

The other notable gaseous emission from anaerobic-based plants is methane, which is non-odorous. 
The quantification of fugitive CH4 emissions has gained significant focus due to its GWP. Point source 
CH4 emissions are associated with biogas, thus controlled through biogas recovery and usage. Diffuse 
CH4 emissions from UASB reactors derive from leaks in the biogas collection system, but mainly from 
the dissolved CH4 fraction in the anaerobic effluent. This latter fraction was typically ignored in the 
first- and second-generation UASB reactors treating sewage. However, it will desorb to the atmosphere 
once released into the environment at a rate dependent on mixing (Chernicharo et al., 2015).

Managing diffuse gases involves both the preventive control of the gaseous emissions and the 
containment/collection of the waste gases for subsequent abatement (Figure 2.7 – see also Chapter 

Figure 2.7 Source and control of diffuse gaseous emissions in UASB-based STPs. Source: Chernicharo and Bressani-
Ribeiro (2019).
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7). Various methods have been tested for stripping or desorption of gases dissolved in the effluent of 
anaerobic reactors and these methods also produce waste gases that need subsequent abatement (e.g. in 
biofilters). Currently, third-generation UASB reactors comprises gas desorption units (Chernicharo & 
Bressani-Ribeiro, 2019). Managing diffuse gaseous emissions should include actions to maximize CH4 
capture in the biogas (e.g. proper scum withdrawal) and minimize CH4 diffuse emissions as waste gas. 
Preventive actions to minimize waste gas emissions from UASB reactors treating sewage are summarized 
in Table 2.6, considering design and operation phases. It is worth mentioning that odour nuisance can 
be caused upstream the UASB reactor, jeopardizing controlling efforts associated with the anaerobic 
process. Therefore, a comprehensive analysis of the treatment plant should be performed.

Table 2.6 Preventive actions to minimize waste gas emissions from UASB-based treatment plants.

Possible Problem Recommended Action

Design

Accumulation of scum in the 
sewerage and inside the GLS 
separator

• Inclusion of systems to prevent the accumulation of scum or to 
allow the removal of accumulated scum (e.g. points of water jets 
in pumping stations, sieves and aerated grit chambers upstream 
of the anaerobic reactors).

Sediment build-up in the sewerage 
and the STP

• Accurate quantification of sewage flow and organic loads for 
appropriate hydraulic design.

• Control cross-section variations in channels of the preliminary 
treatment units, to avoid organic solids deposition.

• Design proper units for receiving sludge from other STPs or 
septic tanks.

Odour dispersing around the STP 
because of diffuse emissions

• Devices for capturing and conducting emissions in headworks.
• Minimizing turbulence during the conduction of anaerobic effluent, 

preventing hydraulic falls, reducing the volumes of pumping wells.
• Submersible incoming pipelines or using turbulent regime 

and hydraulic falls to force the liberation of dissolved gases in 
properly covered structures.

• Using perimeter vegetation and structures that induce atmospheric 
turbulence (aromatic trees, such as eucalyptus; 4-m high walls).

• Containing, conducting and treating waste gases.

Desorption and emission of gases 
dissolved in the effluent from the 
anaerobic reactors (odours and CH4)

• Use of modular GLS separators (e.g. internal devices for scum 
removal and viewing windows for inspection).

• Using downstream devices to allow the controlled desorption 
and treatment of gases dissolved in the effluent.

Operation

Odour generation upstream of the 
STP because of organic matter 
decomposition (e.g. sediments, 
scum) and release of precursor 
compounds in the sewer system

• Implementing specific rules (pre-treatment requirements) for 
receiving non-domestic effluents.

• Restricting the discharge of industrial effluents containing high 
loads of nitrogen and sulphur compounds, among others.

• Chemical dosing for preventative and reactive responses to odours.

Odour emissions from the 
headworks

• Frequently removing retained solids from the headworks.
• Proper guidelines for receiving sludge from septic tanks.
• Chemical dosing for preventive and reactive responses to odours.

Odour emissions from sludge 
streams in the STP

• Restricting the acceptance of non-stabilized sludge.
• Chemical dosing for preventive and reactive responses to odours.

Odour dispersing around the STP 
because of diffuse emissions

• Frequently removing scum accumulated in the UASB reactors.
• Cleaning and washing units after daily operational interventions.

Source: Adapted from Chernicharo and Bressani-Ribeiro (2019).
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2.5 FINAL CONSIDERATIONS AND FUTURE PERSPECTIVES
The anaerobic technology for mainstream sewage treatment is fully developed in warm climate 
regions. Three decades of continuous implementation have led to the development of the so-called 
third-generation UASB reactors. Therefore, current design guidelines comprehensively address the 
problems associated with earlier applications, comprising integrated management of sludge, scum and 
biogas. Extensive applied scientific research and operational practice shed light on control protocols, 
considering the management of diffuse emissions. The particular understanding of biogas production 
patterns allows for the design of feasible infrastructure for energy recovery. Moreover, construction 
processes have also evolved to cope with the peculiarities of anaerobic mainstream sewage treatment 
(e.g. protective coatings in top slabs).

Notwithstanding, the observed progress using UASB reactors for sewage treatment still presents 
challenges that prevent their maximum operational performance. Although there is currently 
available technical knowledge and practical experience for the design, construction and operation, 
many problems arise from situations beyond the limits of the treatment plant. The issues span from 
administrative to financial failures, which often prevent the implementation of design controls and the 
execution of essential operational procedures. The future of the anaerobic technology for mainstream 
sewage treatment has been at risk of discredit in several places where UASB reactors (early generations) 
were implemented, compromising the significant advances made to date. Nevertheless, the present 
societal appeal for developing circular economy models opens the window for effectively recognizing 
the advantages of direct anaerobic sewage treatment, as it enables the recovery of energy (biogas) and 
compounds in the sewage (e.g. nitrogen, phosphorus, sulphur and water itself).
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ABSTRACT

Anaerobic membrane bioreactors (AnMBRs) are a recent development in wastewater treatment driven by concerns 
about energy use and sludge disposal. It separates hydraulic retention time from solid retention time enabling 
short retention times (as low as 3–6 h, but normally 12–24 h), and excellent performance (85–95% chemical 
oxygen demand (COD) removal, no effluent solids and high bacterial/virus removal). It produces low-sludge yields 
(0.04–0.12 g sludge/g CODrem), and methane in both the gas and dissolved in the effluent (lower temperatures yield 
higher soluble methane). It can be net energy positive depending on its configuration, for example, using ‘dynamic 
membranes’, mechanically shaken membrane or a two-stage granular activated carbon (GAC) bed reactor. However, 
membranes ranging from ultrafiltration (0.04 µm) to microfiltration (0.4 µm) foul quite quickly, with Soluble Microbial 
Products (SMPs)/Extra Cellular Polymers (ECPs-which include extracellular polysaccharides) and cells depositing 
and growing on the surface. At a certain cell density Quorum Sensing (QS) occurs and there is a rapid increase in 
trans-membrane pressure (‘TMP jump’). Fouling can be ameliorated by managed gas sparging, mechanical shaking, 
addition of flocculants/adsorbents, for example, powdered activated carbon, or quorum quenching. Nevertheless, 
some fouling is important as it enhances membrane performance. Due to the membrane rejecting cells and many 
low molecular weight solutes, AnMBRs tolerate shock loads and toxins well, and enable microbial adaptation 
to occur. However, to improve performance more research is needed to minimize overall energy use, explore 
enhanced performance with bioaugmentation, enhance rates of solid hydrolysis, optimize its performance in the 
overall flowsheet (global optimization), use life-cycle analysis to reduce its environmental impact, control sulphate 
reduction and improve post-treatment of effluents to enable water recycling.

Keywords: anaerobic membrane bioreactor (AnMBR), antibiotic resistant genes (ARGs), bioaugmentation, energy 
use, fouling, global optimization, life-cycle analysis (LCA), microbial ecology, pharmaceutical, personal care products 
(PPCPs) removal, quorum quenching (QQ).

3.1 BACKGROUND
Anaerobic bacteria have long doubling times due to their low-energy yields per gram of substrate 
(Gibbs free energy yield per gram of substrate), because a lot of catabolic energy yield is lost in the 
form of gaseous/soluble methane. Hence process engineers have been forced to innovate and develop 
efficient reactor designs which separate hydraulic retention time (HRT) from the solid retention time 
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(SRT). In recent years there has been increasing focus on designing anaerobic reactors that not only 
have very short HRTs, but also reduce the footprint of the process by intensifying or combining unit 
operations, and produce (consume less) energy. Hence over the last 50 years reactor design has evolved 
from standard sludge continuous stirred tank reactors (CSTRs) with SRTs of 20–30 days, to anaerobic 
filters developed by Young and McCarty (1969), operated either upflow, or sometimes downflow, with 
full of different types of support media. HRTs as low as 20–24 h were possible, and with sewage at 
ambient temperatures, chemical oxygen demand (COD) removals up to 70% were possible. While 
this design was effective, the media sometimes get blocked, and solid removal becomes a problem. In 
addition, wastewaters (WWs) with high levels of sulphate produced hydrogen sulphide and the gas 
percolating upwards resulted in toxicity to the biomass.

In the late 1970s Lettinga in The Netherlands noticed that anaerobic biomass could granulate 
under certain conditions, and this led to the development of upflow anaerobic sludge blanket (UASB) 
reactors using granular biomass. This reactor type is discussed thoroughly in Chapter 2; while it has 
many advantages, when operated with suspended biomass, it also results in quite high solids in the 
effluent (∼200 mg/L), it is unstable to shock loads and it is not suitable for certain types of feeds. 
However, this is one of the most successful anaerobic reactor designs. Around the same time as 
UASBs were being developed, McCarty had noticed that a baffled configuration trapped biomass in 
the anaerobic reactor, and enabled HRTs as low as 8–12 h, with acceptable COD removal (Bachmann 
et al., 1985). This design had the major advantage of not requiring power input so that it could be 
constructed at the lower level than the input flow, for example, below ground, and could be operated 
in communities without a reliable power source. Hence this type of treatment has been used in 
developing countries such as South Africa and Indonesia.

Around the same time as UASBs and anaerobic baffled reactors (ABRs) were being developed, 
Switzenbaum and Jewell (1980) found that with sufficient upflow velocity a bed of sand granules could 
be expanded under anaerobic conditions, and cells attached themselves to the grains. This was found 
to be very efficient at treating unscreened sewage at retention times down to 30 min with ∼70% COD 
removal even at low temperatures (13°C). However, this is a sophisticated process requiring close 
monitoring and control because when the biofilm on the particles grow the density of the particle 
reduces and the particles rise through the bed. These need to be intermittently removed and the 
biomass to be removed and recycled back to the bottom of the reactor. However, this demonstrated 
that very short retention time reactors (0.5 h) are possible to use in anaerobic treatment because the 
substrate, both soluble and insoluble, is rapidly removed from solution by adsorption onto the biomass 
before it is catabolized. While this design has been used for higher-strength industrial WWs, it has not 
been used much with sewage treatment.

At the time of these latest designs, the cost of permeable membranes was quite high; but over time 
their industrial use, for example, in biotechnology production, has increased, and their unit cost has 
decreased. These factors led to their adoption in aerobic wastewater treatment (WWT), and early reports 
reveal good performance and reasonable HRTs (Muller et al., 1995). However, sludge yields were still 
quite high, and above certain loading rates oxygen mass transfer became a problem in addition to high-
energy inputs. In addition, the question of membrane lifetime, at this point being only 2 years, was of 
considerable financial and practical concern. The anaerobic membrane bioreactor (AnMBR) concept 
was initially proposed by Grethlein in 1978, who used external cross-flow membrane to treat sewage 
treatment effluent and achieved high biomass concentrations with 85–95% biochemical oxygen demand 
(BOD) reduction and 72% nitrate removal. The first commercially available AnMBR was constructed in 
the early 1980s, by Dorr-Oliver to treat high-strength whey processing WWs. The membrane bioreactor 
(MBR) process was first introduced in 1969 by Dorr-Oliver Inc.; however, the initial developments could 
not be translated to widespread industrial applications, owing to the high expenses associated with 
membrane material and energy. At this point there was little interest in the use of membranes in anaerobic 
systems, although Bill Ross from South Africa in 1985 had tried using cheaper ‘dynamic membrane’ 
systems in treating wine production WWs (personal communication, 1994). He used a nylon cloth with 
large pores, and over the period of days a ‘fouling layer’ built up that acted as an effective membrane.

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



53Anaerobic membrane bioreactors

However, as installed membrane costs decreased, the advantages of combining them with anaerobic 
treatment became apparent, and this has led to the development of AnMBRs which incorporate 
solid removal and COD reduction in one reactor. This design has evolved from aerobic membrane 
bioreactors (AeMBRs) which are further developed, but have obvious drawbacks, such as high-energy 
use and solid yields, and emission of greenhouse gases such as carbon dioxide and nitrous oxide.

This chapter will focus on recent advances in AnMBRs, and on specific areas and questions such 
as the role of soluble microbial products (SMPs) in membrane fouling, and fouling amelioration using 
additives such as powdered activated carbon (PAC and polymers/metal salts/biopolymers), removal 
performance and HRT/SRT, economics and life-cycle analysis (LCA), while drawing on past research 
from both AeMBRs and AnMBRs.

3.2 MEMBRANE TYPE
One of the key questions in the design of an AnMBR is what type of material and pore size the 
membranes used should be, and whether they should be housed internally in the reactor, or externally 
in a separate module? In the early days this was important as the capital cost of membranes was a 
significant fraction of the cost of a reactor. However, with experience from Japan over the years, the 
lifetime of most polymer membranes has been shown to be at least 10 years. In addition, the installed 
costs per m2 have decreased substantially in the past decade due to the increasing use of membranes. 
Hence the discounted costs over 10 years have meant the additional membrane costs are minimal.

Ceramic and polymeric materials can also be used as membranes in an AnMBR. Ceramics such 
as (1) alumina, (2) silicon carbide, (3) titanium dioxide and (4) zirconia often demonstrate better 
filtration performance compared with other membrane types, due to their excellent chemical 
resistance, flexibility for cleaning and fouling resistance. However, the high cost of fabrication often 
makes them less economically viable; therefore, polymeric membranes, such as (1) polyacrylonitrile, 
(2) polyethylsulphone, (3) polysulphone, (4) polytetrafluoroethylene, (5) polyvinylidene difluoride 
(PVDF), are the most used membranes in wastewater treatment plants (WWTPs). About 50% of 
MBR modules available on the market are based on PVDF. PVDF-based membranes exhibit high-
mechanical strength and enhanced flexibility, which makes them a good choice for users (Rahman 
et al., 2023). Finally, the use of ‘dynamic membranes’, that is, a large pore nylon cloth that over a short 
time fouls and builds up a layer of organic detritus and cells which act as an effective filter media is 
also of interest and is a low-cost option; however, in most cases their performance is not satisfactory 
(Siddiqui et al., 2021).

The most typical kinds of MBRs are submerged MBRs and side-stream MBRs (Al-Khafaji et al., 
2022; de Andrade et al., 2014; Martínez et al., 2021). Each of the modules has different characteristics; 
for instance, side-stream MBRs provide direct hydrodynamic fouling control but require high energy, 
and are used primarily in industrial WWT. In contrast, a submerged anaerobic MBR (SAnMBR) 
operates at reduced water flux with higher permeability and is used for treating municipal WWs on a 
large scale. According to Al-Khafaji et al. (2022), submerged MBRs require a larger membrane area, 
and are better suited with excellent sewage filterability (Al-Khafaji et al., 2022). Compared with a 
submerged MBR, a side-stream MBR needs a smaller membrane area and functions well for strong 
sewage with low filterability. According to this study, there is no obvious selection criterion for the 
use of either module (submerged or side-stream MBRs) (Al-Khafaji et al., 2022). Instead, engineering 
judgement should be applied before adopting a specific module. In a study by Rahman et al. (2023), a 
comparison table was introduced between these two modules (Table 3.1).

Pore size is one of the most important properties in the successful operation of membrane-based 
bioprocesses for the treatment of municipal WWs. Ji et al. (2020) compared the characteristics of two 
AnMBRs, one with a hollow-fibre (HF) membrane of 0.4 µm pore size (AnMBR1), and the other with 
a membrane of 0.05 µm pore size (AnMBR2) for the treatment of municipal WWs at room temperature 
(25°C) under various HRTs. Performance was evaluated in terms of organic removal efficiency, biogas 
production and membrane filtration behaviour during long-term continuous operation. Both AnMBRs 
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resulted in good performance, with COD and BOD removals of ∼89 and ∼93%, respectively. High-
energy recovery was achieved, with the biogas yield ranging between 0.20 and 0.26 L gas/g CODrem 
and a methane content of ∼75%. The difference in membrane filtration behaviour in the two AnMBRs 
included different permeate fluxes and total filtration resistance (Rt). In the AnMBR with a 0.4 µm 
pore size membrane, an average Rt of 1.08 × 1012/m was obtained even when the permeate flux was 
high at 0.274 m/day, whereas a higher average Rt of 1.51 × 1012/m was observed in the AnMBR with 
0.05 µm pore size membrane, even when the flux was low at 0.148 m/day. Offline membrane cleaning 
for AnMBR1 showed that the membrane restoration efficiency was 90.2%; hence larger pore sizes can 
lead to better overall performance.

Two types of membrane units are usually used: HF and flat sheets (FSs), or plate and frame. A 
bundle of hundreds to thousands of HFs constitutes an HF membrane module in a pressure tank. The 
plate and frame units consist of a number of FS membranes, along with support plates (Al-Khafaji 
et al., 2022). According to Hashisho et al. (2016), FS modules are more costly but easier to manage and 
less susceptible to fouling. Compared to them, HF modules may resist thorough backwashing despite 
being susceptible to fouling (Hashisho et al., 2016). Tolu et al. (2021) conducted a study to compare 
HF and FS modules for full-scale leachate treatment; in terms of fouling the HF module performed 
better and prevented clogging for a long period of time. It resulted in lower cleaning frequency and 
easier maintenance, and in terms of capital and operation expenses, the HF module proved to be the 
better choice (Tolu et al., 2021).

3.3 CAUSES OF MEMBRANE FOULING
Since membranes constitute the largest capital cost of a membrane reactor, their flux determines the 
required surface area, and hence their capital cost. A multitude of parameters influence membrane 
flux, and these are shown in Figure 3.1, and are reviewed in Iorhemen et al. (2016). Nevertheless, it 
is important to highlight the fact that membranes do not function well in these environments, except 
for nanofiltration, unless they are fouled to ‘some degree’. This can be seen in membrane performance 

Table 3.1 Comparison between submerged and side-stream MBR systems.

MBR Type Submerged MBR Side-stream MBR

Compatibility with 
wastewater type

Low-strength wastewater with good 
filterability

Higher strength with poor filterability

Membrane flux Lower membrane flux or lower 
permeate per unit area of membrane

Higher membrane flux or higher 
permeate per unit area of membrane

Transmembrane pressure Reduced transmembrane pressure 
needed

Increased transmembrane pressure is 
required

Power requirement Lower power per m3 of wastewater 
treated needed

High power per m3 of wastewater 
treated needed

Susceptibility to variations Less susceptible to changes in the 
characteristics of the wastewater 
and flow irregularities

More susceptible to changes in the 
characteristics of the wastewater and 
flow irregularities

Requirement of membrane 
area

Large surface area needed Less surface area needed

Backwashing and cleaning of 
the membrane

More frequently needs backwashing 
and cleaning

Less frequently needs backwashing 
and cleaning

Operational flexibility Less-flexible operation Control parameters provide for more 
operational flexibility

Expansion of WWTP capacity Problematic to extend capacity Simpler to extend

Source: Rahman et al. (2023).
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immediately after a complete clean of the membrane, but even after 5 min a fouling layer has built 
up and membrane performance increases rapidly until 10–15 min, later membrane performance has 
attained the ‘steady state’. This phenomenon is often not acknowledged under the rubric that ‘all 
membrane fouling is bad’ (Vyrides & Stuckey, 2011). Over time, even with membrane gassing or 
shaking, a fouling layer builds up and the trans-membrane pressure (TMP) rises slowly from only a few 
kilopascals to 10–15 kPa. At some point after a few days there can be a ‘TMP kick’ where the TMP/
time gradient suddenly changes and rapidly steepens. It seems that this inflection point is caused by 
quorum sensing (QS) molecules released by the cells present on the surface of the membrane. This 
triggers the rapid production of extracellular polymer (ECP)/EPS on the membrane surface and a 
rapid jump in membrane resistance (Oh & Lee, 2018).

3.3.1 Difference in fouling between AnMBRs and AeMBRs
Xiong et al. (2016) compared membrane fouling in AeMBRs and AnMBRs under similar operating 
conditions. Although both AeMBRs and AnMBRs achieved more than 90% COD removal, the fouling 
mechanisms were different. Molecular weight (MW) fingerprint profiles showed that most fragments 
in anaerobic SMPs were retained by the membrane, and some fragments were present in both SMP 
and in soluble EPS, suggesting that the physical retention of SMP components contributed to AnMBR 
membrane fouling. One of the dominant fragments was glycolipoproteins (size: 630–640 kDa), and 
correlated in abundance in AnMBR–EPS with the extent of anaerobic membrane fouling. In contrast, 
all detected AeMBR–SMP fragments permeated through the membrane. Aerobic SMP and soluble EPS 

Figure 3.1 Parameters and interactions that influence process performance in an AnMBR (Source: Semmens, 2002).
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also showed very different fingerprinting profiles. A large amount of adenosine triphosphate (ATP) 
was present in the AeMBR–EPS, suggesting that microbial activity arising from certain bacterial 
populations, such as unclassified Comamonadaceae and unclassified Chitinophagaceae, may play a 
role in aerobic membrane fouling.

Xiong et al. (2016) also found that despite high COD removal in both AeMBRs and AnMBRs (94 
and 90%, respectively), fouling was seen earlier in the AeMBR. The MW distribution of SMPs and EPS 
in the AnMBR showed that most of the EPS came from the SMP fractions retained by the membrane, 
implying that the major contributor to AnMBR membrane fouling was physical retention of SMP 
components by the microfiltration (MF) membrane. In the case of the AeMBR, all SMP fragments 
completely passed through the membrane and EPS did not correlate with SMP profiles. Furthermore, 
significantly higher levels of ATP were present in AeMBR biofilms than in those of the AnMBR, 
suggesting that a larger fraction of the EPS on the AeMBR was a product of microbial activity arising 
from certain bacterial populations on the membrane surfaces, such as Comamonas and unclassified 
Chitinophagaceae. This study shows that potentially very different fouling mechanisms controlled 
AeMBR and AnMBR biofouling, and highlights the importance of a multifaceted approach in 
studying membrane fouling and developing control strategies for different MBR systems. In our own 
laboratory, unpublished results (Kunacheva, personal communication, 2016) showed that the soluble 
effluent CODs from identically operated AeMBR (0.04 µm HF) and AnMBR (0.45 µm FS) were similar 
(∼96% COD removals from a 500 mg/L synthetic feed), but the soluble COD was substantially higher 
within the anaerobic reactor (200 vs. 25 mg/L). These observations support the conclusions of Xiong 
et al. (2016), and demonstrate the effectiveness of membrane rejection in AnMBRs.

Bagheria and Mirbagheri (2018) critically reviewed all types of fouling (Figure 3.2) and the 
approaches used for membrane (aerobic and anaerobic) fouling control in bioreactors treating water 
and WW. The first antifouling techniques tried to optimize operational conditions, or used chemical 
agents to control membrane fouling. Despite their positive impacts, these methods did not provide a 
sustainable solution, and some chemicals used may affect the microorganisms and have environmental 
drawbacks. Improved understanding of membrane fouling mechanisms and effective interventions 
has encouraged researchers to look at novel methods that focus on disrupting fouling by suppressing 
fouling bacteria, such as quorum quenching (QQ). Employing nanomaterials, cell entrapment and 

Major classes of membrane fouling 

Characteris�cs of foulants Intensity and flux recovery Loca�on of fouling

Biofouling Reversible fouling Concentra�on polariza�on

Organic fouling Irreversible fouling External fouling

Inorganic fouling Residual fouling Internal fouling

Irrecoverable fouling

Figure 3.2 Three main classes for membrane fouling according to published literature (Source: Bagheria & Mirbagheri, 
2018).
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biologically and electrically based methods are the latest techniques to be evaluated. This fact indicated 
that control of membrane fouling requires employing more than one single approach.

Wang et  al. (2018) also examined fouling in two types of membrane reactors, and emphasized 
the recent transition to energy neutral sewage treatment is the key driver for AnMBRs for sewage 
treatment. However, aerobic municipal WW delivers very little methane compared to the maximum 
theoretical case study for sewage, and hence energy production must be maximized to enable energy 
neutrality. Since membrane fouling control is the main energy demand in MBRs the authors tried to 
determine whether knowledge between fouling characteristics in AeMBRs and AnMBRs could be 
transferred. They concluded from their study that:

(a) The ratio of proteins to carbohydrates in cell wall EPS (eEPS) is higher in AnMBRs than in 
AeMBRs. However, the total eEPS appears slightly higher in AeMBRs, and there is a lack of 
knowledge about the correlation between eEPS concentration and composition, and surface 
properties such as charge and hydrophobicity in the AnMBR.

(b) There are similar median particle sizes in both AeMBRs and AnMBRs, but fine solids with 
particle sizes ranging from 1 to 10–15 µm have been widely reported in AnMBRs and these are 
associated with biomass of high fouling propensity (see later section).

(c) SMPCOD concentration in the bulk sludge is 10 times higher in AnMBRs than in AeMBRs, and 
low temperature and extended SRT enhance SMP production in AnMBRs.

(d) In immersed AnMBRs turbulent gas sparging on membrane performance seems to be limited 
compared to AeMBRs, and hence fouling is more determined by sludge properties in AnMBRs.

(e) AnMBR fluxes are 33–50% lower than in AeMBRs, whereas permeabilities in AnMBRs are 
∼50% below than in AeMBRs, and use between 50 and 300% more gas.

(f) The dominant fouling mechanism in AeMBRs and AnMBRs is cake formation, but the 
effectiveness of backwashing to reduce membrane fouling and permeability recovery after 
chemical cleaning seems to result in contradictory results and needs further research.

3.3.2 Causes of membrane fouling
One of the early insights into membrane fouling when purifying products in other industries, such as 
biotechnology, was that a concentration gradient builds up on the membrane surface due to a mass 
balance where the mass flux back into the bulk solution equals the product flow through the membrane. 
This results in a high concentration of the solute at the membrane surface in the ‘boundary layer’, and 
either a ‘gel’ forming, or in some situations where the solute exceeds its solubility limit, precipitation or 
crystallization. This phenomenon is referred to as ‘concentration polarization (CP)’, and in AnMBRs 
this phenomenon contributes to membrane fouling. In the next section various constituents involved 
in membrane fouling are discussed in more depth; SMPs, subvisible particles and colloids, inorganic 
precipitation, and QS.

3.3.2.1 Soluble microbial products
SMPs are primarily from the high-MW fraction which are generated as either SMPs from cell metabolism 
and lysis (Barker & Stuckey, 1999), or as extracellular polysaccharides (EPSs) which in anaerobic 
systems constitute only ∼20% of the SMPs (Aquino & Stuckey, 2004a). SMPs are critical in membrane 
fouling but until recently not much has been known about their composition or what parameters 
influence their production in the reactor. In AnMBRs with high SRTs the production of SMPs from 
cell lysis (biomass-associated products) is high, and much of the soluble COD in the reactor is SMPs 
(including ECPs; Vyrides & Stuckey, 2009a). In addition, the way the reactor is operated influences 
SMP production considerably; Aquino and Stuckey (2003) showed that nutrient deficiencies in a CSTR 
increases SMP production, whereas the presence of toxic compounds in the waste being treated also 
enhances their concentration (Aquino & Stuckey, 2004a). Finally, if the reactor is subjected to organic 
or shock loads then SMP production increases (Aquino & Stuckey, 2004b).
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In 2017, Chen et al. determined the properties of SMP and EPS, and their role in membrane fouling 
in an AnMBR treating low-strength WW at room temperature. The properties analysed were specific 
production, MW distribution and adhesion force, and they showed the primary factor affecting SMP/
EPS properties and their diverse membrane fouling performances was the organic loading rate (OLR). 
An increase in OLR resulted in an increase in the production of specific EPS and macromolecules 
in the SMP/EPS fractions, in effect exacerbating the flocculation ability of the mixed liquor in 
the AnMBR and thus facilitating the fast formation of cake layers. Furthermore, the EPS tended 
to be more viscoelastic and hydrophobic at a higher OLR and because the adhesion forces of the 
EPS–membrane and EPS–EPS were significantly enhanced as the OLR increased, cake fouling was 
significantly accelerated. The results indicated that the main cause of fouling was SMP-induced pore 
blockages, and that membrane resistance increased gradually until an OLR of 0.7 g COD/L/day, but 
increased rapidly when the OLR was higher than 1.4 g COD/L/day, caused by the EPS-induced fast 
growth and compact cake layer on the membrane surface.

3.3.2.2 Subvisible particles and colloids
The distribution, composition, and morphological structure of subvisible particles and colloids (0.01–
10 µm) were investigated in the supernatant of a lab-scale SAnMBR, and their role in membrane 
fouling (Zhou et al., 2016). Photometric analysis showed that the supernatant and membrane foulants 
were dominated by particles and colloids (0.45–10 µm), which accounted for over 90% of the total 
organics (proteins and polysaccharides). Excitation–emission matrix fluorescence spectra and 
monosaccharide analysis showed that these particles and colloids were rich in fluorescent proteins, 
rhamnose, ribose and arabinose, all of which could be related to cellular and extracellular substances. 
Fluorescence and scanning electron microscopy (SEM) confirmed the presence of bacterial cells in/
on the subvisible particles and colloids. The microparticles (5–10 µm) were primarily composed of 
Streptobacilli and/or filamentous bacteria in microcolonies, whereas the submicrometre particles and 
colloids (1–5 µm and 100 kDa–1 µm) had more free/single cocci and bacilli. The ratio of live/dead cells 
varied in different size fractions, and the particles (1–10 µm) contained more live cells compared with 
the colloids (100 kDa–1 µm). Their findings suggest that bacterial cells in/on the particles and colloids 
could have an important effect on fouling in SAnMBRs as they are pioneering species attaching to 
membranes to form fouling layers/biofilm. Such insights show that previous foulant-characterization 
studies tended to overestimate organic fouling, whereas the biofouling induced by these bacteria in/
on the particles and colloids was overlooked.

Subvisible particles (0.45–10 mm), with a size between sludge solids and SMP, have recently been 
identified as a critical foulant in AnMBRs, and recent new insights into the size fractionation and 
composition of subvisible particles in AnMBRs have enabled fouling to be understood in more depth 
(Zhou et al., 2019; Yao et al., 2020). The microbial diversity of the subvisible particles in three size 
fractions (i.e. 5–10, 1–5 and 0.45–1 mm) from bulk and cake solutions in a lab-scale SAnMBR, and 
their fouling potential, was further explored based on their filtration behaviour and biofilm formation. 
With decreasing particle size a significant shift in microbial communities was observed for the 
subvisible particles in both bulk and cake solutions; (a) with notable decreases in filamentous microbes 
in the order SJA-15, GCA004 and Anaerolineales of phylum Chloroflexi, and (b) with substantial 
increases in sulphate-reducing bacteria (i.e. the family Syntrophobacteraceae, genus DCE29 of family 
Thermodesulfovibrionaceae, Desulfovibrio and Geobacter). More importantly, the filamentous 
microbes associated with microparticles (5–10 mm) led to higher cake fouling resistances, whereas 
free living cells in the form of colloidal particles (0.45–1 mm) induced severe pore blocking. Moreover, 
the microparticles had an enhanced capacity to favour biofilm formation (OD595, categorized as highly 
positive), thus potentially aggravating biofouling.
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3.3.2.3 QS molecule release
It has been understood for a while that, from a fundamental point of view, bacteria regulate their 
behaviour in groups across species boundaries in areas such as virulence and biofilm formation, in a 
cell-density-dependent way using signal molecules. This is called ‘quorum sensing’ (Miller & Bassler, 
2001; Waters & Bassler, 2005). In 2002, Lee’s group in South Korea suspected that the sudden ‘TMP 
jump’ might be closely related to a threshold level of QS between microorganisms in MBR fouling 
layers (Figure 3.3a).

Bacteria use cell-to-cell communication systems to share information about their population 
density and to organize group behaviour accordingly. This group behaviour includes virulence factor 
secretion, symbiosis, competence, bioluminescence, sporulation, antibiotic production and biofilm 
formation (Lade et al., 2014; Siddiqui et al., 2015; Waters & Bassler, 2005). These processes follow three 
basic steps: (1) cells in the community produce small diffusible chemical signals (i.e. autoinducers); 
(2) autoinducers are detected by receptors that exist in the cytoplasm or membranes of cells when the 
concentrations of autoinducers exceed a threshold, and (3) detection of autoinducers activates not 
only the expression of specific target genes but also the production of more autoinducers. QS allows 
bacteria to convert environmental stimuli into specific gene expressions, enabling each individual cell 
to recognize the number of bacteria in their environment, and thus initiate collective behaviours when 
their number exceeds a quorum level. In general, QS systems have been divided into three general 
classes based on the type of autoinducer signal and the apparatus used for its detection: (1) N-acyl 
homoserine lactone (AHL)-type QS in Gram-negative bacteria; (2) peptide-mediated QS in Gram-
positive bacteria, and (3) autoinducer-2 QS shared in Gram-negative and Gram-positive bacteria. In 
addition, several new classes of signal molecules have recently been discovered (Figure 3.4).

Based on this, they postulated that the onset of the second phase corresponding to a quorum 
level could be shifted either to the right with the reduction of signal molecules (e.g. AHLs) by any 
means, or to the left with the intentional addition of signal molecules (Figure 3.4). Furthermore, 
they postulated that membrane biofouling could be alleviated through QS control (i.e. blocking 
intercellular communication by decomposing AHL signal molecules in the process called quorum 
quenching; Figure 3.5). Later, Yeon et al. proved that the TMP and AHL levels of biofilms increased 
in parallel in MBRs (Yeon et  al., 2009a), and demonstrated that QS-based membrane biofouling 
control was possible (Wigginton 2009; Yeon et al., 2009b). This use of QQ will be discussed in a later 
section.

Figure 3.3 (a) Typical profile of TMP increase during operation of MBRs for WWT, and (b) change in the point of QS 
and TMP increase as a function of the concentration of AHL signal molecules (Source: Oh & Lee, 2018).
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Figure 3.4 Signal molecules involved in QS (Source: Oh & Lee, 2018).

Figure 3.5 QS–QQ control of biofouling in membrane reactors (Source: Oh & Lee, 2018).
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3.3.2.4 Inorganic precipitation
Inorganic precipitation (mineral scale) blocks membranes by forming crystals on the surface of the 
membrane, or within its interstices. The latter fouling is impossible to wash off the surface and hence 
needs to be cleaned using acids or alkalis. This type of fouling depends on two factors, mainly the 
concentration and type of ions in the feed (usually low in sewage), and the extent of CP at the surface 
(dependent on the membrane flux and the extent of physical scouring). In AnMBRs the concentration 
of inorganic ions (I ∼ 0.1 molar) means that solubility products (KSP) of most precipitates must be 
adjusted by the Debye–Hückel approximation. Inorganic foulants include cations and anions such 
as Ca2+, Mg2+, Fe3+, Al3+, SO4

2−, PO4
3−, CO3

2− and OH−, and can precipitate onto/into the membrane 
due to hydrolysis which leads to pH change, and oxidation. Small amounts of ions, such as Ca2+ 
(<280 mg/L), can help control biofouling due to binding and bridging EPS, whereas concentrations 
above 800 mg/L significantly increase fouling due to a high inorganic precipitate in the MBR mixed 
liquor. To remove inorganic precipitation from the membrane surface, chemical cleaning is more 
effective than physical cleaning (Meng et al., 2017).

Choo and Lee (1996) were among the first researchers to study membrane fouling mechanisms 
over a long time of a membrane-coupled anaerobic bioreactor designed for the treatment of alcohol-
distillery WW. Membrane fouling was primarily due to external fouling, which was closely related 
to the movement of cell population to the membrane surface and inorganic precipitation on it. The 
major inorganic foulant was MgNH4PO4·6H20 (struvite), whose deposition with the cells attached to 
the membrane surface played an important role in the formation of the strongly attached cake layer 
limiting membrane permeability. A conceptual resistance-in-series model was used to assess fouling 
characteristics, and the external fouling was 30 times the internal fouling resistance.

Trzcinski and Stuckey (2016a) examined the treatment of leachate (11.97 g/L, 14.4% soluble) from 
the organic fraction of municipal solid waste (OFMSW) using an SAnMBR, followed by an AeMBR to 
polish the effluent. The composition of the inorganic precipitate was investigated in each of the reactors 
in the process. The flux decreased due to precipitation of calcium as monohydrocalcite (CaCO3·H2O) 
containing traces of metals onto the SAnMBR membrane because of high CO2 partial pressures. 
Precipitation of calcium in the AeMBR was also observed due to a higher pH. In this case, phosphorus 
also precipitated with calcium in two different phases: the background layer contained calcium, 
oxygen, carbon and small amounts of phosphorus (2–6.7%), whereas flakes containing calcium, 
oxygen and higher amounts of phosphorus (10–17%) were probably hydroxyapatite (Ca5(PO4)3OH) 
demonstrating the different forms of inorganic fouling with different reduction potentials.

3.4 AMELIORATION OF MEMBRANE FOULING
A range of techniques are available that can be used to reduce membrane fouling (TMP), and these 
include gas sparging, mechanical shaking, addition of flocculants and adsorbents, for example granular 
activated carbon (GAC)/PAC and supressing QS production of cell signals. In addition, membranes 
can be cleaned intermittently if the TMP rises too high using both physical techniques such as back-
flushing or by chemical cleaning using citric acid and hydroxide. Each of these will be discussed in 
turn.

3.4.1 Gas sparging
This is one of the simplest methods of scouring the membrane surface and reducing fouling. The 
technique is to create a highly turbulent environment at the membrane interface, and using small 
bubbles is not effective, so large (1–10 mm) bubbles are produced using recycled biogas and a large pore 
diameter sparger. This technique uses considerable energy, but results in ‘slugging bubbles’ which have 
a high shear stress at the leading edge of the bubble. This results in the gas phase being approximately 
in equilibrium with the liquid phase, and hence minimizes the potential loss of soluble methane in 
the liquid effluent (Crone et al., 2016). This is because in many cases the anaerobic liquid phase is 
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over-pressured with methane and hence not in equilibrium with the gas phase (Pauss et al., 1990). 
However, this commonly adopted fouling control method contributes to more than 70% of the overall 
energy demand in an AnMBR (Pretel et al., 2014), thus offsetting the benefits of bioenergy recovery.

Computational fluid dynamics (CFD) has been used to model liquid flows of one phase (liquid), two 
phase (liquid/gas) or very complex three phase (liquid/gas/solid) earlier, and is useful to understand 
the fluid dynamics of fouling at the membrane surface. The use of two-phase flow (gas/liquid) in 
membrane processes is well established due to its potential to reduce CP and membrane fouling, 
and therefore enhances membrane flux (Wibisono et  al., 2014). Gas/liquid flows create bubble 
turbulence and instabilities on the surface of membranes in various membrane processes such as 
MF, ultrafiltration (UF), nanofiltration, reverse osmosis, membrane distillation, electrodialysis and 
membrane bioreactors. These authors carried out an extensive critical literature review in this area, 
and data were analysed and normalized based on gas and liquid superficial velocities, gas/liquid ratio 
and feed types, TMP and membrane module type to identify general characteristics. They wanted 
to identify key factors in the application of two-phase flows in aqueous separation processes, and 
optimize this technology in the industry, with the importance of energy saving.

Surprisingly, an extensive study has never been carried out on the complex three-phase (gas, liquid, 
solid) fluid dynamics existing at the membrane surface in order to optimize membrane scouring and 
hence reduce fouling. However, three-phase CFD is very complex and is only started to be developed 
in the last 10 years. Clearly, gas sparging scours the membrane surface and hence alters the thickness 
and possibly the porosity of the fouling layer, but does this change the effluent COD? However, can ON/
OFF gassing be tolerated in an AnMBR to save energy, and even improve effluent quality? Boyle-Gotla 
et al. (2014) developed a new model that allowed for a distributed shear profile from the bulk phase to 
the membrane surface, with dynamic linking of flux and TMP. The shear profile was calculated using 
a multi-phase CFD approach, and was applied to a distributed parameter model to simulate membrane 
fouling profile and flux distribution. This allowed for the simulation of complex flux-step experiments, 
or situations where non-uniform shear is present. Non-uniform gas distribution decreased critical 
flux from 12 to 8.5 LMH. This observation emphasizes the importance of local flow conditions on 
membrane fouling behaviour, and that performance can depend heavily on reactor configuration 
and hydraulics. Uneven membrane fouling has been noted visually across FS membranes in the past. 
Furthermore, the incorporation of a flux–pressure feedback loop in the model allows for simulation 
of flux-step experiments and prediction of critical flux and means model parameters such as cake 
compressibility and specific resistance can be estimated from dynamic data. A future modification 
may be inclusion of mechanical shear to simulate HF membrane modules with fibre movement and 
non-liquid shearing.

In 2017, Meng and co-workers carried out an extensive review of the literature on membrane fouling, 
although in most examples cited, the focus was more on AeMBRs, and not AnMBRs. They found that 
biopolymers on fouled membranes are dominated by SMP-polysaccharides and EPS-proteins in the 
early and late stages of fouling, respectively. The total bacteria and dead/live ratio of bacteria increase 
significantly after the ‘TMP jump’. Such drastic changes of foulants before and after the TMP jump 
are of great importance for implementing fouling control strategies, that is, TMP-feedback control. 
In addition, gassing optimization, such as intermittent or cyclic aeration and mechanically assisted 
gas scouring, has attracted some attention for efficient membrane fouling control with lower-energy 
consumption. The method of aeration could be further optimized according to the CFD modelling on 
the fluidization and the scouring behaviour of the particles in MBRs.

Chemical cleaning efficiency seems strongly related to the interaction between the chemicals and 
foulants. However, some chemical reagents have the potential to decrease the lifetime of membranes, 
and even lead to the inactivation of microorganisms. Finally, the use of QQ and d-amino acids seems 
to be efficient in inhibiting bio-cake formation and/or disassembling existing bio-cake in AnMBRs. 
Enzymatic and bacterial degradation of SMP and EPS could also provide potential applications for 
enhancing biopolymer elimination. Electrically assisted approaches have been recently incorporated 
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into MBRs with the major aim of improving membrane permeability. The development and use of 
nanomaterial-based membranes is a promising solution for increasing membrane fluxes and achieving 
anti-fouling through hydrophilic modifications and in-situ membrane cleaning.

In 2018, Tsibranska et al. (2018) examined a two-phase (gas/liquid) reaction process with membrane 
separation for product removal, favourable shifting of the reaction equilibrium and overcoming 
eventual inhibitory/toxic effects of the products which also has advantages of being energy and space 
saving. While these types of systems are not a direct analogue of AnMBRs, they are very similar, 
and the insights gained in modelling them can help us understand more about membrane fouling in 
AnMBRs. The effectiveness of such integrated systems is based on fluid dynamics and mass transfer 
knowledge of flowing matter close to the membrane surface – shear deformation rates and shear 
stress at the membrane interface, and mass transfer coefficients. A CFD-based approach for assessing 
the effectiveness of an integrated stirred tank bioreactor with a submerged membrane module was 
developed. It was related to the hydrodynamic optimization of the selected reactor configuration 
in two-phase flow, as well as to the concentration profiles and analysis of the reactor conditions in 
terms of reaction kinetics and mass transfer. A submerged membrane bioreactor (sMBR) is a hybrid 
vessel with flow characteristics affected both by the turbulence promoter (aeration and/or mixer) and 
the membrane module. The potential of the CFD for application in an sMBR is most often realized 
in hydrodynamic studies, especially concerning membrane fouling and aeration (Tsibranska et al., 
2018). Recent studies have reported CFD-combined hydrodynamic and mass transfer simulation 
of membrane modules with different configuration and stirred sMBRs (Haddadi et al., 2018; Vlaev 
et al., 2020).

Again, surprisingly, despite the concerns about the use of energy in biogas sparging, there has been 
little research carried out on using intermittent sparging to reduce energy costs. Vyrides and Stuckey 
(2009b), investigated the performance of an SAnMBR treating saline sewage under fluctuating 
concentrations of salinity (0–35 g NaCl/L), at 8 and 20 h HRTs, with fluxes ranging from 5 to 8 LMH. 
The SAnMBR attained a 99% removal of dissolved organic carbon (DOC) with 35 g NaCl/L, whereas 
removal inside the reactor was significantly lower (40–60% DOC). Even with a sudden drop in salinity, 
the overall removal recovered quickly, whereas the recovery inside the reactor took place at a slower 
rate. This highlights the positive effect of the membrane in retaining high-MW organics and biomass 
in the reactor, so that they can rapidly acclimatize to salinity. The reduction of continuous biogas 
sparging to intervals of 10 min ON and 5 min OFF resulted in a slight increase in TMP by 2.5 kPa, 
and also resulted in an increase in effluent DOC removal and inside the SAMBR by 10 and 20%, 
respectively. Hence, energy input can be reduced by ∼33%, and the effluent quality increased.

Fox and Stuckey (2015) developed the idea of ‘critical flux’ and found that under a sparging rate 
of 6 L per min (LPM) this was 11.8 LMH; however, membrane ‘hysteresis’ was found to influence 
the critical flux, and where the AnMBR had previously been operated at a 2 LPM sparging rate, the 
critical flux dropped to 7.2 LMH. The existence of a ‘critical sparging rate’ was also investigated under 
the condition that ‘there exists a sparging rate beyond which any further decrease in sparging rate will 
cause a dramatic rise in TMP’. For an AnMBR operating at a flux of 7.2 LMH, the critical sparging 
rate was found to be 4 LPM.

Does the biogas sparging rate influence the reactor effluent quality by controlling the thickness 
of the fouling layer? Trzcinski and Stuckey (2016b) focused on the treatment of leachate from the 
OFMSW in an SAnMBR. They found that the permeate COD of SAnMBRs cannot be lowered by 
decreasing the sparging rate. The main effect of low sparging rate (2 LPM) was an enhanced rejection 
of the membrane and a significant flux drop while the permeate COD remained constant within the 
experimental time frame. On the contrary, permeate COD increased due to higher bulk soluble COD 
(SCOD) when the sparging rate was increased to 10 LPM, in which case the permeate COD increased 
from 360 to 440 mg/L due to better scouring of the membrane resulting in a thinner fouling layer 
and better diffusion through the biofilm. The time required to observe the increase in permeate COD 
depended on the compaction of the cake layer. The increase in sparging rate to 10 LPM allowed the 
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reactor TMP to recover to 1 kPa, but not the initial flux. Hence, when the fouling layer is minimal 
(<1–2 µm) there is an increase in effluent COD, and so there is a correlation between sparging rate and 
effluent quality. However, at certain thicknesses (low sparging) the quality does not decrease further, 
but the TMP increases rapidly.

Biogas sparging is an effective way to control membrane fouling in an AnMBR, but is used primarily 
with a constant gas flow. Zhang et al. (2017a) examined whether different gassing strategies could lead 
to better fouling control, and tried to understand the correlation between sludge properties and the 
fouling layer by disaggregating them into supracolloidal (1–5 µm), colloidal (0.45–1 µm), and solute 
(<0.45 mm) fractions. They found that the ‘critical constant sparging rate’ was 6 LPM at a flux of 
26 LMH (see Figure 3.6). However, a sparging strategy of 3 LPM for 30 s alternating with 5 LPM for 
30 s (Alter 3/5) reduced membrane fouling by 150% compared with a constant 4 LPM strategy. The 
viscosity, colloid and floc sizes of the suspended sludge increased with a decreasing sparging rate, 
whereas the concentration of supracolloidal particles, SMPs, proteins and carbohydrates and EPS 
decreased with a decreasing sparging rate. Colloids were the major foulants above 2 LPM, whereas 
high-performance liquid chromatography-size-exclusion chromatography analysis showed that one 
main SMP fraction was above 1,522 kDa, and the other between 72 and 500 kDa. The high-MW 
compounds accumulated on the membrane, whereas the later permeated into the effluent. With the 
Alter 3/5 strategy, SMPs were the primary foulants, and the particle sizes were much smaller than 
in the supernatant. The foulant SMPs not only originated from the reactor supernatant, but were 
also produced by biomass in the membrane fouling layer. Chemical analyses reflected the effect of 
different sparging rates on sludge properties, the production of colloids, SMPs and EPS and the 
foulant components. The foulant particles were significantly smaller than that in the supernatant, 
and the SMPs were different between the three strategies. Both SMP production and fouling were 
low with intermittent 6/0 (30 s OFF) whereas SMP production was high, but SMP fouling was low 
with constant 4 LPM (Figure 3.7). In contrast, both SMP production and SMP fouling were high with 
Alter 3/5. The foulant SMPs not only originated from the supernatant, but were also produced by the 
biomass on the membrane surface.

3.4.2 Mechanical shaking and scouring
Lim et  al. (2023) investigated energy balances when using membrane reciprocation as a fouling 
control method in a pilot-scale AnMBR treating domestic WW, as compared to using conventional 
biogas sparging. Both strategies were investigated under different biogas sparging speeds and 
membrane reciprocation frequencies. Critical flux tests and energy calculations have shown 
membrane reciprocation to consume 0.59 kWh/m3 at 7 LMH, 62% less energy compared to biogas 

Figure 3.6 TMP profile with changing sparging rate over time (Zhang et al., 2017a).
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sparging (1.56 kWh/m3 at 6 LMH). High biogas recovered in the headspace and low-energy demand 
for membrane reciprocation resulted in a positive energy balance (0.55–0.74 kWh/m3), supporting the 
prospect of membrane-based technology deploying this fouling control method.

Aslam et  al. (2017) critically analysed different research studying mechanical cleaning with a 
scouring agent, and identified a range of R&D needs for this emerging technique for fouling control in 
AeMBRs, and mechanical cleaning also results in favourable and energy efficient MBR operation. The 
main action of suspended media is the mechanical scouring of the membrane surface, and its main 
benefit is that media can impinge onto the membrane surface, whereas hydrodynamic turbulence or 
air bubbles cannot reach the membrane surface which is protected by the laminar boundary layer. 
In addition, the use of adsorbents such as GAC as a mechanical scouring agent provides additional 
benefits of sorption compared to other inert granular materials. PAC can also improve fouling control 
and membrane flux but steady replacement of aged PAC is important, otherwise fouling could be 
worse than that without PAC. Consequently, it is very difficult to draw the right conclusions since 
many parameters listed below are involved in mechanical cleaning success:

(a) hydrodynamics (bubble size, air flow rate, liquid velocity, design),
(b) scouring media (size, shape, density, concentration),
(c) membrane (design, integrity),
(d) bulk composition (sludge concentration, particle size, viscosity),
(e) cake layer (thickness, porosity, composition).

Therefore, the effect of numerous factors impacting mechanical cleaning in various MBRs makes 
it important to understand the effect of each factor and their interactions. A common methodology 
needs to be established using standard parameters: shear rate (γ), fluidization number (Nf), momentum 
transferred (Ptr) and media volume (1 − ε). Fouling control would be better with larger media size and 
higher doses where a linear trend is observed. However, the energy cost increases as particle size 
and dosage increases, and their beneficial effects could also be counter balanced due to breaking of 
sludge flocs (releasing small particles and organic supernatant) which are currently not represented 
in models. Thus, there is a trade-off in better fouling reduction with an increase in the shear stress 
and media size and dosage. Similarly, a better fundamental understanding of how media scrape the 
membrane surface is needed by determining the media velocity (VH) if this notion makes sense in a 
fluidized-bed reactor. Hence, to improve the effectiveness of multiphase flow strategies in mechanical 

Figure 3.7 TMP profile under the three biogas sparging strategies: constant 4 LPM (Const 4); intermittent sparging 
of 6 LPM (1 min) and 0 LPM (30 s) (Inter 6/0); alternating gas rates of 3 and 5 LPM (Alter 3/5) (Source: Zhang et al., 
2017a).
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cleaning processes for better membrane performance, research should be carried out in the direction 
of better fundamental understanding of the underlying mechanisms and hydrodynamics of the 
different mechanical cleaning parameters where media characteristics, membrane module, MBR 
system geometry and multiphase flow hydrodynamics must be incorporated in a solid/gas/liquid 
hydrodynamic model. Hence, a universal model able to optimize the hydrodynamics of mechanical 
cleaning with other parameters in MBRs is still not developed. Since energy efficiency is a major issue 
in WWT, mechanical cleaning will be key in MBRs in the future.

3.4.3 The use of adsorbents/flocculants
The first researchers who examined the effect of adding activated carbon to three, 3 L SAnMBRs 
were Hu and Stuckey (2007). They focused on COD removal, flux and TMP. The feed was a synthetic 
substrate (COD: 460 mg/L), with one reactor as a control, one with 1.7 g/L of PAC, and the third 
with 1.7 g/L of GAC. COD removal was high in all reactors (>90%), in comparison to the control 
(SAnMBR1), the average COD removal in SAnMBR2 (PAC) increased by 22.4%, whereas SAnMBR3 
with GAC was not significantly better. Because PAC (1,300 m2/g) has a significantly greater surface 
area per mass than GAC (775 m2/g), it is probable that this difference was primarily due to the greater 
absorbance of fine-colloidal particles and high-MW organics onto the carbon surface. These effects 
manifested themselves by SAnMBR2 having lower TMPs and higher fluxes than both SAnMBR3 and 
SAnMBR1. Volatile fatty acids (VFAs) in the effluent from all three SAnMBRs were extremely low 
(<18 mg/L), even during step changes in HRT, and most of the soluble COD in the effluent was SMPs. 
Biological Methane Potential (BMP) assays showed that biomass in SAnMBRs was less active than 
the seed sludge, and it appears that the addition of activated carbon to SAnMBR2 and SAnMBR3 
provided a solid support for growth, and hence reduced floc breakage.

Vyrides and Stuckey (2009b) investigated the addition of PAC to an SAnMBR treating saline 
sewage and found a decrease of 7.0 kPa in the TMP, and an increase in DOC removal in the reactor 
and effluent by 30 and 5%, respectively. The PAC dramatically decreased the high-MW organics 
in the reactor over a period of 72 h. SEM images of the membrane and biomass before and after 
addition of PAC revealed a remarkable reduction in flocs on the membrane surface, and a reduction 
inside the reactor of SMPs. Finally, energy-dispersive X-ray (EDX) analysis of the membrane pores 
and biofilm highlighted the absence of organic matter in the inner pores of the membrane.

In 2011, Kim et al. (2011) considered the concept of addition of GAC from Hu and Stuckey (2007) 
to reduce fouling and increase COD removal, and developed a two-stage reactor system consisting of 
an anaerobic fluidized-bed reactor (AFBR) with 115 g/L of GAC coupled with an anaerobic fluidized 
membrane bioreactor (AFMBR) with the same GAC concentration, but with a PVDF hollow-fibre 
membrane (Kolon Inc.) with inside diameter of 1.9 mm, nominal pore size of 0.1 µm and a total 
membrane surface area of 0.091 m2. The first-stage (AFBR) was operated at 2.0–2.8 h HRT, and was 
followed by the AFMBR, operating at 2.2 h HRT. COD removals were 88 and 87% in the respective 
reactors and 99% overall, with a permeate COD of 7 ± 4 mg/L. Total energy required for fluidization 
for both reactors was 0.058 kWh/m3, which could be met by using only 30% of the gaseous methane 
energy produced, and that of the AFMBR alone was 0.028 kWh/m3, which is significantly less than 
reported for other SAnMBRs with gas sparging for fouling control.

In addition to adding an adsorbent such as GAC, flocculants can be added to the reactor to increase 
floc size, and reduce the colloids and even some solutes in solution. Zhang et al. (2017b) evaluated 
eight additives: three PACs, two GACs, one cationic polymer and two metal salts to identify the best 
additive and dose to minimize membrane fouling in an SAnMBR. Small cross-flow filtration tests 
showed 400 mg/L PAC SAE2, or 150 mg/L FeCl3, reduced the TMP rise from 0.94 to 0.06 kPa/h, 
indicating excellent fouling reduction. The best filtration performance correlated with a significant 
reduction in supernatant supracolloidal particles, colloids and SMPs. Field-emission SEM–EDX 
showed that PAC SAE2 and FeCl3 reduced the thickness of the fouling layer dramatically, whereas 
FeCl3 increased sludge floc size and particle size of the colloids, while decreasing the negative charge of 
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colloids, and SMP size. Furthermore, Fe was not found in the supernatant or effluent, but precipitated 
with the solids, which is beneficial for its long-term use.

Sohn et  al. (2021) reviewed the field of adsorbent/flocculant addition to AnMBRs to mitigate 
membrane fouling by altering the feed properties. PAC and GAC have been widely added as an 
adsorbent to AeMBRs and AnMBRs for membrane fouling control while organic enhancers such as 
biochar and waste yeast, and inorganic enhancers such as polyaluminium chloride and zeolite have 
also been used. The study discusses the impacts of different fouling reduction enhancers in the AnMBR 
as well. In addition, the mechanisms of enhancers mitigating the membrane fouling are summarized 
for better understanding of the effects of enhancers in AnMBRs. Their main conclusions were as 
follows: the addition of fouling reduction enhancers, including activated carbon (AC), biochar, zeolite 
and polyaluminium chloride, could effectively alleviate membrane fouling in AnMBRs; enlarged floc 
size and decreased soluble organics mainly contributed to the mitigation of fouling; overdosing or 
large particle size of enhancers could lead to contrary results due to their potential to be a foulant.

3.4.4 Quorum quenching
The correlation between QS signal and membrane biofouling was demonstrated in 2009 by Yeon 
et al. An excellent summary of QQ is reported in a review by Oh and Lee (2018). In general, there 
are three strategies to inhibit a system using QS to consolidate biofilms on membrane surfaces: (a) 
blocking the signal synthesis, (b) inactivating the quorum signals and (c) interfering with the signal 
receptor. Inhibition of the best-known QS system (AHL-type) in Gram-negative bacteria is depicted 
in Figure 3.8.

3.4.5 Physicochemical and chemical cleaning
Tomczak et al. (2023) focused on the physical cleaning of membranes via biogas sparging, manual 
membrane cleaning (sponge sweeping), relaxation of permeate flow and ultrasound. Chemically 
enhanced backwashing is an integral process for mitigating fouling in AnMBRs, and has been assessed 

Figure 3.8 Three strategies to control the AHL-type QS system of Gram-negative bacteria (Source: Oh & Lee, 2018).
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in many studies (Cheng et al., 2018; Ji et al., 2020; Peña et al., 2019) for both external and SAnMBRs. 
With backwashing, liquid flows from the permeate side through the membrane removing organic 
matter on the surface and deposits inside its pores (Chang et al., 2017). In most studies backwashing 
was enhanced by using sodium hypochlorite (NaClO) and citric acid, and in industrial applications, 
backwashing is fully automatic (Shi et al., 2014). Chemical membrane cleaning, including soaking, has 
been successfully used as a fouling mitigation strategy in numerous studies (Vinardell et al., 2021). The 
most commonly used chemicals are alkalis (NaOH), oxidants (NaClO), chelators (ethylenediamine 
tetraacetic acid, EDTA), as well as acids (citric and nitric acids). Puspitasari et al. (2010) found that 
the efficiency of these chemicals depended mainly on chemical’s properties, membrane characteristics 
and cleaning operating conditions. Furthermore, the choice of proper cleaning products requires 
knowledge of the feed, and a mixture of various cleaning agents is often used.

NaClO is the most used oxidant for membrane cleaning and removes both organic and biological 
foulants via oxidation and disinfection (Terán-Hilares et al., 2022), and enhances the detachment of 
organic molecules from the membrane by increasing their hydrophilicity. With ceramic membranes, 
Song et al. (2016) showed that permeate flux can be restored using NaOH at 70 ± 1°C which hydrolyses 
colloids into fine particles, and organic matter into small molecules. In addition, NaOH reacts with fats 
and oils to form water-soluble soap micelles, and can be used to remove silicates and inorganic colloids. 
However, chemical cleaning with NaOH and NaClO may reduce the integrity of polymeric membranes 
and shorten their lifespan. It is also understood that membrane cleaning efficiency can be improved 
by sequentially combining alkaline or oxidant reagents with citric and nitric acids. This strategy of 
chemical cleaning has been well adopted in studies focused on the applications of AnMBRs for biogas 
production (Rong et al., 2022). For instance, to restore MF performance, Chen et al. (2017) cleaned 
a polyethylene (PE) membrane with tap water and then soaked it in citric acid and NaClO solutions.

3.5 REMOVAL PERFORMANCE
3.5.1 COD removal
Most AnMBRs operating on domestic sewage and at an average HRT of ∼9 h remove above 90% 
(Rattier et al., 2022), and with synthetic feeds they can achieve above 90% removal in just 3 h HRT 
(Hu & Stuckey, 2006). The reason for this is that no cells or colloids are present in the effluent due to 
membrane rejection. In addition, most MF and UF membranes act as a physical support media for the 
fouling layer on the surface composed of SMPs, ECP, colloids and sometimes inorganic precipitates. 
This acts as a ‘dynamic’ membrane on the surface and hence rejects many solutes from quite high MW 
to quite low MWs, including some VFAs – this is presumably due to the negative charges present on 
the dissociated VFAs and the fouling layer.

Interestingly, Mason and Stuckey (2016) observed that the hydrolysis step in ruminants is up to 
30 times faster than in an anaerobic digestion (AD) plant. They focused on the physical/chemical 
environment within cellulolytic biofilms, and examined the process of cellulolysis from the perspective 
of a bacterium attached within a biofilm to a piece of insoluble cellulosic substrate. They modelled 
the extent of chemical heterogeneity in the film, and between the film and the supernatant, and how 
this might control the rate of cellulolysis. The difference in efficiency of the cell between a high- and 
a low-pH environment may offer a partial explanation for the role of rumination over and above that 
of surface area increase, and thus indicate a possible means of bio-mimicry of ruminants. Ruminant 
saliva has a pH of ∼8.5, and while chewing either raw feed or a bolus of cud, a cow is (a) creating 
new surface areas, (b) subjecting extant biofilms on the cud to high shearing forces – disrupting them 
and shedding bacteria to colonize the new surface and removing any accumulated CO2 and VFAs 
and (c) infusing the feed or bolus with high-pH growth medium and hence creating an environment 
favourable to bacterial growth rather than VFA production. Thus rumination seems to introduce a 
phase of high-bacterial growth to complement the suppressed growth rates that will be seen in biofilms 
in the rumen where activity shifts from biomass production to VFA production. This may be necessary 
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to avoid washout that could otherwise be caused by the high-flushing rates needed to support the high 
rate of digestion. Thus the heterogeneity of the environment in a ruminant may well be a contributor 
to its digestive efficiency in contrast to the typical AD CSTR which strives by stirring to achieve a high 
degree of homogeneity. Hydrogenotrophic acetogenesis seems to play a potentially important role in 
moderating the extreme conditions within rumen biofilms. By removing gas and moderating pH may 
be a crucial component of biofilm maintenance as this leads to the prediction that suppression of 
methanogenesis could lead to lower rates of cellulose digestion. One key conclusion from this study is 
that the properties of the supernatant that are easy to measure in practical operations of AD (e.g. pH) 
are only indirectly related to the environment actually experienced by the bacteria, and that research 
to improve AD might benefit from a concerted attempt to measure and manage the microenvironment 
of the microbes rather than their macroenvironment.

3.5.2 Bacteria, viruses and antibiotic-resistant gene (ARG) removal
Despite their ability to reject small solutes, there has been little research carried out on one of the 
advantages of membrane reactors in general, that of reducing pathogens in treated sewage without 
chemical treatment. Early research on pathogen removal in AeMBRs by Shang et al. (2005) used a 
synthetic feed and a small bacteriophage MS-2 (20–25 nm ∼ polio virus size) to demonstrate the ability 
of (viral) pathogen removal by an MBR. Phage removal can be due to three mechanisms: size rejection 
by the membrane, biomass adsorption and rejection by the membrane-attached biofilm. Only 0.4 ± 0.1 
log reduction of MS-2 occurred with a clean membrane without biomass. At 6,000 mg/L mixed liquor 
suspended solid (MLSS), 200-day SRT and 9-h HRT, suspended biomass resulted in 0.8 log phage 
removal. With the development of biofilm on the membrane surface the log removal value increased 
substantially to ∼2.5, and this improved by prolonging the time between membrane cleanings. The 
removal was influenced by system parameters such as the concentration of MLSS, SRT and the Food 
to Microorganism (F/M) ratio. Operating at lower MLSS, or longer SRT (among 50 and 200 days with 
the same MLSS) yields faster and larger improvements in phage removal, whereas lowering the F/M 
ratios diminishes the correlation between TMP and phage removal. Phage removal improves as the 
biofilm is allowed to develop, but this decreases the effluent flux and/or increases the TMP. Balancing 
these factors is important if pathogen control relies fully or partially on the MBR. While MS-2 was used 
to indicate likely pathogen removal by MBR in this study, it is possible that the surface characteristics 
of viruses and phages vary greatly and hence their adsorption onto the complex biofilm/biomass may 
also vary.

Lv et  al. (2006) focused on virus (phage) removal and mechanisms of an aerobic sMBR treating 
hospital WWs using a large (200 nm) phage T4 as a model. Two membrane modules (0.1 and 0.22 mm pore 
size) were compared over 75 days running continuously. During stable operation, the sMBR achieved 
almost complete phage removal for both membrane modules. For the 0.22 mm module, the cake layer, 
the gel layer and the membrane contributed 6.3, 3.1 and 1.7 log removals, respectively, confirming the 
importance of the cake/gel layer on the membrane surface. Damage to the cake/gel layer resulted in 
a decrease in phage removal. For the 0.1 mm membrane, the membrane alone played a major part in 
phage removal. Inactivation by activated sludge and adsorption by cake/gel layer contributed about 3.6 
log to phage removal everyday so that there was no phage accumulation in bulk solution, although what 
fraction of this removal was due to other hospital constituents in the WW is not known. These results 
demonstrated that an aerobic sMBR was an efficient system for treating WWs containing viruses.

While these studies on aerobic bioreactors were useful, there was no information available on 
AnMBRs, so Fox and Stuckey (2014) investigated the removal of phages MS-2 (25 nm) and T4 (200 nm) 
in an AnMBR with a pore size of 0.4 mm. The membrane reactor without biomass was assessed and 
its log removal was 0.7 ± 0.4 log for the MS-2 phage, and 2.3 ± 0.2 log for the T4. When anaerobic 
biomass was added to the reactor the log removal for both phages increased, and this was thought 
to be due to a complex relationship with the biofilm on the membrane. Overall, MS-2 rejections 
ranged from 1.75 up to 5.5 log, with the highest rejections observed at the highest sparging rates after 
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extensive fouling had occurred. For T4, removal in an AnMBR ranged from 5 log to complete removal 
(>log 7). These results confirm, most importantly, that MBR removal is generic, and similar results 
can be obtained with either aerobic or anaerobic systems.

3.5.3 Antibiotic-resistant genes
These represent an important emerging contaminant due to public health concerns about the spread 
of infections resistant to common antibiotics, and conventional activated sludge (CAS) processes 
have shown mixed results regarding ARG removal. ARGs are present in the environment as both 
intracellular and extracellular genes, and bacteria develop antibiotic resistance in three ways: releasing 
antibiotic-degrading enzymes, producing the efflux pumps or modifying the antibiotic-binding targets 
(Aziz et  al., 2022). In the first method, certain bacteria release antibiotic-degrading enzymes that 
can counter the effect of antibiotics. For example, Enterobacteriaceae releases β-lactamase enzymes 
to counter the effect of penicillin and breaks the β-lactam ring of penicillin to make it ineffective 
(Sharma et al., 2016). In the second method, bacteria use an efflux pump through which antibiotics 
can be pumped out of the cell, whereas in the last method, bacteria modify their structures against 
that antibiotic and develop antibiotic resistance (Verraes et al., 2013). Once bacteria become resistant, 
their dissemination starts using two basic mechanisms, that is, vertical gene transfer and horizontal 
gene transfer (Tian et al., 2016). In vertical gene transfer, resistant genes are passed through bacterial 
replication or spontaneous mutation. While in horizontal gene transfer, resistant genes are transferred 
among different bacteria by either conjugation, transduction or transformation (Figure 3.9).

Kappell et al. (2018) examined the impact of an AnMBR on ARG removal when treating primary 
clarifier effluent at 20°C. AnMBR treatment resulted in 3.3–3.6 log reduction of ARGs and the 
horizontal gene transfer determinate, intI1, copies in the filtrate. Membrane treatment significantly 
decreased the total biomass as indicated by a decrease in 16S rRNA gene concentration (Figure 3.10). 
Microbial community analysis showed that the relative abundance of putative pathogens was higher 
in membrane filtrate compared to primary effluent, although the overall bacterial 16S rRNA gene 
concentrations were lower in the filtrate. Membrane treatment also substantially reduced microbial 
diversity in the filtrate compared to anaerobic reactor contents.

Aziz et al. (2022) extensively surveyed the data available on ARGs and found that a fouled AnMBR 
can remove ARGs (sul1, sul2, tet(O), tetW, ermF, erm(B), blaNDM-1, blaCTX-M-15, blaoxa-48, blaoxa-1) 
and mobile genetic elements (intI1 and tp614), and thus presents a feasible solution in preventing 

Figure 3.9 ARG dissemination by horizontal gene transfer: (1) conjugation; (2) transduction and (3) transformation 
(Source: Aziz et al., 2022).
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antibiotic resistance. Hence mitigation methods must be employed rather than focusing on complete 
eradication or removal of the fouling layer. The use of certain biofilm carriers (activated carbon, 
bioballs and sponge) could control membrane fouling, but more research is still required to evaluate 
their role while treating real antibiotic WWs. In addition, microbial fuel cells (MFCs) and microbial 
electrolysis cells (MECs) are also promising technologies for both antibiotics and ARG removal which 
can also moderate fouling. Hence, future research must investigate the combined effect of AnMBR 
and MFCs/MECs for eliminating both antibiotics and ARGs and controlling fouling-related issues.

3.5.4 Pharmaceutical, personal care products (PPCPs) or organic micropollutants (OMPs)
OMPs in domestic WWs are produced primarily by human and industrial activities, and cover a 
wide range of contaminants including pharmaceuticals, pesticides, personal care products (PCarePs), 
industrial chemicals, hormones and other emerging compounds (Lim et al., 2020; Table 3.2). While the 
OMPs are present in trace amounts in WWs (from ng/L to µg/L), considerable effort has been made 
to better understand the fate and transport of them in water bodies while considering their significant 
risks to human health and eco-environmental security. These risks include short-term or long-term 
toxicity, environmental persistence, antibiotic resistance and endocrine disruption. However, the 
individual or collective behaviour of OMPs in domestic WWTPs still requires more research since 
their removal behaviour under anaerobic conditions is still poorly understood.

Figure 3.10 Abundance of ARGs erm(B), tet(O) and sul1 and the class 1 associated integrase gene (intI1) per litre 
from the AnMBR. Bars represent the average value, and error bars represent the standard deviation from four 
sampling events. Striped bars represent reported results equivalent to the detection limit because only one or two 
samples out of four were quantifiable. The asterisk (*) denotes significant difference from all other sample locations, 
(a) denotes significant difference compared to primary sample (Source: Kappell et al., 2018).
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Both sorption and biotransformation play important roles in the removal of OMPs during the 
operation of an AnMBR, although gas stripping can remove some volatile compounds in AnMBRs with 
gas fouling control (Table 3.3). Sorption of OMPs from the aqueous phase onto biomass should occur due 
to hydrophobic interactions and electrostatic interactions (cation bridging and exchange). Do and Stuckey 
(2019) examined the fate of 0.5–1.5 mg CIP/L (ciprofloxacin) in an AnMBR and measured removal by 
both adsorption and biodegradation. Sorption could be equally well described by both the Langmuir 
and Freundlich isotherms, but only ∼1% of the total mass of CIP was removed by sorption and sludge 
wasting. They concluded that 50–76% CIP removal was possible when CIP was fed at a concentration of 
0.5–1.5 mg/L. At 4.7 mg CIP/L, the removal efficiency was substantially decreased to <20%. Biological 
degradation was the main mechanism for removing CIP, with a few intermediate compounds detected.

Biotransformation is the process whereby microbes decompose organic pollutants. In an AnMBR, 
a porous membrane is used to retain the biomass. However, the rejection efficiency of the OMP 
through MF or UF may not be very high because the size of the OMP molecules is often smaller than 
the pore size of the membrane, which is in the range from 0.1 to 0.01 µm. Nevertheless, it allows for 
the retention of colloidal organic carbon which is largely bound to OMPs (Lim et al., 2020). During 
membrane filtration, fouling caused by the deposition of organic matter on the membrane and a higher 
concentration of OMPs in WW results in the formation of a denser and more compact structure of a 
fouling layer on the membrane. This is because the fouling layer formed on the membrane surface can 
often play a role as a secondary membrane to improve OMP rejection.

Lim et al. (2020) conclude that the main pathway for removing OMPs from solution in AnMBRs is 
sorption which depends on the physicochemical characteristics of both the contaminants and biomass 
present in bulk and/or grown in suspended carriers. Longer SRTs can increase the removal of OMPs 
due to higher biomass levels and microbial diversity, and sorption onto biomass can be improved by 
increasing the HRT. Sorption–desorption between OMPs and biomass should be the rate-limiting step 

Table 3.2 Types of Organic Micropollutants.

OMPs Classes Major Sources Examples

Pharmaceuticals Antibiotic, antidiabetic, 
analgesic, anticonvulsant, 
stimulant, veterinary 
drug

Extraction, hospital 
effluents, farmland 
waste

Acetaminophen, androstenedione, 
amoxicillin, cbz, def, idp, keto, 
penicillin, smx, paracetamol, 
timolol. salicylic acid etc.

Personal care 
products 
(PCarePs)

Antiseptic, disinfectant, 
fragrance and synthetic 
musk, stimulant, UV 
filter, insect repellent

Showering, 
swimming, bathing, 
shaving, or industrial 
waste

Benzophenone, caf, diltiazem, 
chlorophene, triclosan, 
methylbenzylidene, tonalide, etc.

Steroids and 
hormones

Endocrine disruptive 
chemicals (EDCs)

Excretion, hospital 
effluents, farmlands, 
aquaculture

Estradiol, estrone, 
diethylstilbestrol, progesterone, 
testosterone, etc.

Pesticides Insecticide, herbicide, 
fungicide

Domestic and 
agricultural uses

Diuron, Mercoprop, MCPA, 
terbuthylazine, etc.

Detergent, 
surfactant

Cationic, anionic, non-
ionic, perfluorinated 
compounds (PFCs)

Bathing, laundry, 
dishwashing, 
household dilutants, 
dispersants

Alkylphenol ethoxylates, 
alkylphenols(nonylphenol, and 
octylphenol), perfluorooctane 
sulfonates, perfluorooctanoic acid

Others Plasticizer, flame 
retardant, hydrocarbon, 
solvent

Leaching out of the 
material, improper 
cleaning, run-off 
from the garden, 
roadway, etc.

Phthalates, polybrominated 
compounds, dioxin and furans, 
polycyclic hydrocarbons, 
trichlorethylene, benzene, toluene

Source: Lim et al. (2020).
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to determine the biotransformation rate. Although intrinsic removal of OMPs through the porous 
membranes often used in an AnMBR is very low, the biofilm formed on the membrane surface can 
significantly improve their removal as much as dissolved and colloidal matter retention. Similarly, 
biomass carriers such as carbon-based media used in an AnMBR should contribute to the enhancement 
of biosorption and biotransformation of OMPs as operational time is increased. Finally, higher 
temperatures (up to 40°C), biogas production and sparging significantly increased OMP volatilization 
according to the Arrhenius analysis.

Aziz et al. (2022) reviewed the ability of AD to eliminate antibiotics and ARGs from the environment. 
The study concluded that the AnMBR is the best anaerobic reactor design for removing certain 
antibiotics (sulphamethoxazole, sulphadiazine, trimethoprim (Tmp), clarithromycin, erythromycin 
(ERY), CIP, ofloxacin, cefalexin, cephradine). However, inhibition to AD in terms of methane 
production due to antibiotics exposure has also been observed for sulphamethoxazole (>25 mg/L), 
tetracycline (TET) (>1 mg/L), ofloxacin (>10 mg/L), CIP (>80 mg/L), sulphamerazine (>90 mg/L), 
tylosin (>130 mg/L) and ceftiofur (>10 mg/L). They also concluded that microorganisms belonging 
to phylum Proteobacteria, Firmicutes, Chloroflexi, Bacteroidetes, Thermotogae, Euryarchaeota, 
Elusimicrobia, Chlorobi, Spirochaetes, Synergistetes, and Actinobacteria are all important for stable 
performance of AD in terms of antibiotics removal and bioenergy production. However, the effects of 
antibiotics (individual and combined) on bioenergy production and microbial compositions have not 
been extensively investigated for AnMBRs.

Xiao et  al. (2017) investigated the removal of five selected pharmaceutical compounds in a 
lab-scale AnMBR treating synthetic sewage. Tmp and sulphamethoxazole (Smx) were removed at 
efficiencies of 94.2 ± 5.5 and 67.8 ± 13.9%, respectively, whereas in contrast, only marginal removals 
of carbamazepine (Cbz) (0.3 ± 19.0%) and diclofenac (Dcf) (15.0 ± 7.2%) was observed. Finally, 
three distinct stages of triclosan (Tcs) removal were observed: 82.3 ± 15.0% within the first 10 
days; 54.4 ± 10.4% in the following 30 days and 31.4 ± 12.6% in the last 30 days. Adsorption to the 
sludge was the major contributing factor for its initial high removal, but clearly it was not further 

Table 3.3 Removal Pathways of OMPs.

No. 1 No. 2 No. 3 No. 4 No. 5

Pathway

Mechanisms Coagulation/
flocculation
Sorption 
Precipitation

Volatilization Biological 
oxidation 
(biodegradation)

Chemical 
oxidation

Liquid/liquid 
separation

Variables Partition coefficient
Solubility constant: 
Kd,OMP (L3M−1), S

Henry’s Law 
constant: 
kH (ML−4T−2N−1)

Biodegradation 
kinetic constant: 
kbio,OMP (T−1)

Kinetic 
constant: 
kO2,OMP 
(M−1s−1)

Molecular 
weight
Charge MWOMP

Influencing 
Parameters

Particle size and 
charge, concentration 
and type of 
organic matter, 
hydrophobicity of 
compounds

Gas sparging Composition 
of microbial 
community, 
redox 
conditions, SRT, 
HRT

Cbz, def Permeate flux, 
membrane 
fouling, SRT, 
HRT

Strong 
influence of the 
pathway on

PAH, PCB, PBDE, 
fluoroquinolones

Naphthalene, 
trichloroethylene

Paracetamol, 
hormones, ibp

Cbz,def Smx, cbz, trim, 
amitriptyline

Source: Lim et al. (2020).
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degraded. When PAC was added to the AnMBR, the removal efficiencies of all five pharmaceuticals 
improved, especially Smx and Tcs, which showed removal efficiencies of 95.5 ± 4.6 and 93.2 ± 6.6%, 
respectively. Higher removals of Cbz (92.4 ± 5.3%) and Dcf (82.6 ± 11.1%) were also observed, but 
only within the initial 5 days of PAC addition, and enhancement in their biotransformation by PAC 
adsorption was determined to be the major contributing factor for these improved removals. It is 
possible that adsorption onto PAC changes both the steric structure, and enhances the concentration 
at the interface, thereby leading to enhanced degradation.

3.5.5 Bioaugmentation
Herrero and Stuckey (2015) carried out one of the first reviews on bioaugmentation (BA) (the process of 
adding selected strains/mixed cultures to WW reactors to improve the catabolism of specific compounds, 
e.g. refractory organics, or overall COD). Community assembly, ecology and microbial dynamics in 
bioreactors treating WWs are complex processes. Basic knowledge of the biosystem ecology is required 
to establish a clear definition of the treatment goal to achieve. Not only should strain (or tailor-made 
consortium) selection, but also the way of introducing and maintaining the selected microorganisms 
and/or their activities in the community, and acclimation in scaling up and bioreactor design must 
be considered. Emerging areas of research should help in developing new bioaugmented bioreactors: 
protein engineering; in vitro compartmentalization; nanomaterials for enhanced reactivity, surface 
area and/or sequestration characteristics and single-cell analysis and cell–cell interactions under real 
operating conditions. Studies on BA are difficult due to tracking the changes in microbial ecology (16S 
RNA sequencing) over time, and correlating ecological changes with reactor performance.

Zhang et al. (2017c) also reviewed the literature, and concluded that successful application of BA 
is quantifying when and how BA can be effectively implemented. The key factors determining success 
were: main BA time, BA dosage, BA consortium, BA times, BA time interval, interaction between 
BA microorganisms and indigenous species (accommodation, competition and predation), WW 
characteristics, operation conditions and so on. Further study is needed into: (1) BA reactor design 
– two-stage BA reactor was suggested with the first-stage parent reactor supplying BA bacteria. (2) 
Optimal BA parameters, such as consortium, dosage, time, times and frequency, interval, interaction 
of BA cells with the indigenous species, WW quality, the reactor configuration and the operation 
conditions are critical to bioprocesses and should be determined. How to maintain BA effects rather 
than repeated BA is a key part for improving performance and decreasing operational cost. Even the 
coupling of BA with immobilization should be expanded in the future. (3) Accurate quantification 
of the beneficial or adverse effects of BA on bioprocesses is still elusive and a model to assess BA 
result should be developed. A real-time tracking molecular technique for monitoring of the microbial 
community structure, especially analysis of the dominant bacteria in BA systems, needs further study. 
Meanwhile, technology aiming at avoiding biomass loss in the BA process (Menashe & Kurzbaum, 
2016) is urgently needed. (4) However, the limiting for full-scale application of BA is ever-changing 
due to the changes in on-site operational conditions and WW characteristics. Thus, wide employment 
of full-scale BA needs to be practiced in the future. Meanwhile, selection of the BA consortia, when 
and how to employ BA for successful adaptation under treatment stress, needs further studies.

Some interesting research has been carried out recently by Fakhria et  al. (2021) by adding the 
saprophytic fungus Trichocladium canadense to an AnMBR, and studying its impact on membrane 
biofouling, biogas production, the microbial communities in the reactor and the removal of the 
common antibiotics ERY, Smx and TET from a synthetic WW reactor. The results showed that BA 
with 20% T. canadense slowed membrane biofouling by 25%, COD removal increased by 16% and a 
higher removal of ERY and Smx was achieved. The presence of T. canadense significantly increased 
the abundance and diversity of the biofilm archaeal community and the bacterial phylum Firmicutes, 
a known bio-foulant. A T. canadense concentration of 20% was optimal among the alternatives for the 
highest biogas production. The substantial increase in biological performance observed in the study 
could be attributed to the capability of T. canadense to degrade antibiotics and presumably other 
toxic compounds, thus alleviating stress allowing the microorganisms to perform better. Alleviation of 
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membrane biofouling might be achieved through the biodegradation of EPS by T. canadense, as well 
as by the increase in the methanogenic archaeal community and a decrease in the relative abundance 
of Firmicutes, known to take part in biofouling, by 14% compared with the control with antibiotics.

Aydin et al. (2023) examined BA with the green alga Haematococcus pluvialis on the anaerobic 
treatment of pharmaceutical WWs, alleviating membrane biofouling, biogas production and impact 
on the indigenous microbial communities using AnMBRs. The results revealed that BA with the 
green alga increased the removal of COD by 12%, delayed membrane fouling by 25% and increased 
biogas production by 40%. Furthermore, BA with the green alga led to a significant change in relative 
abundance of archaea and the main methanogenesis pathway shifted from Methanothermobacter to 
Methanosaeta, accompanied by their respective syntrophic bacteria.

3.5.6 Effect of salinity and sulphate ions on performance
There are a range of other solutes that can influence AnMBR performance in addition to antibiotics, 
and these include saline WWs (from sewers with seawater intrusion, or using seawater for sewage, 
e.g. Hong Kong), sewage containing high levels of sulphate (>99 mg SO4

2−) again from seawater 
intrusion or illegal industrial discharge and high levels of heavy metals. Again, the use of a membrane 
prevents the ‘washout’ of stressed organisms, and rejects many of the soluble constituents allowing the 
microbiome to adapt to the stress imposed better than non-membrane systems.

Vyrides and Stuckey (2009a) investigated the role of compatible solutes, extracellular polysaccharides 
(EPS), and nutrients on anaerobic biomass when stressed with salinity. When 1 mM of osmoregulants 
glycine betaine, α-glutamate and β-glutamate were added separately to serum bottles containing 
biomass not adapted to sodium, and fed with glucose and 35 g NaCl/L, all the compatible solutes were 
found to alleviate sodium inhibition, although glycine betaine was found to be the most effective. The 
effect of glycine betaine on different anaerobic bacterial groups under salinity stress was monitored 
using VFAs, and showed that methanogens were more protected than propionate utilizers. Moreover, 
the addition of 1 mM of glycine betaine to anaerobic biomass not adapted to salinity resulted in 
significantly higher methane production rates compared with anaerobic biomass that was exposed to 
35 g NaCl/L for 4 weeks. Interestingly, under saline batch conditions when the medium was replaced 
totally, the culture produced less methane than when only new substrate was added due to compatible 
solutes cycling between the media and the cell. The elimination of macronutrients from the medium 
was found to have a more pronounced negative effect on biomass under saline compared with non-
saline conditions, and because of the synthesis of N-compatible solutes sufficient nutrients should 
always be present. On the contrary, the absence from the medium of micronutrients did not further 
reduce biomass activity under salinity. Finally, a higher production of EPS was obtained from biomass 
exposed to higher salt concentrations, and its composition was found to change under different saline 
conditions and time. As a result, biomass under saline conditions had a slightly higher mean floc size 
compared with the biomass that was not subjected to salt.

Vyrides et al., (2010) further investigated fundamental mechanisms that anaerobic biomass uses 
to cope with salinity, and applied these findings to a continuous SAnMBR. When anaerobic biomass 
was exposed to 20 and 40 g NaCl/L for 96 h, the main solute generated de novo by biomass was 
trehalose. When trehalose, N-acetyl-lysine and potassium were separately introduced into a batch 
culture a slight decrease in sodium inhibition was observed. In contrast, the addition of 0.1 and 1 mM 
glycine betaine dramatically improved the adaptation of anaerobic biomass to 35 g NaCl/L, and it 
continued to enhance the adaptation of biomass to the salt for the next three batch feedings without 
further addition. No shift in archaeal microbial diversity was found when anaerobic biomass was 
exposed to 35 g NaCl/L for 360 h in batch mode, and no changes were found when glycine betaine 
was added. The dominant species identified under these conditions were Methanosarcina mazeii and 
Methanosaeta sp. The addition of 5 mM glycine betaine to a continuous SAnMBR at 12 h HRT, and 
operation in batch mode for 2 days can significantly enhance saline (35 g NaCl/L) synthetic sewage 
degradation. In addition, the injection of 1 mM glycine betaine into an SAnMBR for 5 subsequent days 
also significantly enhanced DOC removal from sewage under these conditions. The main compatible 
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solutes generated by anaerobic biomass after 44 days exposure to 35 g NaCl/L in an SAMBR were 
N-acetyl-lysine and glycine betaine. Finally, the addition of 1 mM glycine betaine to the medium was 
beneficial for anaerobic biomass in batch mode at 20°C under saline and non-saline conditions. The 
use of compatible solutes to protect against salinity was reviewed by Vyrides and Stuckey (2017).

Vinardell et al. (2020) found that sulphate in municipal sewage significantly affects AD and filtration 
processes (Song et al., 2018). Sulphate-reducing bacteria (SRB) use organics and hydrogen as electron 
donors to reduce sulphate ( SO4

2−) to sulphide (HS−1). With sulphate, SRB compete with methanogens 
for the same substrates reducing substrate availability and methanogenesis. In addition, sulphide 
production can inhibit methanogenic activity, further reducing methane production. Finally, hydrogen 
sulphide in biogas also requires the use of corrosive-resistant instrumentation and equipment, and 
dissolved hydrogen sulphide reduces the lifetime of the membrane. Hence, sulphate concentration in 
sewage has a direct impact on the economic feasibility of AnMBRs. Shin and Bae (2018) reported that 
AnMBR pilot plants treating sewage with high-sulphate concentrations obtained poor methane yields 
(0.08–0.15 L CH4/g COD) when compared to the average methane yield of those treating sewage with 
low-sulphate concentrations (0.22 L CH4/g COD). Giménez et al. (2011), who studied the influence of 
the COD/ SO4

2−–S ratio on AD performance, reported a sharp decrease in methane production as the 
influent sulphate concentration increased. The methane production nearly ceased when COD/ SO4

2− 
was below the stoichiometric ratio for sulphate reduction of 2.01 mg COD/mg SO4

2−–S (0.67 mg COD/
mg SO4

2−). Hence SRB outcompete methanogens and nearly all the sulphate is converted to sulphide 
if enough electron donor COD is available. Furthermore, the presence of dissolved sulphide in the 
permeate can affect the overall treatment efficiency since sulphide contributes to the effluent COD.

The removal of sulphide from AnMBR effluents has recently been addressed by using coagulation–
flocculation (Lim et al., 2019) and membrane distillation (Silva et al., 2020). However, alternative 
methods such as electrochemical systems are also gaining attention due to their capacity to recover 
sulphide as sulphur or other oxidized sulphur species. The corrosive nature of sulphide also affects 
membrane permeability and durability. Sulphide has been reported to damage the internal material 
when transported through the membrane cell, making it more susceptible to membrane fouling. In 
this regard, Song et  al. (2018) observed that membrane fouling increased as the influent sulphate 
concentration increased. Specifically, the TMP sharply increased from 0.5 to 0.85 bar after the 
addition of more than 33 mg SO4

2−–S/L. They attributed this to the higher release of EPS under 
high-sulphide concentrations. However, there is a little understanding of the impact of sulphide 
concentration on the microbial community activity, particle size distribution, EPS composition and 
membrane performance and durability.

Some studies have evaluated the impact of sulphate concentration on the economic and energetic 
prospects of the AnMBR process. Ferrer et  al. (2015) estimated that treating low-sulphate (57 mg 
COD/mg SO4

2−–S/L) municipal sewage is more favourable than treating sulphate-rich (5.7 mg COD/
mg SO4

2−–S/L) municipal sewage (€0.070 and €0.097/m3, respectively). They also stated that methane 
recovery from AnMBR effluents is more economically attractive when treating low-sulphate municipal 
sewage due to the low-methane production at high-sulphate concentrations. These results clearly 
illustrate that sulphate concentration in sewage has a significant impact on AnMBR performance 
and profitability and, therefore, it has a key role in decision-making processes. Some research has 
estimated that COD/ SO4

2−–S ratios at or above 30 (10 mg COD/mg SO4
2−) could be adequate to sustain 

good AD performance and high-methane yields (Song et al., 2018). However, further studies into the 
technical, economic and energy issues relating to sulphate in AD are important. Particularly useful 
would be to determine a COD/ SO4

2−–S ratio above which the AnMBR is best for the treatment of 
municipal sewage. However, further understanding of the implication of sulphide concentration on 
AD and membrane performance is needed before carrying out such techno-economic studies.

Nevertheless, there are methods of controlling sulphate in AD. Vu et  al. (2022) discussed 
technologies to remove H2S during AD via input control, process regulation and post-treatment. Post-
treatment technologies (trickling filters and scrubbers) are established with >95% removal, but they 
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do not ameliorate H2S toxicity to methanogens. Input control (substrate pretreatment via chemical 
addition) reduces sulphur input via sulphur precipitation, and results showed 95% H2S reduction, 
stable methane production and low-operational cost.

One interesting idea which has been evaluated for decades is micro-aeration. Further adaptation 
of micro-aeration relies on a comprehensive design framework and exchange operational experience 
for eliminating the risk of over-aeration. Pokorna-Krayzelova et  al. (2017) modified the IWA AD 
model with sulphur and oxygen (ADM1-S/O) to describe and control sulphate reduction and sulphide 
oxidation in anaerobic/microaerobic environments. Model validation provided a good fit in terms of 
H2S emissions and biogas flow. However, a sulphur balance showed some limitations of the model as it 
predicted higher H2S removal (lower H2S concentrations in the effluent) than observed experimentally. 
Micro-aeration was achieved by blowing O2 into the liquid phase, and aerobic carbon oxidation and 
re-reduction of elemental sulphur back to sulphide were considered in the model, whereas the simulated 
composition of active biomass in the micro-aerobic reactor was not significantly affected by micro-
aeration. Sulphur oxidizing bacteria only made up a small fraction of the active biomass (0.05% of 
active biomass for an influent COD: SO4

2− ratio of 32.3 g/g). H2S in the biogas increased proportionally 
with increasing influent S:COD ratio. Maximum H2S concentrations of 0.32 and 0.14% were observed 
in the biogas from UASB and Upflow Microaeration Sludge Blanket (UMSB) reactors, respectively, for 
a S:COD ratio of 3.3 g/g and O2:S ratio of 0.25. The highest H2S removal efficiency from biogas was 
obtained for a O2:S ratio of 0.5 kmol O2: kmol SO4

2−–S, whereas increasing the O2:S ratio to over 0.5 did 
not significantly improve H2S removal.

3.5.7 Effect of heavy metals on supplementation and toxicity
The influence of heavy metals on both metabolism and toxicity in AD is critical because many of them 
are needed to form the co-enzymes required during metabolism, for example, factor F430 and coenzyme 
M, or in overall metabolism such as calcium and magnesium (White & Stuckey, 2000). However, very 
high concentrations of metals can be toxic, although with the presence of sulphide in solution may 
precipitate as the sulphide salt which has a very low KSP, and hence are probably rendered insoluble and 
hence non-toxic. In addition, some metals can be complexed or adsorbed, and hence their availability 
and toxicity is complex. In addition, ‘equilibrium chemistry’ equations must be modified by the Debye–
Hückel equation due to the high ionic strength (I ∼ 0.1 molar) in most AD systems.

Thanh et al. (2016) carried out an extensive review on metal addition and speciation, and found 
that trace metals were often supplemented in excessive amounts, at times leading to inhibitory effects 
on digestion due to the lack of understanding of speciation and bioavailability. However, it has been 
shown many times before that lack of trace metals leads to poor performance in AD (Thanh et al., 
2017a). Initially, the bioavailability of trace metals was generally quantified based on the total rather 
than ‘free’ or bioavailable metal concentrations; however, it is now clear that chemical speciation is 
critical when predicting bioavailability. Although trace metal speciation has been studied extensively 
to determine the fate of trace metals in an anaerobic environment, its relationship with trace metal 
bioavailability is still not clear. In the past 15 years, interest has increased in how trace metals can be 
effectively supplemented to anaerobic reactors considering both their speciation and bioavailability. 
Recent studies have showed that metal sulphides play a significant role in bioavailability as they 
may act as a store for metals, and as a supply source in anaerobic reactors. On the contrary, trace 
metal bioavailability in AD is also dependent on natural and synthetic chelating agents, for example, 
SMPs and EPS, and EDTA and Nitrilotriacetic acid (NTA), respectively. However, whether these 
chelating agents increase or decrease trace metal bioavailability remains controversial. In addition 
to the popular chemical sequential extraction, analytical techniques such as Wageningen Donnan 
membrane technique (WDMT), diffusive gradients in thin films (DGT), X-ray diffraction (XRD), and 
Fourier Transform Infrared Spectroscopy (FTIR) have been applied to determine the speciation of 
trace metals (TMs) in various types of environmental samples; however, their application to anaerobic 
sludge is still in its infancy.
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Thanh et  al. (2016) suggested further research in these areas is important to obtain a better 
understanding of trace metal speciation and bioavailability in AD:

(1) Metals such as Fe, Ni and Co have been studied extensively; however, other metals (trace 
nutrients) such as Ca, Mg, Mn, W and Se are also essential to the optimal operation of AD. 
Hence, more research is required to determine the relationship between their speciation and 
bioavailability in AD, and the effects of one trace metal on the speciation and bioavailability of 
another during coprecipitation and adsorption are also important to understand.

(2) Different forms of trace metals, for example, chloride, EDTA complex or vitamins (B12 for 
Co) have been studied for their bioavailability to anaerobic microorganisms. However, trace 
metals have also been shown to be present in other forms, such as phosphates, sulphides or 
carbonates; it is not clear whether their bioavailability in AD is the same or not. Research 
should be carried out to determine in which form trace metals have the most significant effect 
on AD, and define a more effective metal-dosing strategy for anaerobic reactors.

(3) Although methanogens are thought to be the most sensitive microbial group in AD to changes 
in trace metal speciation and bioavailability, it is important to determine the effects of these 
changes on other anaerobic trophic groups such as hydrolytic fermentative bacteria and 
syntrophic acetogens, and the acetoclastic methanogens and hydrogenotrophic methanogens 
in standalone as well as competitive environments.

(4) Metal sulphides such as NiS have been shown to be a store of and source for trace metals. To 
understand which factors influence the bioavailability of metal sulphides, it is necessary to 
determine their speciation in terms of organic/inorganic sulphides, possible interaction with 
other metal sulphides, and the degree of crystallinity of the metal–sulphide precipitates using 
extended X-ray absorption fine structure and XRD.

(5) An in-depth study is required to verify the bioavailability of metals complexed with EDTA 
as the literature about its stimulation/inhibitory effects is contradictory. Research on the 
effect of NTA on the bioavailability of other metals, for example, Fe, Co, and Mo, is also 
required, as identifying other economic metal chelators that can be added to improve trace 
metal bioavailability. Finally, better characterization and quantification of SMPs, and further 
development of the EPS extraction procedure are needed to determine how important their 
roles are in trace metal complexing and binding properties.

(6) It would be useful to harmonize sequential extraction schemes for data comparability, and 
design new schemes based on the existing ones with shorter extraction times. Also techniques 
such as X-ray absorption near edge structure, DGT and Donnan membrane technique (DMT) 
need to be further developed and adapted to better classify metal speciation, and hence predict 
metal bioavailability in anaerobic reactors.

(7) Development of a simple procedure to study sulphur speciation in AD is necessary, although 
a combination of acid volatile sulphide extraction and the semi-continuously extracted metals 
(SEM) technique seem to be promising, because these methods are very expensive to use.

(8) Most studies on trace metal bioavailability were carried out in UASB or CSTR reactors. An 
AnMBR is one of the most advanced anaerobic reactors, and hence the metal fractions bound 
to the biomass will not be washed out from the reactor. Hence, it is important to determine 
how the dynamics of trace metals changes and their requirements in AnMBRs.

Following this fact, Thanh et al. (2017b) investigated the effect of changes in process parameters 
such as pH (7, 6.5 and 6), HRT (6, 4, and 2 h) and SRT (100 and 25 days) on trace metal speciation in 
an SAnMBR. The metal retention capacity of SAnMBRs reduced when the pH, HRT and SRT were 
reduced by up to 21.9, 39.1 and 17.1%, respectively, but the speciation of these TMs generally shifted 
towards highly bioavailable fractions, that is, soluble and exchangeable. The degree of speciation shift 
depended on the TM affinity for anaerobic sludge and their sensitivity to the changes. TMs with the 
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most and the least significant changes in speciation were Fe and Mn, respectively. Finally, Thanh et al. 
(2017c) examined the effects of a biodegradable chelating agent, ethylenediamine-N,N′-disuccinic acid 
(EDDS), on the speciation and bioavailability of iron (Fe2+) in AD. Fe2+ supplementation at 10 mg/L 
increased methane yield, but the presence of 8 mg/L sulphide led to the precipitation of Fe2+ as FeS 
which limited its bioavailability. The results confirmed that EDDS could replace common chelating 
agents with low biodegradability (EDTA and NTA), and improve the bioavailability of Fe2+ by forming 
an Fe–EDDS complex, thereby protecting Fe2+ from sulphide precipitation. Experimental findings 
from sequential extraction using the community bureau of reference method, and quantification of 
free EDDS and Fe–EDDS complex using ultra-high-performance liquid chromatography, confirmed 
that 29.82% of Fe2+ was present in bioavailable forms, that is, soluble and exchangeable, when EDDS 
was added at a 1:1 molar ratio to Fe2+. As a result, methane production increased by 11.17%, and yield 
increased by 13.25%. Hence chelating metals can improve their availability in AD, and make them 
more cost effective.

3.6 THE MEASUREMENT OF ANAEROBIC TOXICITY AND EFFECT OF GENERIC TOXICITY
A comprehensive review on anaerobic toxicity was carried out by Chen et al. (2014). AD is sensitive 
to toxicants, and a wide range of compounds can inhibit the process and cause upset or failure. 
Substantial research has been carried out over the years to identify specific inhibitors/toxicants, 
and their mechanism of toxicity in AD. These authors presented a detailed and critical summary 
of research on the inhibition of anaerobic processes by specific organic toxicants (chlorophenols, 
halogenated aliphatics and long chain fatty acids), inorganic toxicants (ammonia, sulphide and 
heavy metals) and nanomaterials, focusing on the mechanism of their inhibition/toxicity. These 
compounds primarily obstruct the metabolism of sensitive obligate hydrogen-producing acetogens 
and methanogenic portions of the digester population, as well as inhibit methane formation, or can 
even cause complete failure of methanogenesis. However, because of the difference in anaerobic 
microorganisms and waste composition, results from previous studies on inhibition of anaerobic 
processes vary substantially. Chen et  al. (2014) summarized and highlighted the effect of specific 
organic toxicants, inorganic toxicants and the emerging nanomaterials on AD. In addition, better 
understanding the mechanism(s) of inhibition or toxicity of different toxicants in a digester provides 
insights into overcoming these toxic effects and possible solutions or strategies to properly cope 
with it, successfully apply AD and significantly improve waste treatment efficiency. On the contrary, 
measuring the toxicant concentration and monitoring them are an essential precautionary strategy. 
Currently for anaerobic waste treatment, little research has been carried out on measuring toxicity 
before the waste is introduced into a digester. Most research has focused on detoxification after 
inhibition and not on stopping/ameliorating toxicity before it happens. Hence, a rapid response 
method to determine toxic substances in the feed stream, and toxic byproducts in a digester, needs 
to be developed to protect the anaerobic microcosm from instability, and hence enable digesters to 
operate without toxic perturbations.

Previously, the only bioassay to measure potential anaerobic toxicity relatively quickly (1–3 h) was 
anaerobic toxicity assay (ATA) (Owen et al., 1979). However, while cheap and effective, it was somewhat 
cumbersome, and even a 1-h warning could be disastrous for a toxic slug entering a digester. Chen 
et al. (2015a) developed a rapid (∼8 min) fluorescence measurement based on resazurin reduction to 
detect toxicants/inhibitors to anaerobic metabolism. They initially used a pure facultative anaerobic 
strain, Enterococcus faecalis as a model organism; this technique was quick and sensitive at detecting 
the model toxicant, pentachlorophenol (PCP). The technique revealed significant metabolic changes 
in E. faecalis with a PCP spike ranging from 0.05 to 100 mg/L, and could detect toxicity to E. faecalis 
at only 0.05 mg/L in 8 min. By using this technique in a mixed anaerobic sludge, not only could the 
effect of 0.05–100 mg/L PCP be determined on anaerobic metabolism within 10 min, but also its 
rate of biogas production. A kinetic model was then developed to describe the process of resazurin 
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reduced to resorufin, and eventually to dihydroresorufin under anaerobic conditions (Chen et al., 
2015b). By modelling the assay results of resazurin (0.05, 0.1, 0.2 and 0.4 mM) reduction by a pure 
facultative anaerobic strain, E. faecalis and fresh mixed anaerobic sludge, with or without 10 mg/L 
spiked PCP, it was clear that the pseudo-first-order rate constant for the reduction of resazurin to 
resorufin, k1, was a good measure of ‘toxicity’ with respect to a control. With lower biomass density 
and the optimal resazurin addition (0.1 mM), the toxicity of 10 mg/L PCP for E. faecalis and fresh 
anaerobic sludge was detected in 10 min, and the toxicity differences among seven chlorophenols to 
E. faecalis and fresh mixed anaerobic sludge were elucidated within 30 min. The toxicity differences 
determined by this assay were comparable to toxicity sequences of various chlorophenols reported in 
the literature. These results suggest that the assay developed in this study can not only quickly detect 
toxicants for AD, but also can efficiently detect the toxicity differences among a variety of similar 
toxicants.

These results suggest that a resazurin-based fluorescence measurement can potentially be 
incorporated into a microfluidic system to develop a biosensor for the real-time monitoring, control 
and early warning of toxicant/inhibitor loads in the influent to an AD. To rapidly evaluate unknown 
aqueous effluents, a segmented-flow microfluidic device was developed for real-time toxicity 
detection/quantification by Ortiz et al. (2019). A microfluidic chip integrating a magnetic stirrer for 
serial dilution was demonstrated to rapidly determine half-maximal effective concentration (EC50) 
values of known and unknown toxicants, where 100 nL samples were suspended into a continuous oil 
phase with no interfering surfactants. A five logarithmic dilution sequence was evaluated in <5 min, 
enabling feedback for dynamic processes, for example, dilution, ion exchange or absorbent treatments. 
The assay was refined from traditional laboratory procedures to reduce sample volume and response 
time, with the advantages of short toxicant exposure (<30 s), high-density bacteria (107 cells/mL) and 
continuous mixing in an oxygen-free medium. Simple scaling of the stirred chamber volume from 1 to 
30 µL enables the number of samples to be increased from 100 to 2,500 dilution droplets, respectively. 
A detailed analysis of the resazurin kinetics suggests the presence of two or more enzymes with 
distinct Michaelis constants. Enzyme kinetics and the resazurin reduction rate is dependent on growth 
phase and EC50 inhibition by mercury > zinc > copper > nickel cations. Resazurin concentration of 
10 µM is optimal for E. faecalis at 0.1 optical density. The adaptable method is transferable to other 
microorganisms, such as common baker’s yeast, Saccharomyces cerevisiae, where the resazurin 
reduction rate is 30% of E. faecalis (4 vs. 13 nM/s per 100 nL droplet). Zinc and nickel cations were 
observed to increase the base resazurin reduction rate of baker’s yeast by 25%, whereas copper is 
found to be more cytotoxic than mercury cations.

This technique can then be ‘turned around’ to determine the levels of trace nutrients to stimulate 
AD. Chen et al. (2016) investigated the effect of nickel(II), cobalt(II) and their mixture, on the AD 
of synthetic municipal WWs. Using an anaerobic toxicity assay (ATA), it was revealed that AD was 
stimulated by the addition of 5 mg/L nickel(II) and cobalt(II), and their mixture in day(s). Using the 
resazurin reduction assay, they evaluated the stimulatory effect of 5 mg/L nickel(II) and cobalt(II), 
and their mixture, in just 6 h. By investigating the distribution of these metals in the liquid phase 
of the anaerobic system and kinetics of resazurin reduction by nickel-spiked anaerobic sludge, the 
concentration of nickel(II) on AD performance was profiled. Three critical concentrations were 
determined: stimulation starting (∼1 mg/L), stimulation ending (∼100 mg/L) and stimulation 
maximizing (∼10 mg/L). Hence, the resazurin reduction assay is a novel and quick protocol for 
studying the stimulation of anaerobic bioprocesses by bioavailable essential trace metals.

3.7 MICROBIAL ECOLOGY OF AnMBRs
Kong et al. (2022) followed a large pilot-scale AnMBR and the microbial community development during 
the treatment of municipal WWs for 217 days operating at HRTs from 24 to 6 h. Characterization and 
dynamics of the microorganisms revealed that a stable prokaryotic community was gradually achieved. 
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In the community of methane-producing archaea (or methanogens), the acetotrophic methanogen 
Methanosaeta was significantly enriched at 25°C with an overwhelming relative abundance in 
the entire community. The abundance of Methanosaeta was even higher than the most abundant 
bacterial phyla Chloroflexi, Firmicutes, Proteobacteria and Bacteroidetes, and is quite different from 
that found in other typical anaerobic systems. This substantial enrichment of methanogens is the 
key to maintaining stable methane production in the treatment of municipal WWs by AnMBRs. 
The interspecies cooperation of major functional bacterial groups including protein/carbohydrate/
cellulose-degrading (genera Anaerovorax, Aminomonas, Levilinea, Flexilinea and Ruminococcus), 
sulphate-reducing (Desulfovibrio and Desulfomicrobium) and syntrophic (Syntrophorhabdus, 
Syntrophus, etc.) bacteria with acetotrophic and hydrogenotrophic archaea enhances the stability of 
reactor operation and helps to acclimate the entire prokaryotic community to real municipal WWs. 
This agrees to some extent to other studies (Table 3.4).

Ni et al. (2022) also operated two AnMBRs with different membrane pore sizes (0.4 or 0.05 µm) 
at 25°C with domestic WWs at different HRTs (24 to 4 h). The microbial communities of the two 
AnMBRs were investigated by 16S rRNA sequencing to determine the effect of HRT.

The predominant archaea was an aceticlastic methanogen Methanosaeta, and the composition of 
hydrogenotrophic methanogens changed with HRT; the population of Methanobacterium was higher 
for longer HRTs, whereas the population of unclassified Methanoregulaceae was higher for shorter 
HRTs. Anaerolineae, Bacteroidia and Clostridia were dominant in both reactors, with a combined 
relative abundance of over 55%. The relative abundance of Anaerolineae was proportional to the biogas 

Table 3.4 The major functional microorganisms in the AD system for the treatment of municipal wastewater and 
other types of wastewaters using the AnMBR process.

Wastewater 
type

Temperature 
(°C)

Major functional organisms Reference

Bacteria (phylum or genus) Archaea (genus)

Pharmaceutical 27 Firmicutes, Bacteroidetes, 
Proteobacteria (phylum)

Methanimicrococcus, 
Methanomassiliicoccus, 
Methanobrevibacter

Ng et al., 2016

Petrochemical 37 Proteobacteria, Acetothermia, 
Patescibacteria (phylum)

Methanosaeta, 
Methanolinea

Kudisi et al., 
2022

Textile 35 Chloroflexi, Proteobacteria, 
Proteobacteria (phylum)

Methanomethylovorans, 
Methanomassiliicoccus

Kong et al., 
2018

Phenolic 35 Clostridium (genus) Methanobacterium, 
Methanosaeta

Munoz Sierra 
et al., 2018

Municipal 10–25 Clostridium, Arcobacter, 
Geobacter, Trichoccous, 
Acinetobacter (genus)

Methanosaeta, 
Methanobacterium, 
Methanospirillum

Seib et al., 2016

Municipal 14–27 Bacteroidetes, Proteobacteria, 
Firmicutes, Chloroflexi 
(phylum)

Methanosaeta Kannan et al., 
2020

Municipal 35 Chloroflexi, Proteobacteria 
and Bacteroidetes (phylum)

Methanosaeta, 
Methanolinea

Mei et al., 2018

Municipal 10–25 Saccharofermentans, 
Smithella, Acetobacterium, 
Leptotrichia (genus)

Methanosaeta, 
Methanobacterium, 
Methanolinea

Ji et al., 2021

Municipal 25 Flexillinea, Levillinea, 
Paludibacter, Tangfeifania, 
Anaerovorax (genus)

Methanosaeta This study

Source: Kong et al. (2022).
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production performance. The sum of the relative abundance of Anaerolineae and Clostridia fluctuated 
slightly with changes in the HRT in both AnMBRs when the reactor was stable. A co-occurrence 
analysis revealed the relative abundance of the operational taxonomic units belonging to Anaerolineae 
and Clostridia was functionally equivalent during the treatment of domestic sewage. A principal 
coordination analysis revealed that the changes in the microbiome of the WWT community in each 
reactor were consistent with the change of HRT. In addition, both the HRT and the stability of the 
process are important factors for maintaining microbial community structures.

Finally, Tao et al. (2020) examined the issues around a long start-up time, and system instability in 
response to operational shocks from a functional microbiota perspective. Exploring the microbiota–
functionality nexus (MFN) could be pivotal to understand the reasons behind these difficulties, and 
hence improving AD performance. They presented a systematic MFN study based on 138 samples 
taken from 20 well-profiled lab-scale AD reactors operated for up to 2 years. All the reactors were 
operated in the same lab within the same period using the same methodology to harvest physico-
chemical and molecular data, including key monitoring parameters, quantitative polymerase chain 
reaction and 16S sequencing results. The results showed a core bacterial microbiota prevailing in all 
reactor types, including Bacillus, Clostridium, Bacteroides, Eubacterium, Cytophaga, Anaerophaga 
and Syntrophomonas, whereas various methanogens dominated different communities due to 
different inocula origins, reactor temperatures or salinity levels, and this core bacterial microbiota 
correlated well with biogas production (Pearson’s correlation coefficient of 0.481, p < 0.0001). Such 
a strong correlation was even comparable to that between biogas production and the methanogenic 
16S rRNA gene content (Pearson’s correlation coefficient of 0.481, p < 0.0001). These results indicated 
that AD performance only modestly correlated with microbial diversity, a key governing factor. AD 
microbiota was neither functionally redundant nor plastic, and a high variety in communities can 
exhibit a strong difference in reactor performance. This study demonstrates the importance of a core 
bacterial microbiota in AD and supports inspiring considerations for design, BA and operational 
strategies of AD reactors in the future.

3.8 ENERGY, GLOBAL OPTIMIZATION AND LCA
Initially, with domestic WWT the primary focus was on removing pollutants and pathogens, and 
to render the water safe to discharge to the environment. Mainly, the technology used was old and 
trusted, for example, CAS and CSTRs for anaerobic sludge treatment. However, several decades ago 
the use of energy in the plant became an issue due to its increasing costs, and this was coupled with 
the disposal of sewage sludge as land area for disposal was reducing. Hence, the focus shifted to 
minimizing energy use in WWT and reducing the generation of sludge. Because of these two factors, 
interest in the use of anaerobic treatment technologies other than CSTRs increased, and novel designs 
such as anaerobic filters, UASBs, ABRs and AnMBRs were developed. However, the primary focus 
on these designs was still energy minimization, and hence many papers, even today, focus on making 
anaerobic treatment technologies energy positive (or at least less energy negative) without considering 
other issues around this.

Recently, ideas have moved on, and there is a growing realization that WWTPs should not just 
focus on energy per se, but on ‘closing the loop’, that is, to minimize the disposal of resources into the 
environment and hence minimize its impact, and to recycle as much as possible having due regard 
to the environment (Akyol et al., 2020). One of the early authors who advocated this approach was 
Verstraete (Verstraete et al., 2009) who examined the value of each component of municipal ‘used 
water’ (Table 3.5) – this new term started to be used during the reclamation of WWs in Singapore in 
the early 2000s (Lee and Tan, 2016). Because of its high quality and bacterial sterility, AnMBR effluent 
can be further post-treated to render drinking quality water (Mai et al., 2018).

Hence, putative solutions need to be assessed by LCA. This is a process of evaluating the effects 
that a product has on the environment over the entire period of its life, thereby increasing resource-use 
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efficiency and decreasing liabilities. In addition, since the choices available for different unit operations 
in the WWT flowsheet are substantial, ‘global optimization’ is used to derive the optimal flowsheet 
while minimizing environmental damage. There is a perception in the literature that if a ‘unit 
operation’ (e.g. an AnMBR) is ‘optimized’, then a string of optimized units in a flowsheet is also 
optimal. For example, if an AnMBR is chosen instead of an UASB then we do not need solid removal 
or further disinfection, and therefore the complex mathematical technique of ‘global optimization’ is 
required to find the best flowsheet. Hence, this section will initially review papers looking solely at 
energy balances around AnMBRs, and then move on to global optimization of treatment processes, 
before finally examining the research on LCA of flowsheets.

3.8.1 Energy balance
While many papers previously have discussed energy neutral (positive) WWT, the one by McCarty 
et  al. (2011) was seminal in emphasizing that energy positive WWT was possible using AD. This 
topic is covered in-depth in another chapter in this book, but a short summary will be presented 
here with respect to AnMBRs. Energy is produced during AD in the form of methane gas, both in 
the gas phase and dissolved in the liquid phase. The lower the temperature of operation, the higher 
the loss of methane in the effluent, and despite many assumptions, the gas and liquid phases are not 
always in equilibrium (Crone et al., 2016). With gas sparging this is most likely to occur, whereas 
with other methods of fouling control the phase concentrations may not be predictable using Henry’s 
law (assumes equilibrium). Net energy is the difference between recoverable energy (and methane 
recovery, e.g. by solid membranes, still requires capital input), and the energy required for membrane 
cleaning (gas sparging needs the most) and pumping.

The net energy yield in AnMBRs depends strongly on a lot of factors: type of reactor (gas purged, 
mechanically mixed, granular with GAC, dynamic membranes, cross-flow with external module), 
sparging rate and variation (time variant, variable), membrane flux, loading rate, HRT, flocculent or 
PAC addition, absolute TMP and rate of increase, COD removal and feed type and concentration. 
Lim et al. (2023) compared mechanically reciprocated AnMBR membranes to a gassed system and 
found that membrane reciprocation consumed 0.59 kWh/m3 at 7 LMH, 62% less energy than biogas 
sparging (1.56 kWh/m3 at 6 LMH). With high biogas recovery and energy efficient fouling control, a 
positive net energy balance (0.55–0.74 kWh/m3) was achieved. Using a GAC granular bed two-reactor 
system, Shin et al. (2021) showed with sewage at temperate climates, an energy balance yields net 
energy positive operation (+0.11 kWh/m3), with energy recovery from produced methane (0.39 kWh 
electricity/m3 + 0.64 kWh heat/m3) exceeding energy consumption due to GAC fluidization (0.07 kWh 
electricity/m3) and gas sparging (0.20 kWh electricity/m3 at an optimal flux of 12.2 LMH).

Hu et al. (2022) reviewed a number of promising AnMBR configurations including biogas-sparging 
AnMBRs, particle-fluidized AnMBRs, granular-sludge AnMBRs, anaerobic dynamic membrane 

Table 3.5 Potential product recovery from municipal “used water”.

Potential 
recovery

Per m3 of 
sewage

Current market 
prices

Total per m3 
sewage (€)

Water 1 m3 €0.25/m3 0.25

Nitrogen 0.05 kg €0.215/kg 0.01

Methane 0.14 m3 €0.338/ m3 CH4 0.05

Organic fertilizer 0.10 kg €0.20/kg 0.02

Phosphorus 0.01 kg €0.70/kg 0.01

Total 0.35

Source: Verstraete et al. (2009).
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bioreactors (AnDMBRs) and anaerobic forward osmosis membrane bioreactors (AnFOMBRs), with 
the energy balance systematically analysed. The net energy balance was: 0.098, 0.661, 0.715, 0.716 
and −0.773 kWh/m3 for biogas sparging, particle-fluidized, granular-sludge, AnDMBRs, AnFOMBRs, 
respectively. Hence, while gassed and GAC membrane systems were positive, the best system seemed 
to be the AnDMBR. Therefore, depending on a variety of factors AnMBRs can be net energy positive, 
and some with low-energy demands can potentially generate significant quantities of energy.

3.8.2 Global optimization
More efficient water treatment plants are needed if future global water requirements are going to be 
met. Plant design, however, is complicated by the need to optimize separate but linked treatment 
processes, with individual process optima not necessarily leading to the most efficient overall 
systems. Koleva et al. (2016) proposed a superstructure optimization-based methodology for flowsheet 
synthesis formulated as a mixed integer non-linear programming (MINLP) model. The superstructure 
encompasses the most used technologies in advanced WWT, which enables the design of ‘fit-for-
purpose’ treatment. The model identifies the optimum configuration of passes and stages in the flow 
diagram and capital cost estimation. A multi-objective optimization is performed for the minimization 
of water net cost and minimization of contaminant concentrations using a constraint method. The 
applicability of the model was verified through a theoretical case study, and the results fall into the 
lower costs of purification facilities worldwide and indicate the effectiveness and efficiency of the 
developed approach.

Puchongkawarin et  al. (2015) also used this approach of superstructure optimization-based 
methodology with MINLP to develop a decision support system for isolating, among hundreds 
or even thousands of alternatives, promising resource recovery systems whose development was 
worth pursuing. Based on this preselection, further simulation and optimization studies can then 
be undertaken to refine the performance and cost prediction by considering detailed design and 
operation considerations, as well as process integration. Such decomposition is needed as current 
computational capabilities and available algorithms do not allow for the optimal design and 
operation to be solved in a single step due to complex unit configuration, multiple scales, time 
dependence and uncertainty. They concluded that a major hurdle in applying this methodology is the 
availability of reliable performance models for the treatment and separation units, as well as reliable 
(capital and operation) costing data. They advocate the use of state-of-the-art WWT simulators to 
derive simple response-surface models, which are general enough to be independent of detailed 
design choices and keep the superstructure optimization model computationally tractable – this 
approach was demonstrated on a simple case study. Naturally, such simple models carry significant 
uncertainty and usually only provide a rough approximation of the actual performance of such 
complex units. A way to refine these models involves performing an iteration between the detailed 
process simulators and the superstructure optimization problem. Moreover, for those treatment/
recovery techniques that are less well established or lack reliable performance models, a scenario-
based analysis can be applied, whereby multiple sets of resource recovery systems are determined 
on account of the forecast performance and cost scenarios. This analysis can be useful for resource 
allocation, for instance to help determine which technologies are critical and focus further research 
and development effort.

As for future research directions, a key extension will be to integrate WW and biosolid management 
within the same recovery system. Another important research activity should be the development 
and regular update of information databases as new advanced treatment and recovery technologies 
develop, or as the economic, environmental and socio-cultural contexts evolve. Besides the availability 
of feasible technologies that can transform WW into a product, and the downstream processing of this 
product into a saleable item, the circumstances that are required to successfully establish a functioning 
and sustainable resource recovery system also involves developing a distribution infrastructure and 
catching investors’ interest in developing such technologies.
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3.8.3 Life-cycle analysis
Corominas et  al. (2020) reviewed a lot of studies on LCA of municipal WWT, and found that 
inconsistencies in assumptions and methods made it difficult for researchers and practitioners to 
compare results across studies. The reported LCAs related to municipal WW management focused on 
developing systematic guidance for researchers and practitioners to conduct LCA studies to inform 
planning, design and optimization of WW management and infrastructure (WWTPs; collection and 
reuse systems; related treatment technologies and policies), and to support the development of new 
technologies to advance treatment objectives and the sustainability of WW management. The study 
guides the reader step-by-step through LCA methodology to make informed decisions on: (1) definition 
of the goal and scope, (2) selection of the functional unit and system boundaries, (3) selection of variables 
to include, and their sources to obtain inventories, (4) selection of impact assessment methods and 
(5) selection of an effective approach for data interpretation and communication to decision makers. 
The paper provided (1) examples of questions which can be addressed (and cannot be addressed) 
by LCA, (2) background information on the selection of the methodological approach (attributional 
vs. consequential, process-based vs. input–output), (3) guidance on the selection of the functional 
unit and on the definition of system boundaries, (4) recommendations to conduct the inventory, (5) 
guidance on the selection of indicators, impact assessment methodologies and, (6) recommendations 
for the interpretation of the results to facilitate decision making.

Pretel et  al. (2015) focused on SAnMBRs and detailed how design and operational decisions 
influence the technological, environmental and economic sustainability of the system across its life 
cycle. Specific design and operational decisions evaluated included: SRT, MLSS concentration, sludge 
recycling ratio (r), membrane flux (J) and specific gas demand per membrane area. The possibility of 
methane recovery (both as biogas and soluble methane in reactor effluent) and bioenergy production, 
nutrient recovery and final destination of the sludge (land application, landfill or incineration) were 
also evaluated. The implications of these design and operational decisions were characterized by 
leveraging a quantitative sustainable design framework which integrated steady-state performance 
modelling across seasonal temperatures (using pilot-scale experimental data and simulating software 
DESASS), life-cycle cost analysis and LCA. Sensitivity and uncertainty analyses were used to 
characterize the relative importance of individual design decisions, and to navigate trade-offs across 
environmental, economic and technological criteria. Based on this analysis, there are design and 
operational conditions under which SAnMBRs could be net energy positive and contribute to the 
pursuit of carbon negative WWT.

3.9 OPEN RESEARCH QUESTIONS
Based on the current state-of-the-art in AnMBRs it appears there are several fruitful areas of promising 
research, some which may not always concur with heavily researched areas at present. They are:

(1) The minimization of energy use to keep membrane fouling at its ‘optimum’ level – this can be 
defined as maximizing effluent quality (solute rejection) with ‘acceptable’ levels of TMP drop, 
and hence cost. This would enhance the attractiveness of using AnMBRs. The literature suggests 
that using sequential reactors containing GAC and membranes considerably reduces energy use 
(net positive), and these types of reactors need to be developed more. Intermittent gas sparging 
(ON/OFF or varying rates) seems to save energy and still result in acceptable power use, whereas 
flocculants/adsorbents also reduce fouling – the question to be answered here is what is their use 
over time, and the final fate of the additives – all of these questions need to be addressed at pilot 
scale. In addition, mechanically vibrated membrane units seem to lower power use dramatically, 
and hence need to be developed more – can they also be used intermittently? Finally, the most 
intriguing solution is the use of immobilized cells to interrupt QS by quenching the signal and 
extending the TMP jump considerably – is this technique economic?
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(2) Bioaugmentation, as opposed to ex-post microbial ecology (of which there seems to be a lot), 
seems to be an important area to conduct more research. Can we understand more about 
changing the microbial ecology of reactors to change their function, and how adding different 
species can alter behaviour. For example, to develop AnMBRs capable of performing well at 
psychrophilic temperatures with low-energy use; enhance the ability of cultures to degrade 
some more refractory PPCPs.

(3) Enhance hydrolysis rates of insoluble feeds – more research and modelling needs to be conducted 
on the microbial interactions in flocs in terms of mass transfer, kinetics and thermodynamics. 
Rumen seem to be able to hydrolyse insoluble lignocellulosics at 30 times the rate of sewage 
digesters and hence there may be considerable potential in understanding and harnessing this 
increased potential, for example, by enhancing mixing regimes, and controlling gas (H2, CO2 
and CH4) environments through gas membranes.

(4) Mathematical optimization of AnMBRs – there is considerable data available on the effect of a 
variety of system parameters (HRT, SRT, gas scouring volumes, TMP, OLR, cleaning regimes, 
gas yields) on increased methane yields, net energy and market costs. Operationally useful 
models need to be developed to maximize energy output, while minimizing costs. In addition, 
we need to develop global optimization techniques of WW flowsheets for minimizing energy 
and impacts on the environment.

(5) Sulphate control with micro-aeration – high levels of sulphate in influents to anaerobic systems 
are problematic since they are reduced to sulphide which is partly stripped out in the gas 
phase. More research needs to be conducted on the micro-aeration of AD, and exploring any 
inhibitors to sulphate reduction.

(6) Post-treatment for reuse – in the future more water will need to be recycled, and AnMBR 
effluents will need to be treated to high standards. More research is required on removing N 
and P from effluents to recycle, and remove trace organics (PPCP) using ion exchange for PAC. 
In addition, we need to focus on viruses in effluents and how to remove them effectively.
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ABSTRACT

In several geographic areas, domestic wastewater (DWW) is characterized by low temperatures (below 25°C), which 
enables a stable and effective operation of an anaerobic process, as mainstream treatment option at ambient 
temperature, quite challenging. Low temperatures reduce the hydrolysis rate of particulate organic matter with 
consequent reduction of biogas production and energy recovery. In addition, the low growth rate of the anaerobic 
microorganisms can cause poor effluent quality and risk of biomass washout in case of suspended biomass systems. 
Increasing biomass concentration in the bioreactor has the beneficial effect of increasing biodegradation kinetics 
thus allowing the reduction of the reactor volumes and footprint thus making the anaerobic process competitive 
with the conventional activated sludge process. This operating condition can be achieved with different strategies 
including biomass granulation and biomass immobilization on inert support media. For both alternatives, a number 
of studies have been conducted, with different plant configurations, operating the anaerobic process under variable 
temperature regimes or in isothermal mode in psychrophilic or mesophilic conditions. In this chapter, examples 
of application to demonstrate the feasibility of immobilized and granular biomass systems for direct anaerobic 
treatment of DWW are reported and discussed. In the first case, the effect of feeding strategy and the suitability 
of natural and synthetic filling materials were investigated while, in the second, the effect of temperature and of 
the hydraulic retention time have been tested in order to maximize the process performance and evaluate the 
potentialities of the anaerobic process in comparison to the aerobic one.

Keywords: anaerobic biofilter, anaerobic sequencing batch biofilm reactor, granular biomass, granulation modelling, 
immobilized biomass, packing material, sequencing batch reactor, upflow anaerobic filter.

4.1 WHY HIGH BIOMASS CONCENTRATION FOR A BETTER PERFORMANCE?
Kinetics of biological processes for chemical oxygen demand (COD) removal is generally expressed, in 
a simplified form, by the Monod kinetics:

µ µ= max
S

X
S

K S+  

Chapter 4

Immobilized and granular biomass 
systems
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where µ is the biomass growth rate; µmax is the maximum biomass growth rate; X is the biomass 
concentration, Ks is the half-saturation constant and S is the substrate concentration. Anaerobic 
biomass is generally characterized by lower µmax and higher Ks values with respect to the aerobic 
one, so operating at high biomass concentration, especially for diluted wastewater is mandatory to 
reach process kinetics comparable to the conventional aerobic processes and operation volumes 
and footprint suitable for practical application. In suspended biomass systems, increase of biomass 
concentration is limited by the need of achieving an efficient solid–liquid separation to guarantee the 
effluent quality in terms of suspended solids content. In addition, anaerobic sludge is characterized by 
scarce settleability (Akil & Jayanthi, 2012), which makes the solid–liquid separation difficult.

To face the above-mentioned drawbacks, the two main operational strategies to retain high 
concentrated biomass amounts inside anaerobic bioreactors consist of the attached biomass growth 
realized through the development of biofilm onto inert support surface, and the operation with high-
density granular biomass (Van Lier et al., 2015) where the carrier is the own biomass.

The first option is applied in the so-called immobilized biomass systems where support media 
such as glass, peat, powdered minerals, and a variety of plastic materials are employed in bioreactors 
operated in fixed and fluidized-bed configurations under different operating conditions. In the second 
alternative, the biomass is ‘concentrated’ in granules obtained with specific start-up procedures whose 
controlling factors, including biotic and abiotic parameters, are still under investigation.

In this chapter, theoretical and practical aspects of the two systems are presented and discussed. 
An overview of the technologies will provide a picture of the present state of knowledge and to fill 
gaps for their upscaling.

4.2 IMMOBILIZED BIOMASS SYSTEMS
4.2.1 Principle of operation
Anaerobic treatment of diluted wastewater, such as domestic wastewater (DWW), is common in 
tropical and sub-tropical areas due to the warm environmental condition. The latter allows wastewater 
reaching centralized wastewater treatment plants (WWTPs) at a temperature usually above 20°C 
(Chernicharo et al., 2009; Foresti, 2001). At this temperature anaerobic treatment can provide good 
removal performance of the organic load. Conversely, in temperate climate zones, sewage temperature 
is below 15°C from autumn to spring, even approaching temperature of few °C (Zhou et al., 2018). In 
these climatic conditions, given the low concentration of organic matter in DWW, with COD values 
usually close or below 1 kg/m3, and the specific heat of water (4.186 J/g/°C), the generated methane 
is far to balance the energy required for warming wastewater. Moreover, operating the process at low 
temperature strongly reduces the hydrolysis and methanogenesis rates. The consequent limited biogas 
production, negatively affect the sludge mixing causing a poor contact substrate-biomass, as reported 
for upflow anaerobic sludge blanket (UASB) reactors in Serrano León et  al. (2018). In addition, 
the reduction of the growth rate of microorganisms and the typical poor settling properties of the 
flocculent anaerobic sludge can expose the digester to the risk of biomass washout (Akil & Jayanthi, 
2012; Lettinga et al., 2001). To overcome these drawbacks, a possible technological alternative is the 
uncoupling of the hydraulic retention time (HRT) and the sludge retention time (SRT) achieved with 
high biomass concentration in the bioreactor, as discussed in the previous chapters (1–3) of this book.

A strategy to effectively retain the anaerobic biomass consists in the use of a proper inert material 
as support for biomass growth in attached mode. One of the first studies published in this field was 
carried out by Young and McCarty in 1969. The packing material can be either fixed or suspended 
in the reactor, but the fixed biofilm systems are usually more effective in retaining microorganisms. 
In these systems, the packing material is used to fill the bioreactor and acts a filter, hence limiting 
the washout of biomass and particulate matter. Anaerobic microorganisms are not only immobilized 
in the form of biofilms adhered to the support material, but also in the form of occluded biomass 
in the voids. SRT and HRT are no more ‘coupled’ and the biomass concentration can be increased. 
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As already pointed out, the increase in biomass concentration allows an increase of the influent flow 
rate (i.e., a reduction of the HRT) which would reflect in a higher biogas production.

However, one drawback of fixed-bed biofilm reactors is that biomass growth and detachment are 
not balanced and it could happen that the voids among media and the pores inside the media can clog 
because of biofilm overgrowth (Loupasaki & Diamadopoulos, 2012). The reduction of void degree and 
of the bed porosity negatively affects substrate diffusion and the contact substrate-biomass promoting 
the apparition of dead volumes or preferential flow circulation in the system, so causing a reduction 
in the bioreactor performance. Therefore, fixed biofilm reactors need periodic washing operations in 
order to remove the excess sludge from biomass growth and restore the optimal bed porosity and void 
degree.

The selection of an adequate carrier material was one of the key points in many of the published 
studies. Several materials have been investigated for their suitability as packing material, including 
glass, peat, powdered minerals, natural zeolite, expanded clay, fibrous carriers, ceramic, polyurethane 
foam cubes, and a variety of plastic materials (Li & Lu, 2017; Loupasaki & Diamadopoulos, 2012). The 
appropriate texture and porosity of the support material allow microbial populations to grow attached 
onto the surface as biofilm and colonize the interstitial spaces as suspended biomass (Kaetzl et al., 
2018). Moreover, biofilm formation led to a high production of extracellular polymeric substances 
(EPS) by the microbial community, which also plays a role in the biomass settleability.

4.2.2 Overview of the technologies
Immobilized biomass reactors include a number of technologies differentiating for plant design, filling 
material and operating conditions. This section provides an overview of plant configurations available 
in the literature by including a summary of relevant case studies for each technology. Performance 
data are summarized in Table 4.1 that reports the main investigated operating conditions. It is worth 
noting that the applications are mostly at the laboratory scale and, to a minor extent, at the pilot 
scale. Upscaling of the proposed technologies is still hindered by their greater complexity and lower 
stability with respect to more verified technologies as UASB reactors operated with suspended 
biomass, whose easy management has been also demonstrated at full scale. Another critical aspect is 
represented by the costs (increased by additional cost of filling material), which, at present, make this 
solution feasible only for high potentiality WWTPs. In any case, immobilized biomass systems have 
potentialities of performance improvements, which merit to be investigated as it is highlighted in the 
subsequent sections analysing the evolution and the results achieved so far for the different bioreactor 
configurations.

4.2.2.1 Upflow anaerobic fixed-film reactor
One of the pioneering studies on anaerobic immobilized biomass reactor for sewage treatment 
was conducted by Noyola et  al. (1988). The authors studied the potential of a new design upflow 
anaerobic fixed-film reactor (an advanced scheme for the period) in treating primary settled DWWs 
under different operating conditions. The reactor consisted of a polyvinyl chloride cylinder (height 
1 m, internal diameter 0.19 m, volume 28.4 L, void volume 24 L), packed with 112 circular units of 
two different types of support material (stationary and rotating, respectively), alternatively placed 
along a central shaft. The total support surface was 4.84 m2, with a specific surface area of these 
circular elements of 170 m2/m3. The rotating units were moved by an electrical motor, placed at 
the top of the reactor. The reactor was fed upwards with raw DWW coming from a small extended 
aeration treatment plant. The effluent was discharged from the top; the collected gas flow rate was 
measured with a gas meter. Several parameters (HRT, temperature and mixing speed) were tested. 
The investigated temperature was in the range of 16°–29°C to simulate DWW temperatures. The 
results obtained from Noyola et al. (1988) showed that at 29°C, 6 h-HRT, and organic loading rate 
(OLR) of 1.7 kg COD/m3/d, the COD removal efficiency reached 65% and it was not affected by the 
mixing. In order to investigate the mixing effect at lower temperatures the bioreactor was operated 
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at 12-h-HRT and 16°C without mixing, a COD removal efficiency of ∼42% was observed, while with 
mixing (5 rpm) the removal efficiency increased to 60%. This finding suggested that the limiting step 
in static fixed-film reactors at low temperatures was represented as the substrate diffusion. The mixing 
also affected the total suspended solids (TSS) concentration in the effluent: when a gentle mixing 
was applied, the TSS content in the effluent decreased, while a marked increase was observed when 
a more vigorous mixing (≥15 rpm) was applied. Concerning biogas production, the variability of the 
operating conditions produced fluctuations in the volume of biogas: at 29°C the production ranged 
from 0.52 L/d (24-h-HRT) to 4.72 L/d (4-h-HRT); operating at 12-h-HRT, and mixing (5 rpm) similar 
biogas production have been achieved even at different temperatures (0.99 L/d at 29°C vs 0.93 L/d at 
16°C). On the contrary, a marked decrease to 0.66 L/d was observed at 16°C in the operation without 
mixing. In terms of methane concentration in the biogas, operating at 29°C the CH4 percentage ranged 
from 65% (at a 4-h-HRT) to 84% (at a 24-h-HRT), while at 16°C and 5 rpm it was 75% on average. 
The authors concluded that anaerobic treatment of sewage seemed a not sustainable approach as a 
relevant fraction of CH4 was lost in the effluent (in the dissolved form), and the overall methane yield 
was far from the theoretical value (i.e., 0.35 m3/kgCODremoved).

4.2.2.2 Upflow anaerobic biofilter
Bodík et  al. (2002) investigated the effect of the temperature and HRT on the performance of a 
lab-scale upflow anaerobic biofilter (UAF). The filter (void volume after filling with support media 
1.32 L) consisted of an acrylic column (height 50 cm, inside diameter 7 cm), filled with plastic material 
(pieces of insulating tubes of diameter 2 cm and of length 1.5–2 cm). The bioreactor was fed with 
raw wastewater coming from a Slovakian municipal WWTP, added with 0.2 g/L of glucose and 
0.2 g/L of sodium acetate tri-hydrate as carbon sources given the quite low organic content of the 
selected wastewater (often ranging from 100 to 250 mg/L of COD). Experiments were conducted for 
approximately 20 months at three temperatures (8°C, 15°C, 24°C) and three HRTs (6, 10, 20 h). The 
best results were obtained at 24°C and HRT of 10 and 20 h. Average COD removal was in the range of 
90–92% and average BOD and TSS removals were ∼95%. At a 6-h-HRT, COD, BOD and TSS removal 
efficiencies slightly decreased to 77%, 81%, and 81%, respectively. Operating at lower temperature, the 
UAF performance decreased: poor results were observed at 8°C, with a 10-h-HRT: in these conditions, 
the average COD and BOD removal efficiencies were lower than 50% (46% and 41%, respectively), 
while TSS removal efficiency (80%) appeared to be less affected by the operating conditions. At 15°C 
and 24°C, there were no substantial differences in COD removal by comparing 10-h and 20-h HRT.

Another study on a lab-scale UAF was carried out by Martin et al. (2010): the bioreactor was fed 
with synthetic DWW and operated at psychrophilic temperatures (15–17°C). The anaerobic filter (AF) 
was composed of an acrylic column (total volume 1.5 L, working volume 1.35 L, height 45 cm, internal 
diameter 8 cm), packed with corrugated plastic rings (individual diameter 1.5 cm, height 0.5 cm), 
which acted as a support media. The reactor was operated at different HRTs (from 3.2 to 17.1 h) and 
organic loading rates (OLRs) ranging from 1 to 4 g COD/L/d. The influent COD and TSS were 705 
and 560 mg/L, respectively. During the two months start-up phase the OLR was gradually increased. 
The UAF showed quite stable performance in terms of COD removal. Indeed, for HRTs ranging from 
10 to 17.1 h, COD removal efficiency (∼80%) was practically constant and not affected by HRT. For 
lower HRTs (in the range of 3–7 h), the COD removal decreased to 77% and to 65%. Average methane 
production was 0.15 NL CH4/g CODremoved. Data obtained by Martin et al. (2010) for COD removal 
are comparable with those reported by Bodík et al. (2002) for an UAF, packed with plastic material 
and operating at a 10-h-HRT and at 15°C. It is worth noting that COD removal efficiencies of 80% are 
higher than the ones reported by Kobayashi et al. (1983) (i.e., 73–77%) for an UAF packed with PVC 
tubes and operating at higher HRTs and temperatures.

Yang et  al. (2017) investigated the performance of UAFs, for different filter media, in treating 
several wastewaters, from high-strength synthetic DWW to secondary effluent. They employed a 
bioreactor consisting of a circular column (height 1.2 m, internal diameter 0.48 m, efficient volume 
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120 L), with a perforated plate at the bottom. The column was equipped with a packing layer (height 
0.65 m) at the bottom, and with a clay layer (height 0.20 m) at the top, whose aim was the insulation 
and the prevention of odour escapes. The wastewater was fed upflow, flowing across the perforated 
plate, with the biomass growing on the fixed-bed surface. In the first part of the study, two UAFs, 
operating at 19–23°C and packed with ceramsite (an artificial ceramic sand) or gravel as filter media, 
were fed with high-strength wastewater (average influent concentrations: COD 1500 mg/L, BOD 
900 mg/L, N-NH4

+ 110 mg/L; OLR up to 0.075 kg COD/m3/d) and achieved high COD removal 
efficiency (which overcame 70% either for ceramsite and for gravel biofilter). Efficiencies decreased for 
both reactors (28.5% for ceramsite biofilter, 35% for gravel biofilter) once OLR was increased to 0.5 kg 
COD/m3/d. The performance failure was probably due to volatile acid accumulation and consequent 
pH decrease, because the dosage of Na2CO3 (at concentrations ranging from 50 to 200 mg/L) in the 
influent resulted in a significant improvement of the performance (up to 83% for ceramsite biofilter 
and to 82.1% for gravel biofilter, respectively). Similar trends were observed also for BOD. In the 
same study, the authors tested UAFs bioreactors fed with a secondary effluent and operated with 
different filter media. These included gravel, cinder, ceramsite, concrete block and brick, each of 
them with peculiar features but characterized by small particle size and high specific surface area 
(gravel: particle size 2–4 cm; cinder: average density kg/m3, lower strength, larger porosity; ceramsite: 
average particle size 5 mm, average density 1500 kg/m3, specific surface area 4.99 cm2/g; concrete 
block: average density 2890 kg/m3, blocky of 2–4 cm; brick: light weight, porous). Five different UAFs 
were fed with secondary effluent (average influent concentrations: COD 86.2 mg/L, BOD 14.6 mg/L). 
After the steady-state conditions were attained, different hydraulic loading rates were tested (ranging 
from 0.077 to 0.270 m3/m2/d). The COD average removal efficiencies of the five biofilters were lower 
than 60% after 120 days of operation. The highest COD removal efficiency was reported for gravel 
biofilter (up to 52.8%), followed by cinder biofilter (51%), while the lowest ones were reported for 
concrete block and brick biofilters (33.2% and 28.6%, respectively). Ceramsite biofilter showed 
intermediate COD removal efficiencies (44.8%). BOD removal efficiencies were generally higher than 
those reported for COD and gravel biofilter showed the highest removal (up to 83.9%). Also for BOD, 
concrete block and brick exhibited the lowest performance (65.3% and 53.5%, respectively), while 
ceramsite and cinder displayed intermediate results (76.3% and 74.4%, respectively). To sum up, the 
results from Yang et al. (2017) highlighted that UAFs could be a feasible technology to remove the 
main ‘gross parameters’ either from high-strength or low-strength wastewater, and can be potentially 
employed also as a polishing stage.

Another bioreactor operated as UAF was proposed by Li and Lu (2017). They investigated the 
performance of a pilot-scale three-stage anaerobic wool-felt filter reactor (AWFR). The system 
consisted of three identical PVC columns (height 2.5 m, internal diameter 170 mm, effective volume 
50 L), packed with vertical wool felt carrier as a support media for the biomass growth. The support 
material is characterized by a high specific surface area (∼950 m2/g) and porosity (>95%). The AWFR 
unit was fed with decentralized DWW, coming from the dormitories and restaurants of a Chinese 
university. Wastewater was fed upflow, from the bottom of the first AWFR column, while the effluent 
was discharged from the third AWFR column. In each column, starting from the bottom, there was an 
influent buffer zone, the wool-felt filler layer, an effluent buffer zone, and a gas chamber, from which 
biogas was sent to a wet gas meter. The experimental campaign, which lasted one year, was divided 
into five periods (the start-up phase, plus the four seasons), in order to assess the impact of the seasonal 
variations on the AWFR treatment performance, either in terms of COD removal efficiency and biogas 
production. During the study, different influent COD concentrations (fluctuating in the range 157–
469 mg/L), as well as different HRT (from 1 to 3 days) and seasonal temperatures (approximately 
between 10 and 31°C), were tested. From spring to summer, the AWFR showed improving results, 
despite the HRT shortening (1-d-HRT in summer vs 2-d-HRT in spring): the average COD removal 
efficiency obtained during summer was 76% (in spring an average COD removal efficiency of 61% 
was reported), probably due to an enhanced microbial activity. During autumn and winter, the HRT 
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was readjusted at 2 and 3 d, respectively, in order to obtain average COD removal efficiencies at 
least of 50%: despite a lower organic load during winter, the seasonal temperature decrease affected 
the AWFR performance significantly, determining a minimum of 52% for COD removal efficiency. 
These outcomes were better than those reported by Gouveia et al. (2015) for a two-stage anaerobic 
filter used to treat DWW, packed with elastic fibre carriers. A possible explanation relies on the role 
played by the support material, as the wool felt carriers might ensure an enhanced agglomeration 
(and consequent increasing concentration) of the biomass in the AWFR system. With reference to the 
biogas production, the AWFR showed seasonal trends quite similar to those reported for COD removal 
efficiencies. Notably, a maximum of biogas production (10.7 L/d) was reported during the summer, at 
a 1-d-HRT: this finding was coherent with the high COD removal efficiency reported during the same 
period. Conversely, the worst performance was observed during winter, due to the lower degradation 
rate of organic substrate and the higher solubility of methane at lower temperatures.

4.2.2.3 Anaerobic fixed-bed reactor using waste as filling medium
Given the interdependence among the properties of the support material, the biomass retention and 
the treatment performance, the selection of filling the material to employ in an anaerobic reactor is a 
critical issue. A different approach in choosing the filling medium to foster the growth of immobilized 
biomass included waste materials as a viable option. Reyes et al. (1999) assessed the performance of 
a lab-scale anaerobic fixed-bed reactor, whose peculiarity was the presence of waste tyre rubber as 
filling material, in treating a low-strength wastewater. The system was composed of five sequential 
units interconnected, operating alternately (the first, the third and the fifth unit working upflow, 
while the remaining ones working downflow). Each unit had the same size (total volume 1.8 L, free 
volume 1.2 L, a bottom space of 0.3 L for sludge accumulation) and a bed composed of pieces of waste 
tyre rubber (unit volume 1 cm3, bed porosity 66%, specific surface area 5 m2/m3, total surface area 
0.015 m2). The upper part of each unit was connected to a biogas collecting bag. Five different HRTs 
were tested (4, 2, 1 d, and 12 and 8 h), with each experiment lasting 35 days. The system was fed with 
piggery waste, diluted to obtain a COD concentration of approximately 1000 mg/L and a suspended 
solids concentration of about 350 mg/L, similar to that observed for municipal wastewater. Similar 
results were obtained with HRT of 2 and 4 d, with good removal efficiencies of 70%, 80%, and 90% 
for COD, BOD, and TSS respectively, a slight decrease in the removal efficiency of the organic matter 
was observed when HRT was diminished to 1 d, with results ≥ 60% and 70% for COD and BOD, 
respectively. Analysing the liquid phase coming from each treatment unit, an interesting consideration 
related to the proposed scheme was also made by the authors. Specifically, operating at medium–high 
HRTs (1, 2 and 4 d), the first unit was able to reach the final removal, while for shorter HRTs (8 and 
12 h), at least the first three stages of the scheme were necessary to achieve the final COD removal, 
with the COD removal distributed among all the stages. This phenomenon was less noticeable for 
BOD removal and this can be explained by the easier biodegradability of the fraction accounted by 
the BOD measurement. From the results obtained it was deduced that HRTs of the order of 1 d can 
achieve good removal efficiencies thus demonstrating the feasibility of the proposed treatment scheme 
even in comparison with the conventional aerobic plants.

Other experiments in which unconventional materials were employed as support medium in an 
anaerobic treatment, have been performed by Bodkhe (2008) who investigated the performance 
of a particular configuration of an anaerobic filter (AF) filled of locally available materials (burnt 
brickbats) as a support medium. This AF (total empty bed volume 170 L, effective volume 120 L) 
consisted of an inclined tube settlers (ITS) combined with a fixed-bed fixed film (FFFB) anaerobic 
reactor. The system was fed with municipal wastewater coming from an Indian municipality (average 
wastewater concentrations: COD 350–450 mg/L, BOD 200–300 mg/L, TSS 300–450 mg/L). The 
ITS module, composed of 11 units made of polyvinyl chloride (length 70 cm, diameter 4 cm), was 
designed to control the amount of suspended solids entering the AF, which might induce clogging 
phenomena. After this partial pre-treatment, wastewater was sent to the bioreactor, packed with burnt 
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brickbats (average diameter 20 mm, specific surface area 200 m2/m3, total surface area 8.69 m2). The 
treated effluent was withdrawn from the top of the media chamber. The experimental campaign was 
carried out operating at different HRTs (ranging from 3 h to 12 d) and organic loading rates (up to 
2.8 kg COD/m3/d and to 1.8 kg BOD/m3/d), and lasted approximately 600 days. Once the steady state 
(defined as a series of steady determinations of the reduction of the main parameters considered) was 
reached for a specific HRT, this was shifted to the next lower value by increasing the influent flow rate. 
In terms of COD removal efficiency, to obtain a 95% removal a 12hHRT was necessary; for longer 
HRTs, the improvement of the performance was negligible. As regards BOD removal efficiency, the 
trend was very similar: at a 12hHRT the removal efficiency was 90%, reaching 95% only operating at a 
4-d-HRT. The profile of suspended solids showed at an 8 and 12-h-HRT removal efficiency of 90% and 
95%, respectively, while for higher HRTs no significant performance enhancement was observed. In 
terms of biogas production, at a 12-h-HRT the specific yield was 0.35 m3 CH4/kg COD removed, with 
a percent composition of methane ranging from 60% to 70% (30–35% carbon dioxide, together with 
nitrogen and hydrogen sulphide in traces).

4.2.2.4 Anaerobic sequencing batch biofilter reactor
The technology of the anaerobic sequencing batch biofilter has been extensively investigated. 
Based on earlier studies by other authors, focused on the treatment either of domestic or industrial 
wastewater through anaerobic sequencing batch reactors (ASBR), Ratusznei et al. (2000) proposed a 
new configuration for the period, in which the biomass was immobilized on an inert support material. 
Afterwards, this configuration will be named as anaerobic sequencing batch biofilm reactor (ASBBR) 
by Sarti et al. (2006). The objective was to achieve high biomass retention: with this approach, the 
reactor no longer included a settling stage, previously included in a typical work cycle in ASBRs. The 
system consisted of a cylindrical flask (diameter 15 cm, volume 2.5 L, liquid volume 1 L), packed with 
polyurethane foam cubes (total mass 30 g, side 5 mm, apparent density 23 kg/m3) as support medium 
for biomass immobilization and growth. A stirring bar at the bottom of the reactor ensured the 
mixing. The reactor was fed with 0.5 L/cycle of synthetic wastewater (influent COD concentration: 
485 mg/L), and was operated under three daily 8-h cycles, at a temperature of 30°C and at a mixing 
rate of 500 rpm, with the rate being chosen after some hydrodynamic assays. The organic loading rate 
was slightly less than 300 g COD/m3/d. The system was monitored during 36 days of operation. The 
biomass immobilization on polyurethane foam matrix guaranteed a higher solids retention, without 
the need to achieve the formation of biomass granules, thus resulting in a shorter start-up phase. 
The average effluent COD concentration ensured by the ASBBR was 68 mg/L, with a low standard 
deviation which suggested a high process stability. The average COD removal efficiency obtained after 
the first ten days (considered as the start-up phase) was 86%: this outcome could be considered as a 
remarkable one, given that a steady state was achieved in such a short time. Even an assessment of 
dynamic COD profiles was made, and it was highlighted how a minimum COD value in the effluent 
and the maximum COD removal efficiency could be obtained even after 3 h: these results were quite 
in accordance with some findings previously reported in the literature (Sarti, 1998).

After the pioneering research of Ratusznei and her co-workers, which turned the anaerobic 
sequencing batch reactor scheme into the so-called ASBBR one, many researchers continued to study 
this new approach. Sarti et al. (2006, 2007) studied the performance of the ASBBR in treating DWW 
treatment. The system consisted of a polyethylene cylinder (height 1.5 m, diameter 1.0 m, total volume 
1.2 m3, 0.08 m3 at the bottom for sludge accumulation, 0.08 m3 at the top for biogas collection; work 
volume 1.04 m3: 0.65 m3 bulk liquid volume, 0.39 m3 support media volume), filled with polyurethane 
foam cubes (50 mm side, apparent density 23 kg/m3, bed porosity 40%), confined into a perforated 
cylindrical stainless-steel basket. The attached biomass grew up into the inert support material. 
The system was operated at ambient temperatures (28–29°C) under three daily 8-h cycles (after a 
2-h feeding and a 5-h reaction, one experiment involved a 0.5-h discharge and a 0.5-h idle, while a 
second experiment merged these two stages into a unique stage involving a 1-h discharge), treating 
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1.95 m3/d of DWW coming from the University of Sao Paulo campus, with an OLR ranging from 
0.2 to 1.2 kg COD/m3/d. Mechanical stirring was ensured by two rotors operating at 40 rpm. The 
bottom of the reactor allowed either the influent or the effluent to be fed or drawn, respectively. The 
system was not inoculated: however, the continuous flowing of wastewater through the reactor and 
the potential of the support material to entrap the biosolids guaranteed the effective adhesion and 
immobilization of the biomass. The studies performed by Sarti et al. (2006, 2007) lasted more than 
four months. The COD removal efficiency increased along the experimental campaigns (by day 20 it 
was 53%, approximately by day 120 it was higher than 80%), and despite the great variability of the 
influent COD (between A and B mg/L), the effluent produced during the last experimental period was 
characterized by an average COD concentration of 133 ± 39 mg/L, showing the operational stability 
of the system. The suspended solids removal efficiency through the whole period was 63%, with an 
average concentration of 66 mg/L. Given these results, according to the authors the ASBBR packed 
with polyurethane foam cubes could be a feasible solution to treat DWW at ambient temperatures in 
warm regions, such as the tropical and subtropical ones. A microbial characterization of the biomass 
involved in the process was carried out: from the microscopic observation, the presence of anoxygenic 
phototrophic bacteria affecting the performance of the system was revealed.

Different support materials have been assessed as carriers in ASBBR systems. Dutta et al. (2014) 
compared the performance of an anaerobic sequential batch reactor without any carrier material and 
three different ASBBRs (packed in different ways) in treating synthetic municipal wastewater. The 
investigated systems were four bench-scale reactors, named ASBR-1, ASBBR-2, ASBBR-3, and ASBBR-4. 
ASBR-1 was the control, without any support medium, while the others were packed with granular 
activated carbon (GAC), zeolite and both GAC and zeolite, respectively. GAC and zeolite used in this 
study showed similar features (particle size 16–30 mesh, density 0.8–0.9 g/cm3, specific surface area 
500–1000 m2/g). Each reactor (working volume 1 L) contained 100 mL of sludge and 100 mL of support 
material and was operated under 24-h cycles (feeding 0.2 h, reaction 23 h, settling 0.5 h, decanting 
0.25 h), at 35°C and at an HRT of 2.5 d. The chosen OLR was 400 gCOD/m3 d. The reactors were 
fed with a synthetic wastewater characterized by an average COD concentration of 1000 mg/L, and 
the performance was studied for a short period of 30 days. Lower effluent COD concentrations were 
observed for the three ASBBR (77 mg/L for ASSBR-2, and concentrations ranging from 30 to 40 for 
ASBBR-3 and ASBBR-4), if compared to ASBR-1 (average COD concentration 105 mg/L). Better results 
from the ASBBRs were observed also in terms of biogas production: in this case, the highest outcomes 
were shown by ASBBR-4 (278 mL/d) and ASBBR-2 (246 mL/d). A first conclusion deriving from these 
results was that the use of support material allowed to obtain better performance, helping the microbial 
retention and minimizing the washout: notably, the addition of zeolite improved the COD removal, 
while the addition of GAC improved the biogas production. The combined effect of the two different 
filling materials (zeolite and GAC in ASBBR-4) results in higher COD removal and biogas production. 
An explanation of this behaviour was provided by scanning electron microscope (SEM) images of the 
carriers, which showed a rough surface of GAC which was more porous than zeolite, and, for this reason, 
a higher number of microbes preferentially attached to GAC; on the other hand, the positive charge 
on zeolite can induce the adhesion of negatively charged microbes on it. The GAC surface aided the 
microbial adhesion and improved the availability of organic compounds adsorbed onto microorganisms, 
thus resulting in an easier utilization of these compounds and in their conversion into biogas.

Another recent configuration of the anaerobic SBBR, proposed by Pentassuglia et al. (2020), and 
named AnSBio (anaerobic sequencing biofilter) by the authors, will be discussed later in detail in 
Section 1.2.3.

4.2.2.5 Anaerobic hybrid reactor
Among the bioreactors operated with attached biomass growth, also some hybrid plant configurations 
have been investigated with the objective of taking advantage by the combination of the two 
technologies.
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Elmitwalli et al. (2002b) compared the performance of two different reactors (namely, anaerobic 
hybrid reactor (AH), and an anaerobic filter (AF)) for the anaerobic pre-treatment of municipal 
wastewater coming from a Dutch village, operated at 13°C and at a 4-h-HRT for approximately five 
months. The AH reactor was composed of two different units, a sludge bed in the lower part (where 
biomass grows in the suspended form) and an anaerobic filter on top of that. This approach was 
supposed to merge the advantages of UASB and AF reactors, reducing their drawbacks at the same 
time. The two reactors (AH: height 2.55 m, volume 88 L; AF: height 2.1 m, volume 60 L) were both 
made of Plexiglas. Both the AF and the upper part of the AH reactor contained peculiar sheets of 
reticulated polyurethane foam (RPF; knobs at one side, flat on the other side), vertically oriented 
(AH reactor media height: 0.40 m; AF media height: 1.75 m). RPF sheets are also well-known to be 
very effective in the entrapment of suspended solids from DWW. Each reactor was fed upwards, 
and from each reactor the effluent was discharged from an upper section. The biogas produced was 
delivered to a gas meter. The performance of the two treatment systems were assessed by monitoring 
total and suspended COD removal efficiencies. The average total COD removal efficiencies were 55% 
and 34% for AF and AH reactors, respectively. Better results were obtained in terms of suspended 
COD, where both the reactors leveraged the ability of RPF sheets in entrapping suspended solids, 
showing suspended COD removal efficiencies of 82% and 53% for AF and AH reactors, respectively. 
This peculiarity of RPF elements, together with the dragging of the accumulated suspended solids 
in the bottom of the AH reactor, were the main causes for the higher performance of the AF unit. 
Besides being better than those reported for AH unit, the performance from AF reactor resulted also 
to be more stable, with lower fluctuations. According to the authors, these results were also higher 
than those previously reported in the literature: for instance, Wang (1994) found out only a 42% 
removal efficiency for suspended COD ensured by a UASB reactor which treated a similar DWW 
at 12°C and at a 3-h-HRT. Interesting findings were reported by the same authors (Elmitwalli et al., 
2002a) in a study carried out on a two-step AF/AH system which was operated for a year at 13°C: 
average suspended COD removal efficiencies of 81%, 57%, and 58% at HRTs of 4, 3, and 2 h were 
reported, respectively. With regard to biogas production, AF unit produced a greater amount of biogas 
with higher methane content, compared to the AH reactor (70.7% vs 58.9%). Notably, considering 
each stage of the anaerobic digestion, methanogenesis and acidification were higher in the AF unit 
compared with the AH reactor, while hydrolysis was comparable between the two treatments.

Another plant configuration combining two treatment technologies was proposed by Feng et al. 
(2008). The authors investigated the effectiveness of a carrier anaerobic baffled reactor (CABR), whose 
chambers were filled with hollow-sphere carriers made of bamboo, in treating low-strength DWW. 
Anaerobic baffled reactors represent a feasible strategy to treat anaerobically low-strength municipal 
wastewater. These systems are composed of more UASB units, connected through a series of vertical 
baffles, which force wastewater to follow a defined trajectory from the inlet to the outlet (Bachmann 
et al., 1985; Cardoso Grangeiro et al., 2019). The CABR used in this study consisted of a rectangular 
section reactor (length 600 mm, width 120 mm, depth 300 mm, effective volume 17 L), composed of 
six chambers characterized by an equal volume. These regions were packed with a spherical, hollow 
carriers made of bamboo (diameter ∼1.5 cm). The choice of this material was intentional, as bamboo 
is a peculiar herb, native to China, mainly consisting of fibres. This material was firstly split into 
rectangular pieces; then, the pieces were interwoven into spheres and subsequently connected in a 
frame. The material thus obtained was characterized by a high specific surface area (up to 2100 m2/m3: 
this value decreased down to 105 m2/m3 when bamboo pieces held a 95% porosity). This peculiar 
support material was able either to foster the biomass retention or to entrap suspended solids from 
wastewater. Bamboo was chosen as carrier material since, besides being inexpensive, it is also a 
durable material, hard to degrade in anaerobic conditions. The CABR employed in this study was fed 
with real, dilute wastewater (average influent composition: COD 305 mg/L, BOD/COD ratio ranging 
from 0.38 to 0.64, TSS 80 mg/L), coming from dormitories and restaurants from a Chinese university 
and subjected only to a screening pre-treatment. The reactor was operated under ambient temperature 
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(28°C) for three months. Once the CABR attained steady-state conditions, different HRTs (ranging 
from 18 to 48 h) were tested to evaluate the relationship between HRT and COD removal efficiency. 
Observed COD removal efficiencies varied from 79% (at a 48-h-HRT) to 69% (at 18-h-HRT) that is 
the decrease in HRT resulted in a consequent COD removal reduction as also observe by Barber and 
Stuckey (1999). Higher removal efficiencies were reported for suspended solids, whose average value 
was approximately 82%: a major role could have been played by the peculiar support material, well-
known also for its feature to entrap solids. Feng and his co-workers assessed also the effectiveness of 
CABR in terms of microbiological indicators. While the removal of total bacteria was not affected by 
the CABR treatment, a significant reduction of fecal coliforms and Ascaris eggs was observed. As fecal 
coliforms are mainly aerobes, their removal (higher than 99%, either at 24-h-HRT or at 48-h-HRT) 
could be explained by the application of adverse growing conditions. With regard to Ascaris eggs, 
larger than coliforms, their removal (almost 84% at 24-h-HRT, and almost 99% at 48-h-HRT) was 
attributable to physical mechanisms such as deposition and/or filtration. Nevertheless, the anaerobic 
process ensured a certain effect in the pathogens’ removal, although a further disinfection stage would 
be necessary in order to ensure a good quality of the final effluent.

The opportunity of growing biomass in the attached form has been investigated also in membrane 
bioreactors. Harb et al. (2015) carried out a comparative study, under mesophilic conditions (35°C), 
between two different membrane bioreactors (AnMBRs) characterized by as many reactor configurations 
(namely, an upflow attached-growth anaerobic membrane reactor, UA, and a continuous stirred tank 
reactor, CSTR), applied to treat synthetic municipal wastewater. The reasons behind the study were 
based on the assumptions that, according to the literature, the reactor configuration, as well as the 
nature of the biomass involved in the wastewater treatment (suspended vs attached) affects the overall 
performance and membrane fouling, with attached-growth reactors having the potential to decrease 
biofouling effects. The study by Harb and his co-workers was focused on the reactor performance 
and on the microbial communities in the different reactor configurations. Each configurations had a 
working volume of 2 L and was operated at a HRT of 26 h and at an OLR of 0.72 g COD/L/d. In the 
CSTR mode, an internal rotor was operated at 200 rpm, while in the UA configuration the system 
was filled with cylindrical ceramic packing medium (diameter and length 1.5 cm) and operated in 
upflow recirculation mode. Two external cross-flow membrane modules (effective membrane surface 
area 50 cm2 for each module), one polyethersulphone (PES) and one polyvinylidene difluoride 
(PVDF), were connected to each reactor. Membrane modules were connected in series along the same 
recirculation line. From the headspace of the reactors, the biogas produced was continuously sampled 
in gas bags. The synthetic wastewater (average influent COD concentration: 800 mg/L) was composed 
of a mix of organic and inorganic compounds. Confirming the literature data (Martin Garcia et al., 
2013), the study showed that the COD removal efficiencies (90–96%) were comparable for the two 
configurations, although characterized by a different nature of the biomass. The differences among 
the two configurations were related to the methane content in the biogas from the two reactors, 
since the CSTR produced a biogas with a higher methane content compared to the UA (80–90% vs 
75–85%) and a slightly higher methane content in the liquid phase was reported for the UA compared 
to the CSTR. These differences were explained with a different microbial composition among the 
two configurations. According to this study, methanogens and archaea are more present in attached 
biomass systems if compared to suspended biomass ones. One of the possible explanations of this 
phenomenon is related to the longer SRTs of the attached biomass reactors, which would foster the 
presence of these microbial groups (Rittmann & McCarty, 2012).

4.2.3 Case study: anaerobic sequencing biofilter (AnSBio)
The anaerobic sequencing biofilter (AnSBio) is a promising technology born with the idea of combining 
the advantages related to increasing sludge SRT thanks to the presence of a packed section of the 
plant (i.e. the bed), and operating the bioreactor in sequential mode. This approach was supposed to 
support the development of a compact biofilm in the packed section allowing an increase in biomass 
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concentration in the reactor and entrapping particulate organic matter coming from the wastewater. 
This condition should support particulate organic matter hydrolysis (increasing the contact time 
between organic matter and microbial extracellular enzymes) and favour a stable methanogenesis 
even when operating the process at moderate–low temperature.

A study focusing on AnSBio was conducted by Pentassuglia et  al. (2020) to demonstrate its 
feasibility in treating DWW. After reaching steady-state conditions, the AnSBio was operated for 
more than one year at ambient temperature (wastewater temperature range 14–35°C) treating semi-
synthetic municipal wastewater. Indeed, sucrose was added to the real DWW to restore its readily 
biodegradable COD, which quickly disappeared in the storage tank. The average COD of the resulting 
wastewater was 1.056 ± 137 mg/L. The OLR applied to the plant averaged 0.6 ± 0.1 kg COD/m3 d, 
and the HRT was kept constant at 45 h during the whole experimental trial. Reactor performances 
in response to seasonal temperature changes were evaluated in terms of COD and TSS removal 
efficiencies, as well as biogas yield and composition.

The plant operated with treatment cycles each one including three phases: filling/drawing, 
recirculation and idle. During filling/drawing phase, a fixed volume of wastewater was supplied in 
up-flow mode, causing raising of the wastewater level in the reactor and therefore effluent discharge 
by a dedicated port located in the upper section of the AnSBio. During recirculation, wastewater 
was forced flowing through the biofilter increasing substrate diffusion in the biofilter and limiting 
biogas bubbles entrapment by the filling material. The increase in biomass concentration in the bed, 
potentially due to both suspended solids entrapment and biomass growth, was monitored by a pressure 
meter on the bottom of the reactor column. A sketch of the AnSBio described in Pentassuglia et al. 
(2020) is reported in Figure 4.1. The reactor column consisted of four sections: 2 L unpacked zone 
(aimed at wastewater homogenization during filling phase), a 14 L bed (the packed section filled with 
plastic wheel-shape filling material), a 10 L liquid phase above the bed, and 2 L of headspace.

AnSBio provided a COD and soluble COD (sCOD) removal efficiency averaging 82 ± 5% and 
88 ± 5%, respectively. The latter seemed not influenced by the process operating temperature. 
Differently, COD removal efficiency exhibit a less clear trend. Nevertheless, it never felt below 71% 
even when the plant operated at an average daily temperature of 14°C. The good performance in COD 
removal were attributed to the AnSBio design, which effectively decoupled SRT and HRT. Indeed, 
the implementation of inert porous media has been suggested when dealing with systems operated 
under psychrophilic conditions, since biofilm formation allows microorganisms to well cope with 
stress related to low temperature (Zhou et al., 2018). As for example, similar results were obtained by 
Bodík et al. (2002), evaluating the performances of an UAF in the temperature range 8–23°C, which 
found 84–87% COD removal when operating the plant at 15°C. Lower COD removal was obtained by 
other authors with different biofilters: Li and Lu (2017) reported only a 52 ± 6% COD removal when 
operating an anaerobic wool-felt filter reactors (AWFRs) during winter (10°C ± 2) at a 3-d HRT. The 
COD removal efficiency approached 60% when operating temperature was increased to 21°C (spring). 
Similarly, López-López and co-workers (2013) obtained only 57% COD removal using volcanic rocks 
as packing media for an up-flow anaerobic filter when the lowest temperature was tested (20°C). 
However, despite the good removal performances of AnSBio in COD removal, its concentration in 
the effluent averaged 188 ± 53 mg/L, thus exceeding the limit set by the Directive 91/271/EEC for 
wastewater discharge in surface waters, namely 125 mg/L.

Differently from what was observed for COD, the AnSBio was not effective in retaining suspended 
solids. TSS concentration in the effluent averaged 82 ± 40 mg/L, with few values close to 190 mg/L. 
However, the authors could not discriminate the share of TSS in the effluent coming from the DWW 
and those ones representing new biomass detached from the biofilter.

Interestingly, an opposite trend between the biofilter head loss (reflecting biofilter porosity) and 
operating temperature of the plant is observed. The lower the temperature, the higher the head loss 
and therefore, the lower the bed porosity. The raising in head losses with declining temperature might 
be attributed to the progressive reduction of bed porosity resulting from the slower hydrolysis of 
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particulate matter, which accumulates under psychrophilic conditions at the lowest temperatures 
investigated. During warm seasons, microbial population in the AnSBio was supposed to hydrolyse 
the particulate organic matter entrapped during the cold season due to the increase in the hydrolytic 
activity (Chernicharo et al., 2015). Another role in the head loss increase during cold seasons was 
attributed to the production of EPS. Along with structural and trophic functions, a role of EPS in 
cryoprotection has also been validated (Dev et  al., 2019; Pentassuglia et  al., 2018), and there are 
evidences in the literature that enhancement of bed thickness supposedly due to EPS accumulation 
under psychrophilic conditions results in increased hydraulic shear forces (Maaz et  al., 2019). In 
the AnSBio, the increase in EPS concentration and consequent head loss increase might explain the 
higher TSS concentration in plant effluent. It is worth noting that, the cyclic increase and decrease 
of the biofilter head loss, led to a self-regulation of its porosity. Indeed, the AnSBio did not need any 
washing operation aimed at restoring biofilter porosity during the experimental trial.

As far as biogas production is concerned, Pentassuglia et al. (2020) highlighted a clear correlation 
between biogas yield and operating temperature of the plant (Figure 4.2). This finding is in agreement 
with other studies reporting that low temperatures led to a reduction in biogas production, even due to 

Figure 4.1 Sketch of the AnSBio utilized in the experimental trial by Pentassuglia et al. (2020).
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an increase in methane solubility in liquid phase (Bandara et al., 2012; Li & Lu, 2017). According to 
the biogas production measured, the methane yield ranged 104–267 NmLCH4/gCODremoved when the 
AnSBio operate at the lowest and the highest temperature, 14°C and 35°C, respectively. Considering 
the methane content in the gas phase of the plant and the operating temperature, and according to 
Henry’s law, the authors estimated that about 27% and 11% of the methane produced was lost in the 
effluent when the plant operated at 14°C and 35°C, respectively. The methane yield recorded at low 
temperature was far from the maximum theoretical one (0.35 NmLCH4/g CODremoved). However, this 
approach might underestimate methane loss. Anaerobic effluents are supersaturated with methane, as 
was referred for AnMBR and UASB systems operating at low temperatures (Crone et al., 2016; Smith 
et al., 2013).

The low methane yield during cold seasons would be in line with the hypothesis of EPS accumulation 
in these periods, which would reduce the amount of COD actually converted to CO2 and CH4. This 
hypothesis was also supported by the high biogas production during spring, which might be due to 
the unaccounted fraction of particulate COD, which was converted to methane when wastewater 
temperature exceeded 25°C, while it remained un-hydrolysed during winter season.

The most relevant outcomes regarding biogas production refers to the methane content in the 
biogas. The latter ranged 75–90%, with an average value of 84 ± 4%. This value is much higher than 
that usually reported for mesophilic bioreactors. The high methane fraction was attributed to a 
relevant presence of hydrogenotrophic methanogens, generating methane by the reduction of CO2 
using H2. This metabolic route is thermodynamically favoured under psychrophilic conditions, due 
to an increase of gas solubility (Lettinga et al., 2001). The relevant abundance of hydrogenotrophic 
species compared to acetoclastic methanogens at cooler temperatures has been widely described 
(Bandara et  al., 2012; Li & Lu, 2017; McKeown et  al., 2009). Indeed, a few studies focusing on 
anaerobic processes at low temperature reported a methane content in the biogas close (Serrano León 
et al., 2018) or even higher than 80% (Smith et al., 2015).

Figure 4.2 Biogas yield and reactor temperature profiles reported in the study by Pentassuglia et al. (2020).
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4.2.4 Discussion of the results and future developments of immobilized biomass systems
As already pointed out in the previous chapters, application of immobilized biomass systems to the 
anaerobic DWW treatment in moderate and cold climate regions is still limited at lab or pilot scale, 
and additional research efforts are necessary to move at full scale. A number of studies conducted 
since the 1980s with plants operating under variable temperature regimes (simulating seasonal 
wastewater/environmental condition variability) or at constant psychrophilic or mesophilic conditions 
demonstrated the potentialities of these high-rate bioreactors. Future investigations on optimizing the 
process performance by varying the operating conditions at higher scale are strongly required. This 
aspect is of particular relevance in biological systems operating with attached biomass because the 
scale effect on different factors affecting the bioreactor performance, that is mixing efficiency, bed 
characteristics in terms of void fraction, biofilm thickness, is very important. Higher scale testing is 
also necessary to provide a better figure of the cost evaluation because higher cost characterizing these 
systems, in comparison to simpler ones, that is UASB reactors operating with suspended biomass, is 
one of the bottleneck for the process feasibility.

Long start-up times characterizing the anaerobic process are more critical for attached biomass 
operation because process efficiency is determined not only by the specific developed bacterial 
species, but also by the biofilm thickness which has to be at the optimal size to provide efficient 
substrate biodegradation and, at the same time, efficient substrate diffusion. This condition requires 
the optimization of the hydraulic regime in the bioreactor, and specific investigations are required to 
better highlight the relationship between biofilm thickness and hydraulic conditions.

Complexity of the biological systems and of the technology requires long-term experiments, and 
availability of representative mathematical models, still lacking in the specialized literature, could 
help to quickly predict future scenarios saving consistent time amounts.

Finally, a relevant and common drawback to all presented technologies is that, when operating 
at low temperature, a significant fraction of the methane produced during the process was lost in 
the effluent due to both, the limited methane production, and the increased methane solubility, thus 
future research should be devoted to strategies that are able to maximize methane recovery or reuse 
inside the process. This is analysed in detail in Chapter 7 of this book.

4.3 GRANULAR BIOMASS SYSTEMS
4.3.1 Granules characterization and principle of operation
Anaerobic granules make their first appearance in a study by Young and McCarty (1969), their 
presence was reported in the earliest version of an AF, employed to treat low-strength wastewater. 
They justified the peculiar morphology of these granular agglomerates as the consequence of the 
action of the gas bubbles which, moving upwards, rose inside the anaerobic filter. In 1976, anaerobic 
granules were observed in a 6 m3 pilot plant operating at a sugar factory. Thanks to the presence of 
granules, improved process performance was observed (Hulshoff Pol et al., 2004).

Anaerobic granular sludge is characterized by dense microbial communities that typically include 
millions of organisms per gram of biomass. None of the individual species in these micro-ecosystems 
can provide complete biodegradation of the influent pollutants. The degradation of high and low 
strength wastewaters, indeed, involves the complex interactions among all the resident species (Liu 
et al., 2002). The size of the granules is a key parameter since, as well as the density, it determines their 
behaviour in terms of settleability and activity (Trego et al., 2021). Anaerobic granules have typically 
a spherical shape and their size ranges between 0.1 and 5 mm, with the diameter frequently ranging 
between 0.5 and 2 mm (Hermansson et al., 2022; Skiadas et al., 2003; Trego et al., 2021). The porosity 
of anaerobic granules is in the range of 0.64 and 0.9, indicating that they are characterized by highly 
porous structures (Mu et al., 2006). The settling rate of the granules can vary from 18 to 100 m/h, 
with an average value of 60 m/h (Hulshoff Pol et al., 2004; Skiadas et al., 2003). The high settling 
rates indicate that granules are not affected by biomass washout phenomena, thus can operate at high 
biomass concentration, with a consequent optimal use of the working volume (Stazi & Tomei, 2018).
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There are relationships between the geometric parameters of the anaerobic granules, although a 
bibliographic review provided conflicting results. The porosity of the granules increases proportionally 
with the size. In turn, porosity also affects phenomena such as mass transfer and gas diffusion (Trego 
et  al., 2021). By conducting an experiment on anaerobic granules of three different sizes (small, 
medium and large: 0.5–1, 1.5–2 and 3–3.5 mm, respectively), Wu et  al. (2016) observed that the 
density of the granules was also directly proportional to the size: medium and small granules were 
considerably ‘lighter’ than the larger ones. Similarly, the pore size of the granules also increased 
with the granule size. These results conflict with the findings by Mu et al. (2006), according to which 
porosity and diameter of the granules are inversely proportional, probably due to the presence of EPS, 
which could fill the pores of the granules, thus reducing their porosity. Vlyssides et al. (2008) proposed 
a relationship, which would involve granules density and diameter and the ratio between volatile and 
total suspended solids (VSS/TSS), finding a good correlation for both parameters. The relationship 
between the diameter of the granules and the specific biogas production was also investigated, taking 
into account relatively high-strength wastewater with an influent COD concentration of 1000–
6000 mg/L. According to this research findings, at the same COD concentration, larger granules 
ensured a higher specific production of biogas (Wu et al., 2016).

Anaerobic granules are characterized by an organic fraction and an inorganic fraction. The organic 
component consists of EPS, mainly represented by proteins and polysaccharides, also including lipids, 
nucleic acids and, to a lesser extent, organic debris, phages, and lysed cells. The EPS composition also 
influences the physical properties of the granules (Morgan et al., 1990). EPS perform the fundamental 
role of promoting the formation of stable granules, on the basis of electrostatic interactions between 
opposite charges, and of encapsulating and protecting the bacteria from the surrounding environment. 
The EPS percentage is between 0.6% and 20% of VSS (Lim & Kim, 2014; Skiadas et al., 2003). The 
inorganic component consists of ash, whose fraction can vary in a wide range, from 10% to 90% in 
dry weight of the granules. This significant variability depends on the wastewater composition, the 
operating conditions adopted and several experimental parameters (pH, temperature, OLR). Ash is 
mainly made up of calcium, potassium, iron, phosphorus, magnesium, sodium, and to a lesser extent 
elements such as nickel and cobalt. A high ash content in the granule, besides increasing its density, 
can limit the transport of substrates and gas molecules (Lim & Kim, 2014; Skiadas et al., 2003).

4.3.2 Granulation modelling
Although cases of anaerobic granules generated by substrates whose initial degradation step is the 
rate-limiting step and characterized by uniform and non-layered structures are reported (Batstone 
et al., 2004; Fang et al., 1995), studies carried out by means of microscopic techniques have revealed 
how anaerobic granules are aggregates composed of several overlapping layers, in which different 
microbial populations are found. Based on these microscopic observations, MacLeod et al. (1990) 
proposed a multi-layered structural model (Figure 4.3): acidogenic bacteria dominate the outer layer, 

Figure 4.3 Layered structure of anaerobic granules proposed by MacLeod et al. (1990).
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methanogenic bacteria predominantly inhabit the inner, H2-producing and H2-utilizing bacteria 
are mainly localized in the middle layer. Grotenhuis et al. (1991) and Fang et al. (1995) have also 
found some granules with uniform structure. In particular, Fang et al. (1995) argued that a layered 
and uniform microstructure would be developed with, respectively, carbohydrates and proteins as 
substrates.

In the proposed concentric layered structure where each layer is constituted of different bacterial 
trophic groups, each group is expected to perform its respective role in the organics’ degradation, 
producing biomass and EPS in its vicinity. Among the microflora, the methanogen Methanosaeta 
consilii is believed to play a key role in setting up granulation, because the clumps formed by the growth 
of these filamentous microorganisms act as nucleation centres where granule development begins. This 
is followed by subsequent colonization by acetogenic bacteria and hydrogenotrophic methanogens, 
which often leads to the layered granular biofilm structure mentioned above (Hulshoff Pol et al., 2004).

However, over the years, many other hypotheses have been formulated on the granule formation 
mode and, consequently, on its structure. This investigation reveals the complexity of a process that is 
still not fully understood, and which does not seem to offer a unified description.

In general, anaerobic granules form spontaneously by auto-immobilization of bacteria in the 
absence of a support material. Granulation may start by bacterial adsorption and adhesion to inert 
matter, to inorganic precipitates, and/or to each other through physical–chemical interactions and 
syntrophic associations. These substances are the initial precursors (carriers or nuclei) for further 
bacterial growth. The aggregates are then strengthened by EPS secreted by the bacteria themselves 
(McHugh et al., 2003). The inorganic fraction of anaerobic granules can be strongly affected by the 
composition of wastewater and process conditions. The ash content in the granules growing on a 
complex wastewater is lower if compared with that in the granules growing on a simple wastewater 
such as acetate, propionate, or butyrate. Moreover, the sizes of the granules in a complex substrate 
are bigger than those in a simple one. Ash mainly consists of calcium, potassium, and iron. When the 
ash content in the granules is high, this inert material can act as an inhibitor of the transportation 
of the substrate, gases, and metabolites between the cells and the bulk solution. In addition, an 
increase in the ash content results in an increase in the granule’s density. On the other hand, there 
is no relationship between the ash content and the strength of the granule (Lim & Kim, 2014). As 
mentioned, the phenomenon of granule formation has been deeply investigated, and many models 
have been proposed to enhance the understanding of the anaerobic granulation mechanism. These 
models, which include different approaches (structural and thermodynamic), have been reported in 
several articles (Hulshoff Pol et al., 2004; Liu et al., 2002; 2003; Show, 2006). We will discuss some 
of them below, but a broader and more exhaustive overview is available in the mentioned literature.

4.3.2.1 Structural models
Structural models mainly focus on the physical, chemical, and microbiological composition of the 
granules and examine the effects of many factors on sludge granulation.

Selection pressure model
In the selection pressure theory (Hulshoff Pol et al., 1983), the granulation process in a UASB reactor 
is based on the continuous selection of sludge particles. The selection pressure derives by the effects 
of the hydraulic loading rate and the gas loading rate (function of the sludge loading rate). Under high 
selection pressure conditions, light and dispersed sludge will be washed out while heavier components 
can be retained in the reactor. It follows that growth of finely dispersed sludge is minimized, and the 
bacterial growth is dependent on a limited number of growth nuclei, such as inert organic and inorganic 
carrier materials or small bacterial aggregates present in the seed sludge. These growth nuclei increase 
in size until a maximum value, after which parts of the granules detach, producing a new generation 
of growth nuclei, and so on. On the other hand, under low selection pressure conditions growth will 
take place mainly as dispersed biomass, which will lead to the formation of a bulking sludge.
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Inert nuclei model
This model was initially proposed by Lettinga et al. (1980) and it has been experimentally validated 
among others by Montalvo et al. (2012), who observed the presence of porous media in the bioreactor 
that fostered the granulation. The sludge granulation starts from inert matter, which acts as a 
precursor or nucleus on which anaerobic bacteria can attach to form the initial embryonic granule. 
The mature granules can be further developed through the growth of these attached bacteria under 
given operation conditions. The inert nuclei model suggests that the presence of nuclei or micro-size 
bio-carrier for bacterial attachment can be a first step towards anaerobic granulation.

EPS bonding model
The accumulation of EPS can mediate biological adhesion and aggregation processes and play a 
crucial role in maintaining the structural integrity of the microbial matrix. The metabolic blocking 
of exopolysaccharides synthesis was found to prevent microbial adhesion. EPS content in granules 
was hypothesized to change the surface negative charge of the bacteria, and thereby to bridge two 
neighbouring bacterial cells physically one to each other as well as with other inert particulate matters, 
and to settle out as floc aggregates (Cammarota & Sant’Anna, 1998; Schmidt & Ahring, 1994).

The Capetown model
According to Sam-Soon et  al. (1987), granulation depends on Methanobacterium strain AZ, an 
organism that utilizes H2 as its sole energy source and can produce all its amino acids, except for 
cysteine. When this microorganism is under high H2 partial pressure conditions (i.e., excess substrate), 
cell growth and amino acid production will be stimulated. However, cell synthesis will be limited by 
the rate of cysteine supply. Moreover, in the presence of ammonium a high production of other amino 
acids will occur, which Methanobacterium strain AZ secretes as EPS binding Methanobacterium 
strain AZ and other bacteria together to form granules. This hypothesis was suggested in the case of 
a UASB reactor treating a substrate mainly consisting of sugars, with negligible nitrogen content and 
with adequate nutrients and trace elements for growth.

According to this hypothesis, the conditions that favour granulation are:

– high H2 partial pressure;
– plug flow or semi-plug reactor (in order to achieve phase separation) with a nearly neutral pH;
– non-limiting source of nitrogen, in the form of ammonium;
– limited amount of cysteine.

On the contrary, the situations which hinder granulation are:

–  systems where the substrate does not yield H2 in the fermentation process (e.g., acetate) or can be 
degraded only under low H2 partial pressure conditions (e.g., propionate and lipids);

– completely mixed systems, because of the dilution of the high H2 partial pressure.

‘Spaghetti’ theory
This theory was proposed by Wiegant (1987) for sludge granulation in UASB reactors treating 
acidified wastewater, solutions of acetate or mixtures of volatile fatty acids (VFA) with predominant 
Methanothrix bacteria. Wiegant divides the granule formation in two phases:

(1) formation of precursors,
(2) actual growth of the granules from these precursors.

Initially, Methanothrix bacteria form very small aggregates, due to the turbulence generated by the 
gas production, or attach to finely dispersed matter. The concentration of SS should not be too high, 
otherwise the increase in size of the aggregates will be too slow. Selection for aggregates is done by 
increasing the upflow velocity. Once the precursors are formed, their growth will generate granules 
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of spherical shape by effect of the hydraulic shear forces and the upflowing biogas. In this phase, the 
granules have a filamentous appearance, like a ball of spaghetti. Afterwards, rod-type granules are 
formed from these filamentous granules at a high biomass retention time, due to the increase in the 
density of the bacterial growth.

4.3.2.2 Thermodynamic theories
Some authors have analysed the granulation mechanism in terms of the energy involved in the 
adhesion itself, due to the physico-chemical interactions between cell walls or between cell walls and 
alien surfaces. Aspects like hydrophobicity and electrophoretic mobility have also been considered. 
When a bacterium approaches another bacterium, their interaction includes repulsive electrostatic 
force, attractive van der Waals force, and repulsive hydration interaction. Below is a summary of the 
granulation models based on the thermodynamic theory.

Secondary minimum adhesion model
This model is based on the DLVO (Derjaguin, Landau, Vervey, and Overbeek) theory for colloidal 
particles, which shows that reversible adhesion takes place in the secondary minimum of the DLVO 
free energy curve. The Gibbs energy of the reversible adhesion is relatively small, and there is always 
a separation distance between the two adhering bacteria. Thus, the reversible adhesion can change 
to irreversible adhesion at the primary minimum by overcoming the energy barrier or by protruding 
fibrils or fimbriae, which bridge the gap between bacteria (Rouxhet & Mozes, 1990). From this model, 
it appears that anaerobic granulation would start from the self-immobilization of bacteria through 
reversible and followed by irreversible microbial interaction.

Hydrophobic interaction and local dehydration model
Wilschut and Hoekstra (1984) proposed this model suggesting that, under normal physiological 
conditions, the strong repulsive hydration interaction was the main force to keep the cells apart. The 
model shows that when bacterial surfaces are strongly hydrophobic, irreversible adhesion will occur. 
Hydrophobicity and hydrophilicity are usually used to describe a molecule or a structure having the 
feature of being rejected from an aqueous medium (i.e., hydrophobicity), or being positively attracted 
(i.e., hydrophilicity). Hydration interaction becomes significant at surface separations of 2–5 nm or 
less, depending on the nature of bacterial surfaces. According to the surface thermodynamics theory, 
increasing the hydrophobicity of cell surfaces would cause a corresponding decrease in the excess 
Gibbs energy of the surface, which in turn promotes cell-to-cell interaction and further serves as 
driving force for cell self-separation from the liquid phase. Local dehydration of the short-distance-
apart surfaces has been identified as the prerequisite for bacterial adhesion.

Surface tension model
In a bulk solution with a low surface tension, hydrophilic bacteria adhere to one another, while in 
solutions with a high surface tension hydrophobic species are likely to adhere to one another. In general, 
most acidogenic bacteria are hydrophilic, and methanogens appear to be hydrophobic. The surface 
tension model, proposed by Thaveesri et al. (1995), considers the liquid surface tension (γ) in UASB 
reactors. Depending on this factor, bacterial cells may grow in rather loose associations, in multilayered 
granules (γ < 50 mN/m) or in mixed conglomerates (γ > 56 mN/m). Thus, the adhesion of hydrophilic 
cells is enhanced at low liquid surface tension, while the opposite is true for hydrophobic cells.

Proton translocation – dehydration theory
Tay et al. (2000) proposed a theory based on the proton translocation activity at bacterial membrane 
surfaces. In this theory, the sludge granulation process was considered to proceed in four steps:

(1) Dehydration of bacterial surfaces: during the start-up period, the organic wastewater is fed 
into an anaerobic reactor where the seed sludge has been inoculated. The fermentative bacteria 
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secrete extracellular enzymes into the medium to catalyse the hydrolysis/acidification process. 
The organic compounds are degraded into VFA coupling with the electron transport. At the same 
time, the proton pumps on the membranes of these bacteria are activated. Proton translocation 
can establish a proton gradient across the bacterial cell surface and subsequently cause the 
surface protonation. The energized bacterial surfaces result in the breaking of hydrogen bonds 
between negatively charged groups and water molecules as well as partial neutralization of the 
negative charges on their surfaces. This may induce the dehydration of the bacterial surfaces.

(2) Embryonic granule formation: acidogens, acetogens and methanogens may adhere to each 
other forming embryonic granules, as a consequence of the upflow hydraulic stress, of this 
weakened hydration repulsion and of the hydrophobic nature of the cells. In addition, due to 
the transfer of metabolites between cells, a further dehydration of the bacterial surfaces takes 
place leading to a strengthening of these initial granules. In this stage, the new physiological 
environment starts to induce the excretion of EPS to the embryonic granule surfaces.

(3) Granule maturation: the original bacterial colonies continue to grow while other dispersed bacteria 
may adhere to the embryonic granules. The transfer of intermediates determines the distribution 
of micro-colonies within the granule, eventually leading to well-structured bacterial aggregates 
as mature granules. Granule maturation resists and blocks the unrestricted multiplication of 
bacterial cells because of space restriction. This space restriction and the continuous supply of 
substrates facilitate the large production of EPS, which causes the hydration of granule surfaces 
and protects granules against the shear stress and attachment to gas bubbles, with subsequent 
biomass loss by flotation as EPS is highly hydrophilic and biogas bubbles are highly hydrophobic.

(4) Post-maturation: the proton translocating activity keeps the bacterial surfaces at a relatively 
hydrophobic state and is mainly responsible in maintaining the structure of the mature granules. 
On the other hand, the EPS layer outside of a granule causes the hydration of the granule surface, 
protecting the granule against attachment to gas bubbles and shear stress in the UASB reactor.

4.3.3 Overview of the technologies operating with granular biomass
The spatial arrangement of bacteria within an anaerobic granule offers a number of advantages, such 
as more efficient microbial proliferation, access to resources that cannot be reached by isolated cells, 
internal physicochemical gradients within the aggregates, defense against antagonists that eliminate 
isolated cells, optimization of population survival by differentiation into distinct cell types and 
manipulation of biomass in a single phase (McHugh et al., 2003).

Granular sludge-based bioreactor technologies are recognized worldwide as cost-effective and 
efficient for the anaerobic treatment of industrial and municipal wastewater (Ahmad et al., 2020), a 
short description of the technologies suitable for DWW treatment is reported in the following sections.

4.3.3.1 UASB and EGSB bioreactors
The high-rate bioreactors described in Chapter 1 appears as the most favourable technologies for the 
anaerobic treatment of DWW. Among them, the UASB and expanded granular sludge bed (EGSB) reactors 
can operate with high active concentrated granular biomass. This aspect is particularly important because 
the lower metabolic capacity of anaerobic bacteria than aerobic ones makes the anaerobic process less 
efficient as compared to a conventional activated sludge system, especially for low-strength wastewaters, 
thus requiring longer SRTs (Van Haandel et al., 2006). High concentrated granular biomass, indeed, 
ensures efficient biodegradation kinetics and improves the solid–liquid separation thanks to the excellent 
sedimentation properties of the granules. Therefore, it is possible to reduce the HRTs of the reactors 
without lowering the SRT, making this technology competitive with the traditional aerobic process, and 
to lower the SS concentration in the treated wastewater leaving the reactor.

The UASB bioreactor is the system most employed for the anaerobic treatment of DWW (Chernicharo 
et al., 2015), a detailed presentation of the principle of operation and technological features of the 
UASB bioreactors is reported in Chapter 2. Therefore, we provide here only a short reminder. UASB 
bioreactors are fed in up flow mode. The organic matter contained in DWW is converted into CH4 
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and CO2 during the passage of the influent through the granular biomass retained into the reactor by 
settling. At the top of the reactor, a gas–solid–liquid separator allows to collect the produced biogas 
(Gomec, 2010). The critical aspects, which deserve further investigations to fully exploit the potential 
of such promising technology are:

–  the washout of suspended solids and undigested residual organic matter and nutrients over 
the discharge requirements, causing the need of effluent post treatment and the related energy 
demand (Crone et al., 2016),

–  the presence of dissolved methane (dCH4) in the treated effluent, which can be released into the 
atmosphere if not properly recovered.

The emission of this dangerous greenhouse gas represents not only a performance decrease in 
terms of energy recovery, but also a strong negative environmental impact. Losses of dCH4 through 
anaerobic effluents can amount between 45 and 88% of the total CH4 produced, depending on load, 
reactor type and temperature. Consequently, strategies for the recovery or reuse of dCH4 within 
the same treatment process by biological oxidation are required for making anaerobic treatment an 
attractive option for energy-neutral and climate-friendly DWW management (Cookney et al., 2016; 
Lee et al., 2018).

Anaerobic granules have been most commonly developed in UASB and EGSB reactors. Both high-
rate systems have been presented in Chapter 1. A brief description of some other anaerobic granules-
based bioreactors is reported below, while a more detailed characterization can be found elsewhere 
(Liu et al., 2002; Liu & Tay, 2004; McHugh et al., 2003).

4.3.3.2 Internal circulation reactor
The internal circulation (IC) reactor, also considered a high-rate bioreactor, consists of two 
interconnected UASB compartments. In the first highly loaded compartment most of the organic 
matter is converted into biogas. The biogas is collected by a lower level phase separator and is used to 
generate a gas lift able to carry upward wastewater and sludge, via a riser pump, to a two-phase (gas/
liquid) separator located at the top of the reactor where the biogas is separated from the wastewater/
sludge liquor and leaves the system. The mixed liquor is guided to the bottom of the reactor, where 
it mixes with the influent resulting in the internal circulation flow. The upflow of the biogas drives 
the internal circulation. The residual biodegradable COD of the effluent coming from the first 
compartment is removed in the second one. Any biomass lost from the first compartment is retained 
in the upper section, allowing the application of high organic and volumetric loading rates. The high 
organic loading rates and low HRTs generate high turbulence within the reactor, causing higher 
average granular shear rates than those observed in UASB reactors, thus resulting in the development 
of sludge aggregates larger than granules developed in UASB reactors. Comparison tests showed that 
the granular sludge generated in IC reactors has higher methanogenic activity than anaerobic sludge 
of UASB reactors, and that the potential sludge activity is more efficiently used within IC reactors. 
Therefore, among new generation anaerobic reactor systems, IC reactor looks a viable competitor of 
the well-established UASB reactor (McHugh et al., 2003).

4.3.3.3 Anaerobic sequencing batch reactor
The major characteristics making an anaerobic sequencing batch reactor (ASBR) different from an 
UASB reactor are the following: a feed distribution system is not required; there is no three-phase 
separator; an upflow hydraulic pattern is absent; the operation is in discontinuous mode (Liu & Tay, 
2004). Kennedy and Lentz (2000) suggested that, at low organic loading rates, the performances of 
continuous UASB and ASBR are quite similar. However, continuous UASB reactors perform better 
than the ASBRs at high organic loading rates. Additionally, ASBR at full scale may require a buffer 
tank to store the incoming DWW before the feeding phase. Moreover, it is recommended to operate 
with two or more ASBR units in parallel. A case study involving a UASB reactor working on sequential 
mode will be displayed in the next section.
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4.3.3.4 Anaerobic migrating blanket reactor
The anaerobic migrating blanket reactor (AMBR) is a continuously fed compartmentalized system that 
does not require a gas–solid separator and systems for feed distribution. The anaerobic granules here 
developed are darker in colour, smaller, and denser than granules formed in an UASB reactor, which 
operates under similar conditions. The AMBR has some advantages over the UASB reactor, such as 
low biomass migration rates, less chance of short-circuiting, efficient removal of poorly biodegradable 
compounds, and the possibility to be operated in step feed mode for high-strength wastewaters during 
shock loads. However, the internal structure of this reactor is more complex than that of UASB. For 
example, the AMBR requires multipoint mechanical mixing to improve feed distribution and prevent 
clogging by sludge (Angenent & Sung, 2001).

4.3.3.5 Anaerobic hybrid reactor
As extensively discussed in Section 4.2.2.5 AH reactor combines the operating principle of UASB 
and AF reactors, promoting the advantages of both systems and minimizing their constraints. The 
bottom section of the reactor is designed as a UASB and contains a granular sludge bed, while the 
top section has a randomly packed matrix which aids in biomass retention and provides a surface for 
the attachment of microorganisms. The use of packing media only in the top portion of the reactor 
minimizes the channelling problems which can occur with granular biomass generally associated with 
fully packed upflow AFs. Most of the biodegradable COD is converted into biogas in the UASB section 
and any remaining COD is moved through the AF section where it is degraded by the microorganisms 
present in the biofilm. In addition, to avoid granular sludge washout, the upper AF section serves as an 
effluent polishing step. Anaerobic hybrid reactors are reported to offer considerable advantages with 
respect to buffering against shock loading, with the AF section contributing to reactor stability and 
reliability (McHugh et al., 2003).

4.3.4 Granulation in UASB reactors
4.3.4.1 Start up
The granulation process, the pre-requisite of a UASB system start-up, is usually very time-consuming 
partially because of the slow growth of methanogenic bacteria and, subsequently, the slow formation 
of embryonic granules. Therefore, reducing the time required for granulation has always been one of 
the most important goals of research in UASB technology. Many types of seed sludge can be used for 
UASB inoculation, such as digested sludge, digested manure, septic tank sludge, pond sediment, and 
raw waste activated sludge. The best option would be to inoculate with granules already formed, for 
example coming from other reactors or preserved in case of UASB reactors, which operate seasonally 
or intermittently. In this latter case, the start-up of new installations can even be completed within a 
few days (Xu & Tay, 2001).

Reactor start-up is a very important economic process step, because during this period the productivity 
of the wastewater supplier must be adapted to the capacity of the treatment plant. In addition, inadequate 
start-up causes poor subsequent treatment and often requires expensive system maintenance and effluent 
post-treatment. Start-up is often considered the most unstable and difficult phase in UASB reactors. It 
can require long times, even several months. Therefore, the reduction of the start-up time is one of the 
key parameters to increase the competitiveness of UASB reactors (Show et al., 2004).

The formation and growth of anaerobic granule is not only important for the start-up of the reactor. 
Granules, to be formed and acclimatized for the specific wastewater, have to be preserved as long as 
the reactor is in operation. For this reason, it is important to list and describe the parameters and 
operating conditions which influence this process.

4.3.4.2 Factors affecting granulation in UASB reactors
Anaerobic sludge granulation is quite complex and is affected by many physicochemical parameters 
and operating conditions. As a consequence, the information on the major factors influencing this 
process is fundamental to pursue possible strategies for fast production of anaerobic granules.
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Temperature
Composition of granules in UASB reactors strongly depends on the operational temperature as different 
species achieve optimum growth rates at different temperatures. Sudden temperature changes could 
result in granule disintegration in the reactor (Abbasi & Abbasi, 2012). Methanogenic bacteria, the 
core microbial component of UASB granules, grow slowly and their generation time ranges from 3 
days at 35°C to more than 50 days at 10°C. This implies that UASB reactors should be operated at 
a temperature range of 30–35°C. However, DWW treatment in UASB reactors is not beneficial at 
such temperatures, since in most cases additional energy is required to heat the wastewater. Heating 
wastewater increases difficulties associated with operation and management of the system, and the 
advantages of UASB system, such as simple in construction and operation and no additional electricity 
requirement would be lost (Liu et al., 2002). Thus, operation at temperatures of 30–35°C is carried out 
only in regions with a hot climate, where the observed wastewater temperature is often in this range.

pH
Anaerobic reaction involves a complex consortium of microbial species which can be divided into three 
categories: bacteria responsible for hydrolysis; acid-producing bacteria and CH4-producing bacteria. In 
general, acid-producing bacteria can tolerate a low pH with an optimal range of 5.0–6.0, but most CH4-
producing bacteria prefer a very narrow pH range of 6.7–7.4. Thus, it can be assumed that a stable pH 
close to neutrality is desirable to obtain good-quality granulated sludge (Liu et al., 2002).

The acidogenic population is significantly less sensitive to pH fluctuations compared to 
methanogens. For this reason, in extreme pH conditions, acid formation prevails over methanogenesis, 
resulting in accumulation of VFA inside the reactor. The differential growth of fermentative bacteria 
and methanogens may cause pH changes if the VFA concentration exceeds the buffering capacity of 
the reactor content. These conditions generally lead to granule disintegration causing the death of 
methanogens (Tiwari et al., 2006).

Organic loading rate
From a microbiological point of view, the OLR describes the degree of starvation of the microorganisms 
in a biological system. A low OLR means that the microorganisms in the reactor are starved, while 
a high OLR would lead a fast microbial growth. There is evidence that anaerobic granulation is 
accomplished by gradually raising the OLR during the start-up (Liu et al., 2002). Ghangrekar et al. 
(2005) have suggested that OLR in the range of 2.0–4.5 kg-COD/m3/d is suitable for developing good 
granular sludge, but the optimum range of OLR and HRT is related to other parameters, such as 
the strength and composition of substrates, temperature and the concentration of nutrients, macro-
metals, trace metals, and anions like sulphate.

Substrate characteristics
Characteristics of organic substrate may influence the formation, composition, and structure of 
anaerobic granules. Based on the free energy of oxidation of organics, the substrate can be classified 
into high-energy and low-energy feeds. During the UASB start-up period, high-energy carbohydrate 
feed can sustain the acidogens and facilitate the formation of EPS (Liu et al., 2002). The presence 
of a certain species in a location within the granule is governed by the concentration of a specific 
substrate (e.g. acetate for methanogen and sucrose for acetogen) at that location. The concentration 
of a substrate in a location within the granule is in turn governed by the intra-granular diffusion and 
rate of formation (acetate by acetogen) or consumption (acetate by methanogen). Thus, the layers in 
a granule may form due to the interplay of the rate of intra-granular diffusion of substrate and the 
reaction rates of different steps in the degradation (Tiwari et al., 2006).

Upflow velocity and gas production
The upflow velocity of influent and the superficial velocity of biogas have an impact on granules. At 
upflow velocities above 1 m/h, the granules may disintegrate due to shear stress, and the resulting 
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fragments may wash out of the reactor. Vigorous gas evolution at high OLR may cause the bacterial 
cells to shear-off from granule surface, eroding the granules. The upflow velocity is generally kept 
between 1 and 6 m/h and values up to 10 m/h can be employed in the EGSB reactors (Abbasi & Abbasi, 
2012). In this way, it is possible to achieve a good expansion of the sludge bed, ensuring the effective 
contact between biomass and wastewater, but avoiding, at the same time, granules disintegration and 
biomass dragging in the effluent (Stazi et al., 2022).

Cations and heavy metals
The presence of positive divalent and trivalent ions, such as Ca2+, Mg2+, Fe2+, and Fe3+, could bind to 
negatively charged cells to form a microbial nuclei. Therefore, they could be a key factor in granulation 
phenomenon (Liu et al., 2002). In addition, multivalent cations condense the diffused electric double 
layer and facilitate flocculation due to van der Waals forces (Liu et  al., 2003). The predominant 
binding groups for metals on the surface of bacteria are carboxyl and amino groups in proteins. Heavy 
metals compete with other ions in the solution for these binding sites on the cell surface. The relative 
toxicities of some metals depend on pH, VFA concentration, HRT, type and form of metal ions, and 
strength and affinity of the binding groups present on the surfaces of prevalent microorganisms. The 
presence of inert solids in the granules offers some abiotic surfaces to interact with the metal ions and, 
in turn, increases the toxicity resistances of granules (Tiwari et al., 2006).

Synthetic and natural polymers
One of the important factors for the development of granules from non-granular sludge is the presence 
of nuclei or biocarrier for microbial attachment growth. Synthetic and natural polymers have been 
widely used in coagulation/flocculation processes. These polymers can promote particle agglomeration 
(Liu et al., 2002). In anaerobic reactors, polymers are mainly used either to immobilize the anaerobic 
sludge or to reinforce the strength of the already existing granules by coating the granule surface 
with a thin layer of polymer (Liu et al., 2003). Adsorption of polymers on the surface of the dispersed 
bacteria and neutralization of their surface charges is one of the principal mechanisms to promote 
anaerobic granulation (Kalogo et al., 2001).

4.3.5 Case study: granular UASB operated in sequential mode
This section reports the recent experimental study conducted by Stazi et al. (2022) on the feasibility 
of an UASB, working as sequencing batch reactor (SBR), for the treatment of a synthetic DWW at 
COD concentration of ≈500 mg/L. Tests were conducted at different temperatures (35°C, 25°C and 
15°C), representative of three climatic zones, and different HRTs. The SBRs are characterized by 
high flexibility given by the modularity. For this reason, they can be proposed for DWW treatment 
plants (WWTPs) characterized by marked variability of the influent load (i.e., seasonal variation in 
touristic areas). Moreover, they allow a detailed study of the kinetic trends, according to the different 
temperatures tested, thanks to the sequential operation mode: working on time base enables a direct 
detection and analysis of the process kinetics. Another aspect investigated, and still few explored in 
the literature at experimental level, deals with the quantification, through a complete mass balance, 
of dCH4 in the effluent at different operating conditions.

The experimental set-up of the laboratory SBR-UASB reactor is shown in Figure 4.4. The jacketed 
glass reactor, with a working volume of 0.9 L, was equipped with three peristaltic pumps for wastewater 
feeding (0.5 L each cycle), internal liquid recirculation during the reaction phase, and treated effluent 
discharge (0.5 L each cycle), and with two 0.5 L gas bags to equalize the pressure and maintain 
anaerobic conditions inside the reactor. The different temperature conditions were controlled by a 
circulation thermo-cryostat connected to the reactor jacket. Each operating cycle consisted of four 
phases: feeding, reaction, biomass sedimentation, and effluent discharge. The reaction phase was 
operated with liquid recirculation from the top to the bottom of the reactor to expand the sludge 
bed, thus ensuring good contact between the biomass and the wastewater. The up-flow velocity of the 
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recirculated liquid was maintained at 8 m/h. This value has been defined, according to the literature 
(Abbasi & Abbasi, 2012), as the best compromise to achieve an effective expansion of the sludge bed, 
avoiding, at the same time, biomass dragging. At each temperature, different HRTs have been tested 
starting from 22 h and gradually decreasing this value.

The UASB reactor exhibited excellent removal efficiencies of the organic matter at 35°C and 25°C 
for all HRTs tested (22, 14, 9 h). At 15°C there was a reduction of the COD biodegradation kinetics 
and tests have been stopped at HRT of 12 h because at this value the effluent COD exceeded the 
limits of 125 mg/L, imposed by the Italian regulations for discharging into receiving water bodies 
(DLgs 152/2006). The typical COD removal rates obtained, expressed as COD/CODt0, where t0 is 
the starting time of the reaction phase, are reported in Figure 4.5. At all three temperature conditions 
it is observed as a higher maximum COD removal rate (given by the slope of the COD concentration 
curve), as the HRT decreases. This phenomenon may be due to the effect of biomass acclimatization 
as the tests have been conducted in the sequence of decreasing HRT. The trends shown in Figure 4.3.3 
reveal that COD removal kinetics are not significantly different at 35°C and 25°C, while at 15°C the 
effect of acclimatization is less evident. The results confirmed that the temperature greatly affects 
the UASB performance, hindering the diffusion of this technology in European countries, where 
temperatures drop under 15°C in winter.

The UASB reactor revealed similar and good performance at 25°C and 35°C, without substantial 
differences by varying the HRT: in particular COD removal and specific biogas production were, 
respectively, 84–94% and 0.14–0.27 m3-biogas/kg-CODremoved.

In their study, Stazi et al. (2022) analysed several parameters. A summary of the values obtained 
is shown in Table 4.2 for the lowest HRTs, tested at each temperature, which allowed to reduce COD 
concentration as required by the Italian regulation. Higher HRTs, indeed, do not make the technology 

Figure 4.4 Experimental set-up of the laboratory SBR-UASB reactor tested by Stazi et al. (2022).
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competitive with the traditional aerobic treatment. Except for the COD removal percentage, and its 
consequent concentration in the treated wastewater which is in the range 26–44 mg/L at 25°C and 
35°C and 93–110 mg/L at 15°C, it can be observed that all the other parameters are comparable. 
In particular, VFA concentration always stays below 6 mgacetic/L and total solids (TS) concentration 
between 12 and 17 mg/L. In addition, N and P concentrations remain unchanged with respect to the 
fed wastewater, exceeding the effluent standards, set at 10–15 and 1–2 mg/L, respectively, but without 
altering the system stability. The best option for these nutrients is their recovery for fertilizing purposes. 
It is noteworthy how less organic matter removal does not correspond to less biogas production as 
might be expected. This phenomenon can be due to the entrapment of gas bubbles inside the granular 
biomass, making it difficult to find, for such systems, a correlation between COD consumption and 
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Figure 4.5 COD removal kinetics as a function of HRT and at different operating temperatures: (a) 35°C; (b) 25°C; 
(c) 15°C (modified from Stazi et al., 2022).
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biogas production on the basis of the theoretical value expected by the process chemical reactions. 
This technological aspect could be improved by increasing the recirculation rate, within the limits of 
granules disintegration, thus allowing a more effective fluidization of the sludge bed.

The shortest HRT of 9 h reached at 25°C and 35°C, comparable to that of conventional aerobic 
treatment systems, was deeply investigated with additional measurement of the CH4 fraction in the 
biogas produced and concentration of dCH4 in the treated effluent. The biogas production and its CH4 
fraction were, respectively, 41 N mL and 74–77% at 35°C, and 32 N mL and 53% at 25°C, while dCH4 
in the effluent was 5.45–8.72 mg/L at 35°C and 7.13–7.54 mg/L at 25°C. It followed that, with respect 
to the total CH4 produced, the fraction that is lost for energy purposes, as it is dissolved in the liquid 
phase, amounts to 36–38% at 25°C and 20–29% at 35°C. The values obtained for CH4 losses with the 
effluent reveal that higher losses are achieved in these systems at lower temperatures as CH4 solubility 
increases with decreasing temperatures. Taking into account the measured specific biogas productions 
and the percent fraction of CH4 in the biogas, specific CH4 production rates were in the range of 
0.07–0.14 m3CH4/kgCODremoved at 25°C and 0.1–0.18 m3CH4/kgCODremoved at 35°C. The measured CH4 
yields resulted lower than the theoretical value, calculated according to the stoichiometric anaerobic 
conversion of glucose into CH4 and CO2 (0.35 Nm3CH4/kgCODremoved). Possible reasons, in addition 
to the wastewater composition, are the partial entrapment of gas bubbles in the granular bed and CH4 
oversaturation in the liquid phase, with respect to the equilibrium concentration calculated according 
to Henry’s law. This latter phenomenon may also be due to the accumulation of CH4 in the liquid 
phase of the reactor as an effect of the sequential mode.

The case study here reported the problem of dCH4 in anaerobic effluents of high-rate reactors for 
its consequent GHG emissions in the atmosphere and energy loss. In the literature, several methods 
have been proposed to recover or remove CH4 from anaerobic effluents, such as biological oxidation 
in down-flow hanging sponge reactors, air stripping, mechanical or gas mixing, and membrane-based 
recovery. Limitations and perspectives for dCH4 recovery or reuse and new methods as post-treatment 
of anaerobic effluents are widely discussed in Stazi and Tomei (2021).

4.3.6 Discussion of the results and future developments of granular biomass systems
Anaerobic granulation is a complex process in which a number of thermodynamic, physical, chemical, 
and microbiological parameters are involved. Although some mechanisms and models for anaerobic 
granulation have been proposed, there is still lack of a comprehensive understanding of these processes.

Granular sludge bioreactors are recognized as cost-effective and efficient technologies for the 
anaerobic treatment of both industrial and municipal wastewaters. High-rate reactor designs, such 
as UASB, EGSB, and the IC, have allowed for the application of granular sludge technologies to the 

Table 4.2 Summary of SBR-UASB experimental results obtained by Stazi et al. (2022).

T = 35°C T = 25°C T = 15°C

HRT = 9 h HRT = 9 h HRT = 14 h

Influent COD (mg/L) 544–560 488–540 472–508

Effluent COD (mg/L) 29–39 26–44 93–110

COD removal (%) 89–91 85–92 64–68

Biogas production (m3/
kgCODremoved)

0.14–0.21 0.15–0.25 0.11–0.34

Effluent VFA (mgacetic/L) 0 2.1–2.2 4.2–5.4

Effluent N-NH3 (mg/L) 59–60 51–54 36–46

Effluent P-PO4 (mg/L) 6.8–7.4 7.2–7.6 6.4–6.8

Effluent TS (mg/L) 13–17 10–17 12–17
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treatment of a wide range of wastes, from high-strength to very low strength as DWWs, and even in 
a large range of temperatures. Among them, the system much employed worldwide is represented by 
UASB bioreactors. One of the biggest challenges regarding UASB technology, operated with granular 
biomass, is to shorten the start-up time of the reactor by speeding up granule formation. This process is 
affected by many physicochemical parameters and operating conditions and various external additives 
have shown promising results in this direction.

The experimental UASB-SBR case study, described by Stazi et al. (2022) and here reported, focused 
on the main aspects which need to be improved for exploiting all the potentialities of UASB bioreactors in 
DWW treatment: effluent quality, energy and nutrients recovery, and reduction of CH4 losses. The study 
showed how this technology can successfully treat DWW. Moreover, biogas production and potential 
nutrients recovery confirm the relevance of anaerobic digestion as sustainable treatment of low-strength 
wastewaters. The results of the proposed study can be used to provide practical information and suggest 
lines of investigations on UASB reactors, in the treatment of low-strength wastewaters, especially at 
temperatures typical of European latitudes, and at HRTs comparable with traditional aerobic WWTPs.

As already discussed for immobilized biomass systems, further investigations are required to 
formulate detailed process models able to give an exhaustive representation of the complexity of the 
biological granular systems both at micro (single granule) and macro (bioreactor) scale as well as the 
effects of the hydraulic regime on the granule maintenance.

In conclusion, we can say that the increased need of sustainability in wastewater treatment systems 
reveals the importance of capture of the full energy and the water and nutrient resource potential 
contained in wastewater, thus underlining the importance to improve the performance of anaerobic 
systems working with granular biomass, such as UASB reactors, in order to realize their full-scale 
application in a wider spectrum of climate regions.
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ABSTRACT

Although modern anaerobic sewage treatment systems and in particular the upflow anaerobic sludge blanket 
reactor (UASB) have demonstrated remarkable performance in tropical and subtropical regions, the effluent quality 
is generally not compatible with discharge standards in many countries, so post-treatment becomes necessary. In 
practice, the most widely applied post-treatment options are polishing ponds (PPs) and other aerobic treatment 
bioreactors. PPs are treatment units treating anaerobically pre-treated wastewater, which distinguishes them from 
conventional waste treatment ponds, wherein normally raw wastewater is treated. Anaerobic pre-treatment has a 
very profound influence on the configuration and operation of PPs, as will be shown in this chapter. Other aerobic 
post-treatments can be realized with conventional activated sludge systems, or more complex technological 
solutions including membrane bioreactors (MBRs) or trickling filters. The anaerobic–aerobic treatment has important 
advantages compared to the purely aerobic treatment: the volume and sludge production is much smaller, there is 
a possibility that the anaerobic–aerobic system operates with energetic self-sufficiency and the concentration of 
excess sludge is much higher facilitating its processing. An important problem of anaerobic–aerobic treatment is 
the difficulty of producing a final effluent with low nutrient concentration. Anaerobic sewage treatment reduces the 
content of biodegradable organic matter in the effluent, limiting in practice the removal of phosphorus to the use 
of chemical precipitation systems. For the case of nitrogen, the alternatives only go through new processes, which 
complement the poor capacity of conventional denitrification due to the limited concentration of biodegradable 
organic matter. This limits in practice, the nitrogen elimination capacity of activated sludge systems or trickling 
filters treating effluents from UASB reactors. A notable breakthrough could occur if reliable partial nitrification 
anammox processes for the water line were developed, as these are still under development, or systems in which 
the dissolved methane present in the anaerobic effluents was used to denitrify, as it has already been observed in 
some MBRs.

Keywords: aerobic post-treatment, anaerobic sewage digestion model for pH change, nutrient removal, organic 
material removal, pathogen removal, per capita area in polishing ponds, polishing ponds, transfer ponds.

Chapter 5

Post-treatment of anaerobically 
digested sewage for nutrient removal
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5.1 INTRODUCTION
Anaerobic sewage treatment was applied in the first stage, to give adequate treatment to urban 
wastewater, in warm regions of the planet, through a system with low energy demand and scarce 
sludge production. This system was able to provide a cost-effective response to the elimination of 
oxygen-consuming organic substances that were previously discharged into the aquatic environment 
with untreated sewage. On the other hand, there is a growing concern about developing energy self-
sufficient processes, even in other colder regions of the world as the US and Europe, for treating 
wastewater (Delgado Vela et al., 2015; EEA, 2022), where energy recovery through the methanation 
of organic matter can be the way to increase sustainability of the WWTPs.

Although efficient, anaerobic sewage treatment does not produce an effluent quality that is compatible 
with most environmental standards, and post-treatment is required to reduce the concentrations of 
four components: organic material, nitrogen, phosphorus, and pathogens. Poor nutrient removal is 
one of the main drawbacks of the anaerobic sewage technology, so its application in nutrient-sensitive 
areas will require the development of post-treatment processes that effectively remove nitrogen and 
phosphorus compounds, avoiding those that might imply eliminating the energy benefits of anaerobic 
treatments. The elimination of a large fraction of the organic matter in anaerobic treatment system 
limits, in practice, the use of conventional biological nutrient elimination, using enhanced biological 
phosphorus removal (EBPR) or conventional nitrification–denitrification processes due to the low 
BOD5/P and BOD5/TN of anaerobic effluents.

The effluents from anaerobic upflow anaerobic sludge blanket (UASB) treating sewage contain 
COD values between 100 and 200 mg/L; BOD5 60–120 mg/L; NH4

+-N 30–50 mg/L, and PO4
3--P 

10–17 mg/L (Foresti et al., 2006). Additionally, the presence of other compounds as dissolved methane 
and hydrogen sulphide, varies depending on temperature and sewage composition. In practice two 
post-treatment biological systems have been mostly applied for anaerobically treated sewage: (1) 
polishing ponds (PPs) and (2) other aerobic post-treatment systems.

Treatment through PP is an evolution of the waste stabilization ponds (WSP). WSP are the oldest 
communal sewage treatment units (Parker et  al., 1950). The proposed Australian system had the 
limited objective of removing organic material. To achieve this objective, the system was composed 
of a series of three ponds: an anaerobic pond (AP), for the removal of organic material by anaerobic 
digestion; followed by a facultative pond (FP), with mixed anaerobic and aerobic conditions for 
additional organic removal; and, one or more maturation ponds (MP) for further organic material 
removal in a predominantly aerobic environment. For the FP, the main design criterion is that there 
must be an equilibrium between the production of dissolved oxygen (DO), due to the photosynthesis of 
algae present in the pond, and DO consumption, due to the oxidation of organic material by bacteria. 
This means that the FP must be at least partially in an aerobic environment. In MPs, DO production 
is normally larger than DO consumption, so that MPs are predominantly aerobic.

Marais and Shaw (1961) established that WSPs were also efficient in removing pathogens: helminth 
eggs by sedimentation, and thermotolerant coliforms (TTC) decay with time. Marais (1974) established 
that TTC decay was a first-order process and optimized the MPs, showing the advantage of subdivision. 
Thus, a system was developed by combining the Australian system for organic material removal and 
Marais’ system for pathogen removal, but for both purposes, a long retention time was required. In 
the 1960s and 1970s, it became clear that nutrient removal was necessary to avoid eutrophication. 
Although nutrient removal was attempted in WSPs, Pano and Middlebrooks (1982), Bastos et  al. 
(2018), and Zimmo et al. (2003) have shown that nitrogen removal is at most partial and phosphorus 
removal is poor (Gomez et al. 2000). Thus, even though much research has been conducted (Ho et al., 
2017), much less progress has been made to improve the four main problems of WSPs: (1) large surface 
areas required, (2) the liberation of biogas from the AP releases odorous compounds and greenhouse 
gases into the atmosphere, (3) long outfall to combat odour problems for the contributing population 
and (4) poor effluent quality since efficient nutrient removal is impossible. Secondary problems due 
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to the use of AP are (5) that the sewage suspended solids accumulate, so that operation must be 
interrupted to remove them every few years, and (6) due to the odour problem the WSP system must be 
constructed far away from the urban region, which means that a long and costly outfall is necessary.

Most of the disadvantages of anaerobic ponds are eliminated when they are replaced by an efficient 
anaerobic treatment unit like UASB (Lettinga et al., 1980). The biogas is captured and can be used 
productively or flared off so that methane is converted into less offensive carbon dioxide. Also, the 
sewage suspended solids accumulate in the anaerobic reactor and can be discharged and transformed 
into a semi-solid or a solid, with the possibility of being used as an organic fertilizer. In addition, since 
at least in principle there is no biogas emission to the atmosphere, the odour problem does not exist 
and construction near or even within the urban region to be served is feasible. Today, more than 900 
units are operating in Brazil alone (Van Haandel & Van der Lubbe, 2019; Van Lier et al., 2020).

As anaerobic pre-treatment has a profound impact on all aspects of pond design and operation, it 
is convenient to use the term WSP for raw sewage treatment (Mara, 1997), and PP for post-treatment 
of digested sewage (Cavalcanti, 2003). For instance, the need for an aerobic condition in the FP 
integrated in WSPs, leads to a large area, because the oxidation of the AP effluent requires much 
oxygen, and the photosynthesis rate is relatively low because of the low transparency (presence of 
colloids) of the AP effluent. By contrast, after efficient anaerobic treatment photosynthesis develops 
at a higher rate in the clear effluent, whereas the oxygen demand is relatively low, so the oxygen 
production rate will always be greater than the oxygen consumption rate. This in turn means that 
there is an equivalent consumption of carbon dioxide to oxygen production, and this will trigger a pH 
increase in the PP, a feature that is not normally observed in WSPs. The pH increase makes nutrient 
removal feasible: nitrogen removal by desorption of ammonium gas and phosphorus by precipitation 
of phosphate.

The pH increase in the PP has a strong influence on the processes that develop, especially 
concerning the nutrients. In Figure 5.1, the fractions of gaseous (NH3), and saline ammonia (NH4

+) 
have been plotted as a function of pH. The NH3 fraction increases from a very small value at pH = 7 
(the likely pH of anaerobic effluent) to a fraction of 50% of the total ammonium concentration at 
pH = 9.3. The mechanism of nitrogen removal in PP is the desorption of gaseous ammonia from the 
liquid phase. The desorption/absorption processes can be described in terms of Fick’s law, which says 
that the rate of the processes is proportional to the inductive force of those processes. In the case 
of volatile components (CO2 and NH3), the inductive force is the difference between the saturation 
concentration and the actual concentration.

In Figure 5.2, the fractions of H2PO4
-, HPO4

2-, and PO4
3- are plotted as functions of pH. The 

removal mechanism of phosphate in PP is due to PO4
3- precipitation with cations that may be present 
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Figure 5.1 NH3 and NH4
+ fractions as a function of pH.
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in the wastewater (like Ca2+) or may be added during or after the treatment in the PP (like Al3+). Figure 
5.2 shows that the pH must be high before a considerable PO4

3- fraction is formed and precipitation 
can take place. When Figures 5.1 and 5.2 are compared it is concluded that nitrogen will be removed 
before phosphate removal will occur.

In anaerobic–aerobic treatment systems, an aerobic post-treatment system like activated sludge 
or biofilm bioreactor is preceded by efficient anaerobic treatment for example in a UASB reactor. 
In principle, this anaerobic–aerobic set-up can produce a final effluent equivalent to purely aerobic 
systems except, as stated, for the possibility of removing nutrients efficiently: the removal of a large 
part of the biodegradable material in the anaerobic pre-treatment is an impediment for removal of 
nitrogen through nitrification and heterotrophic denitrification and of phosphorus through luxury 
uptake.

Important advantages of anaerobic pre-treatment are that all factors of investment and operational 
costs are strongly reduced: the anaerobic–aerobic system can be constructed with a much smaller 
volume than purely aerobic systems, and the costs for aeration energy and destination of sludge 
production are also significantly reduced. In many anaerobic–aerobic treatment systems, the UASB 
reactor is not only used for digestion of influent organic material but also for the stabilization of 
aerobic excess sludge. In this chapter, it will be shown that this procedure often leads to very serious 
operational problems and for that reason is not recommendable without a suitable adaptation which 
will be presented in the following sections.

Chemical precipitation of phosphorus is the only alternative available to reduce its concentration 
in wastewater with low organic matter content, such as anaerobic bioreactors effluents. For chemical 
precipitation, calcium, aluminium, or iron salts are used, which form an insoluble metal phosphate 
salt that can be removed by settling. Hydrated aluminium sulphate (Al2(SO4)3·14H2O) is the most 
common aluminium salt used to remove phosphate. One mole, that is 594 g salt, reacts with 2 moles 
of phosphate containing 61.9 g of phosphorus to form 244 g of AlPO4.

PO Al AlPO4
3 3

4
− ++ → ↓  

Iron salts are commonly used in the precipitation of phosphate from wastewater. Both ferrous 
(Fe2+) and ferric (Fe3+) ions can be used in the form of chloride or sulphate. If ferrous salt is used, this 
should be oxidized to the ferric ion (Fe3+), using oxygen, this should be taken in the oxygen balance. 
Stoichiometrically, 55.85 g of Fe ion will react with 30.95 g of P to form 150.8 g of FePO4.

PO Fe FePO4
3 3

4
− ++ → ↓  
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Unluckily, the metal ions should be present in excess relative to the phosphorus ion concentration 
to achieve a low level of dissolved phosphorus compounds, increasing the expected cost of chemical 
precipitation. The EPA Design Manual (1976) suggests that 20% excess of aluminium ions is necessary 
if an 80% reduction of phosphorus is desired, while 100% excess is recommended for 95% phosphorus 
removal. The exact dosage is determined by on-site testing and varies with the specific characteristics 
of the sewage.

Lime is used as an alkalinity and calcium source to promote chemical P precipitation. Although 
it is possible to calculate an approximate lime dose for phosphorus removal, this is generally 
not necessary. In contrast to iron and aluminium salts, the lime dose is largely determined by 
other reactions that take place when the pH of wastewater is raised. Only in waters of very low 
bicarbonate alkalinity would the phosphate precipitation reaction consume a large fraction of the 
added lime. Lime, which previously was one of the main chemicals used for phosphorus removal is 
nowadays less frequently used because of increased production of sludge as well as the operational 
and maintenance problems associated with its use. The presence of Ca and Mg in the treated sewage 
is the main cause of the phosphate removal described for PPs, as will be discussed much more 
thoroughly in this chapter, due to its precipitation determined by the pH increase generated by 
photosynthesis.

For the case of nitrogen, traditionally the denitrification process in biological systems is carried 
out by heterotrophic bacteria, which reduce nitrate to molecular nitrogen by oxidizing organic 
material. Mulder (1995) discovered anammox bacteria that are capable of autotrophic denitrification 
by oxidizing ammonia with nitrite anaerobically. If the concentration of organic material is low, such 
as in anaerobically pre-treated wastewater, heterotrophic denitrification may not be possible, because 
of the imbalance between the oxidant (nitrate) and the reductant (organic material in this process). 
In that case, autotrophic denitrification is very advantageous not only because no organic material is 
required, but also for the reduction of the oxygen demand. However, the removal of nitrogen in the 
water line through this process is still a challenge.

In this chapter are presented in more detail strategies to improve the removal of nutrients for 
anaerobically treated sewage with poor organic matter content, using PPs and aerobic biological 
systems.

5.2 POST-TREATMENT IN PPS
5.2.1 Main processes that develop in PPs
In a PP, the concentration of the many constituents of the digested sewage changes over time, because 
of biological, chemical, and physical processes taking place in the unit. The most important biological 
processes are: (1) photosynthesis, (2) oxidation of organic material by bacteria that use oxygen, and 
(3) fermentation of organic material by anaerobic digestion. These three processes directly affect the 
removal of organic material. Figure 5.3 shows a schematic representation of a pond and the interaction 
between the different biological processes. During photosynthesis the algae use solar energy to reduce 
carbon dioxide, transforming it into cellular organic matter. In a simplified way this process can be 
represented by Equation (5.1a) where the organic matter is expressed as chemical oxygen demand 
(COD):

CO H O COD O2 2 2+ → +  (5.1a)

It is important to note that, necessarily, the generation of organic material (in terms of COD mass) 
accompanies the generation of oxygen, that is, the mass of oxygen generated by photosynthesis is 
exactly the stoichiometric amount required to oxidize the organic material that is also generated in 
the same process. However, this oxygen is generally not used for oxidation of cellular material of algae, 

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



132 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

but rather to oxidize the faecal organic material present in the sewage. This bacterial oxidation can be 
represented by the following schematic equation:

COD O CO H O+ → +2 2 2  (5.1b)

When analysing Figure 5.3, it is observed that the processes of photosynthesis and bacterial 
oxidation are complementary in the sense that the products of one process are the reactants of the 
other. This shows that, in principle, there can be no net removal of the organic material through 
oxidation if there is no source of oxygen other than photosynthesis, such as atmospheric oxygen 
uptake. However, the combined action of photosynthesis and oxidation may result in the removal 
of organic matter from the liquid phase by other mechanisms. The net result of the development of 
the two processes is the transformation of faecal organic matter into the mass of microalgae and 
bacteria. This mass of microorganisms can form flocs through spontaneous flocculation and these 
flocs can settle down and become part of the bottom sludge of the pond, where they can be digested 
or accumulated as non-biodegradable compounds (Figure 5.1).

The relative rates of the two biological processes, directly affect important parameters such as 
DO, CO2, biochemical oxygen demand (BOD5), COD, suspended solids (SS), and pH, while others 
are indirectly affected, such as alkalinity and nutrient concentrations. The relative rates of the two 
processes are determined mainly by the conditions of transparency, solar irradiation, temperature, 
depth of the pond available for photosynthesis, and concentration of the biodegradable organic 
material for bacterial oxidation.

In the case of PP, the concentration of organic matter from the digested sewage is low and the 
ponds will have typical characteristics of maturing ponds in WSP, especially if they are shallow (larger 
area favourable to photosynthesis). Under these conditions, it is possible to achieve high oxygen 
concentration, and there may even be oxygen desorption from the supersaturated liquid phase into 
the atmosphere. The predominance of photosynthesis over oxidation has another consequence: CO2 
is consumed, which increases pH. In this respect, the PP is different from WSP where there is an 
equilibrium between oxygen production by algae and consumption by bacteria.

Figure 5.3 Schematic representation of a PP and of the biological processes that develop in it.
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133Post-treatment of anaerobically digested sewage for nutrient removal

The third important biological process is anaerobic digestion, which develops at the bottom of the 
PP, where the oxygen from photosynthesis does not reach or, if it arrives, is immediately consumed. 
The process can be represented schematically as

COD CH CO→ +4 2  (5.1c)

Strictly speaking, anaerobic digestion also does not destroy the organic material, merely turns it 
into a gas (methane) that is released, thus effecting the physical removal of the organic material from 
the liquid phase and therefore the effluent quality.

PPs are affected by five components of the anaerobic effluent: (1) the organic material concentration 
(BOD and COD), (2) pathogens, especially TTC, (3) pH, (4) nitrogen, and (5) phosphorus.

Concerning organic material removal in PP, Figure 5.3 shows that if photosynthesis has a higher 
rate than organic material oxidation, there is an increase of algae in the pond. However, on the 
contrary Aguiar et  al. (2021) have shown that the BOD in PP is reduced to low values (order of 
20–40 mg/L) after a short retention time of only 5 days. The final COD concentration after 5 days 
is much higher (150–250 mg/L). The explanation is that because the efficient pretreatment in the 
UASB reactor, it is much easier to remove the residual organic material in the PP. The BOD and 
COD tend to pass through a minimum at 5 days, whereafter their values tend to increase due to algae 
production.

Marais (1974), reporting on the pioneering work on kinetic modelling of decay (Marais & Shaw, 1961) 
has shown that this process can be described as a first-order reaction with the rate of reduction of TTC 
bacteria proportional to the existing number, that is, it occurs according to Chick’s law (Chick, 1908):

r N t K Nd b ttcd /d= =( )  (5.2)

where rd  =   decay (death) rate of the TTC; Nttc  =  concentration of the TTC (UFC/100 mL); t =  decay 
time (d); Kb =  decay constant for TTC (per d).

In chemical engineering, particularly in reactor design calculations, first-order processes have been 
thoroughly studied, because they are the type that occurs very frequently in practice. It is possible to 
use the theoretical models developed for the calculation of reactors, to describe the process of decay 
of TTC in ponds. The most important aspect of pond design is the influence on bacterial decay is the 
required retention time for a particular TTC removal efficiency. The differential equation (5.2) can be 
solved for flow through ponds and sequential batch ponds. For a pond operating at constant flow and 
volume, the solutions are

(1) Sequential batchponds /e i b h: exp( )N N k R= −  (5.2a)

(2) Flow throughponds / /e i b h: ( )N N k R= +1 1  (5.2b)

(3) For a seriesof equalponds theexpression becomes / /(e i( ), :M N N = +1 1 kk R M Mb h/ )  (5.2c)

It can be noted that all expressions have the same dimensionless group kbRh.
where Ne = TTC concentration in the effluent; Ni = TTC concentration in the influent; Rh = retention 

time in a pond system; Rh/M = retention time in pond ‘M’ of a series; M = number of ponds in series.
Figure 5.4 shows a graphical representation of Equations (5.2a) to (5.2c): the removal efficiency 

of TTC (log scale) is plotted in function of the product kbRh, which is a dimensionless number. The 
value of the decay constant can be determined experimentally when the decay of TTC is observed as a 
function of time in batches of PPs at different temperatures and depths: Batista et al. (2021) proposed 
the following equation:

k H dt
b /= − −( . ) . ( )1 6 1 07 25 1

 (5.2d)

where: H = pond depth in m; T = temperature in °C.
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Digested sewage may have a concentration of 106–107 UFC × 100 per mL (i.e., 10% of the 
concentration in raw sewage), whereas the WHO standard specifies a maximum of 103 UFC × 100 per 
mL. Hence to comply with the recommendations of WHO for unrestricted irrigation, the reduction 
of the number of TTC must be of the order of 103–104 UFC × 100 per mL, that is, the desired removal 
efficiency must be of the order of 99.9 to 99.99%.

5.2.2 Hydrodynamic regime in PPs
The most common form of operation of PPs is a continuous flow regime (CFPP), due to greater 
operational simplicity. However, Albuquerque et al. (2021) showed that it is possible to operate them 
in sequential batch mode regime (SBPP) and that this alternative can have important advantages, 
such as a faster removal of nutrients and pathogens, resulting in a reduction of the required footprint. 
The main difference between CFPP and SBPP operation mode is the pH trend. In the CFPP pond, 
the pH has the maximum value during the entire retention time (which is also the discharge pH) 
and the high pH reduces the photosynthetic activity. On the contrary, in the SBPP, the pH is initially 
neutral (UASB effluent), increasing during the retention time, reaches its maximum value just before 
the effluent discharge. In Table 5.1, the differences between the various operating parameters in SBPP 
and CFPP are summarized.

While sequencing, batch PPs undoubtedly have significant advantages over continuous flow PP, 
a problem is that the sewage flow is continuous and the SBPP discontinuous. One solution for this 
problem is to introduce a transfer pond that continuously receives the UASB effluent, from where it 
can be distributed in batches to PPs as shown in Figure 5.5. The transfer pond would have at least the 
same volume as the PPs. The advantage of having a transfer pond is that besides transferring digested 
effluent to the PPs, it can realize several other functions, the most important being:

Figure 5.4 Relationship between the reminiscent fraction of TTC and the dimensionless product kb × Rh, for a 
number of lagoons, M, of 1, 2, 5, and infinite.
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• The transfer pond also functions as a settling tank for sludge solids eventually discharged from 
the UASB reactor. Part of the settled solids could then be returned to the UASB reactor, and the 
remainder be processed to produce a sludge cake or dry solids.

• If the transfer pond is a settler, there is no need to have a settler on top of the UASB reactor. If this 
structure is modified, the operation of UASB reactors becomes very easy. The principal operational 
problem of UASB reactors is the scum layer that forms at the surface of the interface under the 
separator elements. If the separator is not more necessary, the scum problem no longer exists.

• If the retention time of the transfer pond is high enough, the process of photosynthesis can 
begin and establish a population of algae in the discharge to the PPs, so photosynthesis can start 
immediately, and algae are transferred to the PPs at the beginning of their operation. If sufficient 
oxygen is produced by photosynthesis in the transfer pond it can oxidize sulphides that may have 
been formed in the UASB reactor, thus suppressing the bad odours that could otherwise arise.

• If the retention time in the transfer pond is sufficient, helminth eggs from the UASB reactor 
may be retained and not discharged into the PPs, thus ensuring that these pathogens will not be 
present in the final effluent. At any rate, a large fraction of the helminth eggs will be retained in 
the transfer pond and will end up in the excess sludge.

Table 5.1 Differences between SBPP and CFPP.

SBPP CFPP

Feed Batch-wise Continuous flow

DO concentration Initially zero
Final maximum

Constant, lower than maximum of SBPP

pH Initially 7, Final maximum. Constant lower than maximum of SBPP

BOD & COD removal Slow COD and BOD increase due to 
algae flocculation

Rapid increase of COD and BOD

N removal Minimum time for removal Maximum time for removal

P removal Minimum time for removal Maximum time for removal

Thermotolerant bacteria 
removal

Minimum time for removal Maximum time for removal

Figure 5.5 Schematic representation of the flow sheet and operation of PPs fed with sequential batches from the 
transfer pond.
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• The concentration of carbon dioxide dissolved in the UASB reactor effluent will be reduced 
by the desorption mechanism, reducing the acidity and facilitating the increase of pH by 
photosynthesis, thus enabling the removal of ammonia nitrogen from the liquid phase in the 
subsequent PP by desorption.

5.2.3 Experimental research
Even in efficient anaerobic treatment systems, the concentration of several constituents of the 
effluent is high and post-treatment is required. The most important constituents that normally need 
correction are (1) organic material, (2) nitrogen, (3) phosphorus, and (4) pathogens. An experimental 
investigation was carried out at a pilot scale to establish if the removal of these constituents is feasible 
in a sequencing batch PP and principally what are the required depths and retention times.

Having established that SBPPs are more efficient than FTPPs, experiments were carried out at a 
pilot scale to evaluate the feasibility of removing pathogens, residual BOD and nutrients in SBPP. 
Figure 5.6 is a flow sheet of the employed system and a photo of a series of four pilot scale ponds. 
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Figure 5.6 Flow sheet and photograph of a system of SBPPs with depths of 0.2, 0.4, 0.6, and 1.0 m with mild stirring 
of the pond contents.
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The experimental investigation was carried out in Campina Grande-Brazil (7 degrees south), using 
municipal raw sewage as influent of a UASB reactor, operated at a retention time of 6 h. Shallow 
ponds were used, because it was shown that these operated at a high rate. These pond models were 
operated with very gentle superficial stirring with a shallow metal bar attached to a small motor 
(6 rpm) in order to re-suspend any algae, floated by bubbles of dissolved oxygen, evolving from the 
ponds when these were supersaturated with DO. At the same time, the agitation served to even out 
stratification in the liquid phase. Later experiments showed that this agitation had a negligible effect 
on the performance of the ponds.

The experiments were carried out on four glass fibre cylinders with a diameter of 0.5 m and depths 
of 0.2, 0.4, 0.6, and 1.0 m. The experiments were carried out in the open air over a period of nine 
months: during summer (6 months) and winter periods (3 months). In Campina Grande there is 
abundant sunshine and sewage temperature is always 25°C, but in ‘winter’ there is more rainfall.

Tests for DO, pH, alkalinity, COD, nitrogen and phosphorus were carried out, according to 
standard methods and procedures. Distilled water was used to compensate losses due to evaporation 
and sampling. SBPP operation was continued until pH reached a value of about 9.7 or when the 
maximum retention time of 30 days was exceeded. For measurements of DO, temperature, and pH, a 
multi-parameter instrument was used (Hanna, model HI 98196).

Figure 5.7 shows experimental results of the investigation. For comparison, only retention times of 
30 days were investigated, as this is the normal retention time in WSP.

7

7.5

8

8.5

9

9.5

10

10.5

11

0 10 20 30

pH
(-)

Retenon me (d)

0

2

4

6

8

10

12

14

16

18

20

0 10 20 30

DO
(m

g/
L)

Reten�on �me (d)

0
10
20
30
40
50
60
70
80
90

100

0 10 20 30

N
itr

og
en

co
nc

en
tr

a�
on

(m
gN

/L
)

Reten�on �me (d)

0

1

2

3

4

5

6

7

8

9

10

0 5 10 15 20 25 30

O
rt

ho
ph

os
ph

at
e

(m
gP

/L
)

Reten�on �me (d)

DO satura�on

1 mgP/L1 mgN/L

H = 1,0
H = 0.6

H = 0.4

H = 0.2

H = 1,0H = 0.4

H = 0.6 H = 0.2

H = 0.4
H = 0.6

H = 1,0

Figure 5.7 Average values of DO concentration, pH, ammonium nitrogen and phosphate concentrations as functions 
of time in SBPP with different depths (0.2–1.0 m).

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



138 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

Average values of the DO concentration, the pH value, ammonium nitrogen and phosphate were 
represented over time for the four investigated depths and led to the following observations:

The DO concentration increased in all SBPP from the first day onwards, but the rate of increase 
heavily depended on the depth of the pond. Very high DO concentration > 20 mg/L tended to become 
unstable, possibly due to a decreasing oxygen production at high pH values.

pH increased with time, but at very different rates, also depending on the pond depth. Very high 
pH values (pH >11) could not be sustained in the ponds, probably due to reduced photosynthetic CO2 
consumption.

Nitrogen removal was feasible in shallow ponds, but the required retention time was longer during 
rainy periods, when there was less sunshine.

The pond depth has a very strong influence on the time required for total nitrogen removal, varying 
from 4 to 14 days at an initial concentration of about 80 mg/L. A pH of 8.5 was sufficient to remove 
nitrogen.

Efficient phosphate removal was possible in all ponds, but the retention time varied strongly with 
depth (6–24 days) for depths of 0.2–1.0 m. A pH of 9.5–9.7 is required for efficient P removal.

It is important to note that the profiles of Figure 5.5 are all influenced by the climate so that 
under different circumstances the results will be different. Ideally for any project an experimental 
investigation should be carried out.

With the aid of the data in Figure 5.6, models were developed that can foresee the values of pH, 
nitrogen, and phosphorus vs time. The following sections show the development of the models for pH, 
nitrogen, and phosphorus removal.

5.2.4 Model for pH change and nitrogen removal in sequencing batch PPs
The pH value and its stability in sewage treatment plants are determined almost entirely by the 
carbonic system. If the state of the carbonic system is to be evaluated, the definitions of alkalinity and 
acidity are important. Loewenthal and Marais (1976) have proposed:

Alk CO HCO OH H= + + −− − − +2 3 3[ ] [ ] [ ] [ ]  (5.3a)

Ac CO HCO H OH= + + −− + −2 2 3[ ] [ ] [ ] [ ]  (5.3b)

The pH variation in treatment systems is due to variations in alkalinity and acidity, which in turn 
are affected by the physical, chemical, and biological processes occurring in these systems. To analyse 
the pH variation, the Deffeyes diagram (Deffeyes, 1956), improved by Loewenthal and Marais (1976), 
is very useful. It shows that there is a linear relationship between alkalinity and acidity for any pH. By 
using the dissociation equations for the carbonic system, Equations (1a) and (1b) can be used to relate 
three variables: alkalinity, acidity, and pH:

Alk Ac pHpH pK pH pK pK pH= + − − + +[ ] * [ . ] / [ .( ) ( ) ( )- - -10 10 1 2 10 1 2 101 2 1 ]]  (5.4a)

where k1 = first ionization constant of carbonic system (Harned & Scholes, 1943); k2 = second 
ionization constant of carbonic system (Harned & Davis, 1943).

If the pH is in the neutral range (5 < pH < 9) the influence of the carbonic system is decisive and 
the influence of the ions H+ e OH- can be neglected, so Equation (2) is simplified to

Alk Ac[ ] pHpH-pK pK -pH≈ + × + × < <1 2 10 1 2 10 5 92 1( ) ( )/ [ ]( )  (5.4b)

Figure 5.8 is a Deffeyes diagram, drawn from Equation (5.3). In the diagram, two values of the three 
variables: (i) alkalinity, (ii) acidity or (iii) pH define the ionic equilibrium point, which characterizes 
the condition of the liquid phase. Figure 5.8 shows how the ionic equilibrium point moves, when 
adding to or removing materials from the liquid phase. Thus, according to Equation (5.3a), the 
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139Post-treatment of anaerobically digested sewage for nutrient removal

alkalinity does not change upon CO2 removal, but the acidity decreases by 2 eq/mol. For example, if 
the effluent from a UASB reactor has a pH = 7 and an alkalinity of 8 meq/L, (point A), the acidity will 
be about 12 meq/L.

Once established, the processes occurring in the treatment system and knowing what are the effects 
of these processes on the alkalinity and acidity, it is possible to establish the variation of alkalinity 
and acidity and determine the pH in the treatment system and in the effluent. For example, when it 
is known that in the treatment system, the alkalinity decreases by 3 meq/L (with a final alkalinity of 
5 meq/L) and if a final pH = 9.6 is desired, then B is the final ionic equilibrium point, with an acidity 
of 3.4 meq/L. For this to take place the acidity has to decrease by 0.6 from 12 to 11.4 meq/L. Such a 
decrease results from desorption or biological consumption of carbon dioxide.

In PPs, the main biological, chemical, and physical processes that can alter alkalinity and/or acidity 
and therefore the pH are: (1) biological or physical removal of CO2 and (2) physical removal of NH3 by 
desorption, which is equivalent to the addition of a strong acid. Although at high pH the liquid phase 
may be super saturated with calcium carbonate, precipitation of CaCO3 does not take place in ponds. 
With Figure 5.7, it is possible to predict the effect of varying the concentration of carbon dioxide and 
ammonia on the value of alkalinity, acidity, and pH as shown in Table 5.2.

Figure 5.8 Deffeyes diagram (temperature of 25°C: pK1 = 6.33, pK2 = 10.33, pKw = 14).
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In PPs, it is important to know the time it takes for the pH to reach a certain value which depends on 
the kinetics of the relevant processes. To establish the retention time required to obtain a certain pH 
change in a SBPP it is necessary to formulate equations expressing the rates of the three pH affecting 
processes. The desorption rate of volatile components in water like CO2 and NH3 can be described 
by Fick’s equation (Equation (5.4)), which states that the desorption rate of a volatile compound in a 
liquid is proportional to the degree of supersaturation existing between the current concentration of 
the compound and the saturation concentration:

r k C Cd d l s= −( )  (5.5)

where: rd = desorption of the volatile compound; kd = desorption constant; Cs = saturation concentration 
of the volatile compound; Cl = concentration of the volatile compound in the liquid phase.

Thus, the rates of transfer for NH3 and CO2 can be expressed as

r kN Nd d NH= ·[ ],3  (5.5a)

r kC Cd d sCO CO= ·( – [ ] )[ ]2 2  (5.5b)

When the differential equations (5.4a) and (5.4b) are integrated expressions found for CO2 and NH3 
as functions of time so that the values of the constants can be determined experimentally:

Ln{ CO CO CO CO }s o s d([ ] ) [ ][ ] / ( [ ] )2 2 2 2− − =−k tC  (5.6a)

Ln( NH NH )o d[ ] / [ ]3 3 =−k tN  (5.6b)

Morais et al. (2023) determined experimentally the values of the transfer constants as functions of 
temperature (T) and pond depth (H):

k H TCd /= −( . ) . ( )0 56 1 056 20  (5.7)

k H TNd /= −( . ) . ( )0 20 1 095 20  (5.8)

For a specific depth and temperature (which define the values of kdC and kdN), the only process that is 
not yet defined in Table 5.2 is the rate of CO2 consumption or oxygen production (OPR), but this can be 
measured as the rate of change in the DO concentration (Equation (5.9)). The rate of CO2 consumption 
can be conveniently determined by the oxygen production rate in the pond by considering that if 1 mol 
of oxygen is produced 1 mol of CO2 is consumed. The rate of oxygen production can be expressed as

OPR dCO /d dDO/dc p=− −( ) ( )2 t t  (5.9)

where:

OPR = (dDO/dt)p = DO production rate in the pond (mol DO/L/d)
= photosynthesis rate – DO consumption rate
= biological CO2 consumption rate (mol CO2/L/d)

Table 5.2 Effect of CO2 and NH3 removal on alkalinity and acidity change and on pH variation in 
treatment systems. (OM = organic matter).

Process Reaction ΔAlk ΔAc ΔpH

(eq/mol) (eq/mol)

Physical CO2 removal No 0 -2 Increase

Biological CO2 removal CO2 + H2O → OM + O2
0 -2 Increase

NH3 desorption NH NH H4 3
+ +→ + -1 1 Decrease
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Equation (5.9), together with Equations (5.5)–(5.8), are applied for the calculation of pH variation 
and ammonia removal in SBPP. Since these equations cannot be solved analytically, they must be 
solved numerically. The differential equations must be written in terms of finite time elements that 
will cause finite changes in the concentrations of CO2 and NH3, as in Equations (5.10) and (5.11):

∆ ∆[ ] [ ]([ ] )CO /  CO CO OPRd s2 2 2t k C=− − −  (5.10)

∆ ∆[ ] / [ ] [ ]NH NH NHd o3 3 3t k N= −  (5.11)

These variations, in turn, result in alkalinity and acidity changes as well as ammonia concentration 
variations that can be expressed as

∆ ∆Alk  NHd= – [ ]k tN 3  (5.12)

∆ ∆Ac CO CO OPR NHd s d= +– { – [ ] – }([ ] ) [ ]2 22 2 3k k tC N  (5.13)

∆ ∆N N k tNtot tot d NH= – [ ]3  (5.14)

5.2.4.1 pH variation in SBPP
The pH variation can be calculated from the alkalinity and acidity changes. Considering that H+ e 
OH- concentrations are small and do not influence the alkalinity and acidity one has

Alk Ac( H ) H= + ++ +1 2 12 1k k/ [ ] / ( [ ] / )  (5.15)

This is an implicit quadratic expression and can be solved for [H+], resulting in

[ ] { ) }( ) / ( ( ) ) .H Ac/Alk Ac/Alk / /+ = − + − −k k k k1 1 1 21 2 1 2 2 4 0 5 2  

Since pH = -log [H+] one has

pH Ac Alk Ac /Alk / /=− − + −log{ . / / ( ( ) )( ( ( ) ( )0 5 1 1 1 2 1 1 2 2 4 1 21 1 1 2k k k k }}  (5.16)

5.2.4.2 Nitrogen removal in SBPP
To calculate nitrogen removal in SBPP, it is considered that the ammonia ion (NH4

+) and gaseous 
ammonia (NH3) are in equilibrium in the liquid phase:

NH NH H4 3
+ +↔ +  (5.16a)

Ka H NH NH= ⋅+ +[ ] [ ] / [ ]3 4  (5.17)

Equation (5.17) shows that the removal of ammonium is equivalent to the addition of a strong acid, 
that is, per mmol of desorbed NH3, there is a decrease of 1 meq of alkalinity and an increase of 1 meq 
of acidity.

According to Emerson et al. (1975), the ionization constant is given by Equation (5.19):

pK T Ta is inKelvin= +0 09018 2729 92. . / ( )  (5.19)

Thus, at a temperature of 298 K and a fixed solids concentration of 1 g/L (i.e., an activity coefficient 
of about 0.9), the dissociation constant is pKa = 9.1. Therefore, for pH values greater than 9.1, the non-
ionized form, NH3, is predominant, according to Equation (9.13). In contrast, for neutral pH values 
the non-dissociated ammonia fraction is small (1% for pH = 7.1) and accordingly, the desorption rate 
NH3, will be low.

Table 5.3 shows a summary of the equations to evaluate the effects of the above-mentioned processes 
on alkalinity and acidity and consequently on pH trends in PPs vs time. Now the basis for a model is 
developed, able to evaluate the variations in pH, alkalinity, acidity, and ammonium concentration as 
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function of time in ponds operated in batch mode. The model is a set of differential equations defined 
by Equations (5.8)–(5.18).

The model illustrated in Table 5.3 can be used to calculate the values of the alkalinity, acidity, pH, 
carbon dioxide, and total nitrogen as a function of time in SBPPs. The simulated curves thus generated 
are compared to the experimental values in Figure 5.9a and b, where experimental values of pH and 
nitrogen (reported in Figure 5.6) and the simulated curves calculated from Table 5.3 are presented 
for the four investigated depths. There is a good correlation between the experimental and simulated 
values for all depths. The correlation for pH sometimes is not good for high pH values. This finding 
can probably be attributed to the fact that at very high pH values the photosynthesis rate decreases, 
so that the rate of pH increase is reduced and may even become negative, and this occurrence is not 
included in the model of Table 5.3.

The pH curves show that there are three phases of pH change: (1) an initial rapid change due to 
CO2 desorption (2) a slower intermediate rate of pH change due to acidity production by ammonium 
desorption and (3) a quick final change due to completion of ammonia removal. Similarly, ammonia 
removal has also three phases: (1) a slow initial phase because the pH and ammonia desorption are 
still low, (2) a higher rate of ammonia removal when the NH3 concentration is high, and (3) a low final 
rate of ammonia removal when the NH3 concentration is low at the end of a batch, because the total 
N concentration is low even if the pH is high.

5.2.5 Model for phosphorus removal in sequential batch PPs
To model the P concentration in the PP is difficult because several compounds interact. In fact, there 
are different phosphorus compounds that may precipitate, and several cations in the liquid phase. 
Therefore, instead of trying to develop a model with a theoretical solution, an empiric approach has 
been applied.

In Figure 5.10, the experimental data of Figure 5.7 were used to plot experimental values of the 
logarithm of the total phosphate concentration, log(Ct), in the SBPP with depths varying from 0.2 to 
1.0 m as a function of pH. The result of the experimental investigation is that for any pH and pond 
depth the data plot is, in good approximation, a straight line with an average slope of 0.43. The 
experimental results also indicate that the pH for a final P concentration of Ct = 1 mg/L or log(Ct) = 0 
is, in good approximation, 9.7 for all depths so that the average of the data leads to the following linear 
equation:

Log( ) pHtC =− ⋅ +0 43 4 29. .  (5.20)

Table 5.3 Equations to calculate the rates of processes and concentration trends of the key operating variables in 
SBPP.

DO production rate OPR OD CO f= =−∆ ∆ ∆ ∆/ /( )t t2  (5.8)

NH3 desorption rate r t kN Nd d dNH NH= =( [ ] / ) [ ]∆ ∆3 3  (5.4a)

CO2 desorption rate r t kC Cd d d sCO CO CO= = −( ) ([ ] )[ ] / [ ]∆ ∆2 2 2  (5.4b)

Alkalinity change: ∆ ∆Alc NHd/ [ ]t k n=− 3  (5.11)

Acidity change: ∆ ∆Ac CO CO OPR NHd s d/ ([ ] [ ] ) [ ]t k kc n= +{ }− − −2 22 2 3  (5.12)

pH change: pH Ac Alc Ac Alc=− − + −log{ . / / ( / / )}( ( ( ) ( ( ) ) /0 5 1 2 2 41 1
2

1 2
1 2k k k k  (5.15)

CO2 conc. change ∆ ∆[ ] / [ ]([ ] )CO CO CO OPRd s2 2 2t k c=− − −  (5.9)

NH3 conc. change ∆ ∆[ ] / [ ]NH NHd3 3t k n=−  (5.13)

Change of total N ∆ ∆N t N k ntot tot d NH/ [ ]= − 3  (5.16)

Legend: KdN, kdc = desorption constant for NH3 and CO2 , respectively; indices s and o stand for saturation and time = 0.
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143Post-treatment of anaerobically digested sewage for nutrient removal

Now the required pH for any final P concentration can be calculated. For example, the pH necessary 
for a final P concentration of 2 mg/L can be calculated as follows (See Fig 5.11):

For an effluent P concentration of 2 mg/L: logCt = log 2 = 0.32;
The straight line with a slope of 0.43 and passing Ct = 1 or logCt = 0 has a pH value of 9.2 for Ct = 2 

or logCt = 0.32.

Figure 5.9 (a) Experimental data and simulated curves for pH vs time in SBPPs with depths varying from 0.2 to 1 m. 
(b) Experimental data and simulated curves for the nitrogen concentration and pH vs time in SBPPs with depths 
varying from 0.2 to 1.0 m.
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Figure 5.10 (a) Experimental profiles of the logarithm of the total phosphorus concentration as a function of pH for 
a pond depth of 0.2 m. (b) Experimental profiles of the logarithm of the total phosphorus concentration as a function 
of pH for a pond depth of 0.4 m. (c) Experimental profiles of the logarithm of the total phosphorus concentration 
as a function of pH for a pond depth of 0.6 m. (d) Experimental profiles of the logarithm of the total phosphorus 
concentration as a function of pH for a pond depth of 1.0 m.
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Figure 5.11 Logarithm of residual phosphorus concentration in SBPP as a function of the pH.
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Figure 5.9 is a graphical representation of Equation (5.19), from which the residual phosphate 
concentration can be read off for any pH, or, conversely where the required pH can be read off for any 
desired residual phosphate concentration.

The retention time necessary to acquire the required pH for a particular residual phosphorus 
concentration can be determined by the pH-nitrogen model presented in Table 5.3.

It is important to note that Figures 5.9 and 5.10 are representatives only of the investigated 
wastewater and have no general applicability because in wastewater the concentrations of cations 
like Ca2+ are variable and this directly influences the solubility of phosphate for any particular pH.

5.2.6 Per capita area required for UASB–SBPP system
In Sections 5.4 and 5.5, the required retention times for the removal of the nutrients N and P are 
calculated. However, the variable of greatest interest for the design optimization is not the retention 
time, but the area per capita. This variable is related to depth. The area required for the construction 
of PPs can be calculated by considering that the retention time is the ratio between the volume of the 
pond and the applied daily flow so that the area per capita can be expressed as

A R Q Hie h ie /= ×( )  (5.21)

where: Aie = area required for SBPP (m2 per inhabitant equivalent (ie)); Rh = hydraulic retention time 
(days); Qie = daily contribution per inhabitant flow (m3/ie/d); H = pond depth in m.

Using the data in Figure 5.6, Table 5.4 shows the observed HRT for a final effluent with a concentration 
of <1 mgN/L and <1 mgP/L in ponds with different depths (columns 2 and 3). Columns 4 and 5 show 
the values of the area per capita for the residual concentrations of 1 mgN/L and 1 mgP/L, calculated 
with Equation (5.20) for a contribution per capita of 0.1 m3/d. In Figure 5.12 the values of the per 
capita areas have been plotted as a function of the pond depth. It can be observed that in shallow 
ponds it is feasible to obtain a very low nutrient concentration in SBPP, but also that the required area 
is much smaller than the area of conventional water sewage plant (WSP), where the area per capita 
is of the order of 3 m2/ie, but where the removal of nutrients is not possible. The figure can be easily 
adapted for other per capita contributions.

Data in Figure 5.12 show that

(1) In the range of 0.2–1.0 m there is little influence of the pond depth on the pond area. The 
optimal pond depth is about 0.5 m, which is much smaller than the depth of MP in WSP where 
the depth is usually in the range of 1.0–1.2 m. The shallow depth of the pond is an important 
factor in the reduction of construction costs.

(2) The area of shallow ponds is much smaller than 3 m2 per inhabitant equivalent, normally used 
for the design of conventional WSP, where nutrient removal does not occur.

(3) The area required for P removal is about double of the value for N removal.

Table 5.4 Average values of the retention time and required area per ie for achieving 
concentrations <1 mg/L of nitrogen and phosphorus in the final effluent.

Retention Time (d) Per Capita Area (m2/ie)

Pond Depth for1 mgN/L for1 mgP/L for1 mgN/L for1 mgP/L

L1 = 0.2 m 3 5 1.52 2.65
L2 = 0.4 m 4.5 8.5 1.11 2.12
L3 = 0.6 m 7 13 1.15 2.19
L4 = 1.0 m 13 24 1.28 2.40
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5.2.7 Production of high-quality water
It is important to note that nutrient removal should be the goal of post-treatment only when the final 
effluent is not used in agriculture. For industrial reuse or discharge of final effluent into surface water, 
nutrient removal is required. When wastewater is treated for industrial reuse, it is also necessary to 
remove the algae growing during the post-treatment in SBPP. One possibility is clarification (coagulation–
flocculation–sedimentation–filtration) of SBPP effluent. In this case, the use of a coagulant (usually 
poly aluminium chloride or aluminium sulphate) will also remove the phosphate, so, in that case, an 
additional removal unit is not required. Figure 5.13 shows the flowchart of a treatment system that can 
produce water for industry. The time required for each treatment step is also indicated. As in Figure 
5.12, it was established that the retention time (and hence the pond area) for P removal is about double 
of the retention time for N removal. In cases where clarification is applied it is possible to reduce the 
retention time in the PP, however, a mechanism must be used to remove the algae.

The same figure also shows that it is possible to treat the effluent after clarification to remove 
dissolved salts by applying reverse osmosis, possibly preceded by micro or ultrafiltration. This 
demineralized water may be required in special industrial applications such as water for refrigeration 
as well as a source for public water supply. Clearly, the additional processes of clarification and reverse 
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osmosis will lead to an increase in the treatment costs and will normally be applied only if there is a 
specific demand for high-quality water. This is often the case in regions with scarce water resources.

5.3 POST-TREATMENT WITH ACTIVATED SLUDGE SYSTEMS AND MBRS
An important disadvantage of anaerobic pre-treatment is that conventional nutrient removal of nitrogen 
by nitrification and heterotrophic denitrification and phosphorus removal by luxury uptake is limited 
due to the low concentration of biodegradable organic material in the effluent of the anaerobic pre-
treatment system. This low concentration affects both conventional denitrification after nitrification 
in the anoxic section and the feasibility of luxury P uptake (Van Haandel & Van der Lubbe, 2012). Two 
alternative biological processes may increase the removal of nitrogen in anaerobic–aerobic systems:

Autotrophic denitrification: the anammox system.
Denitrification coupled with methane oxidation.

This section presents the potential of various post-treatment technologies that can be used to 
improve the quality of anaerobically treated sewage, with particular emphasis on those that have 
promoted either the anammox or denitrification processes coupled with methane oxidation for 
improving nitrogen removal.

5.3.1 The anaerobic–aerobic treatment system
In this section, the feasibility of producing an effluent with activated sludge quality, after applying an 
anaerobic pre-treatment will be evaluated. Equation (5.24) shows that anaerobic treatment results in 
the division of influent organic material into three parts: (1) a part that is composed of soluble non-
biodegradable as well as degradable material, but not digested in the reactor; (2) a part of suspended 
solids composed of biological sludge and non-biodegradable and particulate organic material from 
the influent; (3) a part transformed into methane. The objective of the anaerobic treatment is the 
maximization of the fraction transformed into methane and the minimization of the organic material 
in the effluent and the discharged sludge. In the aerobic treatment, the organic material is also 
divided into three fractions: (1) a fraction in the effluent, (2) a fraction in the produced sludge, and 
(3) an oxidized fraction of inorganic products. Marais and Ekama (1976) have presented a model for 
activated sludge behaviour in purely aerobic systems. Van Haandel and van der Lubbe (2012) have 
shown that the same basic theory also applies to the aerobic sections of anaerobic–aerobic systems.

Figure 5.14 shows the interaction of aerobic and anaerobic treatment and the possible advantages 
that can be obtained in comparison with conventional aerobic treatment. The advantages can be listed:

(a) Drastic reduction in investment cost by reducing the volume of the treatment system.
 Research carried out in Campina Grande by Santos (2017) led to the development of empiric 

expressions for the three fractions or organic material in anaerobic treatment systems: (COD 
in the effluent, COD in the produced sludge and digested COD):

  f f f f T T
s ust bst us35   Exp= + = +− − −1 037 0 20 1 01135 35 0 0. . . )(( ) ( ) ( . 44 3 8 1 06 35( ( ))). .Rs− × −T

 (5.22)

  f fx
T T= + ×− − − − × up35

Rs1 015 0 16 1 01435 35 0 04 3 8 1 06. . . exp( ( ) ( () . . . (( )))35−T
 (5.23)

 and

  f f fxd s=1 – –  (5.24)

 where: fs = soluble COD fraction discharged in the effluent; fx = COD fraction discharged 
as volatile solids in sludge; fd = digested COD fraction; Rs = sludge age in the UASB reactor; 
T = temperature in °C; fus = COD fraction in the influent that is non-biodegradable and soluble; 
fup = COD fraction in the influent that is non-biodegradable and particulate.
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The equations show that the division of the three fractions depends on the composition of the 
organic material in the influent (the non-biodegradable soluble and particulate COD fractions, fus and 
fup) and two operational variables: sludge age (Rs) and temperature (T). In anaerobic treatment, what 
matters is maximizing the digested fraction (fd). Figure 5.15 shows the digested fraction as a function 
of sludge age at different temperatures. For all temperatures, the digested fraction of organic material 
is maximum when the sludge age is 100 days or more. Therefore, there is no merit in operating a UASB 
reactor with a sludge age of more than 100 days: only the volume of the UASB reactor increases, 
without this resulting in greater efficiency because the removal of the biodegradable organic material 
is already essentially complete.

It is not known a priori how long the liquid will remain in the UASB reactor to have a sludge age of 
100 days. However, the Brazilian standard, NBR 12.209/2011, establishes the residence time for the 
maximum efficiency of the UASB reactor as a function of temperature. Figure 5.16 graphically shows 
the residence time for maximum efficiency in the UASB reactor as a function of sewage temperature.

As for the volume of the post-treatment system, it is necessary to optimize the volume of the aerobic 
reactor and the final settler. To optimize the post-treatment, it is sought to establish the smallest 
volume of the units of the aeration tank and final settler as a function of the sludge concentration. Van 

Figure 5.15 COD fraction converted into biogas as a function of the anaerobic sludge age for different temperatures 
(fus25 = 0.10 and fup25 = 0.08).
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Figure 5.14 Basic scheme of the anaerobic–aerobic system composed of a UASB reactor and an activated sludge 
system.
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Haandel and van der Lubbe (2012) proposed the following two equations to calculate the volume of 
the reactor and the settler:

v f f f R YR b R f f Q S Sr us up bh s s h s up cv a ta tRs/ /= − − + + + ( )( ) / ( ) (1 1 1 aafv )
 (5.25)

v S H v kXt
d f o = · / ·exp( )

 (5.26)

where: vr = volume of the aerobic reactor per unit of applied sewage flow; vd = volume of the final 
settler per unit of applied sewage flow; Sta = total COD in the influent; fus = non-biodegradable and 
soluble COD in the influent; fup = non-biodegradable and particulate COD in the influent; fv = volatile 
sludge fraction; k = sludge compressibility (Vesilind 1968; Leitão, 2004); vo = limiting sludge settling 
velocity (Vesilind 1968; Leitão, 2004); Rs = sludge age; T = temperature; Sf = safety factor; H = reactor 
height; Xt = total sludge concentration.

Figure 5.17 shows the total retention time of anaerobic–aerobic treatment systems as a function of 
the anaerobic sludge age. The shortest retention time depends on several factors, among which the 
most important are: (a) concentration and composition of organic material in the influent; (b) sludge 
settleability; (c) sludge age; (d) temperature; (e) safety factor in the settler. In Figure 5.17, the retention 

Figure 5.16 Retention time for maximum efficiency in a UASB reactor as a function of temperature conforming NBR 
12.209/2011.
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Figure 5.17 Hydraulic retention time in the anaerobic reactor and the complementary aerobic treatment, as well 
as the sum of the two, as a function of the age of the anaerobic sludge. The residence time in the aerobic system 
is indicated (Rsae = 5 days).
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time of a purely aerobic system is also indicated for an aerobic sludge age of 5 days, which is the minimum 
for good effluent quality. It can be observed that the residence time of the anaerobic–aerobic system 
(total) is much shorter than for the complete aerobic system (reactor + settler + thickener + sludge 
digester). For an anaerobic sludge age of 100 days, the residence time of the anaerobic–aerobic system 
is around half the value for an aerobic system (aerobic sludge age of 5 days). Therefore, there is room 
for a very considerable investment cost reduction.

(b) Reduction of energy consumption for aeration: in principle, the system can be independent on 
the external energy by generating electricity from methane.

  Energy consumption is affected by the two components of the anaerobic–aerobic system. 
In the pre-treatment, methane is generated that can be used directly to generate electricity. 
In post-treatment, the energy demand for aeration is reduced compared to the conventional 
aerobic system, because there is relatively little residual biodegradable material in the UASB 
effluent. The simplified model of the activated sludge system shows that energy consumption 
increases with aerobic sludge age because the demand for endogenous respiration increases. 
Depending on the age of the sludge, there may or may not be energy demand for nitrification.

  Figure 5.18 shows the potential for energy production in the anaerobic system as well as the 
energy demand for aeration in the aerobic post-treatment (both in W/ie) for the case with and 
without nitrification at 25°C. To estimate the energy production potential, a biogas leakage of 
30% and a methane-to-electric energy conversion efficiency of 40% were adopted, which means 
a production of a power of 0.2 kW per kgCH4/d was applied to the generator. To estimate the 
energy demand, an oxygen transfer efficiency of the aerators of 2 kgO2/kWh was adopted. It 
is observed that the potential for energy production is much greater than the consumption for 
aeration so that, in principle, there is a production potential that generates a surplus. In any 
case, the energy consumption in the anaerobic–aerobic system will be much lower than in the 
purely aerobic system, even in cases where the energy production potential is not used.

(c) Considerable reduction in sludge production, reducing the cost of its final disposal.
 Equations (5.22) and (5.23) allow the comparison between sludge production in the anaerobic–

aerobic system and the purely aerobic system. Figure 5.19 shows the sludge production in the 
two systems as a function of the anaerobic sludge age for a temperature of 25°C. The graphs 
show that there is indeed a large reduction in sludge production in the anaerobic–aerobic system, 
especially when the anaerobic sludge age is high, which are normally applied in practice.
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Figure 5.18 Per capita energy consumption for aeration and electric energy generation potential as a function of 
the anaerobic age of the sludge at 25°C. The aerobic sludge age applied is 5 days and cases with (C + N) and without 
(C) nitrification are considered.
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151Post-treatment of anaerobically digested sewage for nutrient removal

(d) The concentration of the digested sludge is high, facilitating its final disposal.The average 
sludge concentration in the UASB reactor is 25–30 gTSS(total solids concentration)/L, while 
in the aerobic system, it is normally not more than 5–10 g/L Therefore, the mixture of the two 
sludges from anaerobic–aerobic systems will have a concentration much higher than sludge 
generated in purely aerobic systems, which can greatly facilitate pumping and dehydration.

(e) The excess aerobic sludge can be stabilized in the anaerobic pre-treatment system.In anaerobic–
aerobic systems, the possibility exists of using the anaerobic pre-treatment reactor not only for 
the anaerobic treatment of raw sewage but also for the stabilization of excess sludge generated 
in the aerobic post-treatment. The excess sludge generated in the anaerobic pre-treatment is 
already stabilized and does not require specific treatment before its dehydration. To assess the 
feasibility of using the anaerobic reactor for stabilization of post-treatment active sludge, it is 
necessary to verify that:
(1) The introduction of excess aerobic sludge into the UASB reactor does not affect its 

performance as an anaerobic pre-treatment unit for the sewage to be treated.
(2) Stabilization of the aerobic sludge in the anaerobic reactor is feasible.
(3) The aerobic sludge digestion efficiency is equal to the value obtained in a conventional 

activated sludge digester.
(4) The non-digestible part of the stabilized sludge mixes with the anaerobic sludge remains in 

the pre-treatment reactor and is discharged together with the excess anaerobic sludge.

de Silva Filho and van Haandel (2014) showed experimentally that the first three assumptions 
materialize, but the fourth condition does not: after aerobic sludge digestion, the non-digestible part of 
the aerobic excess sludge is expelled from the anaerobic reactor, because of its weak settleability. The 
consequential accumulation of these non-biodegradable solids in the aerobic reactor continues until 
the sludge concentration becomes so high, that the settler cannot separate the solids from the liquid 
phase and the system starts discharging sludge along with the effluent.

It is concluded that, although it is possible to digest the aerobic excess sludge in the anaerobic 
pre-treatment reactor, operational difficulties tend to arise that make this operation not feasible, as 
in practice has been experienced in many anaerobic–aerobic systems: non-biodegradable residual 
of aerobic sludge digestion will form an accumulate in the reactors and eventually will be released 
through the single outlet which is discharged in the final settler as indicated in Figure 5.20. Therefore, 
practice and theory show that of the five possible advantages of anaerobic–aerobic treatment four can 
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Figure 5.19 Anaerobic sludge production and excess aerobic sludge as a function of the anaerobic sludge age and 
excess aerobic sludge production at 25°C (aerobic sludge age = 5 days).
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be materialized, but the fifth (the stabilization of aerobic excess sludge in the anaerobic reactor) leads 
to very serious operational problems.

A solution to this problem is to separate the non-biodegradable solids in the anaerobic effluent 
before discharge into the aerobic reactor, for example by introducing an intermediate settler as 
indicated in Figure 5.21. In that case, the accumulation of these solids in the treatment system and the 
associate operational problems can be avoided.

5.3.2 Application of the anammox process
As it was stated in the introduction of this chapter, phosphorus removal could be carried out by 
chemical precipitation of the orthophosphate ion with calcium, aluminium, or iron salts. On the other 
hand, conventional nitrogen removal is at most partial in anaerobic–aerobic treatment systems.

Autotrophic nitrogen removal, through the combined action of anammox and ammonium 
oxidizing microorganisms, is undoubtedly one of the most promising nitrogen removal processes for 
anaerobically treated effluents. In a first stage, the oxidation of around 50% of the ammonium to 
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Figure 5.20 Layout of the activated sludge UASB reactor configuration without intermediate settler for stabilization 
of excess aerobic sludge in the UASB.
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Figure 5.21 Layout of the activated sludge UASB reactor configuration with an intermediate settler for stabilization 
of excess aerobic sludge in the UASB.
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153Post-treatment of anaerobically digested sewage for nutrient removal

nitrite is sought by means of nitrite-oxidizing autotrophic microorganisms (Equation (5.27)). In a 
second stage, the ammonium that has not reacted is used as an electron donor to denitrify nitrite, 
using anammox autotrophic microorganisms (Equation (5.28) and Figure 5.22a).

1 32 1 98 1 32 1 4 2 644 2 2 2. . . . .NH O NO H O H ammonia oxidation+ − ++ → + +  (5.27)

1 1 32 0 13 1 02 0 26 2 034 2 2 3 2NH NO H N NO H O anammox+ − + −+ + → + +. . . . .  (5.28)

1 0 85 0 45 0 11 1 08 1 444 2 2 3 2NH O N NO H H O overall reaction+ − ++ → + + +. . . . .  (5.29)

Because anammox sludge is autotrophic, the CO2 used in sludge production must be partially 
reduced (oxidation number from 8 to 4), which is possible by partial nitrite to nitrate oxidation. 
According to Equation (5.29), the overall nitrogen efficiency is limited to a maximum of 89%, due to 
the production of nitrate. The real efficiency of the process could be affected by the presence of some 
residual ammonia concentration in the effluent.

The process has multiple advantages, organic matter is not required to denitrify, oxygen consumption 
is significantly reduced, and a small amount of biological sludge is generated. This process has been 
successfully applied for the removal of nitrogen of anaerobic digestion centrates in the sludge line of 
urban STPs, with many installations built after the first full-scale system installed in the Rotterdam 
STP in 2002, and also for the treatment of certain industrial streams with high nitrogen concentration 
at temperatures of 30–35°C. At these high temperatures, the nitrite production rate is greater than the 
nitrate production rate, which is a key for the success of anammox.

Its application in the water line is especially interesting, as it would make feasible the energy 
sustainability of STPs treating organic matter and nitrogen. Two different reactor configurations 
could be applied for the autotrophic removal of nitrogen: a one-stage process, in which both partial 
ammonia oxidation to nitrite and anammox are carried out in the same bioreactor; and a two-stage 
process, in which partial ammonia oxidation into nitrite is carried out in a first reactor, and the 
anammox reaction in a second bioreactor coupled in series. From these two configurations, the use 
of a two-stage process is recommended for treating anaerobically treated sewage, since it gives better 
results in the water line at temperatures below 30°C (Pedrouso et al., 2021; Wu et al., 2020).

Nevertheless, most of the attempts carried out in the water line have generally been unsuccessful. 
The reasons are multiple:

(1) Anammox bacteria do not support high residual COD concentrations due to the competitive 
growth of heterotrophs. It is recommended that the COD/TN ratio of the wastewater be 
lower than 2–3 g/g, fixing a TN to be treated of 50 mgN/L. This means that the COD in the 
anaerobically treated sewage should be lower than 100–150 mg/L.

Figure 5.22 Left (A), anammox granules, anammox biomass is characterized by its intense reddish colour; right (B) 
picture of the two-stage PN/A prototype operated by Pedrouso et al. (2023).
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(2) At temperatures lower than 30°C, the anammox activity is reduced. Thus, the reactor volume 
and biomass concentration of the anammox process should be increased. Additionally, 
the temperature dependencies on the growth rate for ammonia oxidizers and anammox 
microorganisms are quite different, which can cause decompensation in the populations, and 
volumetric activities, of said microorganisms at lower temperatures (Pedrouso et al., 2021; Wu 
et al., 2020).

(3) Stable suppression of nitrite-oxidizing bacteria is a key aspect in bioreactors treating sewage, 
with low ammonia concentration, around 50 mgN/L and temperatures of 15–25°C, in 
comparison with the 500–1,500 mg/L observed in centrates at temperatures of 30–35°C. This 
complicates the required inhibition of nitrite-oxidizing bacteria by free ammonia (FA), which 
interferes negatively with the overall process by oxidizing nitrite to nitrate (Wang et al., 2022). 
Nitrite oxidizers are inhibited at threshold FA concentrations of 0.08–0.82 mgNH3-N/L. 
Additionally, nitrite oxidizers can also be inhibited by free nitrous acid (FNA) at concentrations 
higher than 0.02 mgNO2

--N/L (Pedrouso et al., 2017, 2023; Zheng et al., 2023). The use of 
a strategy to inhibit nitrite oxidizers by either FA or FNA, or even both, is conditioned by 
sewage alkalinity, pH, and TN in the wastewater stream. For hard waters, rich in ions such 
as magnesium and calcium, in which a pH higher than 7 can be easily maintained in the 
bioreactor, the alternative of free ammonia is more viable, since the presence of FA is favoured 
at higher pH. On the contrary, for soft waters, where the pH of the bioreactor can reach 
easily acidic values, decreasing FA concentration, the alternative of FNA can be the solution to 
inhibit nitrite oxidizers.

For all these reasons, nitrogen treatment, through the anammox process, is still a challenge for 
the treatment of the effluents from anaerobic systems in STPs. An exception would be hot climate 
zones with water temperatures above 25°C and the segregated treatment of black waters with much 
higher nitrogen content. For instance, autotrophic nitrogen removal was responsible for a large part 
of the nitrogen removal in the STP of Changi (Singapore), using a step-fed activated sludge secondary 
system, with water temperatures between 28 and 32°C (Wang et al., 2022). Additionally, Zheng et al. 
(2023) treated urban sewage in a pilot system, using a high-rate activated sludge system and a two-
stage hybrid pilot plant with both suspended biomass and biofilms, operating at temperatures between 
20 and 32°C. The treated effluent contained around 10 mg/L of TN, mainly ammonia. Most of the 
nitrogen was removed autotrophically in the post-treatment system. It should be highlighted, that the 
observed COD removal in the first high-rate activated sludge system, around 60%, was quite similar to 
that observed in many anaerobic UASB reactors. Pedrouso et al. (2023) also treated sewage in a pilot 
system, composed of a first activated sludge reactor, and a two-stage partial nitrification–anammox 
system, observing a nitrogen removal efficiency of 80%, with temperatures between 23 and 26°C 
(Figure 5.22a). These studies clearly suggest that there is also an opportunity to treat nitrogen from 
anaerobic reactor effluents at such temperatures.

Another possibility is the segregated treatment of domestic black water and grey water. Black water 
contains more than 90% of the COD, and more than 80% of the TP, and TN daily load generated in 
a municipality. COD, TN, and TP concentrations usually are between 1,000–7,000, 100–1,000, and 
25–200 mg/L, respectively (Pedrouso et  al., 2020). Thus, the segregated treatment of black water, 
using a first anaerobic treatment stage, makes it much easier for the application of an autotrophic TN 
removal post-treatment, due to the higher FA and FNA concentrations observed in the bioreactors. 
Pedrouso et al. (2020) were able to remove above 80% of the TN from anaerobically treated black 
waters, with around 120 mgN/L, using a one-stage autotrophic process.

5.3.3 Post-treatment with membrane reactors
MBRs are perhaps one of the technologies with the greatest potential for wastewater treatment, 
including the polishing of anaerobically treated sewage. Although there are various configurations 
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155Post-treatment of anaerobically digested sewage for nutrient removal

of biological membrane systems, this chapter refers to the use of aerobic MBRs using submerged 
membrane modules. MBR is one of the modifications of the activated sludge process, where the 
secondary clarifier has been replaced by microfiltration (MF) or ultrafiltration (UF) membranes, 
with a pore-size between 0.01 and 0.1 µm for UF membranes, and 0.1–0.4 µm for MF membranes. 
Through sieving, the membranes separate those components larger than the pore size, such as 
bacteria (>1 µm), helminth eggs (20–80 µm), protozoa (<50 µm), and for the case of UF even colloidal 
substances, making possible to obtain a high-quality effluent free of suspended solids and microbial 
indicators, facilitating the reuse of the reclaimed water. Thus, the use of MBRs may probably be the 
best technology available for water reuse. In any case, more information regarding MBRs and water 
reuse is provided in Chapters 3 and 8 of this book, respectively.

At present, anaerobic sewage treatment presents two main drawbacks: (i) negligible nitrogen 
removal, and (ii) the presence of dissolved methane in their effluents, which may be released into 
the atmosphere, notably increasing the greenhouse gas emissions of the process. Methane is a strong 
greenhouse gas with a global potential 28 times higher than carbon dioxide. Cakir and Stemstrom 
(2005) compared greenhouse emissions from both aerobic and anaerobic sewage treatment, concluding 
that aerobic technologies emit less greenhouse gases, especially for the treatment of diluted sewage, 
due to the dissolved methane emissions associated with anaerobic sewage treatment. There are 
various strategies to reduce the impact of dissolved methane emissions, including desorption-based 
techniques to recover part of the dissolved methane, and biological methane oxidation reactors, in 
which methane may be used to denitrify (Chapter 7 of this book; Stazi and Tomei, 2021).

An innovative MBR process developed at the University of Santiago de Compostela that aims 
to respond to the problems associated with anaerobic sewage treatment, the SIAM® treatment 
technology (US patent 9,725,345B2), obtains the removal of dissolved methane and total nitrogen, so 
killing two birds with one stone. This technology is based on the use of a hybrid membrane bioreactor 
(hybrid MBR) to treat the effluent of an UASB system fed with sewage.

The first development of the hybrid MBR of the SIAM® technology included two compartments: 
an anoxic compartment that accounted for 70% of the volume of the hybrid MBR; and an aerobic 
membrane filtration compartment, where ammonium was mostly nitrified to nitrate, and the 
remaining dissolved methane not eliminated in the anoxic stage was partly oxidized or desorbed to 
the atmosphere. A hollow-fibre ultrafiltration membrane was used to separate the permeate from the 
mixing liquor, preventing microorganisms from being washed out.

In the first development of the SIAM®, plastic carrier particles were placed in the anoxic compartment 
to promote the growth of a biofilm with methanotrophic or anammox microorganisms, which are 
maintained, unlike biomass in suspension, always in the anoxic conditions to favour growth.

The elimination of nitrogen associated with the biological oxidation of methane can follow two 
pathways: one aerobic, known as aerobic methane oxidation coupled to denitrification (Amo-D); and 
another anaerobic, known as nitrite/nitrate-dependent anaerobic methane oxidation (N-damo).

In the Amo-D, aerobic methanotrophs are able to convert methane into methane oxidation products 
that are employed as a carbon source by conventional heterotrophic denitrifiers (Equation (5.30)) in a 
subsequent reaction (Thalasso et al., 1997).

CH O NO H N CO H O4 2 3 2 2 21 1 0 72 0 72 0 36 2 36+ + + → + +− +. . . . .  (5.30)

N-damo process is carried using either nitrite by N-damo bacteria (Candidatus Methylomirabilis 
oxyfera) or nitrate by N-damo archaea (Candidatus Methanoperedens nitroreducens) (Haroon et al., 
2013; Equations (5.31) and (5.32), respectively). Unfortunately, these newly discovered N-damo 
microorganisms are characterized by extremely slow growth rates of approximately 1–2 weeks (Ettwig 
et al., 2009; Haroon et al., 2013).

N damo bacteria CH NO H N CO H O- : / / / /4 2 2 2 28 3 8 3 4 3 10 3+ + → + +− +
 (5.31)
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N damoarchaea CH NO NO CO H O- : 4 3 2 2 24 4 1 2+ → + +− −
 (5.32)

The methane removal rate in the first two-compartment pilot units reached up to 195 ± 17 mgCH4/
L/d, and the nitrogen removal rate, referred to the anoxic compartment, up to 144 ± 20 mgNOx-N/L/d 
(Silva-Teira et al., 2017). The dissolved methane removal percentage reached 60–80%, while nitrogen 
removal was 15 mgN/L. From this concentration, and considering the difference between the COD 
fed to the MBR and that of the permeate, it was estimated that only 4 mgN/L was due to conventional 
heterotrophic elimination, estimating that aerobic and anaerobic methanotrophs were responsible for 
the remaining 11 mgN/L.

In a second development, a notable advance of the SIAM® process was the inclusion of an 
additional aerobic compartment, between the anoxic and membrane filtration compartments (Figure 
5.23). This compartment also contained plastic supports for biofilm growth. This development 
boosted the nitrogen capacity of the hybrid MBR process. Nitrogen removal increased from 15 to 
40 mg N/L, for sulphate depleted wastewater, to 60–70 mgN/L for sewage with around 50 mgSO4

2--
S/L (Allegue et al., 2023). Those results were obtained in a small 176 L SIAM® pilot plant (120 L 
UASB + 56 L Hybrid MBR) treating synthetic sewage, maintaining HRT in the hybrid MBR around 
0.41 days. Similar results were obtained in a SIAM® prototype with a 3.87 m3 UASB and a 2.06 m3 
hybrid MBR, located in the STP of Cartagena (Murcia, Spain) in the frame of the European Union 
project Siamec (Domínguez et al., 2019; Figure 5.24) maintaining an HRT, referred to the MBR post-
treatment system, of around 0.43 days. The TN removal efficiencies were around 75–80%, diminishing 
TN concentration from 75–90 to some 20 mg/L.

The presence of sulphate in raw sewage can alter the performance of the UASB system, as this ion 
is reduced in the anaerobic system to sulphur-reduced compounds including elemental sulphur and 
hydrogen sulphide. Sulphate content in raw sewage may have either an anthropic or natural origin 
or be caused by seawater intrusion in sewerage systems, especially in coastal towns. Sulphide may 
be utilized by autotrophic sulphur-oxidizing bacteria (SOB) as an electron donor for denitrification, 
which could enhance the nitrogen removal capabilities of UASB post-treatment systems. SOB can use 
reduced sulphur compounds, such as sulphide, as electron donor to transform nitrite/nitrate into N2 
(Equations (5.33) and (5.34)).

3 8 5 3 4 42 4
2

2 2HS NO H SO N H O− − + −+ + → + +  (5.33)

5 8 3 5 4 43 4
2

2 2HS NO H SO N H O− − + −+ + → + +  (5.34)
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Figure 5.23 Schematic of the second development of the SIAM® process, with a first anaerobic UASB stage for 
removing COD; and a hybrid MBR post-treatment for polishing the effluents of the first anaerobic stage. Plastic 
carrier particles were introduced in both the anoxic and aerobic compartments of the hybrid-MBR system.
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In principle, the presence of either dissolved methane or sulphur-reduced compounds in the 
anaerobically treated sewage increases the TN removal capacity of the post-treatment system, as was 
previously observed for the two SIAM® plants. However, hydrogen sulphide generated in the UASB 
stage may also inhibit the activity of microorganisms involved in the TN and dissolved methane 
removal, as was reported for nitrifying (Bejarano Ortiz et al., 2013), anammox (Carvajal-Arroyo et al., 
2013) and methane-oxidizing microorganisms (Xu et al., 2020). The inhibition of nitrification was 
observed in the SIAM® prototype, around day 480 (Figure 5.25) due to an electrical failure in the 
plant. This caused a rapid loss of nitrification, and no nitrate ions entered the anoxic compartment 
to oxidize the reduced sulphur products. This led to a vicious circle in which nitrification was not 

Figure 5.24 Image of the SIAM® prototype (using the second development) operated in the sewage treatment 
plant of the city of Cartagena (Spain), in the frame of the European Union Life Siamec project.

Figure 5.25 Evolution of the TN in the hybrid MBR stage of the SIAM® prototype operated in the STP of the city 
of Cartagena (Spain), in the frame of the EU Life Siamec project: ( ) TN in the anaerobically treated sewage; ( ) TN 
measured in the permeate of the MBR system. The red arrow indicates a nitrification inhibition event due to the 
accumulation of reduced sulphur compounds, which occurred around operating day 480.
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achieved due to inhibition, and the inhibitor was not eliminated due to the absence of nitrate and 
nitrite in the anoxic compartment. In the prototype plant, this was solved by reducing the flow of 
residual water fed for a few days.

One of the advantages of using the SIAM® process, as occurred with some other MBR processes, 
is that it facilitates water reuse of the reclaimed water. Microbial (E. coli; Legionella spp.; Nematodes 
eggs) and chemical indicators (TSS, BOD5, turbidity) in the permeate of the SIAM® prototype treating 
sewage were below the limits for water reuse in agriculture set by the EU regulation 2020/741 for 
reclaimed water quality class A. On the other hand, the observed overall sludge production is similar 
to that referred for anaerobic UASB systems, around 0.1 gTSS/gCOD, reducing the cost associated 
with sludge management.

Concerning the microbial population developed, the biofilms of the anoxic and aerobic compartments 
were enriched in anammox microorganisms. N-damo microorganisms (detected by q-PCR, Illumina, 
and FISH) were only observed in aerobic and anoxic biofilms of the prototype treating urban sewage 
in Cartagena, around 0.02% by Illumina. The presence of aerobic methanotrophs was always observed 
in the hybrid MBR, both in suspension and the biofilms, with values between 1.5 and 8%.

Despite the low N-damo content, denitrification associated with anaerobic methane oxidation was 
always detected in batch activity tests (Silva-Teira et al., 2017). Xie et al. (2023) also detected some 
kind of N-damo activity without any known N-damo, in a moving-bed biofilm reactor (MBBR) under 
hypoxic conditions, with only 0.02 mg/L of dissolved oxygen (DO). The presence of aerobic methane 
oxidizers was remarkable, despite the low DO. They suggested the possibility that some unknown 
strains may harbour uncharacterized N-damo capacity that contributed to nitrogen removal.

The use of a hybrid MBR process with several anoxic and aerobic chambers, as proposed in the 
SIAM® system, basically is in line with what has been observed for anammox systems in the water 
line, using hybrid bioreactors (Zheng et al., 2023). The use of carrier particles promotes the growth 
of sensitive microorganisms, avoiding the strong dissolved oxygen variations to which the biomass in 
suspension is subjected.

To interpret the obtained results in a more analytical way, a mathematical model to describe the 
biological processes in the hybrid MBR was developed taking account of the kinetic and stoichiometric 
parameters of existing microbial populations: heterotrophs, sulphate reducing bacteria, sulphide 
oxidizing bacteria, aerobic and anaerobic methanotrophs (including N-damo bacteria and archaea), 
ammonium and nitrite oxidizing bacteria and anammox. The model considered only the existence 
of suspended biomass, neglecting the presence of biofilms, and the mass balances in the hybrid 
MBR considered three tanks connected in series, representing the anoxic, aerobic and membrane 
filtration compartments of this system. The mathematical model developed may be considered a way 
of describing the system under study, the hybrid MBR, through mathematical equations, allowing the 
simulation, once it has been correctly adjusted, to verify the behaviour of the system.

The model developed is similar to some of the existing activated sludge models (ASM1 and ASM2) 
and contained 22 components, including sulphur compounds, dissolved methane and oxygen. The 
microbial reactions were modelled by 27 kinetic processes (Liñares-Lamas, 2018; Mauricio-Iglesias 
et  al., 2016) and contained 97 kinetic and stoichiometric parameters. Some of the parameters of 
the model were calibrated using the experimental results obtained during 248 days of operation, 
and others fixed considering the typical values referred to the ASM models. The model was verified 
considering that the experimental results obtained in a later period fit correctly with the predictions 
obtained.

The use of the model allows the study of the impact of various operating conditions different from 
those tested, allowing the identification of which variables can positively or negatively affect the 
biological elimination of total nitrogen or dissolved methane in the hybrid MBR.

Heat maps were used to represent the different operating conditions on the removal of total 
nitrogen and dissolved methane. Figure 5.26 shows the total nitrogen and dissolved methane removal 
predicted by the model, as a function of TSS in the aerobic compartment and HRT of the hybrid MBR. 
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The red dot indicates the observed experimental result observed maintaining HRT, DO and TSS at 0.4 
day, 1 mg/L and 9 gTSS/L, respectively.

At short HRT the model predicts that nitrogen removal depends notably on the TSS concentration 
of the post-treatment bioreactor (Figure 5.26a), especially at low HRT. On the other hand, it might be 
necessary to operate with high HRT, greater than 0.5 days to obtain high nitrogen efficiency, when 
the post-treatment bioreactor operates below 4000 mgTSS/L, a concentration typically observed in 
activated sludge bioreactors.

Figure 5.26b shows the percentage of biological methane removal in the system carried out by 
aerobic methanotrophic organisms as a function of solids concentration and HRT. Since these 
microorganisms have a slow growth, below a certain value of solids they were not able to compete 
with the rest of the microorganisms and end up disappearing from the system. Therefore, methane 
removal increases with increasing solids concentration and with increasing HRT. Therefore, the use 
of an MBR system that allows maintaining high sludge concentrations may be a very good option for 
the removal of dissolved methane and nitrogen in anaerobically treated sewage.

Figure 5.26 shows the dissolved methane and nitrogen removals based on dissolved oxygen 
concentrations observed in the aerobic compartment of the hybrid MBR and the HRT applied. 
This parameter, DO, is one of the operating variables that is usually controlled, in fact, in aerobic 
bioreactors. The removal of nitrogen is practically constant as a function of the DO of the aerobic 
compartment (Figure 5.27a) since the volume of the membrane chamber is sufficient to carry out 
nitrification, in fact the removal range depicted in the heat map varies only between 74.2 and 75.4%. 
However, for the removal of methane (Figure 5.27b) an optimum value of oxygen is observed. Below 
this, oxygen limits the activity of aerobic methane oxidizers, while with a higher value, methane 
desorption due to the stripping to the atmosphere, increases. It is observed that the DO optimum 
values are between 0.4 and 1 mg O2/L, and that methane removal would be strongly encouraged if the 
volume of the MBR was increased. The model predicts that methane removal could be increased from 
45%, obtained in the experimental system, to more than 80%, if the HRT were increased from 0.4 to 
1 day, maintaining the same concentration of dissolved oxygen. This would obviously increase the 
volume of the post-treatment system, increasing the capital expenses of the sewage treatment plant.

The model indicates that the elimination of dissolved methane depends strongly on the 
concentration of organic matter in the anaerobically treated sewage fed to the MBR, with a COD 
of around 300 mg/L, improving the removal significantly if the COD efficiency of the UASB 
increased. In fact, the removal of dissolved methane determined in a hybrid MBR, fed with an 

Figure 5.26 (a) Percentage of total nitrogen removal and, (b) percentage of dissolved methane removal predicted in 
the hybrid MBR process as a function of the HRT and TSS concentration in the aerobic compartment (Liñares-Lamas, 
2018). The red dot indicated the experimental results obtained in the hybrid MBR of a SIAM® prototype.
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anaerobically treated wastewater containing less than 100 mgCOD/L, were higher, around 70–80% 
(Alvarino et al., 2019; Silva-Teira et al., 2017). This is due to the lower presence of conventional 
heterotrophs in the sludge when COD fed diminishes. On the other hand, the model indicates that 
the development of N-damo microorganisms is problematic under the operating conditions used. 
This agrees with the experimental results, where these microorganisms were present in a very 
low proportion in the biofilms, although some anaerobic methane oxidation activity was detected 
(Silva-Teira et al., 2017).

The model indicates that most of the methane removal takes place by aerobic methanotrophic 
bacteria, which were detected in the sludge samples. In any case, the role of biofilms or the development 
of unknown anaerobic methanotrophic communities as referred in the literature (Xie et al., 2023) 
could open new ways to improve the simultaneous removal of dissolved methane and total nitrogen 
from anaerobically treated sewage.

5.4 POST-TREATMENT WITH BIOFILM REACTORS
5.4.1 Trickling filters
Trickling filters are a type of non-submerged biofilm three-phase bioreactors, in which a plastic or 
rock packing material contained in a tower, is used to promote biofilm growth. Sewage is sprayed 
over the top of the trickling filter, and trickles to the bottom, wetting the biofilm. The treated sewage 
is collected at the bottom of the tower. Part of the biodegradable organic matter and ammonium 
contained in the sewage are oxidized by the biofilm, thanks to the oxygen transferred through natural 
or forced draft aeration.

Rocks with a nominal size of around 5–20 cm, random plastic packing media, and plastic bundles 
are the typical packing materials used in TFs. The height of the trickling filter is conditioned, among 
others, by the weight of the packing material, limiting the height of the trickling filters to 1–3 m or 
4–12 m if rock or plastic packing materials are used, respectively.

Although trickling filters with rock are still in use, there is a tendency to replace them with plastic 
packing materials, due to the higher specific surface area, better air circulation, and the absence of 
ponding, which is caused by solids accumulation in the rock material (Bressani-Ribeiro et al., 2017). 
This not only improves the efficiency of the filter but also reduces the nuisance problems or the 
proliferation of insects associated with the use of rock in TFs.

It is recommended to pretreat the sewage fed by primary sedimentation in conventional TF facilities. 
Trickling filters used as the post-treatment stage of UASB effluents are widely used in countries such 

Figure 5.27 (a) Percentage of total nitrogen removal, and (b) percentage of dissolved methane removal predicted in 
the hybrid MBR process as a function of the HRT and DO concentration in the aerobic compartment (Liñares-Lamas, 
2018). The red dot indicated the experimental results obtained in the hybrid MBR of a SIAM® prototype.
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as Brazil. Several studies have demonstrated that the combined UASB + TF systems used for sewage 
treatment have a similar overall BOD removal efficiency than the conventional primary settling + TF 
sewage treatment (Bressani-Ribeiro et al., 2017).

The size of the TF required can be estimated in terms of the hydraulic loading rate (HLR; m3/m2/d) 
and the organic loading rate (OLR; kgBOD/m3/d) selected. TF are classified in five different categories 
depending on the HLR, OLR and the nature of the packing material used (Metcalf & Eddy 2014): low 
rate with rocks (1–4 m3/m2/d and 0.07–0.22 kgBOD/m3/d); intermediate rate with rocks (4–10 m3/
m2/d and 0.24–0.48 kg BOD/m3/d); high rate with rocks (10–40 m3/m2/d and 0.4–2.4 kgBOD/m3/d); 
high rate with plastic (10–75 m3/m2/d and 0.6–3.2 kgBOD/m3/d); and roughing TFs with plastic 
packing (40–200 m3/m2/d and >1.5 kgBOD/m3/d). According to Bressani-Ribeiro et al. (2017), most 
of the UASB + TF full-scale plants in Brazil were designed as high-rate TFs with rocks.

Nitrogen or phosphorus removal with the above indicated TFs is negligible, and only certain 
ammonia removal could be expected, depending on the operational conditions, especially the applied 
loading rate and temperature.

5.4.2 Down-flow hanging sponge
Down-flow hanging sponge (DHS) technology can be considered an improvement of the trickling filter 
process, where the packing material is made up of polystyrene sponges. This technology, developed 
in Japan, has been successfully applied to the post-treatment of effluents from UASB systems, in 
urban STPs. This effluent trickles down through the sponges by gravity. In DHS systems the growth 
of a biofilm, covering the polystyrene particles used, eliminates in contact with air a large part of the 
organic matter and TKN fed. The sponge used as carrier in DHS is characterized by its large porosity 
(around 98.5%), which favours the retention of water, increasing the contact time between the residual 
water and the attached microorganisms, regarding other packing materials used in trickling filters, 
enhancing the pollutants removal.

Okubo et al. (2015) operated a full-scale UASB + DHS with polyurethane foam sponge as DHS 
support, for 5 years, without any significant sponge damage that could endanger the process.

DHS operated at short HRT, around 1.5 h referred to the sponge volume in full-scale facilities 
(Okubo et al., 2015; Mazhar et al., 2021). DHS towers contained around 24.7–33% carriers. Sludge 
retention time is around 90–120 days (Tandukar et al., 2007; Tawfik et al., 2006). DHS has low energy 
requirements regarding aerobic activated sludge systems, caused natural draft aeration. Additionally, 
excess of biomass growing onto the carrier is easily detached by the water that is percolating in the 
system, avoiding the clogging of the filter media. Excess biomass could easily be removed by secondary 
sedimentation, and this stage could even be dispensed in those locations where the TSS discharge 
limits are not rigorous (Bressani-Ribeiro et al., 2017). Biomass yield observed in DHS is very low, 
around 0.04 gTSS/gCOD as stated by Okubo et al. (2015).

In DHS, most of the COD is removed in the upper part of the filter. Organic matter removal 
efficiency of UASB + DHS systems are comparable with those of conventional activated sludge 
reactors (Tandukar et al., 2007), with removal BOD and COD efficiencies of around 90% for pilot 
plants (Tandukar et al. 2007; Tawfik et al. 2006). For two full-scale facilities located in India, Agra 
(Aamir Mazhar et al., 2021) and Karnaoba (Okubo et al., 2015), the COD efficiencies were 83 and 
89%, respectively. The lower COD efficiency of the Agra facility might be caused by the absence of 
secondary sedimentation of the DHS effluent. TSS of the final effluent was higher, 42.7 ± 10 versus the 
19 ± 8 mgTSS/L observed in the Karnaoba facility.

COD removal is hardly affected by temperature in UASB + DHS systems, with a slight improvement 
in any case at temperatures above 20°C (Tandukar et al., 2007). A large fraction of the ammonium 
fed is oxidized to nitrate in the lower part by aerobic nitrifiers. Around 50–70% of the fed ammonia is 
oxidized to nitrate in DHS (Okubo et al., 2015). The existence of anaerobic and anoxic environments 
inside the sponges of the lower part facilitates the elimination of part of the fed TKN due to 
denitrification processes. DHS systems may eliminate a fraction of the fed TN, around 6–12 mg/L, 
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mainly due to biological nitrification–denitrification processes, as the contribution of assimilation to 
nitrogen removal is almost negligible (Okubo et al. 2015; Onodera et al. 2014; Tawfik et al. 2006).

5.5 CONCLUSIONS
5.5.1 Combination of anaerobic pre-treatment and PPs
Anaerobic pre-treatment in combination with PP is highly advantageous when compared with 
conventional WSP:

• A large reduction of the pond can be achieved.
• Nutrient removal becomes feasible in PP, but not in WSP.
• There is a possibility of productive use of biogas and sludge production.
• Decreasing of effluent quality and quantity by evaporation is reduced.

The preferable hydrodynamic regime for PPs is sequential batch (SBPP) rather that continuous flow 
(CFPP).

• SBPP can remove nutrient more rapidly than CFPP, but it requires a transfer pond to feed the 
SBPP.

• Transfer ponds can have important secondary advantages: settling of anaerobic solids and odour 
reduction.

The increase of pH in PPs is due to CO2 removal by photosynthesis and desorption. Ammonium 
desorption tends to reduce pH.

The principal mechanism for ammonium removal is desorption, although some nitrogen may be 
removed by incorporation in the produced biosolids.

The principal mechanism for phosphorus removal in PPs is precipitation with naturally present or 
added cations, although some phosphorus may be removed by incorporation in the produced biosolids. 
High-quality effluent may be produced by clarification of PP effluent and can further be improved to 
pure water by advanced treatment like inverse osmosis.

The construction costs for SBPP are much smaller than for WSP for three reasons:

• A per capita reduction of the pond area of 2/3 (67%) can be achieved if only nitrogen is to be 
removed from sewage. If nitrogen and phosphate are to be removed the reduction is 1/2 (50%).

• The depth for SBPP (0.5 m) is much smaller than for WSP (1.2 m), so that much less excavation 
is required, and the slopes are much smaller. The SBPP do not need to have all the same bottom 
level, again reducing excavation costs.

• The reduction of odour from SBPP plants allows construction near the contributing population 
reducing the costs for the outfall.

5.5.2 Anaerobic pre-treatment and other aerobic activated sludge post-treatment systems
Aerobic post-treatment, using activated sludge systems (after anaerobic pre-treatment) removes 
organic material and suspended solids with the same efficiency as purely aerobic sewage treatment, 
but has great advantages:

• Strong reduction in the volume of the treatment system, lowering the investment costs.
• Reduction of energy demand with the possibility of being self-sufficient through using the energy 

from the methane generated in the pre-treatment reactor.
• Reduction of sludge production, thus reducing operating cost.
• Increase in excess sludge concentration, facilitating dehydration and final disposal.
• Nitrogen removal is difficult and is limited by the low COD contained in the anaerobically 

treated effluent.
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5.5.3 Post-treatment with membrane and biofilm reactors
The use of MBRs, as post-treatment systems, allows obtaining a high-quality effluent, facilitating the 
reuse of water. Additionally, the higher microbial concentrations and the use of a membrane that 
prevents the washing of slow-growing microorganisms, facilitate the use of dissolved methane as an 
additional carbon source for denitrification.

The integrated SIAM® process, which consists of a UASB system coupled in series to a hybrid 
MBR, is effective in removing total nitrogen and dissolved methane. The development of second-
generation SIAM® systems, in which the hybrid MBR consists of three chambers, allows the removal 
of total nitrogen to be significantly improved, going from a TN removal of 15–20 mg/L previously 
obtained, to more than 40 mg/L, and maintaining the removal of dissolved methane.

The use of trickling filters, using DHS systems, significantly improves the results previously 
observed for traditional trickling filters with stones or conventional plastic fillers. TN removal is 
limited to some 10 mg/L and cannot be easily controlled.
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ABSTRACT

Traditionally, wastewater treatment systems require considerable energy input, but this has changed since modern 
anaerobic treatment systems were developed in the second half of the last century. The production of biogas opens 
the possibility to produce electric power, which may make these systems independent of external energy and may 
even become net energy producers. A second source of energy production in wastewater treatment systems is sludge 
production. After drying the sludge its combustion can generate energy, though less than the energy potential from 
biogas, not only due to the reduced sludge mass, but also because solid fuel has a lower conversion efficiency than 
gaseous fuel. It has been demonstrated that in an efficient anaerobic treatment system operating under favourable 
conditions (warm climate, low-sulphate concentration in the influent) ∼1/6 of the influent organic material is converted 
into sludge whereas 4/6 is converted into biogas and 1/6 leaves the anaerobic treatment system with the treated 
effluent. Normally, the production of electric power from the biogas is more than sufficient to run the treatment 
system and an external source energy is not required. However, this does not mean that energy production is always 
a sound economic solution. Economic feasibility depends on the price of electric power and generally requires the 
operation of a large treatment system. In this chapter, equations are derived to estimate the composition of biogas 
and sludge in anaerobic wastewater treatment systems and specifically the influence of sulphate in the influent is 
discussed. Moreover, the processes for collection and treatment of biogas and sludge are presented. The potential 
for useful energy generation from anaerobic treatment systems is analysed and several examples are presented in 
order to highlight the feasibility of the energy recovery under different operating conditions.

Keywords: anaerobic wastewater treatment, biogas production and composition, electric power from biogas and 
sludge, influence of sulphate in the influent, volatile solids production.

6.1 INTRODUCTION
All biological wastewater treatment systems seek to reduce the concentration of organic material since 
its presence is highly undesirable. When raw wastewater is discharged on surface water, it leads to 
consumption of dissolved oxygen, and, depending on the ratio between surface water flow and organic 
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load, it can cause death of microorganisms. Conventional aerobic wastewater treatment systems are 
energy consumers, but anaerobic treatment systems offer the possibility of recovering the energy content 
of the influent organic matter, which can be profitably employed in wastewater treatment plants or 
sold as electric energy. As shown in Figure 6.1 the organic material of wastewater after the anaerobic 
treatment is distributed in three fractions: (1) a gaseous fraction composed of biogas, (2) a solid fraction 
composed of biological sludge and (3) a fraction dissolved in the effluent. In this distribution, the 
largest fraction is biogas, in which methane is the main component and can be used for electric energy 
generation. Sludge combustion can provide useful energy production after separation from the liquid 
phase and drying. The residual organic material in the effluent is composed of a biodegradable and a 
non-biodegradable fraction. The biodegradable components can be removed in a post-treatment unit as 
activated sludge or polishing ponds (see Chapter 5) whereas the non-biodegradable fraction will only 
be removed if the production of high-quality water is an objective of the treatment system. In that case 
advanced processes such as reverse osmosis can be used to produce water without impurities.

In this chapter, an estimate is made of the composition of biogas and sludge as well as the potential 
for useful energy generation from these in anaerobic treatment systems. Moreover, the processes for 
collection and treatment of biogas and sludge are presented.

6.2 ENERGY RECOVERY IN ANAEROBIC TREATMENT SYSTEMS
The production of biogas is the most characteristic feature of the anaerobic treatment. Biogas is 
composed mainly of methane and carbon dioxide, which are decomposable products of organic 
material and have a limited solubility in water. There are other components, whose magnitude depends 
on the operating conditions in digesters and the characteristics of wastewater. In this chapter, it will 
be shown that for sewage treatment contributions of nitrogen and water vapour in biogas may exceed 
that of carbon dioxide. If sulphate is present in wastewater hydrogen sulphide will also be formed, 
which generally has a low concentration, but is nonetheless important because it can cause several 
problems in anaerobic digesters as it will be reported in detail in Section 6.4.7.

The destination of biogas depends on the produced quantity and the quality. If high amounts are 
available, it is possible to use biogas in a productive way, generating electricity and heat in combined 
heat and power units or refining and pressurizing it for subsequent use, for example for automotive 
purposes or injection in the gas grid. The technical feasibility of using biogas for power generation is not 
in question: there are many manufacturers who produce generators specifically designed for the use of 
biogas as fuel, with power generation ranging from 30 kW to over 5 MW. The transformation efficiency 
of these units is in the range of 35–40%. For very large biogas flows (production >5 MWel) there is the 
possibility of using gas turbines, which have a high initial cost, but with an efficiency of ≥50%.

Figure 6.1 Distribution of organic material of influent wastewater in anaerobic treatment systems. Numbers 
indicate the estimated fractions under normal operational conditions.
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A more complicated application is the upgrading of biogas for producing pure methane. In this 
case, the purified biogas must be compressed to a pressure high enough for grid injection (16 bar) 
or to a high pressure of 200–250 atm to be used in cars which are adapted for use of compressed 
natural gas. The upgrading of biogas into methane has also been demonstrated, but the feasibility 
of this alternative depends on the price of conventional fuel, which is too low for widespread 
application.

Raw biogas treatment processes are well established and the economic feasibility depends mainly 
on the benefit of the productive use, that is, the cost of fuel that otherwise would have to be purchased. 
In small treatment systems, it is usually not economically convenient using the biogas for energy 
production and it is preferable to burn it with a flare. It is worth noting that the combustion is 
important, and that omission of this step can result in the generation of greenhouse gases (GHG) by 
the anaerobic treatment higher than the one derived by the aerobic. The methane is a potent GHG 
with a carbon equivalence of 25:1, that is 1 mol of methane gas is 25 times more harmful than carbon 
dioxide.

Example 6.1
Estimate the per capita production of gases contributing to the greenhouse effect in aerobic and 
anaerobic systems for a per capita contribution of 100 g chemical oxygen demand (COD)/day and 
making the following assumptions:

(1) Aerobic: oxygen consumption: 0.72 g O2/g COD; aeration efficiency: 1 kWh/kg O2; fuel 
consumption for power generation: 0.2 kg CH4/day/kW of electric power.

(2) Anaerobic: anaerobic digestion efficiency: 70%
(3) Average elemental composition of sewage is C2H2O, close to the value of C2H19/9 ON1/9 

determined by Henze and Harremoes (2001).

Solution
Assuming that carbon dioxide is produced in equimolar ratio with the consumption of oxygen in the 
aerobic system, it follows that the oxygen consumption of 72 g O2/inh/day or 72/32 = 2.25 mol/inh/
day generates 2.25 mol/inh/day of CO2. On the contrary, the energy consumed in oxygen transfer 
(1 kWh/kg O2) will be ∼72 Wh/day or 3 W. For power generation of 1 W, consumption of 5 g CH4/day is 
required and this generates 5/16 = 0.31 mol/day CO2 (other fuels have roughly the same contribution). 
For a power generation of 3 W, the production of CO2 is therefore 0.93 mol/inh/day leading to a total 
of 2.25 + 0.93 = 3.2 mol CO2/inh/day in aerobic systems.

In anaerobic systems the per capita production is 0.7 × 100/4 = 17.5 g CH4/day or 17.5/16 = 1.1 mol 
CH4/day. If this amount is not burned, fatally it escapes into the atmosphere as a contributor to 
the GHG effect. Not considering the production of CO2 in anaerobic digestion (its major fraction 
does not pass into the atmosphere but remains dissolved), methane production is equivalent to 
21 × 1.1 = 23 mol CO2/inh/day, a factor 23/3.2 = 7 times greater than the calculated value for the 
aerobic generation system! By burning the methane production of biogas, the CO2 production will be 
1.1 mol/inh/day, ∼1/3 of the production in aerobic systems.

If methane in the biogas is burnt, there is still the dissolved CH4, with amounts to ∼20 mg 
CH4/L generating from the digestion of 80 mg COD/L. If the dissolved CH4 is not metabolized, for 
example by methanotrophic bacteria it will eventually be released into the atmosphere. If a per capita 
contribution of 120 L/day is assumed, the dissolved methane would be 20/16 × 120 = 150 mmol CH4/
inh equivalent to 3.1 mol CO2/inh, equal to the production in aerobic systems.

It can be concluded that even if all the biogas produced is burnt, the CO2 production of the burnt 
biogas and the release of dissolved methane leads to at least the same contribution of GHGs by anaerobic 
and aerobic treatment systems. Therefore, the sustainability of anaerobic systems for sewage treatment 
is actually questionable, due to the unavoidable release of GHGs into the atmosphere. In the above 
analysis, anaerobic digestion of aerobic sludge is not considered, but in reality, ∼30% of the organic 
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influent load to aerobic systems is converted into methane and will increase the output of GHGs, so 
that in the end the two systems produce practically equivalent amounts of GHGs. If methane can be 
productively used, anaerobic systems become more attractive in terms of sustainability, because they 
reduce the use of fossil fuels.

6.3 SOLUBILITY OF GASES
Biogas is a mixture of various gases and vapours that desorb from the liquid phase in an anaerobic 
digester because of the limited solubility of these products in water. To estimate the flow of biogas, 
it is necessary to know the production and solubility of its components. Calculation requires a first 
assumption of equilibrium conditions between the gaseous phase (biogas) and liquid phase in a 
bioreactor whose composition is assumed to be equal to one of the effluents, and that there is a 
uniform composition in both phases. In good approximation, this will normally be the case, even 
though the solid phase in the reactor can be highly stratified (Cozma et al., 2013).

The solubility of gases in the liquid phase can be expressed with Henry’s law, stating that if a liquid 
and a gaseous phase are in equilibrium, there is proportionality between the saturation (maximum) 
concentration of a gas component in the liquid phase and its concentration in the gas phase:

C k Cs d g=  (6.1)

where Cs = saturation concentration of the dissolved gas (mg/L or mmol/L); Cg = gas concentration in 
the gas phase (mg/L or mmol/L) and kd = distribution coefficient (dimensionless).

The distribution coefficient indicates the solubility of a gas: the higher the coefficient, the higher 
the solubility. The value of this coefficient has been determined and tabulated for the most important 
volatile compounds. Table 6.1 shows the values of the distribution coefficients for different temperatures 
of gases which can be biogas components. Concentrations may be expressed in any unit (g/L, mol/L, 
etc.).

Equation (6.1) can also be written in a different form:

C k Ps h p=  (6.2)

where kh = Henry’s constant; Pp = partial pressure of the component in the biogas (g/(m3 Pa) or g/J).
The relationship between the distribution coefficient and the Henry constant is:

k k W RTh d m g/J= ( )/
 (6.3)

where Wm = molar weight of the gas; R = universal gas constant = 8.3 J/kmol; T = temperature (K).

Table 6.1 Distribution coefficients of several biogas components.

Gas Formula Molecular 
Weight (g/mol)

Temperature (°C)

kd20 kd25 kd30

Methane CH4 16 0.034 0.032 0.031

Carbon dioxide CO2 44 0.94 0.83 0.74

Nitrogen N2 28 0.017 0.016 0.015

Oxygen O2 32 0.034 0.032 0.030

Ammonium NH3 17 0.76 0.71 0.67

Hydrogen sulphide H2S 34 2.87 2.55 2.27
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6.4 BIOGAS FLOW
To estimate the flow of biogas generated in anaerobic treatment, firstly it is necessary to evaluate the 
volumetric flow of its components. In Figure 6.2 the gases normally present in biogas are presented. 
Along with methane, which is the main component, significant contributions of carbon dioxide, 
water and nitrogen are expected. In addition, there are other compounds which are less bulky, but 
whose presence is important because of their nature: O2, NH3 and H2S (Van Haandel & van der 
Lubbe, 2019).

Regarding hydrogen sulphide, the contribution of this component depends on the concentration of 
sulphate in the water supply generating the sewage. Usually, this concentration will be small but there 
are regions where water resources with a high-sulphate concentration are the only source for public 
water supply. In these cases, sulphide production may still not be high, but due to sulphate reduction, 
there is a consumption of organic matter and methane production may be strongly reduced. Nitrogen, 
oxygen and ammonium are dissolved in influent whereas methane, carbon dioxide and hydrogen 
sulphide gas are generated in the anaerobic treatment unit. Being a vapour and not a gas at ambient 
temperature, the partial pressure of H2O is constant for a given temperature and is independent of the 
pressure of the gas phase.

6.4.1 Production potential of methane
Methane production depends directly on the applied organic load and digestion efficiency. 
Stoichiometric production is calculated as 0.25 kg of CH4/kg digested COD. When it is assumed that 
∼10% of influent COD is transformed into volatile solids, the production of methane can be calculated 
from the applied organic load if the removal efficiency of the organic material is known. The removal 
efficiency depends on a variety of factors: the nature of the organic material, environmental conditions, 
operating conditions and reactor characteristics in terms of design and construction. The daily mass 
of methane produced may be expressed as

MCH ta te xvMS MS MS4 4= ( )– – /
 (6.4)

As a first estimate of the methane production, it can be assumed that all produced methane desorbs 
from the liquid phase. Knowing that the molar volume of a gas at atmospheric pressure is given by 

Figure 6.2 Schematic representation of the different components of biogas and the equilibrium between the gas 
and liquid phases.
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22.4 × (273 + T)/273 (T in °C) and 1 mol of methane has a mass of 16 g, the produced methane volume 
is calculated as

V T M

T

CH CH

ti te xMS MS MS

4 422 4 273 273 16

22 4 273 273

= × + ×

= + − −

( )
( )

. / /

. / vv( )/64  
(6.5)

where VCH4  = first estimate of methane volume in the biogas (L/day); MCH4  = mass of the produced 
methane (g/day); MSti = mass of applied COD (g/day); MSte = mass of COD in the effluent (g/day); 
MSxv = COD mass converted into volatile sludge (g/day).

Example 6.2
Determine the potential for per capita methane production from sewage by anaerobic digestion, 
making the following assumptions: (1) per capita organic matter production: 100 g COD/inh/day, (2) 
the organic material removal efficiency: 80%, (3) conversion into volatile solids: 10%.

Solution
From Equation (6.4):

MCH ti te xvMS MS MS

gCH inh/day/

4 4

100 20 10 4 17 5 4

= − −

= − − =

( )
( )

/

/ . .  

From Equation (6.5) at a temperature of 25°C:

V T MCH CH4 422 4 273 273 16

22 4 273 25 273 17 5 16

26

= × + ×

= × + ×

=

( )
( )

. / /

. / . /

.. .7 4L inh/day/CH  

However, the estimated volume of the produced methane is not precise since part of the methane 
produced will remain dissolved in the liquid phase. The solubility of methane is low (as shown in 
Table 6.1) being the distribution coefficient kd = 0.03. To make a first estimate of dissolved methane 
concentration can be assumed that biogas is composed by only methane. As 1 mol of methane 
(or any other gas) has a volume of 24.4 L at a temperature of 25°C and atmospheric pressure, its 
concentration is 1/24.4 mmol/L = 41 mmol/L. Now, applying Equation (6.1) for the case of having 
only methane in the biogas is: Cs = 41 × 0.03 = 1.2 mmol/L = 20 mg/L. Thus, it is estimated that 
the dissolved methane is 20 mg CH4/L. As is known that for producing 1 mg CH4, about a mass 
of 4 mg of COD must be digested, it is estimated that a maximum of 80 mg COD/L will be found 
as dissolved methane after anaerobic digestion. This concentration is not negligible in the case 
of municipal sewage, which normally has a concentration of digestible COD in the range of 300–
500 mg/L. In Example 6.2, for a per capita contribution of 120 L/day, methane loss in the effluent 
would be 0.020 g CH4/L × 120 L/inh/day = 2.4 g CH4/inh/day or 2.4/17.5 = 14%. So the best estimate 
of CH4 production in the biogas would be MCH4  = 17.5 − 2.4 = 15.1 g/inh/day, whereas the per capita 
volume is VCH4  = 22.4 × (273 + 27)/273 × 15 1/16 = 23.1 CH4/L/day. It is important to notice that 
as the temperature becomes lower, the digested COD becomes smaller and the dissolved methane 
concentration becomes higher. As a result, the dissolved fraction increases and may be as high as 50% 
in case with a low influent COD and a low temperature.
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Example 6.3
Estimate the fraction of the produced methane that remains dissolved in a upflow anaerobic sludge 
blanket (UASB) reactor operating at a temperature of 15°C and a sludge age of 75 days, treating 
sewage with a COD of 500 mg/L in the influent.

Solution
The fractions of the influent COD which are discharged in the effluent (fs) and transformed into 
sludge (fx) can be estimated (from Equations (5.1) and (5.2)) as fs = 0.22 and fx = 0.11 (see also dos 
Santos, 2013). Hence, the digested fraction is fd = 1 − fs − fx = 0.67. Therefore, the digested COD is 
0.67 × 500 = 330 mg/L, equivalent to 330/4 = 82 mg CH4/L. On the contrary, at 15°C the solubility 
of methane in water at 15°C is ∼23 mg/L (kd = 0.036), so that a fraction of 23/82 = 28% is retained 
in the liquid phase and 72% is released into the biogas. Figure 6.3 shows the methane fraction in the 
gas phase for different temperatures and influent COD concentration as a function of the sludge age.

To make a more accurate estimate of the biogas volume and the partial pressures of methane and 
other components in the biogas, it is necessary to apply an iterative calculation, taking into account 
also the contributions of other gases. Firstly, the contribution of each component will be individually 
evaluated and then the iterative calculation procedure will be applied.

6.4.2 Carbon dioxide
The presence of CO2 in the biogas is due to its production in the anaerobic digestion process. It can be 
assumed that the CO2 production in molar terms is equivalent to the methane production, considering 
an average carbon oxidation number close to zero for organic matter, accordingly with the elemental 
composition of sewage used for Example 6.1, but its presence in the gas phase is much smaller because 
of its greater solubility. The partial CO2 pressure can be estimated from the equilibrium of the carbonic 
system:

CO H O H HCO2 2 3+ ↔ ++ −
 (6.6a)

Figure 6.3 Fraction of the methane production that desorbs from the liquid phase as a function of the sludge age 
for different temperatures and influent COD concentrations.

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



174 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

or

HCO H CO3 2 1
− +







 [ ]=/ k

 
(6.6b)

or

HCO H COd g3 2 1
− +







 [ ]( )=/ k k

 
(6.6c)

By applying Equation (6.3) this can also be written as

p k K
CO

p p pHHCO H
2

1
3 10= 


− + −( )

 
(6.7a)

where pX = −log[X]; k1 = first dissociation constant of the carbonic system = 4.6 × 10−7; kH = Henry 
constant for CO2  = 0.034 mol/L/atm at 25°C; that is, pKH = 1.47 (Loewenthal & Marais 1976).

Since at pH ≈ 7 the alkalinity is practically equal to the concentration of bicarbonate, Equation 
(6.7a) can also be written as

p k K
CO

p p pHAlc H
2

110= × + −. ( )

 (6.7b)

It is concluded that in the case of sewage treatment the CO2 partial pressure will be low: for 
instance for an alkalinity of 350 ppm or 7 meq/L (normal for domestic wastewater) and a pH = 7.0 a 
partial pressure of only 0.04 at 25°C is calculated. The CO2 pressure can be calculated provided there 
are data of alkalinity and pH, as well as for temperature. The presence of CO2 in the biogas normally 
is not problematic. In contrast dissolved CO2 in the liquid phase results in aggressive water, which can 
lead to serious concrete corrosion problems.

6.4.3 Water vapour
The pressure of water vapour is directly related to the temperature. At 25°C, the water saturation 
pressure is 23.7 mm of mercury (3.1 Pa), or at a pressure of 760 mm or 1.013 kPa partial pressure is 
0.031. Table 6.2 shows some values of water vapour pressure for different temperatures. The presence 
of water vapour in the biogas can cause problems, particularly when the ambient temperature greatly 
varies. During periods of low ambient temperature, water may condensate in biogas piping, because 
the biogas is generated in the relatively warm liquid phase. The biogas will have water vapour at the 
pressure of the liquid phase in the reactor, but out of the treatment system the biogas temperature 
decreases and water vapour will tend to become supersaturated and condensate. Apart from causing 
blockages, the condensed water tends to cause corrosion problems, especially if hydrogen sulphide is 
also present in the biogas. For those reasons, there will usually be a condensate retention device in 
the biogas transport system, which may be the hydraulic seal of the UASB reactor, if located at the 
lowest point of biogas piping.

Table 6.2 Values of the saturation pressure of water vapour at different temperatures.

Temperature 
(°C)

Saturation Pressure Temperature 
(°C)

Saturation Pressure

mm Hg Partial Pressure mm Hg Partial Pressure

0 4.6 0.006 20 17.5 0.023

5 6.5 0.009 25 23.7 0.031

10 9.2 0.012 30 31.7 0.042

15 12.8 0.017 35 41 0.054
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6.4.4 Nitrogen
In many cases, it may be assumed that wastewaters are saturated with atmospheric nitrogen (which 
has a partial pressure of 0.8 atm). In that case, the saturation concentration is 14.8 mg/L at 25°C 
(Table 6.1). If it is assumed that nitrogen is not produced or lost during anaerobic treatment, the 
influent nitrogen will leave the system in the biogas and in the effluent, thus from the mass balance:

Q C Q C Q Cl a l s g g= +  (6.8a)

or

C C Q Q Ca s g l g= +( )/
 (6.8b)

Hence

C C k Q Qg a d g l= +( )( )/ /
 

(6.8c)

and

C k C Q Qs d a g l = +( )( )/ /1
 

(6.8d)

where Ca = nitrogen concentration in the influent; Cg = nitrogen concentration in the gas phase; 
Qg/Ql = ratio between the biogas and wastewater flow.

In order to calculate nitrogen in the effluent and in the biogas, it is necessary to know the 
concentration in the influent and the ratio of the flows of biogas and wastewater.

Example 6.4
For the conditions of Example 6.2 and having a per capita sewage contribution of 120 L/day, estimate 
the partial pressure of nitrogen on the biogas.

Solution
The concentration of nitrogen in the influent is estimated from the distribution constant (kd = 0.016, Table 
6.1). At a partial pressure of 0.8 bar, the concentration of nitrogen in the air is 41 × 0.8 = 34 mmol/L. 
Now the saturation concentration of nitrogen is calculated as

C Cs ammol/Land mg N/L= × = =0 016 34 0 54 14 8. . .  

Since Qg/Ql = 26.7/120 = 0.22 (Example 6.2), the nitrogen concentration in the biogas is

C C k Q Qg a d g a/ /

/ mg/Lor / mmol

= +

= + = =

( )( )
( )14 8 0 016 0 22 63 63 28 2 2. . . . //L.  

Hence

C k Cs d g mg/L= = × =0 016 63 1 0. . .  

The calculations indicate that nitrogen is efficiently removed by stripping in the anaerobic digester 
and almost all transferred to the gas phase, due to its very low solubility.

At a temperature of 25°C and a pressure of 1 bar the concentration of a gas is 41 mmol, so 
that when the nitrogen has a concentration of 2.2 mmol/L in the gas phase, its partial pressure is 
2.2/41 = 0.05 atm. Comparing the calculation results of the partial pressure of carbon dioxide, water 
and nitrogen (Sections 6.4.2 and 6.4.3), surprisingly it is observed that for anaerobic digestion of 
normal sewage in the produced biogas, the partial pressures for carbon dioxide, nitrogen and water 
vapour are all of the same order of magnitude.
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6.4.5 Oxygen
Different from the case of nitrogen, the oxygen concentration in the influent is generally low, because 
microorganisms can consume the oxygen transferred from the atmospheric gas to the liquid phase 
of the bioreactor. Oxygen consumption can occur or not during the permanence of the wastewater 
in the sewerage network, but, in any case, its utilization by facultative hydrolytic and acidogenic 
bacteria in the anaerobic reactor will cause its rapid depletion. In case of feeding devices causing air 
dragging into the digester, it is possible to observe a reduction in methane production because the 
organic material will be selectively oxidized by oxygen and subtracted to methanogenesis. Therefore, 
it is important to avoid air dragging into the feeding system.

6.4.6 Ammonium
Ammonium is present in the influent and also generated in the anaerobic digester as a result of 
mineralization of organic nitrogen. In sewage normally the concentration is in the range of 
40–60 mg N/L or 3–4 mmol/L. As in the case of nitrogen, ammonium is distributed between the gas 
and liquid phases. The ratio between the number of moles per day, leaving the system in the gas and 
liquid phases can be expressed as

N N Q C Q Cg e g g l s/ /= ( ) ( )
 (6.9a)

Combining the previous equation with Equation (6.1) it is obtained:

N N Q Q kg e g l d/ / /= ( )
 (6.9b)

where Ng and Ne = the number of moles of NH3 in the biogas and in the effluent, respectively.
For a ratio of gas and liquid flows (Qg/Qe) = 0.22 from the previous example, and knowing the value 
of the distribution coefficient (kd ≈ 0.7 in Table 6.1) it is estimated that

N Ng e/ /= =0 19 0 7 0 3. . .  

On the contrary, in the neutral pH range the fraction that gaseous ammonium (NH3) in the liquid 
phase is small (1%, since p NHK 3  = 9.1 at 25°C); almost all ammonium (∼99% at a neutral pH) is in 
the ionic form (NH4

+). Therefore, the ammonium fraction in the biogas will be small of the order of 
0.3% of the total ammonium mass in the system. Thus, for practical purposes it can be considered 
that ammonium practically remains in the liquid phase in anaerobic reactors. Even in concentrated 
wastes where ammonium and the ratio (Qg/Ql) are high, the ammonium fraction in the biogas 
remains low. For example, in the case of anaerobic digestion of manure or sludges, ammonium 
concentrations of Cl = 3 g N/L and (Qg/Ql) = 3 may be found, so that Ng/Nl = 3/0.7 = 4.3 and 
Ng = 4.3Nl. The NH3 concentration in the effluent will be 1% of the total ammonium: Nl = 0.03 g/L 
and the concentration in the biogas 4.3 × 0.03/3 = 0.043 g/L = 3 mmol/L. This means that still 
almost all ammonium is in the liquid phase, but the partial pressure of ammonium is no longer 
negligible: pNH3  = 3/41 = 0.07.

6.4.7 Hydrogen sulphide
Sulphate reduction by sulphate-reducing bacteria (SRBs) is a microbiological process, which occurs in 
anaerobic reactors and usually predominates over methanogenesis. Sulphate reduction in anaerobic 
systems may have advantages and disadvantages (Lens & Hulshoff Pol, 2000). Drawbacks are as 
follows:

(1) Hydrogen sulphide is a strong toxic gas, dangerous to human life at concentrations as low as 
100 ppm in air.

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



177Maximizing sustainability by energy recovery in anaerobic treatment systems

(2) It has unpleasant odour of rotten eggs, detectable by nose at concentrations as low as 0.5 ppb, 
thus increasing odour problems in sewage treatment plants (STPs).

(3) At high concentrations, it is a toxic compound for methanogens and other microorganisms.
(4) It could cause the corrosion of concrete and steel of the infrastructure.
(5) Upon biogas combustion hydrogen sulphide may be converted into sulphuric acid, which 

corrodes metals in internal combustion engines.
(6) After combustion, it enters the atmosphere as sulphur dioxide, a harmful gas.
(7) Increased BOD and COD of the effluent because of the oxygen demand of sulphide.
(8) In the event of considerable presence of metals, inorganic sludge accumulation occurs in the 

form of precipitated sulphides.
(9) Deterioration of aerobic post-treatment (filamentous sludge, nitrification inhibition).

Among potential advantages that sulphate reduction can bring about are as follows:

(1) Removal of sulphate and biological transformation into sulphur and water recovery.
(2) Degradation of xenobiotic compounds that otherwise could not be removed biologically.
(3) Possibility of removal and recovery of heavy metals from the liquid phase.
(4) The precipitated metal sulphide may serve as granulation nucleus.

The sulphide generated in anaerobic reactors is physically distributed into three phases: (1) in the 
biogas, (2) in the anaerobic effluent and (3) in the emissions from the surface of anaerobic reactors 
or other points of escape. To prevent odour from spreading due to release of gas from the surface, 
anaerobic reactors can be covered while a partial vacuum (1–2 cm water column) applied by forced 
ventilation, which removes the gas phase including desorbing biogas. This mixture must be treated to 
remove hydrogen sulphide. In quantitative terms the mass of hydrogen sulphide in the contaminated 
air is small.

The formed sulphide in a digester is distributed among the three forms of reduced sulphur: dissolved 
hydrogen sulphide (H2S), bisulphide (HS−) and sulphide ions (S2−) which can be estimated from the 
below chemical equilibrium:

H S HS H S H2
2 2↔ + ↔ +− + − +

 (6.10)

Hydrogen sulphide is a weak acid, as its dissociation constants are: pK1 = 7.0 and pK2 = 14.0. As the 
dissociation constants are known, the relative concentrations of the three species can be calculated. 
In Figure 6.4a, the profile distribution of sulphide, bisulphide and sulphide in water is plotted as a 
function of pH. Figure 6.4b shows the corresponding pH–pX diagram. It can be observed that in water 

Figure 6.4 (a) Fractions of hydrogen sulphide, bisulphide and sulphide as a function of pH and (b) pX–pH plot for a 
sulphidric system (10 mmol/L of reduced sulphur).
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the form of non-dissociated hydrogen sulphide prevails when the pH is below the neutral value. The 
form of sulphide ion (S2−) only appears in a significant way when the pH is extremely high (pH >12).

The ratio of the concentration of dissolved hydrogen sulphide and dissociated bisulphide can be 
calculated by the below dissociation equation:

C C K
be he

pH p/ ( )= −10 1
 (6.11)

where Cbe, Che = concentration of bisulphide and dissolved hydrogen sulphide in the effluent (and in 
the liquid phase of a digester).

Hydrogen sulphide gas, being a volatile compound, tends to establish an equilibrium between the 
fraction dissolved in the liquid phase (the content of a reactor) and the gas phase (biogas). When it is 
assumed that the biogas produced and the digester contents are in equilibrium according to Henry’s 
law (Equation (6.1)), the concentration of hydrogen sulphide (H2S without the dissociated forms HS− 
and S=) can be calculated as:

C N Q k C k N Qs he e d g d g g= = =( ) ( )/ /  (6.12a)

or

N N Q Q kg he g e d/ / /= ( )  (6.12b)

where Nhe, Ng = flux (daily number of moles) of H2S in the effluent and the biogas.
Hence the ratio between the flows of H2S in the biogas and in the effluent depends on two factors:

(1) the Qg/Ql ratio and
(2) the value of the distribution coefficient.

In Figure 6.5 the division between species of sulphide has been plotted as a function of the Qg/Ql 
ratio for different pH values in the liquid phase. It shows that the fraction of the sulphide that is in 
the biogas depends heavily on the Qg/Ql ratio. In the case of wastewaters with a low concentration of 
organic material like sewage (Qg/Ql ≈ 0.2) almost all sulphide remains dissolved, but in concentrated 
wastes (Qg/Ql ≈ 10) a large fraction of sulphide migrates to the gas phase. The curves were built 
according to the following equations:

N N K
be he

pH p/ ( )= −10 1

 

N N Q Q kg he g e d/ / /= ( )  

N N N N

N N N Q Q kK K

t g he be

g he
pH p

he g e d
pH p

= + +

= + + + +( ) ( )− −1 10 1 101( ) (/ / 11)



  

N N Q Q k K
he t g e d

pH p/ / / / ( )= + +( )





−1 1 10 1

 

N N Q Q k Q Q k K
g t g e d g e d

pH p/ / / / / / ( )= + +( ) ( )





−1 10 1

 

N N N N N Nbe t g t he t/ / /= − −( ) ( )1  
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N N N N N

Q Q kK K

e t be he t

pH p
g e d

pH p

/ /

/ / /

= +

= + + +

( )

( ) ( )− −1 10 1 101 1( ( ))



  

where Nt = total number of reduced sulphur moles; Ng = H2S in biogas; Nhe = H2S in the effluent; 
Nbe = HS− in the effluent.

Example 6.5
For the conditions of Examples 6.2, estimate the fraction of the generated hydrogen sulphide gas 
remaining in the effluent when the sulphate concentration in the influent is 20 mg S/L and all sulphate 
in a digester is reduced.

Solution
It was estimated that the ratio (Qg/Ql) = 23/120 = 0.19 and for a distribution coefficient kd = 2.5 (Table 
6.1) it is calculated that:

N N Q Q kg e g e d/ / / . / . .= = =( ) 0 19 2 5 0 08  

Therefore, the number of moles of hydrogen sulphide in the biogas is 8% of the number of H2S 
moles in the effluent. On the contrary, in the liquid phase the pH is approximately neutral, so that 
there is a partial dissociation of the hydrogen sulphide gas to bisulphite:

H S HS H p at C2 1 7 25↔ + = °( )− + K  

Figure 6.5 Fraction of the sulphide species as a function of the Qg/Ql ratio for different pH values.
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For pH = 7, the number of moles of dissolved hydrogen sulphide will be equal to the number of 
moles of disulphide. Thus the fraction of hydrogen sulphide in the biogas is estimated as:

f N N N N N

N N N N

g g t g g e

g e g e

/ /

/ / / /

= = +

= + = =

( )
( )

2

2 0 08 2 08 0 04. . .  

and

f fl g= − =1 0 96.  

Therefore, for a generated sulphide concentration in the digester of 20 mg S/L, the concentration 
of sulphide in the effluent will be 20 × 0.96 = 19.2 mg/L. The concentration of hydrogen sulphide 
in the biogas Cg = Cs/kd = 0.5 × 19.2/2.5 = 3.8 mg/L or 3.8/32 = 0.12 mmol/L. As in the biogas 
total concentration of the components is 41 mmol/L, the partial pressure of hydrogen sulphide is 
pH S2  = 0.12/41 = 0.003.

Example 6.6
For the conditions of Example 6.4 but with a ratio Qg/Ql = 10, estimate the fraction of the hydrogen 
sulphide gas which remains in the effluent generated when the sulphate concentration in the influent 
is 20 mg S/L and all the sulphate in the digester is reduced (pH = 6.8).

Solution
For (Qg/Qa) = 10 and a distribution coefficient kd = 2.5 (Table 6.1) it is calculated that

N N Q Q kg l g l d/ / / / .( )= = =10 2 5 4  

Hence, the number of moles per day in the biogas is four times larger than the number in the 
effluent. On the contrary, for pH = 6.8 with Equation (6.10): Nbe = 0.63Nhe and one can estimate the 
fraction of sulphide ions in the biogas as

f N N N N N

N N N N

g g t g g l

g l g l

 = = +

= + = + =

( )
( ) ( ) ( )

/ / .

/ / / . / .

1 63

1 63 4 4 1 63 0..70  

and

f fl g= − =1 0 30.  

Hence, for a generated sulphide concentration of 20 mg S/L in the digester, the concentration of 
sulphide in the effluent will be 20 × 0.3 = 6 mg/L. The concentration of hydrogen sulphide in the 
biogas is: Cg = Cs/kd = 0.5 × 6/2.5 = 1.2 mg/L or 1.2/32 = 0.04 mmol/L. As the total concentration is 
41 mmol/L in the biogas, the partial pressure of hydrogen sulphide is pH S2  = 0.04/41 = 0.001.

Note that much more H2S is stripped from the liquid phase than in Example 6.5 (70% against 4%), 
but the partial pressure is actually smaller (0.001 vs 0.003), that is, the biogas is ‘cleaner’ because there 
is so much more methane and carbon dioxide produced.

Although some production of sulphide may be occurred due to the mineralization of proteins, 
generally the major part comes from sulphate reduction by organic material:

8 8 44
2 2

2e H SO S H O+ + → ++ − −
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In this half reaction, sulphate acts as an oxidant in the oxidative catabolic reaction in a similar way 
to oxygen in an aerobic environment:

4 4 22 2e H O H O+ + →+
 

It is concluded that 1 mol of sulphate (32 g) has the same oxidation capacity as 2 mol of oxygen (64 g), 
that is, 1 g of sulphur in the sulphate form is equivalent to 2 g of oxygen and can therefore oxidize 2 g 
of COD, when it is reduced to hydrogen sulphide. As 2 g of COD have the potential of producing 0.5 g 
CH4 it follows that, per mg of formed sulphide, there is a reduction of methane production of 0.5 mg.

The sulphate concentration in natural waters and therefore in municipal wastewater, varies widely 
from <10 mg S/L to more than 100 mg S/L. This has a very important effect on anaerobic treatment: 
not only is the methane production potential is half reduced, but the concentration of hydrogen 
sulphide in the biogas will increase, making its productive use more complicated. The presence of 
hydrogen sulphide in the liquid phase is not only potentially toxic to methanogens, but the sulphide in 
the effluent is also toxic to many aquatic organisms and consumes oxygen in the oxidation of sulphur 
to sulphate, which may reduce the dissolved oxygen in the receiving water body. Thus, the post-
treatment of the effluent to remove or reduce sulphide concentration is usually necessary when the 
sulphate concentration in sewage is high. The recovery of sulphur from the effluent may be interesting 
if water must be reused in industrial processes such as cellulose pulp production.

6.5 ITERATIVE CALCULATION PROCEDURE FOR BIOGAS PRODUCTION AND COMPOSITION
In the previous sections, estimates were made of the partial pressure of different components of 
biogas. In these preliminary calculations there are two flaws: (1) it was tacitly admitted that the 
methane fraction in the biogas was very high and (2) it was supposed sulphide formation did not 
have a significant effect on the methane production potential. In this section, an iterative calculation 
procedure is developed that corrects these inaccuracies, considers the fraction of methane in the biogas 
is variable and accounts that a considerable oxidation of the organic material by sulphate reduction 
instead of methane production can occur. This requires iterative calculations according to the below 
procedures. One can distinguish essentially two cases: (1) the sulphate concentration is low and its 
reduction does not significantly affect the methane production or (2) the sulphate concentration is 
high and has a significant effect on the entire process of anaerobic digestion.

Some waters have naturally a much higher sulphate concentration (e.g. >100 or even >300 mg S/L 
and this may seriously limit the applicability of anaerobic digestion of sewage. Another source of high 
sulphate may be infiltration of sea water that sometimes may occur.

6.5.1 Low-sulphate concentration
In this case, it is not necessary to consider the reduction in methane production due to oxidation of 
organic material by sulphate, which simplifies the calculations. The iterative calculation procedure for 
estimating the biogas composition is as follows (data of Examples 6.2, 6.4 and 6.5):

(a) New estimate of the biogas composition
 Having estimated the partial pressures of CO2 (0.04), H2O (0.03) and N2 (0.06), a new estimate 

can be made of the methane pressure. In the previous examples:

  p p p pCH CO H O N4 2 2 21 1 0 04 0 03 0 06 0 87= − − − = − − =– . . . .  (6.13)

(b) New estimate of the methane production in the biogas
 The new estimate of the methane partial pressure leads to a new estimate of the dissolved 

methane in the liquid phase. In the example above the partial pressure was 0.87 and the 
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methane gas concentration in the biogas is now 0.87 × 41 = 36 mmol/L, whereas the saturation 
concentration in the liquid phase will be Cs = 0.03 × 36 = 1.08 mmol/L or 17 mg/L. Therefore, 
the COD concentration of digested organic material, which is found as dissolved methane in 
the liquid phase, is 4 × 17 = 68 mg COD/L. For a per capita contribution of 120 L/day, a mass 
of 68 × 120 =  8160 mg COD/day, equivalent to MCH4  = 8.16/4 = 2 g CH4/day, remains in the 
effluent. Moreover, for the assumed sulphate concentration of 20 mg S/L, the oxidation of 
2 × 20 = 40 mg COD/L or 0.04 × 120 = 4.8 g COD/day is used for sulphate reduction, which 
reduces the production of methane by 4.8/4 mg CH4/L or 1.2 g CH4/day. Therefore, the mass of 
methane in the biogas can now be expressed as:

  

MCH ti te xv CH d oxiMS MS MS MS MS4 4 4

100 20 10 8 2 4 8 4

= − − −

= − − − −

( )
( )

– /

. . / == =57 4 14 25 4/ . gCH inh/day/
 

(6.14a)

 The new volume can now be calculated, duly not accounting the dissolved methane and the 
methane, which is not produced due to oxidation of organic material by sulphate:

  

′ = × + ×

= + × =

( )
( )

V t M

t

CH CH4 422 4 273 273 16

22 4 273 273 14 25 16 23

. / /

. / . / ..2L/inh/day
 

(6.14b)

(c) New estimate of the biogas/effluent flow ratio
 Once the new estimates of the methane flow and partial pressure are obtained, the biogas/

effluent flow ratio, Qg/Qa, can be calculated as

  Q V pg CH CH L/inh/day= ′ = =4 4 23 2 0 87 26 7/ . / . .  (6.14c)

 and

  Q Qg l L/L/ . / . / . / .= = =26 7 120 23 8 0 87 120 0 22  (6.14d)

(d) New estimate of the partial pressure of nitrogen
 Having a new estimate for the Qg/Ql ratio, the new values for the partial pressure of nitrogen 

is obtained, using the same procedure as in Example 6.3:

  
p C k Q QN a d g l/ /2 28 41 0 05= + =( )( ) / / .

 

(e) Compare the recalculated value of the composition and flow of the biogas with the values 
obtained in the previous iteration.

 Knowing that the values of the partial pressures of CO2 (=0.04) and H2O (=0.03) remain 
the same because they depend only on the pH + alkalinity and the temperature respectively, 
the new values of the partial pressure of CH4 (=1 − 0.04 − 0.03 − 0.05 = 0.87) and the biogas 
volume (=26.7 L/inh/day) are now compared with the values of the previous iteration (1 and 
26.7 L/inh/day respectively). It can be observed that these values are different and, for this 
reason, a new calculation cycle is repeated from steps (a) to (d) and this procedure iterated 
until the calculated values of two successive iterations are very close, that is, different only for 
an established acceptable error.

(f) Continue iteration calculations until a constant value is obtained for the variables
 Normally, two or three iterations are sufficient. Table 6.3 shows a series of iterative calculations 

relative to the data of Examples 6.2 and 6.4. It can be noted that the values become constant 
after the third iteration (bold), when four decimal numbers are used. The values of the partial 
pressures of CH4 and N2 show the slowest convergence.
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183Maximizing sustainability by energy recovery in anaerobic treatment systems

6.5.2 High-sulphate concentration
When the sulphate concentration is high, the methane production is affected because the organic 
material will be preferentially oxidized. In that case, the above iterative calculation procedure is 
extended in two aspects:

(a) Methane production is now estimated by decreasing the availability of organic material for 
anaerobic digestion of 2 mg COD/mg S. For example, at a concentration of 100 mg/L of SO4–S 
or 120/1000 × 100 = 12 g S/inh/day:

′′ = + − − −

= ×

( ) ( )V TCH ti te xv SOMS MS MS MS4 422 4 273 273 2 64

24 6 100

. / /

. ( −− − − × =20 10 2 12 17 7) . .L/inh/day  

(b) Part of the formed hydrogen sulphide will pass to the gas phase, but the magnitude of this 
part depends on the ratio between the established biogas flow and the effluent flow. Figure 6.4 
clearly shows that the fraction of hydrogen sulphide in the biogas depends on Qg/Ql ratio and 
pH. Once the sulphide fraction which migrates to the gaseous phase is established, the volume 
and the partial pressure of hydrogen sulphide can be calculated as well as the concentration of 
this component in the effluent.

Example 6.7
Estimate for the data in previous examples the production of methane and biogas and the residual 
sulphide concentration in the liquid phase as a function of the sulphate concentration over the range 
from 0 to 200 mg S/L.

Solution
For each sulphate concentration, the problem requires an iterative calculation procedure that consists 
of the following steps:

(1) Initially, it is assumed that the sulphate is converted to sulphide, the organic material demand to 
effect this redox process is estimated and the corresponding reduction in methane production 
is calculated (column 2 of Table 6.4):

MS MSO

MS MS MS MS MS

oxid

CH tot ti te xv oxid

=

= − − −( )
2

4

4

4 /  

 In reality, this estimate is imperfect because SRBs will grow and in this anabolic process SRBs, 
being heterotrophic, use organic material. At high-SO4 concentrations, this growth will not 
be insignificant because oxidative catabolism occurs, which generates much energy and thus 
anabolism is considerable.

Table 6.3 Interactive calculations to establish the values of the volume and composition of biogas if there is little 
sulphate reduction.

Iteration pCH4 MCH4 Qg Qg/Qa pN2

0 1 17.5 26.6875 0.222396 0.052616

1 0.8732 14.2500 21.7313 0.2074 0.0562

2 0.8697 14.2500 21.7313 0.2082 0.0559

3 0.8699 14.2500 21.7313 0.2082 0.0560

4 0.8699 14.2500 21.7313 0.2082 0.0560

Aq = 120 L/inh/day, temp = 25°C, MSinh = 100 g COD/day (70% digestion), methane production = 17.5 g CH4/inh/day, pCO2  = 0.04, 
pH O2  = 0.03.
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(2) Estimate the partial pressure of methane in the biogas using the values of the partial pressures 
of CO2, H2O, N2 and H2S. For N2 and H2S this will require an iterative calculation procedure.

(3) Estimate the methane mass in the effluent as the difference between the total methane 
production and the mass that is transferred to the gaseous phase (column 4):

MS MS

MCH MS
CH efl CH tot CH

efl CH efl

4 4 4

4

0 020 120

44

,

, ,

.

/

= − × ×

=

p

 

(4) Estimate the methane volume corresponding to the daily mass of the produced methane in the 
gas phase (column 5):

V t
CH CH tot CH efl

MS MS
4 4 4
22 4 273 273 64� � �� � � �. / /

,  

(5) With the aid of the estimates of the pressure and volume of methane, calculate the ratio 
between the gas and liquid flows, Qg/Ql (column 6):

Q Q V p Q
g l CH CH l
/ / /� � �

4 4  

(6) Obtaining the Qg/Ql ratio, calculate the partial pressure of nitrogen and hydrogen sulphide 
(columns 7 and 8).

(7) Knowing that the partial pressures of CO2 and water vapour do not depend on the flow of 
biogas, calculate the partial pressure of these two components.

(8) Now, having the estimates for the partial pressures of CO2, H2O, N2 and H2S calculate a new 
estimate for the partial pressure of CH4.

(9) With the aid of the new pCH4, for each sulphate concentration repeat steps 2–8 until the same 
result is obtained in two consecutive iterations. At the end of each iterative calculation the flow 
and composition of the biogas are obtained.

Table 6.4 shows the results of the iterative calculations for different sulphate to sulphide conversions. 
Figures 6.6 and 6.7 are graphical presentations of Table 6.4. When analysing the values in Table 6.4 
and Figures 6.6 and 6.7, the dramatic influence of sulphate reduction on the production of methane 
and biogas composition can be noted: the mass of the produced methane is reduced by a factor of 
4 when the concentration of sulphate is increased from 0 to 200 mg S/L. For the admitted values 
of 100 g COD/inh/day and a per capita volume of 120 L/day the calculated COD of the influent 
is 100/120 = 0.833 g/L and a biodegradable concentration of 0.7 × 833 = 583 (70% efficiency). The 
data indicate that for a ratio S-SO4/COD in the influent greater than 200/583 ≈ 1/3 mg S/mg COD 
methane production is not feasible, which has also confirmed by the practical experience. Under these 
conditions, all the organic material is used for sulphate reduction.

As for the estimation of concentration of hydrogen sulphide in the liquid phase, firstly the mass 
of sulphur in the biogas is calculated: for fixed influent concentration of 200 mg S/L, the partial 
pressure of H2S is 0.0275 and the concentration in the gas is 41 × 0.0275 = 1.15 mmol/L or 37 mg/L 
biogas. The ratio biogas/influent flow rate is Qg/Ql = 0.048 (column 6 of Table 6.4), thus the daily 
production per capita is 0.048 × 120 = 5.8 L/inh/day with a sulphur mass of 37 × 5.8 = 213 mg S/day. 
This is <1% of the influent sulphur mass (calculated by 213/(120 × 200)). For this reason, the mass 
of sulphur in the effluent, in good approximation, will be equal to the mass of sulphide generated 
in the anaerobic reactor or present in influent: 200 mg S/L. The concentration of 200 mg/L in the 
effluent will produce bisulphide and hydrogen sulphide gas. For a pH = 7.0 this ratio is equal, that 
is, CH Se2  = CHS− = 100 mg/L. The concentration of hydrogen sulphide in the effluent and the reactor 
is very high: many researchers (Buisman & Lettinga, 1990; Rinzema, 1988) have shown that a 
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concentration of 100 mg/L H2S severely inhibits methane production in anaerobic digesters. Thus, 
the production of methane could be even less than the calculations indicate since it was evaluated 
without considering the toxic effect of hydrogen sulphide gas.

Table 6.4 Estimates of the production of biogas and the partial pressures of methane, nitrogen and hydrogen 
sulphide as functions of the reduced sulphate concentration for the same suppositions as in Table 6.3.

1 2 3 4 5 6 7 8

SO4
=

mg S/L
MSCH tot4

g/inh/day
pCH4

(dimensionless)
MSCH g4

g/inh/day
VCH4

L/inh/day
Qg/Qa

(dimensionless)
pN2

(dimensionless)
pH S2

(dimensionless)

0 17.5 0.873 15.40 23.54 0.1962 0.0569 0.0000

20 16.3 0.866 14.22 21.73 0.1811 0.0613 0.0026

40 15.1 0.858 13.04 19.93 0.1661 0.0663 0.0053

60 13.9 0.849 11.86 18.12 0.1510 0.0723 0.0079

80 12.7 0.840 10.68 16.33 0.1361 0.0794 0.0106

100 11.5 0.828 9.51 14.53 0.1211 0.0881 0.0134

120 10.3 0.815 8.34 12.75 0.1063 0.0988 0.0161

140 9.1 0.798 7.18 10.98 0.0915 0.1123 0.0189

160 7.9 0.778 6.03 9.22 0.0768 0.1301 0.0217

180 6.7 0.751 4.90 7.48 0.0624 0.1541 0.0246

200 5.5 0.714 3.79 5.79 0.0482 0.1881 0.0275

Figure 6.6 Influence of the sulphate concentration on the biogas production (see also Table 6.4).
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Example 6.8
A system composed of two UASB reactors, with a total volume of 7500 m3 treats municipal sewage. 
The water supply system is precarious and for that reason, the population tends to use also ground 
water, which is very rich in sulphate (1 g/L). As a result the average concentration of sulphate in the 
sewage is 200 mg/L (as SO4

= ) or 67 mg S/L. Table 6.5 shows operational data. Evaluate the influence 
of sulphate on the methane production.

Solution
To estimate the effective production of biogas, it must be considered that the organic material of the 
influent is distributed into four fractions in the UASB reactor:

(1) not removed and released into the effluent
(2) transformed into volatile solids and released as such in excess sludge
(3) oxidized in the redox process with sulphate reduction
(4) digested forming methane.

Therefore, one can calculate the methane production potential as:

CH d ti te xv ox4 4 4= = − − −( )S S S S S/ /
 (6.15)

where CH4 = mass of the produced methane per L of influent (mg CH4/L); Sd = concentration 
of digested COD (mg COD/L); Sti = influent COD concentration (mg COD/L); Ste = effluent COD 

Figure 6.7 Influence of the sulphate concentration (reduced to sulphide) on production and composition of biogas 
(see also Table 6.4).
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concentration (mg COD/L); Sxv = COD transformed into volatile sludge in the UASB reactor (mg 
COD/L); Sox = oxidized COD by sulphate (mg COD/L).

If there is 200 mg SO4
2−/L or 200/3 = 67 mg S-SO4

2−/L in the influent, with an oxidation capacity 
of 2 × 67 = 133 mg COD/L, it can prevent the production of 133/4 = 33 mg CH4/L.

The Sxv concentration is estimated knowing that 1 g of volatile sludge has a COD of ∼1.5 g. According 
to Table 6.5, there is a production of 1200 kg Total Suspended Solids (TSS) sludge per day for an organic 
load of 6300 kg COD/day. Table 6.5 also shows that the anaerobic sludge has a volatile fraction of 2/3 
so that the sludge production, in terms of Volatile Suspended Solids (VSS), is 2/3 × 1200 = 800 kg 
VSS/day, representing 1.5 × 800 = 1200 kg COD/day. As the applied load is 6300 kg COD/day the 
COD incorporated into the sludge is a fraction of 1200/6300 = 0.19 of the COD input, so it accounts 
for 0.19 × 650 = 124 mg/L. In the absence of sulphate in the influent, the expected anaerobic sludge 
production would be lower, since the sludge yield coefficient generated from the sulphate reduction is 
much greater (due to the oxidative catabolism).

Hence, the methane production can now be calculated as:

CH

mg

d ta te xv ox4 4 4

650 307 124 133 4 86 4 22

= = − − −

= − − − = =

( )
( )
S S S S S/ /

/ / CCH L4 /  

However, not all of the methane produced will desorb: methane solubility in water is ∼20 mg/L 
when the partial pressure of methane in the gas phase is 1 atm. Therefore, in that case the concentration 
of methane that could desorb is only:

CH CH mg/Lg4 4 20 22 20 2= − = − =  

Knowing that the density of methane is ∼2/3 kg CH4/m3, the produced methane is calculated:

VCH g CHCH mL L influent4 41 5 34= × =. ./  

It can be concluded that there is practically no biogas production, not only due to the direct cause, 
the oxidation of organic material by sulphate, but also due to indirect reasons. The first one is that 
organic material is also lost to the higher sludge production. Another indirect effect of the presence 
of sulphate and the consequent reduction of biogas production is that the mixing of the bioreactor is 
reduced because the contribution of rising biogas bubbles is absent. The generation of biogas is actually 
the main driver of the reactor mixing and facilitates uniform distribution of influent organic material 
and contact between the biomass and the substrate. Since there is no contribution of biogas to mix 

Table 6.5 Operational data of an anaerobic treatment system for sewage 
with 200 mg/L of sulphate in the influent.

Variable Unit Value

Population Inh 90,000

Flow m3/day 9000

Organic load kg COD/day 6300

Influent COD concentration mg/L 650

Effluent COD concentration mg/L 307

Sludge production kg TSS/day 1200

Volatile fraction in the sludge mg SO4/L 0.67

Sulphate in the effluent ≈0
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the reactor and thus to improve the contact between sludge mass and incoming organic material, it is 
conceivable that preferential channels will be formed, resulting in hydraulic short circuits. Under these 
conditions the fraction of the sludge present in stagnant zones receives little substrate and operates 
below its full capacity, whereas in other zones, where the flow of the liquid phase is accelerated, 
overload can occur. Both features tend to give a reduction of the organic material removal efficiency 
and particularly of methanogenesis. On the contrary, the concentration of 67 mg/L of sulphide itself 
can be toxic for methanogens, especially if the pH is slightly reduced, which again would lead to a 
decrease of methanogenic activity.

It is concluded that the presence of 200 mg/L of sulphate has a disastrous effect on the efficiency 
of anaerobic sewage digesters. The problems extend beyond the performance of UASB reactors: 
post-treatment in either polishing ponds or aerobic reactors is very complicated. The high-sulphide 
concentration makes algae growth in polishing ponds almost impossible and exerts a large oxygen 
demand in aerobic reactors, thus increasing energy consumption. In fact, if aerobic post-treatment 
is applied, it would be preferable not to use the first anaerobic step and apply the aerobic treatment 
directly to the influent.

Table 6.6 and Figure 6.8 show the dramatic influence of a high-sulphate concentration on 
anaerobic sewage treatment. Although without sulphate at least 65% of the influent COD is converted 
into methane with 11% remaining as dissolved methane in the liquid phase, with the high-sulphate 
concentration there is virtually no biogas production.

6.6 TREATMENT OF SULPHIDE PRODUCED IN ANAEROBIC DIGESTERS
It is apparent from Figure 6.8 that the division of reduced sulphur mass depends primarily on the 
ratio Qg/Ql and also on the pH in the digester. As the ratio Qg/Ql depends on the concentration of the 
influent organic matter, this will be the main factor that determines whether the generated sulphide 
is found predominantly in the liquid phase or in the gas phase. Depending on the organic load, it 
can be necessary to remove the sulphide from the biogas or the effluent. These two alternatives will 
be discussed below. The removal of sulphide from contaminated gas above the liquid surface in the 
digester is also discussed. Figure 6.9 shows schematically the auxiliary units of the anaerobic digester 
to treat reduced sulphur that is generated in the anaerobic reactor. For the treatment of biogas three 
methods are distinguished: biological (Lin et  al., 2018), physical and chemical (Zhang & Zhang, 
2002). For removal of sulphide in the liquid phase the same methods can be applied.

Table 6.6 Comparison between the performance of UASB reactors treating sewage with and without the 
presence of 67 mg S-SO4

2−/L in the influent, assuming 100% SO4 conversion.

Mass of COD Sulphate: 67 mg S/L No Sulphate Assumptions

kg COD/day Fraction kg COD/day Fraction

In the influent 6300 1 6300 1

In the effluent 2980 0.47 1575 0.25 Efficiency = 75%

In the sludge 1200 0.19 630 0.10 Sludge production = 10%

Dissolved CH4 720 0.11 720 0.11 20 mg/L of CH4

Oxidized 1200 0.19 0 0.00 2 kg COD/kg S

In the biogas 200 0.03 3375 0.54

Methane mass (kg/day) 50 844 0.25 kg CH4/kg COD

Vol CH4g (m3/day) 75 1265 1.5 m3/kg CH4

Electric energy (kW) 10 169 0.2 kW/(kg CH4/day)
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6.6.1 Sulphide in biogas
The most widely applied unit for hydrogen sulphide removal from biogas is probably the Thiopaques 
process in which the hydrogen sulphide is transformed into elemental sulphur. The process consists 
of three steps (see Figure 6.9):

(1) In a counter current scrubber the biogas is placed in contact with an alkaline solution and the 
H2S in the biogas is absorbed and dissociates:

H S OH HS H O2 2+ +→− −
 (6.16a)

Figure 6.8 Distribution of the influent COD in different fractions with (left) and without (right) sulphate.

Figure 6.9 Schematic representation of an anaerobic digestion system with possible auxiliary units for sulphide 
removal from biogas.
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(2) In a biological unit and a controlled aerobic environment HS− is oxidized to sulphur:

HS O S OH− −+ ↓ +→0 5 2.  (6.16b)

(3) The solid sulphur is separated from the liquid phase and becomes available as a nutrient or raw 
material.

An alternative to remove smaller quantities of hydrogen sulphide in biogas is to add a small amount 
of oxygen to the mixture of biogas and then pass it through a unit operated with attached sulphide-
oxidizing bacteria able to convert aerobically the H2S in the biogas into sulphur. Physically, this 
biological unit can be located in the biogas accumulation zone above the liquid phase in the digester. 
This option is sometimes used for cleaning biogas in manure digesters, where biogas may be used 
directly to power generators for electricity production. Support media with a rough surface and 
high superficial area for better adhesion of biomass are employed for biogas treatment. The sulphide 
absorbed onto the solid surface accommodating the biomass will be oxidized by oxygen.

The formed sulphur accumulates onto the solid surface and occasionally chunks of sulphur fall off 
and can be withdrawn for use of recovered sulphur or mixed with the effluent for agricultural reuse. 
Care must be taken not to add too much oxygen since it can make a potentially explosive mixture with 
the biogas when the volumetric ratio O2/CH4 is above 1:15–1:20. It is worth noting that the oxygen 
demand for the sulphide removal from the biogas is much smaller than this critical ratio.

To inoculate biomass for the process, the solid surface can be covered with liquid manure, which 
always contains bacteria that oxidize hydrogen sulphide. The size of the hydrogen sulphide oxidation 
unit is small relative to the size of the digester. For a 1000 m3 digester, just a few square metres are 
enough to remove the hydrogen sulphide in the biogas.

Physical removal of sulphides is possible because the hydrogen sulphide solubility in water 
increases with decreasing temperature. When the water vapour in the biogas has to be removed, the 
biogas may be cooled to ∼0°C: condensation of water will occur and hydrogen sulphide from the 
biogas will tend to dissolve in the formed liquid phase. To facilitate this dissolution, alkalinity is added 
to the condensed water. This alternative is attractive in regions with a cold climate, where ambient 
temperature is low for most of the year.

In the chemical removal process (iron sponges process) the principle of operation is based on the 
reaction between iron oxide and hydrogen sulphide producing ferrous sulphide. In a reactor with 
partially oxidized iron filings the following reaction occurs:

FeO H S FeS H O+ → +2 2  (6.17a)

When the removal capacity is exhausted, due to the conversion of ferrous oxide to ferrous sulphide, 
it can be regenerated by oxidation with air as indicated in Figure 6.10:

FeS O FeO SO+ +→ ↑3 2 2 2/  (6.17b)

Other oxidants may also be used for chemical treatment of the biogas, for example hypochlorite 
solutions, but in these cases, regeneration is usually not possible.

6.6.2 Sulphide removal from the effluent
The methods employed to remove hydrogen sulphide from the effluent, as already mentioned, are 
biological, physical or chemical. A biological method consists of the oxidation of sulphide to sulphur 
with oxygen. A physical method is based on the application of a desorption unit to transfer the hydrogen 
sulphide dissolved in the effluent to air in an open tank or in a closed unit with air in counter current.

For sulphide oxidation in an anaerobic reactor, it is possible to add oxygen directly to the reactor bulk 
phase through micro-aeration. In this case, a population of sulphide-oxidizing bacteria (Thiobacillus 
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sp.) is established, and the sulphide in the liquid phase is oxidized to sulphur. The sulphur suspension 
is mixed with the sludge mass in the reactor and then discharged with the excess sludge. In this way, 
accumulation of a considerable concentration of sulphide in the liquid phase is avoided and thus 
indirectly the desorption of hydrogen sulphide to biogas will be limited. This method is particularly 
useful if much of the sulphur remains in the liquid phase, that is, when ratio Qg/Ql is small and when 
the sulphate concentration is high.

An alternative is to operate a separate reactor where a low concentration of dissolved oxygen is 
maintained. Under these conditions a specific bacterial population (Thiobacillus sp.), which generates 
a suspend sulphur from sulphide will develop. Control of the dissolved oxygen concentration must 
be accurate to avoid oxidation to sulphate, which requires four times more oxygen (and therefore 
energy) and does not remove the sulphur from the liquid phase. Janssen et al. (1999) demonstrated the 
advantage of using the redox potential of the reactor to control the concentration of dissolved oxygen. 
If the oxygen transfer is carried out in such a way that there is not high turbulence, sulphur aggregates 
in large flocs that are removable by simple settling. Marked turbulence tends to generate a colloidal 
suspension and separation of the sulphur from the liquid phase may become problematic.

The removal of the liquid phase can also be effected by desorption, a physical process taking place 
in a separate unit, where the digester effluent is transferred and placed in a counter current flux in 
the presence of air. This method is particularly effective when the influent has a low pH. In that 
case, mixing effluent (neutral pH) and influent (acid conditions) produces a mixture with low pH, in 
which hydrogen sulphide ion is converted into H2S. Like carbon dioxide, hydrogen sulphide gas is 
supersaturated in the mixture and it is transferred to the air phase. An industrial unit (tray aerator or 
scrubber) or simply an accumulation tank can be used to mix influent and effluent. Mechanical stirring 
or bubble aeration may be applied to accelerate desorption of volatile supersaturated compounds (CO2 
and H2S). In case of a high-sulphide concentration in the effluent, the desorption unit may be closed 
to avoid spreading of bad odours. This implies that a solution must be given for the hydrogen sulphide 
transferred to the air. In the desorption unit there is also air oxygen transfer to the liquid phase of the 
mixture. This micro-aeration can facilitate sulphide oxidation in the digester itself when the influent 
and recirculation mixture is introduced. Sulphur in colloidal form, which may be formed, will be 
extracted with the effluent or with excess sludge.

Chemical removal of sulphide from the liquid phase has been applied mostly for wastewaters with 
high-sulphate concentration (Song et al., 2004). Ferric chloride may be added to the influent and used 

Scrubber

Biological 
reactor S - separator

Figure 6.10 Removal of H2S from biogas by absorption and partial oxidation.
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to precipitate sulphur as ferrous sulphide and, in addition, it will act as a coagulant improving the 
settleability of the anaerobic sludge.

6.6.3 Hydrogen sulphide in air used for odour collection
An important source of odour due to hydrogen sulphide can be the liquid surface of UASB reactors, 
where gas may escape from the liquid phase. For this problem, sometimes UASB reactor is covered. 
In this case it is possible to apply a small under pressure (1–2 mbar) and treat the air containing 
desorbed biogas. The amount of air required to reduce odour depends on the under pressure that it is 
applied but it should not be >1% of the wastewater flow. A small motor can pump the air to the odour 
removal unit. Another important source of odour problems is the discharge of effluent, especially if 
this discharge leads to turbulence due to pressure drops.

The treatment of the contaminated air essentially consists of H2S removal. There are different 
mechanisms to achieve odour elimination: (1) use of contaminated air as part of the oxidation air 
for the combustion of the biogas, (2) use of biological odour control systems to promote sulphide 
abatement, (3) use of iron oxide for sulphide oxidation and (4) use of limestone (seashells).

In the first option, air is mixed with the biogas for its combustion. This option is particularly 
attractive when using a flare for burning biogas rather than its use as fuel. In this case, the hydrogen 
sulphide in the biogas and the contaminated air will be oxidized to sulphur dioxide (SO2):

2 3 2 22 2 2 2H S O SO H O+ +→  (6.18)

This option is less suitable in case of productive use of biogas because it introduces a certain 
amount of sulphide (though not too high), which tends to accelerate corrosion of the generator engine.

The oxidation of sulphide gas using biological odour control systems can be carried out using 
three different kinds of bioreactor configurations (Cooper & Alley, 2011): biofilters; biotrickling 
filters and bioscrubbers. Among them, biofilters are probably the most popular, in which a fixed bed 
with a porous biofiltering material of 1–1.5 m depth is used to support a wet biofilm. Natural porous 
media such as wooden chips, bark, peat or bagasse are used as media to develop a specific bacterial 
mass under adequate conditions of humidity. The solid medium itself should contain trace inorganic 
compounds and nutrients as nitrogen and phosphorus, to support biological sulphide oxidation. 
Biological oxidation generates sulphuric acid; thus, a pH buffer should be provided to avoid pH drop 
and loss of biological activity of the biofilter. Therefore, the production of some leachate is desired to 
avoid sulphate salt accumulation in the solid media. Biofilters are simple and compact and can handle 
more than 10 m3/h of air per m3 reactor. To inoculate the bed material with a population of oxidizing 
bacteria it can be mixed with manure or wetted with treated sewage or secondary sludge.

Chemical oxidation of hydrogen sulphide with iron oxide is a spontaneous process that occurs at 
ambient temperature when biogas passes through a solid which contains iron oxide (FeO) for example 
the oxidized form of iron filings or soil containing iron oxide (Equation (6.16a)). The oxidation capacity 
of the unit can be recovered by flowing air (oxygen) through the solid, thus oxidizing sulphide to SO2. 
The experience of a full-scale system with a soil rich in iron at Pirassununga (Brazil) is that it requires 
a very small area (∼100 m2 for 100,000 inhabitants), obtaining a removal of more than 90% of H2S 
and practically eliminating the problem of odours which was serious at the plant site. The soil depth is 
0.5 m and air is introduced by perforated polyvinyl chloride (PVC) pipes placed with a spacing of 0.5 m. 
Another original method was applied successfully in Bucaramanga (Colombia), where seashells in a 
suspension were used to fix H2S. The oxygen in air oxidizes the hydrogen sulphide to sulphuric acid and 
the acid reacts with the calcium carbonate that is the main component of seashells, forming gypsum:

H S O CaCO CaSO H O CO2 2 3 4 2 22+ + + +→  (6.19)

The only operation in this case is the occasional withdrawal of CaSO4 to replace it with seashells. 
Regardless of the manner of removing odours from air in the case of sewage treatment, a large part 
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of sulphide will not desorb from the liquid phase and eventually it will be discharged from UASB 
reactors with the reactor effluent for the post-treatment, which can be aerobic. In this case, the formed 
sulphide will be oxidized back to sulphate. This oxidation is rapid and complete. If ponds are used for 
post-treatment, the presence of sulphide may reduce the growth of algae and hence the photosynthetic 
production of oxygen, which is an essential aspect of the pond performance as has been shown in 
Chapter 5. On the contrary, under normal conditions the produced oxygen in the pond will oxidize 
the sulphide forming sulphur or sulphate.

6.7 BIOGAS COLLECTION
The biogas generated in an UASB reactor has a pressure of ∼0.3–0.5 m water column (30–50 mbar), 
which is normally sufficient for direct use in power generators. A gas collection system in each phase 
separator element is composed of a network of rigid PVC pipes with diameters much larger than 
necessary for the biogas transport, but necessary to avoid blockages due to introduction of solid 
particles from the reactor into the collection system. For this reason, it is important that the biogas 
outlet from the gas chamber is situated as far as possible from the gas–liquid interface in the phase 
separator. It is convenient that washing of the pipes is foreseen to remove solids periodically from the 
interior of the pipes.

The biogas pressure is usually controlled by a hydraulic seal, used to set the level of the liquid–
gas interface in the separator elements as shown in Figure 6.11a: the height H of the water column 
above the point of biogas release in hydraulic seal sets the biogas pressure in the gas chamber and 
sets the level difference between the level of the gas–liquid interface in the separator elements and 
the free surface of the UASB reactor. The biogas pressure can be read on the gauge as shown in 
Figure 6.11a. The hydraulic seal can also be used to retain condensed water that is in the biogas when 
the temperature of the UASB is higher than environmental temperature (the water in the seal). The 
condensed water is automatically drained from a siphon placed at the desired pressure level. In Figure 
6.11b, a hydraulic seal for 10,000 m3/day of biogas is shown.

In the case of domestic sewage treatment, biogas is normally burned in a flare, which can be a 
single unit as shown in Figure 6.12a. The flare in Figure 6.12a is designed to burn biogas generated in 
a system for 70,000 inhabitants. It is concluded that it is a small unit of low cost.

Figure 6.11 (a) Schematic representation of gas withdrawal from the anaerobic reactor and (b) constructed 
hydraulic seal with manometer and gauge to read the biogas pressure.
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If the goal is to use biogas for the production of electric energy, it is advisable to install a biogas 
storage unit to accommodate the daily variations in production rate. The volume of this unit should 
be such that it can store at least 1 h of gas production. Traditionally, biogas has been stored in a 
gasholder which was constructed by polyester reinforced with fibreglass or steel covered with material 
to resist corrosion. These units are rigid and the gas volume varies with changing production and 
usage rates. On top of the gasholder a weight was placed so that the desired pressure is automatically 
set. Nowadays, semi-spheres of inflatable plastic material (‘biogas balloons’) are used more frequently 
as they have a lower construction cost. These units have an outer layer that is inflated by a small fan to 
the desired pressure (typically 30 mbar) and an inner gas membrane impermeable for CH4. This inner 
membrane fluctuates with the biogas production variations. Figure 6.12b shows the biogas storage 
unit.

6.8 GENERATION OF ELECTRIC ENERGY FROM BIOGAS
Ideally, all produced biogas should be used in generators, but it is difficult to continuously operate 
generators and use exactly the amount of biogas that is produced. Therefore, it is realistic to expect that 
the average biogas production rate will be higher than the average consumption rate by generators. In 
this case, it is necessary to have a flare to burn the excess production. This unit must have a device to 
automatically initiate combustion every time biogas starts to flow through it. The flare may be made 
using masonry or stainless steel. Its burning capacity should be enough to burn all biogas, when no 
electric energy is generated.

Power generation from biogas produced in the treatment plant is particularly attractive because 
the cost of generation will be low. Normally, the major cost generation is the operational, that is, the 
cost of acquisition of a generator. In the case of biogas generation in a wastewater treatment system, 
in principle, the fuel is free. Energy production becomes particularly interesting when there is a direct 
use in the treatment system, for example to drive pumps or aerators in post-treatment units. Also 
there is a strong incentive for electricity production if the legislation that regulates sale of electricity 
to distributors and is favourable for the producers or if carbon credits can be obtained.

The potential of electric power production is directly proportional to the methane production, 
which in turn depends on the organic load and the efficiency of anaerobic digestion. To calculate 
the potential of power generation the lower combustion heat is used, which is the combustion 
energy required when it is considered that the water formed in the oxidation is not condensed and 
therefore the condensation energy is lost. The amount of methane combustion heat is 50 MJ/kg CH4 or 

Figure 6.12 (a) Flare of the UASB reactor in Matão (SP, Brazil) and (b) plastic semi-sphere for biogas accumulation 
in Tegucigalpa (Honduras).
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50,000/3600 = 13.9 kWh/kg CH4. However, only part of the methane combustion energy is effectively 
converted into electrical energy in a power generator. The most widely used type of generator for 
power generation is a gas motor in which biogas and air are directly injected. Modern units have a 
power conversion efficiency of 35 (small units) to 40% (units for more than 1 MW). For this range the 
efficiency of electricity production is 4.9–5.6 kWh/kg CH4.

Example 6.9
Estimate the per capita production potential of electric energy with the aid of the following data:

(1) Contribution per capita: 100 g COD/day, 120 L/day
(2) Anaerobic digestion efficiency: 80% of the COD (70% digested and 10% transformed into 

sludge)
(3) Losses due to dissolved methane: 20 mg/L effluent
(4) Biogas losses due to collection, transport and storage: 30%
(5) Conversion efficiency of the generator: 40%

Solution
Methane production is one-fourth of the digested COD mass, so the per capita production of methane: 
0.7 × 100/4 = 17.5 g CH4/day. For a per capita contribution of 120 L/day the dissolved methane is 
20 × 0.120 = 2.4 g CH4/day. Hence, the biogas production will be 17.5 − 2.4 = 15.1 g CH4/inh/
day. Now, taking into account the loss of 30%, the available production for generating energy is 
0.7 × 15.1 = 10.6 g CH4/inh/day.

For a generator efficiency of 40%, the energy production is estimated to be 5 kWh/kg CH4 or 
5 Wh/g CH4. As there is a per capita production of 10.6 g CH4/day, per capita energy production 
will be 10.6 × 5 = 53 Wh/day, that is, there is a potential to produce a power of 53/24 = 2.2 W/inh. 
This power is usually sufficient to meet the entire demand of a treatment system, including aerobic 
post-treatment.

On the contrary, the energy produced may not be enough for a water company economic 
convenience, unless for very large systems. One of the largest anaerobic sewage treatment systems in 
the world is the Onça plant at Belo Horizonte with a volume of 48,000 m3. This system operates with 
a residence time of 8 h so the treated volume is close to 150,000 m3/day with an organic load estimated 
at 120 t COD/day (assumed COD = 800 mg/L). Considering that 60% of this load will be effectively 
used for power generation one would have a mass of 0.6 × 80/4 = 12 t CH4/day or ∼60,000 kWh/day, 
that is, power of 60,000/24 = 2500 kW. An analysis will be needed to evaluate if the generation of 
this power is economically feasible. In many cases, smaller systems probably do not have economic 
feasibility in the Brazilian context, where the price for energy is low, thanks to ample possibility 
hydropower generation.

6.9 SLUDGE MANAGEMENT STRATEGIES
6.9.1 Sludge composition
The sludge generated in anaerobic reactors is characterized by the accumulation of inorganic solids, 
with a 55–70% of volatile solids. This value is slightly lower than the 60–85% observed for aerobic 
activated sludge systems. The wasted anaerobic sludge contains a moderate amount of nitrogen, 
∼3–6%, and phosphorus, 1–2%. The concentration of certain chemical elements in sludge, such 
as metals and metalloids, is often regulated for its application as agricultural fertilizer in different 
countries (Table 6.7).

When comparing the results of metal analyses, it is observed that anaerobic sludge is characterized 
by a high iron and zinc content. This is probably due to the abundance of these elements in raw 
wastewater and the precipitation of insoluble Fe and Zn sulphides in anaerobic bioreactors. In 
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general, and except for zinc that is higher, the metal content of anaerobic STP sludge is not very 
different from the sludge generated in aerobic processes. The presence of heavy metals in waste 
sludge is influenced by the discharge of industrial wastewaters into sewerage systems, especially from 
the metallurgy and metalworking industry, as well as urban runoff, carrying pollutants from diffuse 
sources such as the ones originated from the washout of roads. In fact, particles emitted from wear 
and tear of brakes contain Fe, Cu, Zn, Sn, Zr and Sb, among others (Grigoratos & Martini, 2014) 
which may end up in sewage.

6.9.2 Quantities of generated sludge
Sludge management in STPs is usually one of the three main operational cost items, along with 
personnel and energy costs. One of the main advantages of anaerobic sewage treatment, in comparison 
to the aerobic alternative, is the lower amount of sludge generated, which reduces the costs associated 
with sludge disposal. Typically, the observed yields in anaerobic UASBs are between 0.1 and 0.18 g 
TSS/g COD, which are much lower than the values observed in aerobic sewage treatment, that is, 
0.3–0.5 g TSS/g COD. Additionally, the purged solids’ concentration from anaerobic UASB systems is 
between 3 and 6% TSS, a value much higher than that of 0.4–1.2% reported for aerobic systems. This 
reduces the amount of the sludge stream to be treated in the sludge line.

6.9.3 Sludge dewatering and drying
One of the main characteristics of waste sludge from anaerobic UASB reactors is the high solids’ 
concentration. Additionally, due to the high sludge residence times applied, the waste sludge becomes 
stabilized, and can be easily dewatered, diminishing its fermentation potential and simplifying 

Table 6.7 Presence of metals and metalloids in the sludge generated in different anaerobic STPs (columns 1–3) as well 
as the sludge generated in the 40 largest cities of China, using aerobic-based processes (column 4). dw: Dry Weight.

Metals and Metalloids in STP Sludge (mg/kg dw)
Legal Requirements (mg/

kg dw)

(1) (2) (3) (4) Brazil (5) Europe (6)

Cd 0.74 ± 0.02 1.66 ± 2.07 39 20–40

Cu 707 ± 37 714 161 ± 10 163 ± 140 1500 1000–1750

Ni 38 ± 3 157 ± 60 53.9 ± 3.4 51.1 ± 76.9 420 300–400

Pb 110 ± 1 28 ± 3.1 6.8 ± 1 44.5 ± 28.1 300 750–1200

Zn 3048 ± 853 1300 ± 1210 1400 ± 98 609 ± 372 2800 2500–4000

Hg 2.1 ± 0.1 – – 2.84 ± 2.88 17 16–25

Cr 720 ± 19 132 ± 42 – 180 ± 555 1000 –

As 11 ± 1 – – 20.8 ± 14.4 41 –

Se – 21 ± 1.1 – – 100 –

Fe 11,766 ± 684 10,560 ± 2900 31,500 ± 1900 – – –

Mn 162 ± 10 98 ± 12 200 ± 6 – – –

(1) De la Varga et al. (2013); one anaerobic UASB pilot plant treating sewage, Spain.
(2) Braga et al. (2017); six full-scale anaerobic STP, Brazil.
(3) Lombardi and Garcia (2002) and Souza et al. (2014); Campinas full-scale anaerobic STP, Brazil.
(4) Geng et al. (2021); sludge from 40 different STP representing 22% of the China population.
(5) Brasil (2006) Conselho Nacional do Meio Ambiente. Resoluçao n 375.
(6) Council Directive 86/278/EEC of 12 June 1986; European Union limits for metals in STP sludge.
Furthermore, this information is complemented with the legal limits in Brazil (5) and Europe (6) for the safe use of sewage sludge 
in agriculture.
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sludge treatment. For these reasons, thickening and stabilization operations, common for primary 
or secondary aerobic sludge treatment, are not required. The percentage of solids in waste anaerobic 
sludge can be increased to 20–45% in terms of dry solid percentage using mechanical dewatering 
processes or sludge-drying beds.

Dewatering is a physical operation employed to remove the excess water from the thickened sludge, 
producing a residue with high solid content known as ‘cake’. If mechanical operational units are 
used, a liquid contaminated stream will be generated, which has to be returned to the water line to 
be treated adequately. There are many reasons to obtain the cake with high solids’ concentration in 
STPs:

(1) Sludge transportation costs are substantially decreased.
(2) The dewatered cake is easier to handle and transport.
(3) Dewatering is required if the sludge cake is to be landfilled, thus diminishing the potential of 

leachate production.
(4) The dewatered cake has a higher calorific value when incineration is the destination for the 

sludge, as water is eliminated. In any case, it is very important to reduce the moisture as much 
as possible to increase the calorific value of the sludge. Sludge cakes with over 50% volatile 
solids can often be incinerated without auxiliary fuel.

(5) Dewatering is required if the sludge cake is to be composted.

Dewatering the waste sludge generated by anaerobic bioreactors can be accomplished utilizing 
different technologies such as filter presses, screw presses, belt-filters and centrifuges (Metcalf & 
Eddy, 2014). The efficiency of sludge dewatering in these technologies could be improved by adding 
inorganic coagulants as aluminium sulphate, ferric chloride or poly-aluminium chloride, and especially 
synthetic polymeric flocculants, such as cationic polyacrylamide, or natural flocculants derived from 
starch, chitosan, cellulose or tannin, in which the chemical structure of the natural product was 
partially modified to improve the product performance. Doses between 2 and 15 g of polymer per kg 
of dehydrated TSS are normally used for this purpose.

6.9.3.1 Filter presses
Filter presses are equipment that operates intermittently, with sequential stages of sludge loading, 
pressure filtration, discharge of the dehydrated cake and a final idle stage until the cycle is restarted 
again. During the operation, the sludge to be dewatered is introduced into the plates, on which 
filter cloths have been arranged and fitted. In the first stage, the increase in pressure, resulting from 
pumping, forces the water to be filtered through the filter cloths. In the second stage, the compression 
caused by a hydraulic cylinder helps to achieve higher degrees of dehydration. With filter presses, 
very high solids’ concentrations can be achieved, which can exceed 35% TSS. Unlike the other 
sludge dewatering technologies, polymers are barely used for sludge conditioning whereas inorganic 
coagulants, ferric chloride or aluminium sulphate are usually preferred. In some cases, lime is added 
after the coagulant to improve the filtration capacity. The energy requirement of this technology is 
between 20 and 40 kWh/t TSS.

6.9.3.2 Screw presses
A screw press is a unit that operates at low speed and consists of an Archimedean screw rotating at a 
low speed inside a metal screen confined in a cylindrical casing. The aperture of the screen is below 
0.5 mm, using normally wedge-wire metal filter. The whole device is usually inclined to facilitate the 
separation of the sludge cake from the drained water. Once chemically conditioned, the sludge is fed 
at low pressure into one end of the unit. The rotating action of the screw causes the sludge to advance 
forward upwards. The friction forces originated during the slow transport of the sludge, between the 
Archimedean screw and the screen, create a pressure that facilitates water filtering, collecting the 
cake at the opposite end to the feeding side.
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Screw press systems can directly dewater sludge without requiring any previous thickening stage, 
which could result in substantial reductions in capital and operating expenses. However, this is not 
an advantage for dewatering anaerobic sludge, as it does not require any thickening step, unlike 
conventional waste activated sludge. In contrast to other mechanical dewatering technologies, 
this technology exhibits lower dry solid content in the cake (17–25%). Nevertheless, it provides 
several benefits, including reduced energy consumption, lower operational and maintenance costs, 
compactness and decreased noise levels.

6.9.3.3 Belt filters
Belt filters operate continuously and consist of three sections: a gravity drainage section, in which 
water is removed by gravity, a second section where moderate pressure is exerted, as the sludge is 
confined between the band cloths and finally, a high-pressure area where the sludge is subjected 
to higher pressures as the force exerted by the cloths and the rollers increases, thus generating a 
cake of dehydrated sludge. The solid content in these systems can achieve between 20 and 28% TSS. 
The energy requirement of this technology is between 10 and 25 kWh/t TSS, being lower than that 
required for centrifuges or filter presses.

6.9.3.4 Centrifuges
Centrifugation process is widely used in STPs to separate excess water and generate a thickened cake 
with a higher solid content using bowl centrifuges. A polymer-conditioned sludge stream is constantly 
fed into a rotating bowl, where a solid cake and a diluted liquid stream are produced. The separated 
liquid, called centrate, must be returned to the STP water line, while the thickened sludge cake has a 
solids’ concentration often ranging between 20 and 30%. The energy requirement of this technology 
is between 30 and 60 kWh/t TSS.

6.9.3.5 Sludge-drying beds
A sludge-drying bed is one of the oldest and simplest units for sludge dewatering and it has been applied 
to dewater the sludge purged from anaerobic sewage bioreactors (Figure 6.13). It gradually dewaters the 
sludge over the periods of several weeks by evaporation from the sludge surface in contact with the air 
and by drainage, using a system composed by a sand and gravel layer with drainage tubing located at 
the bottom of the bed. The collected water is usually recycled to the water line of the STP. The sludge 
to be dried is placed on the system in a 200–300 mm depth layer. Once dried, the solids are transported 
out of the STP to be used in agriculture or are landfilled. Conventional drying beds typically have 
rectangular shapes, with outer walls normally constructed with concrete blocks. Although the use of 

Figure 6.13 Sludge-drying bed in a municipal STP containing fresh sludge (left) and with dehydrated sludge (right).
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drying beds is associated with small plants in areas where cheap land is available and with hot or dry 
climates, it is possible to use them in temperate climates, always considering the rainfall in the area.

Odour generation is usually very low when anaerobic sludge from UASB reactors is processed in 
drying beds since the sludge is stabilized as a result of the high sludge age in anaerobic bioreactors. 
Drying periods of 30–45 days can be applied, and the solids’ concentration generally lies between 30 
and 45% and may achieve more than 50–60% TSS under dry climate conditions, attaining a partial 
sludge sanitization in terms of microbial indicators (Lopes et al., 2020). This technology requires more 
time and is less compact than mechanical devices. However, operational and maintenance costs are 
very low, its operation is simple and the percentage of solids in the dehydrated sludge is very high.

6.9.3.6 Sludge-drying lagoons
Similar to drying beds, lagoons can be viewed as a cost-effective sludge dewatering technology in 
regions characterized by hot and dry climates, low population density and with cheap land availability. 
While it shares similarities to drying beds in terms of requiring vast land areas and labour-intensive 
mechanical removal of dewatered solids, its construction is simpler due to the absence of the 
need for filtrate drainage. However, drying lagoons are significantly less utilized than drying beds 
to treat digested sludge. The depth of the lagoon commonly ranges between 0.75 and 1.25 m. The 
main difference between this process and drying beds lies in the fact that evaporation is the primary 
mechanism driving the dewatering process, since no drainage can occur. This results in the need for 
longer drying times, ranging from several months to more than a year. Typically, the cake is removed 
with a concentration in the range of 25–30% of TSS (Table 6.8).

Table 6.8 Comparison among the most common technologies used for dewatering waste sludge.

Filter Press Screw Press Belt Filter Centrifuge Drying Beds Lagoons

Consumption 
(kWh/t TSS)

20–40 5–15 10–25 30–60 – –

Land 
occupied

Low Low Low Low High High

Cake solids 
(%)

Up to 35 17–25 20–28 20–30 50–60 25–30

Operation 
mode

Discontinuous Continuous Continuous Continuous Discontinuous Discontinuous

Operational 
complexity

High Intermediate Intermediate Intermediate Low Low

Capital costs Intermediate Low Intermediate High Low Low

Dewatering 
time

Intermediate Short Short Short Long Very Long

Maintenance High Low High Intermediate Low Low

Chemical 
requirements

High High High High Low or none –

Odour 
problems

– – – – Potential Potential

Weather 
impact

– – – – High High

Groundwater 
pollution

Low Low Low Low Intermediate High

Noise Intermediate Low Intermediate High – –

Source: Adapted from Von Sperling and Chernicharo (2005), and Metcalf and Eddy (2014).
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6.10 ENERGY GENERATION FROM SLUDGE COMBUSTION
Sludge generation in anaerobic treatment systems has a production of ∼0.15 kg TSS/kg COD applied, 
with an organic fraction of 55–70% and a concentration of 50–80 g TSS/L. The produced sludge 
may be separated from the water by mechanical processes (filtration, centrifugation), whereupon it 
becomes a semi-solid cake with a solid fraction of ∼20% and thus a residual humidity of ∼80%. If 
further drying is desired, thermal processes such as sludge-drying beds or external heat application 
must be applied.

Depending on the use of the dried sludge and the cost of providing a final destination of the 
dried sludge it may be interesting to increase the solid fraction beyond the value that can be 
achieved by mechanical methods (15–25%). If the area for drying beds is not available, thermal 
drying may be applied, which is a process that produces a final sludge with no or very little water. 
It requires an external energy source, which can supply the heat required to evaporate the water 
from a sludge cake. Thermal drying can be completed with combustion of the dried sludge with 
air in an incinerator; in that case the energy source of the process is the combustion heat of the 
volatile sludge itself (see Figure 6.1). In that case, an important issue to be considered for sewage 
sludge incineration is the emission of toxic pollutants, due to the potential emission, among others, 
of dioxins, furans and nitrogen oxides, making the in-situ sludge incineration unaffordable. For 
this reason, centralized sludge incineration or co-incineration plants are used in many European 
countries, USA, and Japan.

The possibility of producing electric energy from the dried sludge is limited based on the following 
analysis: in anaerobic treatment systems roughly 2/3 of the influent organic material are transformed 
into biogas and the remaining fraction (1/3) is equally divided between organic material residual in 
the effluent and organic material transformed into sludge, both accounting for a fraction of 1/6 of the 
influent organic load. Thus, the fraction of the organic material transformed into biogas (methane) is 
of the order of four times greater than the fraction transformed into volatile sludge ((2/3)/1/6) = 4). 
When it is desired to use energy to generate a usable product e.g. electric energy the difference becomes 
even greater for two reasons:

(1) The biogas transformation efficiency is greater than that of sludge, because biogas is a gaseous 
fuel that can be used in an Otto-type explosion generator, characterized by an efficiency of 
35–40%. In the case of sludge combustion, it is necessary to use a combination of a boiler 
to generate steam and a turbine to generate electricity. The efficiency of the boiler–turbine 
combination is at most ∼15%. Knowing that the chemical energy per unit mass of COD is 
∼13.7 MJ, it is estimated that per unit mass of COD of the influent the potential of electricity 
generation is:

2 3 0 35 0 40 13 7 3 4/ . . . .× × ≈( )to MJ/kgCOD 

 whereas the energy generated from the sludge is no more than

1 6 0 15 13 7 0 34/ . . . .× × = MJ/kgCOD  

 Therefore, it is estimated that the potential of electric energy generation from the biogas is ∼10 
times higher than the one generated from the sludge combustion.

(2) The sludge combustion energy is even lower because the sludge after drying still has residual 
humidity, which must be removed and it requires ∼2.5 MJ/kg H2O. Thus, if the sludge after 
drying has a humidity Ue and a volatile fraction fv, and knowing that fcv = 1.5 g VSS/g COD, it 
is calculated that the generation of the combustion heat is given by

Q U f fc e v cv MJ kgCOD= ( )1 13 7 6– . / /
 (6.20)
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On the contrary, the value to evaporate water from the dried sludge with a residual humidity Ue is 
given by

Q U fe e v MJ kgCOD= −( )2 5 6 1. / / /
 (6.21)

In Figure 6.14, the values of heat production by combustion (Qc) and the heat demand by water 
evaporation (Qe) are plotted as functions of the residual humidity Ue for organic sludge fractions of 
60 and 70%. In the figure, an 80% heat utilization efficiency as well as the difference between the 
effective heat generated and the heat demand for evaporation are also reported. It can be seen that the 
difference is positive for a residual humidity of ∼60%, that is, the heat generated is sufficient to sustain 
sludge combustion when the residual moisture is <60%. This value can be easily obtained in drying 
beds, but not with the aid of mechanical methods of sludge dehydration.

Example 6.10
Evaluate if the biogas production in a UASB reactor is sufficient to dry the produced sludge after 
mechanical dehydration to 80% humidity. Assume a sludge production of 0.1 g VSS/g COD, a VSS/
TSS ratio of 0.67 for the sludge and a digestion efficiency of 70%. Evaporation heat of water is 2.5 MJ/L 
and combustion heat is 13.7 MJ/kg COD

Solution
Since 1 g VSS has 1.5 g TSS and the humidity is 80%, the sludge production is 0.1 g VSS or 0.15 g TSS 
per g COD with 0.15/0.8 = 0.19 kg of wet sludge per kg COD. The required heat for evaporation of 
(0.19 − 0.15) = 0.04 kg H2O/kg COD is 0.04 × 2.5 = 0.1 MJ/kg COD. On the contrary, the digested 
COD is 0.7 g/g COD with a combustion heat for the formed methane of 0.7 × 13.7 ≈ 10 MJ/kg COD. 
However, only ∼50% of this biogas is actually captured and used, so that a more realistic energy 
production of 5 MJ/kg COD is estimated. It is concluded that the combustion heat of the biogas is ∼50 
times greater than the energy demand for evaporation of the water in the sludge cake, so that even 
with low heat transmission efficiency, it should be possible to dry the sludge using only the combustion 
heat of the biogas to dry sludge, even though this does not seem to be applied in practice.

Example 6.11
Evaluate if the heat production of sludge combustion from a UASB reactor is enough to have auto-
sufficiency in an incinerator. Adopt the same assumptions as in the previous example.

Solution
The required heat for evaporation is the same as in the previous example. The combustion heat depends 
on the volatile fraction of the sludge. In Figure 6.13, the evaporation heat and the combustion heat are 
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shown as functions of sludge humidity for volatile sludge fractions of 0.6 and 0.7. In Figure 6.13 also 
shown is the energy balance for an assumed energy transmission efficiency of 80%. The figure shows 
that under these conditions the maximum humidity of the sludge is ∼60%, depending on the VSS/
TSS ratio, which is much less than the humidity obtained from mechanical dehydration, so that some 
external energy must be supplied, if it is desired that completely dry sludge is produced for maximum 
heat production by combustion. This external energy can be biogas in which case the energy balance 
is positive even for a very high initial humidity of the sludge.

Example 6.12
Dry sludge is produced, and combustion is applied to generate steam to feed a turbine to produce 
electric energy. Estimate the production potential per capita using a top-quality boiler–turbine 
combination, which has an efficiency of 16%. The combustion heat of volatile sludge is 13.7 MJ/kg 
COD = 20 MJ/kg VSS. Volatile sludge production is 0.1 g VSS/g COD. Per capita contribution: 100 g 
COD/day.

Solution
The volatile sludge production per capita is 100 × 0.1/1000 = 0.010 kg VSS/inh/day with a per capita 
combustion heat of 20 × 0.01 = 0.2 MJ/day = 2.3 W. If the conversion efficiency is 16%, the per capita 
production potential is 0.16 × 2.3 = 0.37 W. This production potential is much smaller than the 
potential from gas, not only because the organic material is much smaller (16% of the influent COD 
for volatile sludge against 68% for methane), but also because the conversion efficiency of the solid fuel 
(16% for dry sludge) is much smaller than that for the gaseous fuel (40% for methane).

6.11 NUTRIENT RECOVERY FROM SLUDGE AND WASTEWATER STREAMS
Phosphorus and nitrogen compounds are essential nutrients required by modern agriculture to 
improve yields. The world’s population increased from 2.5 billion inhabitants in 1950 to 8 billion at 
the end of 2022, and it is expected that it will reach 9.8 billion by around 2050. A large fraction of 
the phosphorus used in agriculture worldwide is obtained from a non-renewable resource, phosphate 
rock, mostly mined in Morocco (including Western Sahara), China, the USA, and Russia. In contrast, 
the production of nitrogen fertilizers is not restricted to a small number of countries and depends 
on the availability of energy to produce them through the Haber–Bosch and Ostwald processes. A 
large part of the developing countries is currently facing a great challenge: the increase in the prices 
of phosphorus fertilizers is limiting their use in agriculture and impacting food production in these 
regions (Brownlie et al., 2023). Thus, the recovery of nutrients from STPs and other waste resources 
would be important to guarantee the necessary food for the entire world population.

Example 6.13
Estimate the phosphorus and nitrogen daily loads in a 90,000 inhabitants anaerobic STP and determine 
the fractions associated with the treated effluent and the anaerobic sludge generated. Consider a 
generation of 100 g COD/day, 10 g total nitrogen (TN)/day and 1.2 g total phosphorus (TP)/day and 
100 L/day of sewage produced. Sludge yields 0.1 g TSS/g COD removed, COD removal percentage is 
80. Nutrient content in the sludge is 0.05 kg N/kg TSS and 0.015 kg P/kg TSS.

Solution
Considering the above indicated figures, the amount of the incoming mass of TN and TP present in 
the raw sewage is (daily basis)

TN inh g TN inh/day g TN/day or kg TN/dayin = × =90 000 10 900 000 900, / ,  

TP inh g TP/inh/day g TP/day or kg TP/dayin = × =90 000 1 2 108 000 108, . ,  
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For anaerobic sewage treatment, the only mechanism contributing to N and P removal from 
wastewater is associated with the sludge formation. Thus, N and P associated with sludge generation 
should be:

MS gCOD removed g COD fed g TSS/gCOD removedX = ( )× ( )× ( )×0 8 0 1 90 0. . , 000

720 000 720

inh

g TSS/day kg TSS/day= ≈,  

TN kg N/kg TSS kg TSS/day kg TN/dayX = × =0 05 720 36.  

TP kgP/kg VSS kg TSS/day kg TP/dayX = × =0 012 720 10 8. .  

where MSX = anaerobic sludge generation (kg TSS/day); TNSV = total nitrogen in the sludge (kg N/
day); TPXV = total phosphorus in the sludge (kg P/day).

The percentage of TN and TP associated with the sludge formation represents 4 and 10% of the daily 
nutrient load, respectively. In those STPs using anaerobic technologies, the recovery of phosphorus 
or nitrogen associated with the sludge is low, due to the low biomass yield of the process. In any case, 
the sludge generated in anaerobic STPs contains all the nutrients removed from the treated sewage. 
In fact, the use of sludge from STPs as agricultural fertilizer is a common practice in many countries 
around the world.

Anaerobic sewage treatment is not the adequate solution to remove nutrients from the water 
phase. In recent years, many studies have tried to improve the removal of nutrients in these systems. 
One approach is the promotion of struvite precipitation, a phosphate salt containing ammonia and 
magnesium ions (MgNH4PO4·6H2O). This strategy is only effective when the treated wastewater 
contains high concentrations of orthophosphate ions, as is often the case with black water. The 
precipitation of struvite only compensates if the phosphorus concentration greatly exceeds 100 mg 
P/L, a level far from that of 5–15 mg P/L observed in sewage.

In Table 6.9, the calculated concentrations of pollutants of raw and treated sewage for the analysed 
scenario are shown. As indicated, the calculated nutrient concentrations in the effluent and raw sewage 
are similar. In fact, there are many studies in the literature indicating that the observed removal of 
nitrogen and phosphorus in anaerobic bioreactors is almost negligible.

Most of the nutrients contained in anaerobically treated sewage, without further post-treatment, 
remain in the effluent. The eutrophication of the receiving water bodies is one of the main problems of 
the discharge of anaerobically treated sewage. Nutrients contained stimulate algae blooms, harming 
water life. An alternative to take advantage of the nutrients and the water itself could be to store the 
treated waters in accumulation ponds, and use them for agricultural irrigation, as long as the distance 
between the fields and the STP does not make this application unfeasible. Water reuse is treated in 
Chapter 8, and could be a way to recover nutrients, and diminishing the use of chemical fertilizers. 
This practice, as well as the use of sewage sludge as fertilizer, is regulated by law in several countries.

The World Health Organization publishes guidelines for the safe use of wastewater in agriculture 
(WHO 2006), to reduce the risks associated with the presence of pathogens and certain chemical 
compounds associated with wastewater and sewage sludge. For these reasons, in most cases, anaerobically 
treated sewage should undergo post-treatments to ensure adequate water quality, including a partial 
reduction of nutrients, especially nitrogen compounds, to guarantee a good food crop.

Table 6.9 COD, TN and TP concentrations and nutrients loads of the analysed scenario.

mg COD/L mg TN/L mg TP/L kg TN/day kg TP/day

Raw 833.3 83.3 10.0 900 108

Effluent 166.7 80.0  9.0 864  97
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One of the questions that could be raised is the comparison of the amounts of nutrients present in 
sewage, with the amount of fertilizer consumed. According to the International Fertilizer Association 
(IFA, 2023) during 2020, 21.8 and 112.3 Mt of phosphorous- and nitrogen-based fertilizers were 
consumed worldwide, which implies an average annual consumption per world inhabitant of 2.8 kg 
P and 14.4 kg N. It can be quickly calculated for our case study that an inhabitant generates 0.438 kg 
P and 3.65 kg N annually. Assuming that all nutrients from wastewater could be effectively reused, 
ideally 15% of P and 25% of N could be recovered, thereby reducing the consumption of chemical 
fertilizers. This is obviously a very simple calculation; surely the real figures that can be achieved 
are more modest, highlighting the great potential associated with the nutrients contained in urban 
wastewater.

6.12 CONCLUDING REMARKS
It has been shown that anaerobic wastewater systems can be operated without the need of external 
energy, even when wastewater is diluted such as the case of sewage. The required energy for anaerobic 
treatment is obtained by using its organic material as an energy source. In the case of sewage ∼2/3 
of the influent organic material is converted into methane and may be used for energy generation. 
About 1/6 of the influent organic material is converted into organic sludge and 1/6 is discarded in the 
effluent. Organic sludge may be incinerated to produce electric energy and heat, but the alternative of 
using it as an organic fertilizer (after drying) may be more attractive from the economic point of view.

Nitrogen and phosphorus recovery from anaerobically treated wastewater can be carried out by 
using the reclaimed water and sludge generated in agriculture, according to local regulations. In most 
cases anaerobically treated sewage should undergo further treatment to ensure adequate water quality 
to guarantee a good crop.
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ABSTRACT

This chapter addresses the fate of dissolved methane (D-CH4) in mainstream anaerobic-based sewage treatment 
plants (STPs). As much as 30–40% of the total CH4 generated during anaerobic digestion can be lost in the effluent of 
anaerobic reactors treating sewage. This implies a loss of energetic potential, possible emission of CH4 downstream 
the anaerobic reactor with an increase in the carbon footprint, greenhouse gas emissions and safety risks for 
operators. The first section presents the fundamentals that explain the origin of D-CH4 and the physical principle 
behind its emission and desorption. Next, a review of the measuring methods for D-CH4, reported values for different 
anaerobic reactor configurations applied to sewage treatment and the energetic and environmental effects of D-CH4 
are presented. Later sections explore different techniques and bioprocesses that have been studied to mitigate 
D-CH4 in anaerobic effluents, describing the general principles behind its functioning, experimental performance 
and current state of development. Four management strategies are depicted to mitigate D-CH4 in anaerobic 
effluents: (a) desorption-based techniques followed by the oxidation of waste gas; (b) desorption-based techniques 
aiming at recovering an energetically valuable gas; (c) bioprocesses to oxidize D-CH4 in post-treatment unit and 
(d) bioprocesses that use D-CH4 in the post-treatment unit for other treatment objectives, such as denitrification 
or electricity generation. Some of these techniques and bioprocesses are available and already applied in full-
scale anaerobic-based STPs, whereas others seem very promissory but require further research to validate their 
application with real anaerobic effluents.

Keywords: carbon footprint, desorption techniques, energy loss, energy recovery, fugitive emissions, methane 
bio-oxidation.

7.1 INTRODUCTION
Mainstream anaerobic sewage treatment offers many advantages, as highlighted in previous chapters. 
However, certain challenges need to be addressed to enhance the suitability and sustainability of 
anaerobic-based sewage treatment plants (STPs) (Chernicharo et al., 2015). One of the major issues is 
the presence of high concentrations of dissolved methane (D-CH4) in liquid effluent, which has been 
extensively reported over the last 15 years.

Chapter 7

Dissolved methane
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In the case of upflow anaerobic sludge blanket (UASB) reactors treating sewage, up to 36–41% of 
the total CH4 produced during an anaerobic digestion process can be lost as D-CH4 in the liquid phase 
(Souza et al., 2011). This condition poses some problems:

• It represents a significant loss of the energetic potential of anaerobic-based STPs, equivalent to 
the percentage of CH4 lost in the anaerobic effluent (Lobato et al., 2012).

• Depending on the flowsheet and hydraulic profile of the STP, D-CH4 can be emitted to the 
atmosphere downstream the reactor. Considering that CH4 is a greenhouse gas (GHG) with a 
global warming potential of ∼28 times that of CO2 (IPCC, 2021), its uncontrolled emission in 
anaerobic-based STPs tend to represent a major carbon footprint contributor (Wu et al., 2022).

• The emission and blending of CH4 with atmospheric air in confined spaces (e.g. closed tanks, 
downstream pipes such as sewers) can create a flammable atmosphere with a CH4 content 
between the lower flammability level (LFL) of 5.0%, and the upper flammability level of 15.0% 
in air (Crowl, 2003), which poses a safety risk for operators in anaerobic-based STPs and even 
in the sewerage network.

In the last decade, various techniques and strategies have been proposed and experimentally studied 
to mitigate or recover/use D-CH4, and this topic has been frequently addressed in the literature during 
this period (Centeno-Mora et al., 2020; Crone et al., 2016; Heile et al., 2017; Li et al., 2021; Stazi & 
Tomei, 2021). This chapter discusses the nature of D-CH4 in anaerobic-based STPs and the available 
strategies and techniques to mitigate it. Section 7.2 reviews the fundamentals that explain the presence 
of dissolved gases in anaerobic effluent and the desorption of dissolved gases. Section 7.3 examines the 
methods for measuring D-CH4, the reported values in the literature for different anaerobic reactors 
applied to sewage treatment and the significance of its presence for anaerobic-based STPs. In Section 
7.4, the available techniques and strategies that have been tested are discussed, taking into account 
different approaches for CH4 dissolved in anaerobic effluents: (1) its transfer to a waste gas in low 
concentration, which should be abated downstream; (2) its transfer to a CH4-rich gas that could 
be energetically valorized; (3) its direct biological oxidation in the liquid phase and (4) its direct 
beneficial use in the liquid phase with different bioprocesses. The management of waste/recovered gas 
is also addressed. Finally, some perspectives for future research on this topic are presented.

7.2 BACKGROUND
7.2.1 Equilibrium between liquid and gas phases
CH4 and other gases are produced during the anaerobic digestion of sewage. Under normal conditions 
of temperature and pressure (e.g. 20°C and 1 atm), a theoretical maximum yield of 350 mL of CH4 per 
g of removed chemical oxidation demand (COD) can be obtained based on a simplified mass balance. 
This CH4 is generated in the sludge bed or in the bulk liquid of the reactor, where the substrate (sewage) 
and the biomass come into contact. Due to their lower density with respect to water, CH4 and other 
gases produced during the anaerobic digestion (e.g. CO2 and H2S) are transported through the bulk 
liquid to the upper part of the reactor, and then to the gas phase compartment or reactor headspace. 
The resulting mixture of gases is known as biogas, a CH4-rich gas, and a source of renewable energy. 
However, a fraction of these gases remains dissolved in the liquid effluent of anaerobic reactors, 
following a thermodynamic equilibrium.

The thermodynamic equilibrium between a gas dissolved in water and its content in the gas phase 
(headspace) is defined by the Henry’s law, as shown in Equation (7.1):

C K Pdis g H p g, ,=  (7.1)

where Cdis,g  is the concentration of the gas dissolved in the liquid phase (mg/L); KH  is the Henry’s 
law constant (mg/L/atm) and Pp,g  is the partial pressure of the gas in the gas phase (atm). Different 

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



209Dissolved methane

forms of Henry’s law are available in the literature, and a cautious selection of KH, which considers 
the appropriate units for the equilibrium equation, should be considered in every case. It should be 
noticed that KH  is temperature-dependent, and the reported values must be adapted to the ambient 
conditions of anaerobic reactors. This is normally done with the Van’t Hoff equation. In addition, 
in practice, values of KH  for clean water are used for anaerobic effluents, though the presence of 
different compounds (e.g. solids, surfactants, salts, among others) can affect this equilibrium. More 
information on this topic can be found elsewhere (Sander, 2015; Staudinger & Roberts, 2009).

The value of KH  for CH4 to be used in Equation (7.1) is 23.6 mg/L/atm at 20°C (Sander, 2015). 
CH4 can be considered a gas with a low solubility in water. As a reference, at 20°C, H2S and CO2 are 
highly soluble in water, presenting KH  values of 3911 mg/L/atm and 1628 mg/L/atm, respectively. 
According to the Henry’s law, when a gas is present in a headspace or in the atmosphere, a fraction of 
this gas is expected to be dissolved in the liquid phase under equilibrium conditions. Figure 7.1 shows 
the interaction between the liquid phase and the gas phase in anaerobic reactors (UASB reactors and 
anaerobic membrane bioreactors, AnMBRs, with completely stirred tank reactors (CSTRs)).

As shown in Figure 7.1, a gas (e.g. CH4, CO2, H2S, N2) exchange will occur in the interface of the 
liquid phase and biogas compartment inside anaerobic reactors. This exchange will take place inside 
a gas–liquid–solid separator and in the settling compartment surface in UASB reactors (Figure 7.1a), 
and in the headspace of AnMBRs (Figure 7.1b). The thermodynamic equilibrium established by the 
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Henry’s law (Equation 7.1) occurs when the flux of gas transfer to the liquid phase (V1) equals the flux 
of gas transfer to the gas phase (V2).

As an example, if a content of CH4 in biogas of 75% v/v (Noyola et al., 2006) is considered, for 
a pressure of 1 atm, at a temperature of 15°C and 30°C ( KH  values of 26.4 and 19.8 mg/L/atm, 
respectively), the concentration of D-CH4 at the equilibrium (Equation 7.1) would be 19.8 and 
14.8 mg/L, respectively. However, this equilibrium does not occur frequently in anaerobic reactors, 
and concentrations of D-CH4 above the value obtained with Equation (7.1) have been repeatedly 
reported in the literature (see Section 7.3.2). This is known as the supersaturation of CH4 in anaerobic 
effluents, and it is due to mass-transfer limitations in the system (Hartley & Lant, 2006; Pauss et al., 
1990).

As shown in Figure 7.1, when an anaerobic effluent, saturated or oversaturated with CH4, is 
conducted to an open unit or a turbulent flow unit downstream (e.g. a non-confined settler compartment 
of UASB reactors, an open channel with weirs, a distribution arm of a trickling filter, among others), 
this CH4 will be emitted to the atmosphere. Considering that the concentration of this gas in the 
atmosphere is negligible, the equilibrium between the phases will indicate a concentration of D-CH4 
is also negligible in the liquid phase for this new condition.

7.2.2 Principle of desorption of dissolved gases
As explained in Section 7.2.1, in a system open to the atmosphere with a CH4-saturated anaerobic 
effluent, a mass-transfer of CH4 (and other dissolved gases) from the liquid to the gas phase (atmosphere) 
will occur to attain the thermodynamic equilibrium between both the phases (Equation 7.1). This is a 
diffusion-driven process (Cussler, 2007), in which the driving force for mass transfer is the difference 
of concentration between both the phases, and it is also known as gas desorption.

The same principle can be applied to engineered processes to force the transference of the CH4 
dissolved in the liquid phase of anaerobic reactors to a gas phase in a controlled system, as presented 
in Figure 7.2.

As shown in Figure 7.2, in an engineered gas desorption device, there are two fluxes: the liquid 
phase (anaerobic reactor effluent containing dissolved gases), and a CH4-free sweeping gas (N2 or air 
is commonly used). Due to the different CH4 concentrations between both the phases, the system 
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effluent inlet
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gas inlet

Waste/recovered 
gas outlet
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QL

QG

CL

CG

Gas / Liquid interface
CL: liquid phase concentration
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with CL.

Liquid phase 
(anaerobic 
effluent) 

Gas phase 
(air or N2)

Gas desorption 
device

Driving force

C*

Diffusion / mass transfer of CH4

Figure 7.2 Principle of dissolved methane desorption from the effluent of an anaerobic reactor. Source: Adapted 
from Brandt et al. (2021a, 2021b, 2021c).

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



211Dissolved methane

tends to its thermodynamic equilibrium, which forces the mass transfer of CH4 (and other gases, such 
as CO2 and H2S) to the sweeping gas. The continuous renewal of the liquid and gas phases allows the 
operation under a steady-state condition, producing a continuous transference (and recovery) of CH4 
in the gas phase, which is known as waste gas or recovered gas.

Depending on many parameters of the system (liquid flow – QL, gas flow – QG, QG/QL ratio, interface 
area, temperature, concentration difference between both the phases), the removal efficiency (and the 
transference of CH4 to the gas phase) can be affected. In addition, for the renewal of the gas phase, it 
is possible to use vacuum instead of sweeping gas. This allows the recovery of a more concentrated 
CH4 in the recovered gas, avoiding its excessive dilution with air or N2.

Different techniques have been studied for the D-CH4 desorption from anaerobic reactor effluents 
(Centeno-Mora et al., 2020; Heile et al., 2017): desorption chambers (with and without packing media, 
with sweeping gas or vacuum), membrane contactors, enclosed biological reactors of downflow 
hanging sponge (DHS) and stripping tanks. These techniques are described in detail in Section 7.4.2.

7.3 DISSOLVED METHANE IN THE EFFLUENT OF MAINSTREAM ANAEROBIC 
REACTORS TREATING SEWAGE
7.3.1 Methods for measuring dissolved methane in wastewater
Dissolved methane in wastewater can be measured with different methods. Figure 7.3 shows the main 
measuring principles reported in the literature (Boulart et al., 2008, 2010; Mampaey et al., 2015).

As shown in Figure 7.3, there are laboratory and in-situ methods for measuring D-CH4. In the 
case of laboratory methods, the usual procedure consists in taking samples of anaerobic effluents 
using septum vials (40–120 mL), which should be stored at low temperature (e.g. 4°C) until they can 
be analysed. Then, the samples are conditioned to attain a standard temperature (usually 25°C) to 
establish the equilibrium between the liquid and gas phases (usually 1–2 h). When this condition 
is fulfilled, a sample of the gas headspace is obtained with a gas-tight syringe (e.g. 10–500 µL) and 
injected into a gas chromatograph (GC). Flame-ionizing detector is normally employed due to its 
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Figure 7.3 Methods for measuring dissolved methane in anaerobic effluents.
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high sensitivity, which allows the measurement of low contents of CH4 in the gas sample. When the 
CH4 content of the headspace is known, the D-CH4 concentration can be calculated by assuming the 
thermodynamic equilibrium between the gas and liquid phases and using an adaption of Equation 
(7.1). This method has been extensively used for the measurement of D-CH4 in anaerobic effluents. 
It should be noted that, to date, there is not a standardized procedure for this method, and different 
adaptions are reported in the literature: type and volume of the bottle; bottle prefilling with nitrogen 
or argon (Bandara et al., 2011); use of vacuum tubes (Daelman et al., 2012); use of a biological inhibitor 
(e.g. HgCl2) (Bandara et al., 2011); use of high salt concentration (e.g. NaCl) to reduce gas solubility, 
also inhibiting microbial activity (Daelman et al., 2012), known as ‘salting-out’ method; time to attain 
the standard temperature and equilibrium; presence of agitation to attain this equilibrium and GC 
specifications such as the type of detector or equipment configuration. Differences in the values of 
D-CH4 obtained from different procedures are expected. As an example, Nelting et al. (2015) reported 
values of D-CH4 to be 11% higher when the salting-out method (NaCl) was used instead of a simpler 
method without salts. Therefore, the definition of a standardized method should make easier and 
more precise the comparison of the values reported in the literature.

In the case of in-situ methods, they can be advantageous to evaluate the spatial and temporal 
variability of D-CH4 in anaerobic reactors. Three principles are reported in the literature (Boulart 
et al., 2010), as shown in Figure 7.3: measure of CH4 in the gas phase, biosensors and optical sensors. 
For the desorption devices, the same principle explained in Section 7.2.2 can be applied to transfer 
D-CH4 to a gas (air or N2). The content of CH4 in the recovered gas is measured with a gas probe, 
and D-CH4 is calculated with a mass balance. This principle can be used in situ, as described in Liu 
et al. (2015) and Mampaey et al. (2015). An alternative is the use of a passive system, in which a probe 
with a permeable membrane is in contact with the liquid phase. CH4 diffuses through this membrane 
to a gas phase, where it is measured. Some of the commercially available sensors use this principle 
and it has been applied for the measurement of D-CH4 in anaerobic effluents (Rongwong et al., 2019; 
Sethunga et al., 2019; Velasco et al., 2022; Wongchitphimon et al., 2017).

The measuring principle of biosensors quantifies the O2 consumption of methane-oxidizing bacteria 
(MOBs) in a gel matrix to estimate the D-CH4 concentration, whereas optical sensors directly measure 
the D-CH4 concentration in the liquid phase with optical principles such as infrared-spectroscopy, 
Raman spectroscopy or surface-plasmon resonance (Boulart et  al., 2010). To date, none of these 
methods has been used to report D-CH4 concentrations in anaerobic effluents.

7.3.2 Experimental values reported in the literature
Table 7.1 shows reported data for D-CH4 concentrations in different types of mainstream anaerobic 
reactors treating sewage.

As explained in Section 7.2.1, the presence of D-CH4 in the effluent of anaerobic reactors is related 
to the thermodynamic equilibrium between the liquid and gas phases. A part of the produced CH4 will 
be dissolved and lost with the liquid phase of the reactor. However, in the case of anaerobic reactors 
treating sewage, the percentage of CH4 lost in the effluent will be around 30–50% of the total CH4 
generated, with values as high as 88% being reported at ambient temperatures with a mean value of 
18°C (Cookney et al., 2016).

In addition, Table 7.1 shows that CH4 supersaturation indexes between 1.0 and 1.66 have been 
reported in the literature for anaerobic reactors treating sewage. This supersaturation in CH4 is due 
to mass-transfer limitations in the system (Hartley & Lant, 2006), as previously mentioned. In this 
regard, passive systems (Crone et al., 2016) such as UASB reactors, in which there is not an active 
mixing of the bulk liquid, tend to present higher supersaturation indexes. In the case of AnMBRs, 
where a mixing system such as biogas sparging is used to control the membrane fouling, the mass-
transfer of CH4 to the biogas is favoured, and values close to the thermodynamic equilibrium are more 
common in the liquid effluent of these systems.
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Table 7.1 Reported values of D-CH4 concentration in the effluent of mainstream anaerobic reactors during the 
sewage treatment.

Type of 
Reactor

Scale 
of the 
Reactor

Measurement 
Method

D-CH4 
(mg/L)

CH4 
Supersaturation 
indexa 
(dimensionless)

Percentage 
of the 
Produced 
CH4 Lost in 
the Effluent

Temp. 
(°C)

Reference

UASB 
reactor

Pilot Laboratory 19.6–22.0 1.64–1.66 39–41 25 Souza et al. 
(2011)

UASB 
reactor

Demo 
(14 m3)

Laboratory 19.2 1.37 36 24

UASB 
reactor

Full Laboratory 20.0 NR NR 25

EGSB 
reactorb

Pilot Laboratory 25.4 1.57 45 16 Cookney 
et al. (2012)

SAF-MBRb Bench Laboratory 17.9 1.44 NR 25 Yoo et al. 
(2012)

AnMBR Pilot Laboratory 10.9 1.01 46 33 Giménez 
et al. (2012)

AnMBR Pilot Laboratory 8.5 1.01 43 21

AnMBR Bench Laboratory NR 1,5 30–40 15 Smith et al. 
(2013)

UASB 
reactor

Pilot Laboratory 18.4 1.13 46–54 21–28 Matsuura 
et al. (2015)

ABR Pilot Laboratory 21.0 1.33 39 12–23 Hahn and 
Figueroa 
(2015)

UASB 
reactorb

Bench Laboratory 25.4 1.3 88 18 Cookney 
et al. (2016)

AnMBRb Bench Laboratory 8.8 1.0 45 14.2

UASB 
reactor

Demo 
(14 m3)

Laboratory 15.0 NR NR 22 Glória et al. 
(2016)

UASB 
reactor

Full Laboratory 12.2 1.14 NR 25 Huete et al. 
(2018)

AnMBR Demo 
(40 m3)

Laboratory 12.0 ≤1.0 NR 18 Sanchis-
Perucho 
et al. (2020)

UASB 
reactor

Pilot Commercial 
probe

16.5 1.25 NR 23.2 Velasco et al. 
(2022)

UASB 
reactor

Demo 
(14 m3)

Laboratory 17.5 1.2 NR 25 Centeno 
Mora and 
Chernicharo 
(2022)

Temp.: reported temperature; UASB: upflow anaerobic sludge blanket; EGSB: expanded granular sludge bed; SAF-MBR: staged 
anaerobic fluidized membrane bioreactor; AnMBR: anaerobic membrane bioreactor; ABR: anaerobic baffled reactor; NR: not 
reported.
aThe supersaturation index can be defined as the ratio of the actual D-CH4 to the saturated value from the Henry’s law constant for 
clean water.
bPre-settled sewage.
Source: Adapted from Crone et al. (2016), Centeno-Mora et al. (2020) and Stazi and Tomei (2021).

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



214 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

Table 7.1 indicates that similar D-CH4 conditions were obtained for anaerobic reactors regardless 
the system scale, and the experimental procedure mostly used was the laboratory analysis with the 
headspace method. Only in one case a commercial probe was used (Velasco et al., 2022), and it was 
verified that this device had the capacity to measure supersaturated concentrations.

Another parameter that affects the D-CH4 and the supersaturation index is temperature (Crone 
et  al., 2016; Li et  al., 2021). At lower temperatures the Henry’s constant is higher, which implies 
that a higher concentration of D-CH4 should be expected in anaerobic effluents. In addition, the 
biological activity of anaerobic reactors and CH4 production will be slowed at lower temperatures. 
Both conditions contribute to increase the loss of CH4 in anaerobic effluents in winter at subtropical 
and temperate climates.

It should be noted that in all these studies the focus was on D-CH4 concentration in anaerobic 
reactor effluents, and that the behaviour of this parameter inside and along the reactor depth has 
been scarcely reported. Nelting et al. (2015) measured higher D-CH4 concentrations at higher depths 
in UASB reactors, and also in enclosed units (covered settlers) compared to open units (uncovered 
settlers). This suggests that possible interventions in anaerobic reactor configurations could lead to 
lower concentrations of D-CH4 in effluents, at least for passive systems such as UASB reactors.

7.3.3 Effects of dissolved methane in anaerobic effluents
As introduced in Section 7.1, D-CH4 in effluents of anaerobic reactors has at least three consequences: 
(1) loss of energetic potential of anaerobic-based STPs; (2) emission of GHGs and (3) risk of formation 
of a flammable atmosphere.

Regarding the energetic potential loss, this value will be proportional to the fraction of CH4 
dissolved in the liquid phase. Therefore, for anaerobic reactors treating sewage, it would represent 
30–40% of the total energetic potential of the produced CH4. According to Lobato et al. (2012), for 
UASB reactors treating sewage, the current energetic potential of these systems varies depending on 
many variables, such as per capita COD contribution, sulphate concentration in the raw sewage and 
quality of the three-phase separator and the biogas conduction pipeline (e.g. leaks). For a ‘typical’ 
scenario of operation, the authors estimated an energetic potential (due to the biogas use) of 1.2–
3.7 MJ/m3 of treated sewage, with a mean value of 1.5 MJ/m3 of treated sewage. The loss of energy 
would be of 0.6–1.0 MJ/m3 of treated sewage. Different desorption techniques have been explored in 
the literature to recover this CH4 for its further energetic use (Centeno-Mora et al., 2020), as detailed 
in Section 7.4.2.

Concerning the emission of GHGs, if D-CH4 is not abated or recovered, the possibility of its release 
or emission due to the turbulence in downstream structures is significant (Centeno-Mora et al., 2020). 
This emission will occur even in quiescent surfaces exposed to the atmosphere. Souza et al. (2012) 
measured an emission rate of 11.0–17.8 g CH4/m2/day in the settler compartment surface of a demo-
scale (14 m3) UASB reactor treating sewage, which is equivalent to a carbon footprint of 308–500 g 
CO2eq/m2/day, considering a global warming potential of CH4 of 28 g CO2/g CH4 (IPCC, 2021). For 
UASB reactors treating sewage, the carbon footprint associated with D-CH4 lost in effluents and 
released to the atmosphere, without any control measure, would vary between 386 and 520 g CO2eq/
m3 of treated sewage (Centeno Mora et  al., 2023a, 2023b). In this regard, CH4 emissions can be 
considered as the largest direct GHG emission in anaerobic-based STPs (scope 1 emissions). Some 
studies (Centeno Mora et al., 2023a, 2023b; Chernicharo et al., 2017; Wu et al., 2022) showed that, 
when adequate measures to mitigate D-CH4 are applied, this direct emission can be reduced, and 
the biogas can replace fossil fuels to offset the carbon footprint of the system (reduction of scope 2 
emissions). If D-CH4 is recovered for its energetic use, the carbon footprint of anaerobic-based STPs 
could be decreased up to 94% (acting as a carbon sink) if this additional energy is used for electricity 
generation, and up to 100% if it is used in substitution to liquified petroleum gas (Centeno Mora 
et al., 2023a, 2023b). It should be noted that these results will depend upon site-specific conditions 
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(e.g. GHG emission of electrical grids, among other conditions), although this general trend should be 
maintained. Chernicharo et al. (2017) recommended that the carbon footprint should be considered the 
main decision factor to evaluate alternatives for the management of gaseous emissions (e.g. biogas and 
D-CH4). Regarding other environmental impacts of D-CH4, after performing a life-cycle assessment, 
Pretel et  al. (2013) determined that, for AnMBR systems treating sewage discharging effluents to 
surface waters, the environmental effect on human toxicity and freshwater aquatic ecotoxicity would 
be significant unless measures to mitigate or recover this D-CH4 are applied.

In the case of the safety risk in confined spaces (e.g. sewers or enclosed tanks), due to the mixture 
of CH4 with atmospheric O2, Cookney et al. (2016) indicated the necessity of a D-CH4 concentration 
in anaerobic effluents of only 1.4 mg/L (0.14 mg/L if a safety factor of 10 is considered) to obtain a 
CH4 content in the confined space (assuming the thermodynamic equilibrium between the liquid and 
gas phases, 1 atm and 15°C) of 5.0% v/v, corresponding to the LFL of CH4 in air (Crowl, 2003). In this 
regard, if a D-CH4 of 15–25 mg/L in anaerobic effluents is considered, a removal efficiency of D-CH4 
up to 91–94% in a treatment unit should be required before its discharge to avoid the flammable 
atmosphere formation risk.

7.4 STRATEGIES TO MITIGATE DISSOLVED METHANE IN ANAEROBIC EFFLUENTS
7.4.1 Preliminary
Figure 7.4 shows a scheme with the main strategies reported in the literature for the mitigation, 
recovery or beneficial use of D-CH4 present in effluents of anaerobic reactors treating sewage, with 
their main associated techniques or processes. As shown in Figure 7.4, these techniques/processes can 
be organized into four D-CH4 management strategies:

(A) Desorption/removal of CH4 for its further oxidation: CH4 is transferred to a diluted waste gas, 
to reduce the D-CH4 concentration in anaerobic effluents. The main techniques are simplified 
desorption chamber, packed desorption chamber, vacuum-assisted chamber, membrane 
contactors and diffuse aeration. The waste gas should be adequately treated (e.g. thermally or 
biologically oxidized) to avoid its direct discharge to the atmosphere.

(B) Desorption/recovery of CH4 for its further energetic use: CH4 is recovered into a CH4-rich 
gas stream, which could be used for energetic purposes, alone or blended with biogas. The 
techniques that have been reported in the literature for this purpose are vacuum-assisted 
chambers, membrane contactors and enclosed DHS reactors.

(C) Direct biological oxidation of CH4 in the post-treatment unit: D-CH4 is biologically oxidized/
destroyed in an aerobic reactor. In this case, the D-CH4 oxidation consumes O2 in the aerobic 
reactor. The main available processes are activated sludge (AS) and its variants (providing 
adequate conditions to avoid its desorption with the reactor aeration), and enclosed DHS 
reactors.

(D) Direct beneficial use of CH4 in the post-treatment unit: D-CH4 oxidation is purposely used 
as a source of carbon or electrons for other biological processes such as heterotrophic 
denitrification, microbial fuel cells (MFCs) or methanol production.

It should be noted that the strategy to be implemented in a full-scale anaerobic-based STP will 
depend on the specific context and the state of development of each process/technique. Many of 
these processes are still on a development stage and scaling-up experiments are required. However, at 
least strategies A or C should be considered in full-scale anaerobic-based STPs to reduce their carbon 
footprint.

Each one of these techniques is addressed in the following sections, with a discussion on the 
reported efficiencies and experiences for their application with D-CH4 from mainstream anaerobic 
reactors treating sewage.
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7.4.2 Desorption-based techniques
7.4.2.1 Overview of techniques
Different desorption-based techniques are available to transfer D-CH4 to a gas. The general principle 
of these techniques is explained in Section 7.2.2. For each of them, a liquid and a gas flow will be 
established. The D-CH4 desorption efficiency is defined below:

E
C C

C
=

−L,I L,O

L,I

100%
 

(7.2)

where E  is the desorption efficiency (%) and C CL,I L,O,  are the D-CH4 concentrations at the desorption 
unit inlet and outlet, respectively.

The desorption efficiency of each technique will depend on many factors (Cussler, 2007): contact 
time between the liquid and gas phases, driving force intensity (difference between the actual and 
equilibrium concentrations in the liquid phase), fluid behaviour in each phase which influences the 
overall mass-transfer resistance, presence of a third phase between the liquid and gas phases (e.g. 
membrane, in membrane contactors), operating parameters such as the liquid flow (QL), gas flow (GL) 
and vacuum pressure if vacuum is applied. In the case of QL and QG, the recommended gas-to-liquid 
(QG/QL) ratio will depend on the specific compound to be desorbed, as shown below (Heile et al., 2017):

SF G

L

=
Q
Q

H
 

(7.3)

where SF  is the stripping factor; Q QG L/  is the gas-to-liquid ratio and H  is the dimensionless Henry’s 
law constant (gas/water). The recommended minimum SF to maximize the desorption efficiency and 
avoid an excessive energy consumption is 3.5 (Crittenden et al., 2012). In the case of CH4 (H = 30 38. �
at 1 atm and 25°C), the resulting Q QG L/  ratio would be 0.115. In addition, the theoretical minimum 
Q QG L/  ratio to desorb 100% of D-CH4 from the liquid effluent (at 25°C) is 0.033 (Heile et al., 2017), 
determined as the ratio that would produce the equilibrium between the liquid and gas phases.

In practice, for the desorption of D-CH4 from anaerobic effluents, two options (Section 7.4.1) have 
been tested, depending on the operating conditions for the desorption units:

• Transference of CH4 to a diluted waste gas which must be treated (oxidized) downflow (strategy 
A in Figure 7.4): in this case the desorption units have been tested at elevated Q QG L/  ratios 
(above 0.15, up to 2–4) to increase the driving force for desorption (due to the negligible content 
of CH4 in waste gas).

• Transference of CH4 to a rich gas which can be energetically used, alone or mixed with biogas 
(strategy B in Figure 7.4): in this case the desorption unit can be operated at very low Q QG L/  
ratios (between 0.003 and 0.1) which avoids the excessive dilution of the recovered gas with 
sweeping gas (N2 or atmospheric air), or vacuum can be used instead or as a complement of 
sweeping gas.

In both cases the waste/recovered gas should be treated or upgraded downstream. Section 7.4.3 
presents the waste/recovered gas characteristics.

The main techniques reported in the literature for D-CH4 desorption are shown in Figure 7.5. Other 
desorption techniques, such as diffuse aeration or tray aerators are not presented in this discussion 
due to the lack of studies with anaerobic effluents (Heile et al., 2017).

Table 7.2 presents some experimental results of each of these techniques reported in the literature.
The state of development varies with each desorption technique, from a laboratory-scale system to 

commercial prototypes and full-scale applications. In addition, the use of vacuum instead of (or as a 
complement to) sweeping gas avoids the excessive dilution of the recovered CH4 and allows an elevated 
desorption efficiency at the same time. Each of these techniques is discussed in the following sections.
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Figure 7.5 Desorption techniques to remove/recover the dissolved methane and transfer it into a waste gas. 
Source: Adapted from Centeno-Mora et al. (2020).
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It should be noted that many of the techniques described in Table 7.2 have been also studied for the 
removal of H2S from anaerobic reactor effluents. H2S is another gas of concern in anaerobic effluents 
due to its toxicity, corrosivity (concrete and steel) and odorous characteristics. More information on 
this issue and on the performance of these techniques for the removal of H2S can be found elsewhere 
(Brandt et al., 2019; Centeno-Mora et al., 2020).

7.4.2.2 Simplified and packed desorption chambers
Simplified and packed desorption chambers are easy-to-install units for the desorption of dissolved 
methane and removal of other gases (e.g. H2S). Figure 7.6 shows a diagram and photographs of these 

Table 7.2 Experimental studies with desorption-based techniques to remove/recover the dissolved methane from 
anaerobic effluents.

Technique D-CH4 
Management 
Strategy

Operating 
Mode (QG/QL 
Ratio or 
Vacuum 
Pressure, 
mbar)

D-CH4 
Desorption 
Efficiency 
(%)

Observations Technology 
Application

Reference

Simplified 
desorption 
chambers

A QG/QL 
between 2 
and 4

60–65 Very simple 
system

Pilot Glória et al. 
(2016)
Santo (2017)

Packed 
desorption 
chambers

 A and B 2–4 (strategy 
A)
0.03–0.05 
(strategy B)

75–85

50–70

Different types 
of packing 
media: pall 
rings, electrical 
tubes

Pilot Huete et al. 
(2018)
Machado 
(2018)
Marinho 
(2019)

Enclosed 
DHS reactors 
in two stages

A and C First unit 
(strategy B): 
0.048–0.071
Second unit 
(strategy C): 
0.48

75

100

Two units in 
series, the first 
to recover 
D-CH4 and 
the second to 
oxidize it

Pilot Matsuura 
et al. (2015)

Membrane 
contactors

A and B >0.15 and 
vacuum up 
to 900 mbar 
(strategy A)
0.03–0.10 
(strategy B)

Up to 95

100

Very compact 
unit, requires 
an effluent 
conditioning 
(solid removal)

Pilot Centeno 
Mora and 
Chernicharo 
(2020)

Vacuum-
assisted 
chambers

A and B Vacuum Up to 80 in 
one stage

Up to 94% 
in three 
stages

Different 
configurations 
operated with 
vacuum are 
possible.
In-series units, 
all vacuum-
assisted at 
800 mbar

Commercial 
prototype 
DiMeR

Laboratory

Nelting et al. 
(2021)

Lee et al. 
(2020)

Management strategies: A – desorption to a diluted gas, which must be oxidized; B – recovery of a CH4-rich gas, which can be 
energetically used; C: oxidation in the biological post-treatment unit.
Source: Adapted from Heile et al. (2017); Centeno Mora and Chernicharo (2020) and Centeno-Mora et al. (2020).
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units. This technology has been successfully applied in Brazil in both pilot- and full-scale treatment 
systems. They have the advantage of being able to receive the anaerobic effluent directly from UASB 
reactors (with high solid concentration) without the need of a pre-treatment.

In the desorption chambers, there are two counter-flowing streams: the anaerobic effluent with 
dissolved methane in the downward direction and the sweeping air in the upward direction. Air can 
be introduced under pressure (using an air blower) or drawn-in using a gas extractor connected to the 
residual gas outlet (point D in Figure 7.6b). The effluent outlet will be at the bottom of the system to 

Drain

Air inlet

Waste / recovered gasAnaerobic effluent 
(with D-CH4)

Degassed effluent

MFC

1

2

3

Legend

Gas fan

Closed valve

Flow measurement 
and controlMFC

Liquid phase

Gas phase
(Atmospheric air)

Gas phase
(Waste/recovered gas)

1: Inflow sampling point

2: Outflow sampling point

3: Waste/recovered gas sampling 
point

Packing media (only in packed desorption chamber)

Figure 7.6 Simplified and packed desorption chamber: (a) process flow diagram and (b) photograph of pilot-scale 
systems. Source: Adapted from Souza et al. (2021).

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



220 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

continue its path to the post-treatment unit. The waste gas will be transported to an additional unit 
for its biological or thermal oxidation (see Section 7.4.3).

The difference between the simplified and packed desorption chambers is the existence of an 
inert packing material in the latter case. The use of this material increases the contact area between 
the anaerobic effluent and the sweeping gas, increasing the desorption efficiency. Various packing 
materials have been tested in pilot tests (Figure 7.6b), such as electrical conduit and 3″ pall rings 
(Marinho, 2019).

Table 7.3 shows the main design parameters for simplified and packed desorption chambers.

7.4.2.3 Vacuum chambers
When vacuum is used instead of a sweeping gas, a chamber operates as a vacuum chamber. The 
interest of this technique is the recovery of a gas rich in methane, which can be used for energy 
purposes. Figure 7.7 shows different possibilities for this process and a photograph of a commercially 
available system known as a dissolved methane recovery (DiMeR) system.

As shown in Figure 7.7a, different configurations of desorption units can be operated with vacuum. 
Lee et al. (2020) operated a free-fall unit with three stages, with a vacuum of 800 mbar in each unit. 
With this configuration, they could remove up to 94 and 88% of D-CH4 and S2

−  from the effluent of an 
AnMBR, respectively. Although they did not report the recovered gas CH4 content, with a mass balance 
they estimated that the electricity generated with the recovered CH4 would compensate and overcome the 
electricity consumption of the equipment (vacuum pumping), producing an energy surplus in the system.

Another free-fall unit that has been tested for the recovery of D-CH4 from anaerobic reactors is 
a DiMeR system (Figure 7.7b). In this technology, the effluent from anaerobic reactors flows to a 
DiMeR reactor through a thin layer with a large contact surface and produces turbulence, enabling a 
degassing process. At the same time, vacuum is applied to the reactor, which reduces the gas pressure 
in the headspace and intensifies the degassing process. The vacuum generated by a pump drives the 
sewage to be treated into the reactor from the upstream treatment unit (siphon effect). The effluent 
from the degassing reactor flows freely downstream to the post-treatment stage. Experimental data 
of a DiMeR system (Nelting et al., 2021) reported a D-CH4 desorption efficiency up to 80%, with a 
CH4 content up to 50% v/v. In addition, results from pilot-scale operation of this system have shown a 
consumption of ∼20–40% of the electric power potential of the recovered biogas (due to the vacuum 
pump). Therefore, the system is energy self-sustainable and enables an effective energy gain in the 
overall balance of anaerobic-based STPs.

7.4.2.4 Enclosed DHS reactors
DHS reactors can be used as a sustainable post-treatment for the effluent of UASB reactors to remove 
additional organic matter and solids, as sponge-filled trickling filters (Bressani-Ribeiro et al., 2018). 
However, if the units are operated with a forced ventilation and are enclosed, they will also work as 
desorption units. Figure 7.8 shows a diagram of this system.

Table 7.3 Design parameters for simplified and packed desorption chambers for the desorption of D-CH4 from 
anaerobic effluents.

Desorption 
Chamber 
Type

Height Hydraulic 
Loading Rate
(m3/m2/min)

Flow Ratio 
(QG/QL)b

D-CH4 
Desorption 
Efficiency

Concentration of 
CH4 in the Waste 
Gas (% v/v)

Water Falla 
(m)

Packing 
Media (m)

Simplified 1.2–1.5 – 0.15–0.30 2–4 60–65 0.4–0.8

Packed 1.2–1.5 0.8–1.0 0.15–0.30 2–4 75–85 0.4–0.8
aUseful height of hydraulic fall.
bAir/liquid flow ratio (QG/QL).
Source: Adapted from Souza et al. (2021).
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(a) (b)

Figure 7.7 Vacuum-assisted chamber: (a) process flow diagram and (b) photograph of a commercially available 
system (DiMeR). Source: Adapted from Nelting et al. (2021).

Figure 7.8 Diagram of enclosed DHS reactors for the desorption of D-CH4 from anaerobic effluents. Source: Adapted 
from Matsuura et al. (2015).
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Matsuura et al. (2015) operated two in-series enclosed DHS reactors (80 L, with a percolation time 
of 2 h, each unit) as a post-treatment unit for the effluent of an UASB reactor treating sewage, and to 
mitigate the D-CH4 in anaerobic effluent. The first unit was operated at a very low QG/QL ratio (0.048–
0.071) to recover a CH4-rich gas at the top, whereas the second unit was operated at a QG/QL ratio 
above 0.48 to oxidize the remaining D-CH4. The authors reported a D-CH4 removal efficiency between 
57–88 and 99% in the first and second enclosed DHS reactors, respectively. The recovered gas in the 
first unit had a CH4 content up to 39% v/v, which is energetically usable. In addition, they reported the 
presence of CH4-oxidizing bacteria in the second DHS unit (Matsuura et al., 2017), which proves that 
oxidation and desorption are the removal mechanisms of D-CH4 in these reactors (see Section 7.4.4).

These studies show that the desorption unit and aerobic post-treatment can be integrated in the 
same system.

7.4.2.5 Membrane contactors
Membrane contactors have been extensively studied for the desorption and recovery of CH4 from 
anaerobic effluents in the last few years (Centeno Mora & Chernicharo, 2020). The main advantages 
of this technique are its compacity and elevated efficiency, whereas its disadvantages include its high 
investment cost, operating complexity and long-term stability of the system. In addition, in the case 
of anaerobic effluents with a high concentration of solids (e.g. UASB reactors, expanded granular 
sludge bed (EGSB) reactors), a conditioning process (solid removal) is necessary to prevent the 
membrane contactor clogging. This pre-treatment can be omitted for the effluent of AnMBRs, in 
which a microfiltration or ultrafiltration membrane is used to separate the liquid effluent from the 
biomass and other solids in biological processes.

Although different configurations of membrane contactors have been tested in the literature, the 
commercially available units are hollow-fibre membrane contactors (HFMCs). The fibre material can 
be microporous (pore size close to 0.5 µm) or dense (without pores). The general operating principle 
of HFMCs is shown in Figure 7.9.

As presented in Figure 7.9, the same principle for the CH4 desorption presented in Section 7.2.2 
is applied to HFMCs. The CH4 dissolved in the liquid phase will flow through one side of the HFMC 
(the shell side is more common for the liquid phase in large-scale systems) and the gas phase will flow 

Figure 7.9 Operating principle of an HFMC for the D-CH4 desorption from anaerobic effluents. Source: Adapted from 
Centeno Mora et al. (2021).
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through the other one (lumen side). In this system, the liquid and gas phases are not directly in contact, 
and an additional layer (the membrane) separates both the phases. Thus, an additional resistance to 
mass transfer (the membrane) will limit the CH4 desorption. Still, for the D-CH4 desorption application, 
the desorption system tends to be liquid-phase controlled, and the mass-transfer resistance from the 
membrane phase tends to represent <5–10% of the overall resistance in the case of dense membrane, 
and it is negligible for microporous membranes (Centeno Mora & Chernicharo, 2020).

Figure 7.10 shows a diagram and a photograph of a pilot-scale system for an HFMC used to recover 
D-CH4 from the effluent of an UASB reactor in an experimental system in Brazil. A filtration with 
dynamic membrane was used in this case, and a microporous and a dense HFMC were evaluated with 
sweeping gas (atmospheric air) and with vacuum (at 900 mbar).

Efficiencies of D-CH4 desorption up to 90–99% have been reported in a single HFMC unit 
(Cookney et al., 2016; Henares et al., 2016) from the effluent of UASB reactors and from AnMBRs 
with microporous and dense membranes. In addition, HFMCs have been operated with a sweeping 
gas (nitrogen and atmospheric air), vacuum and a combination of both (Centeno Mora & Chernicharo, 
2020). In an experiment with the effluent of an UASB reactor and a dense membrane HFMC, Centeno 
Mora et al. (2023a, 2023b) showed that, to obtain a CH4-rich recovered gas, QG/QL ratios below 0.10 
were required to avoid an excessive dilution of CH4; and to obtain a CH4 content in the recovered 
gas above 40%, vacuum (900 mbar) or QG/QL ratios below 0.03 were required. The energetic self-
sufficiency of this technique during the recovery of D-CH4 has been reported in many studies (Centeno 
Mora et al., 2023a, 2023b; Cookney et al., 2012; Rongwong et al., 2018; Sanchis-Perucho et al., 2020).

One of the main concerns with membrane contactors is their long-term stability. The interaction 
of different substances in the anaerobic effluent (e.g. organic or inorganic solids) with the membrane 
can affect the membrane surface and the pores hydrophobicity (in the case of microporous membrane 
contactors) in the long term (Centeno Mora & Chernicharo, 2020). Various studies have reported 
the loss of efficiency of microporous membrane contactors due to membrane wetting (Centeno Mora 
et al., 2023a, 2023b; Henares et al., 2018; Sethunga et al., 2019), which is the penetration of the liquid 

(a) (b)

Figure 7.10 Membrane contactor (MC): (a) process flow diagram and (b) photograph of a pilot-scale system. Source: 
Adapted from Centeno Mora et al. (2021).
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phase into the pores (which should be kept filled with gas). This problem does not occur with dense 
membranes, although many studies do report a loss of efficiency in the system due to biological, 
organic and inorganic fouling of the membrane (Centeno Mora et al., 2023a, 2023b; Henares et al., 
2017; Velasco et al., 2022). In that sense, appropriate measures for fouling control, such as proper 
conditioning (filtration of the effluent in the case of UASB or EGSB reactors), as well as the application 
of physical and chemical fouling control measures, are necessary to maintain the membrane desorption 
efficiency in the long term (Centeno Mora & Chernicharo, 2020).

7.4.3 Waste/recovered gas treatment and valorization
7.4.3.1 Waste/recovered gas characteristics
As previously explained in this chapter, the waste gas and recovered gas are the outflows of the 
desorption unit, after the D-CH4 (and other dissolved gases) desorption from anaerobic effluents. The 
difference between them is its content of CH4. In the case of waste gas, due to its low content of CH4 
(e.g. the system is operated at high QG/QL ratios), this gas cannot be energetically used, and it should 
be oxidized (or used in a way other than energy generation) before its discharge into the atmosphere 
to reduce the carbon footprint of the anaerobic-based STPs. Sections 7.4.3.2 and 7.4.3.3 describe 
the biological and thermal oxidation of waste gas, respectively. On the contrary, the recovered gas 
would have a content of CH4 high enough to allow its energetic use, alone or mixed with biogas. The 
recovered gas or its blend with biogas (recovered gas + biogas) can be used for the generation of heat 
or electricity. For the generation of heat, the lower content of CH4 in the gas is of ∼20% v/v, whereas 
a content of CH4 of 30–40% v/v can be considered for the electricity generation in micro-turbines or 
combined heat and power units (Centeno-Mora et al., 2020). Table 7.4 shows the main characteristics 
of the waste/recovered gas obtained during the desorption of D-CH4 from anaerobic effluents reported 
in the literature.

As shown in Table 7.4, reported data show that the recovered gas has a CH4 content as high as 50% 
v/v, which can be used for heat or/and electricity generation. In the case of the sweeping gas operation 
mode, very low QG/QL ratios below 0.10 are necessary, which will limit the D-CH4 desorption efficiency. 
In this sense, a choice should be made in a single unit operation when sweeping gas is used: the 
operation of the system at a high QG/QL ratio to allow a maximum D-CH4 desorption efficiency with 
the obtention of a diluted waste gas; or the recovery of a CH4-rich gas which would limit the D-CH4 
desorption efficiency. When vacuum is used instead of sweeping gas, D-CH4 desorption efficiencies up 
to 95% with a CH4-rich recovered gas can be achieved, particularly with HFMCs.

Regarding the recovered gas flow, Centeno Mora et al. (2023a, 2023b) reported, for HFMCs, an 
increase in volume of 1–1.8 times the inlet flow for QG/QL ratios between 0.02 and 0.15; and a flow of 
recovered gas of ∼4% of QL when HFMCs were operated at 900 mbar. Sanchis-Perucho et al. (2020) 
and Bandara et al. (2011) obtained a flow of recovered gas between 1 and 12% of QL for HFMCs 
operated at vacuums between 200 and 800 mbar.

When the composition of the recovered gas is considered, Table 7.4 shows that this gas will be 
composed by sweeping gases (N2 and O2 if atmospheric air is used), and gases desorbed from the 
anaerobic effluent (CH4, H2S, CO2 and N2). Thus, the recovered gas will have a composition similar to 
that of biogas (with a lower content of CH4). In this sense, the recovered gas and biogas mixing should 
be expected to obtain a gas mixture which would require an upgrade (H2S removal, at least) before 
its energetic use.

7.4.3.2 Energetic use and thermal oxidation of the recovered/waste gas
The combination of recovered gas and biogas should extend the QG/QL operating ratio in the desorption 
unit if the gas mixture is used for energetic purposes (heat or electricity).

Figure 7.11 shows the effect of the D-CH4 desorption efficiency and the QG/QL ratio on the CH4 
content in the recovered gas and gas mixture (recovered gas + biogas). For this case, a D-CH4 
concentration in the anaerobic effluent of 20 mg/L, and the ‘typical’ conditions specified in Lobato 
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et al. (2012) were considered, with a CH4 content in biogas of 75% v/v, and a biogas production of 
85.6 NL/m3 of treated sewage.

As shown in Figure 7.11, QG/QL ratios below 0.1 would be required to obtain a CH4 content of at 
least 20% v/v to burn the recovered gas alone (to produce heat or for his thermal oxidation in a flare) 
for desorption efficiencies above 70%. If the recovered gas alone is to be used to produce electricity, for 
which a CH4 content above 40% v/v is required, QG/QL ratios below 0.04 and desorption efficiencies 
above 80% should be applied to the desorption unit. When the gas mixture (recovered gas + biogas) 
is considered, the operating span is extended, and QG/QL ratios up to 0.2 and 0.3 allow the generation 
of a gas mixture usable for electricity and heat generation, respectively, for desorption efficiencies 
above 40%.

Therefore, to burn and destroy (thermal oxidation) the recovered gas, QG/QL ratios in the desorption 
units below 0.1 and 0.3 should be considered for the gas alone and mixed with biogas, respectively.

In addition, the operation at higher QG/QL ratios will increase the gas mixture volume. Operating at 
QG/QL ratios of 0.03, 0.10 and 0.3 would increase the biogas flow by ∼30, 130 and 580% (Brandt et al., 

Table 7.4 Characteristics of the waste/recovered gas obtained from the desorption of D-CH4 from anaerobic 
effluents.

Desorption 
Technique

Gas phase 
Renewal 
Method

QG/QL 
Ratio or 
Vacuum 
Pressure

CH4 
Content 
in the 
Recovered 
Waste Gas 
(% v/v)

Other Gas 
Characteristics

Reference

HFMC Vacuum 500 mbar 63 CO2: 10% v/v Bandara et al. 
(2011)

HFMC Sweeping gas 
(pure N2)

213 0.028 – Cookney et al. 
(2012)

HFMC Vacuum 500 mbar 23 – Henares et al. 
(2018)

HFMC Vacuum 200–
500 mbar

5–42 – Sanchis-Perucho 
et al. (2020)

Enclosed DHS 
reactor (first unit)

Sweeping gas 
(atmospheric air)

0.048–
0.071

38.4 O2: 0.1% v/v
CO2: 6.3% v/v
N2: 55.2% v/v

Matsuura et al. 
(2015)

Simplified and 
packed desorption 
chambers

Sweeping gas 
(atmospheric air)

2–4 0.4–0.8 H2S: 200–550 ppmv Souza et al. (2021)

Vacuum chamber Vacuum NE 20–50 – Nelting et al. (2021)

HFMC Vacuum 900 mbar 28–52 O2: <10% v/v
CO2: 14–25% v/v
N2: 20–45% v/v
H2S >5000 ppmv

Centeno Mora et al. 
(2023a, 2023b)

HFMC Sweeping gas 
(atmospheric air)

0.018–0.10 21–51 O2: 5–13% v/v
CO2: <5% v/v
N2: 40–60% v/v
H2S 
>1000–2000 ppmv

Centeno Mora et al. 
(2023a, 2023b)

HFMC: hollow-fibre membrane contactor; DHS: downflow hanging sponge; NE: not specified.
Source: Adapted from Centeno Mora and Chernicharo (2020).
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2021a, 2021b, 2021c), respectively, increasing the gas storage costs; and the recovered gas mixture 
with biogas would increase the energetic potential of anaerobic-based STPs between 30 and 40%. It 
should be noted that vacuum-assisted units (e.g. vacuum chamber and HFMCs operated with vacuum) 
would produce a lower gas volume increase, of ∼23–120%, with a similar energetic potential increase.

Finally, different studies (Centeno Mora et  al., 2023a, 2023b; Cookney et  al., 2012; Sethunga 
et al., 2020) demonstrated that an energetically positive balance (e.g. the electricity generation with 
the recovered gas compensates and overpass the electricity consumption of the desorption unit) is 
attainable with the recovered gas energetic use.

7.4.3.3 Biological oxidation of waste gas
When a waste gas is too diluted and its CH4 content is too low (as in simplified and packed desorption 
chambers with high QG/QL ratios, or in the case of gas extraction systems such as in enclosed pre-
treatment units or UASB reactors with enclosed settlers), the thermal oxidation (burn) of this gas is 
not feasible (Section 7.4.3.2) and another process for the CH4 oxidation is required. One option that 
has been explored in the literature is the biological oxidation in biomass growth reactors, such as 
biofilters, biotrickling filters and bioscrubbers (Brandt et al., 2016, 2019, 2021a, 2021b, 2021c). These 
units can be used to oxidize the H2S and CH4 in a waste gas. Among them, biofilters have been tested 
at pilot-scale systems for the oxidation of H2S and CH4 in two stages.

The necessary conditions for the biofiltration of H2S and CH4 are quite different, as the mass 
transfer of gas to the biofilm is usually not a limiting factor for biofiltration processes of more soluble 
and ionizable gases in water (e.g. H2S), although it can be a key factor in the biofiltration of less 
soluble gases in water (e.g. CH4). Therefore, much longer gas residence times (and empty bed residence 
times) are required for the treatment of CH4, resulting in much larger biofilters. If the interest is in the 
combined treatment of odours (H2S) and CH4 present in a residual gas, the installation of two biofilters 
in series is recommended, with the first one intended for the treatment of odour compounds and the 
second for the treatment of CH4. In the biofiltration of gas mixtures containing H2S and CH4, attention 
should be paid to possible inhibitory effects on the activity of methanotrophic microorganisms (CH4 
oxidizers) due to the acidification of the filter bed caused by the biological oxidation of H2S, which can 
be minimized by a sequential bioreactor system, where the oxidation of H2S is carried out in the first 

Figure 7.11 Content of CH4 in the recovered gas and gas mixture (biogas + recovered gas) derived from the recovery 
of dissolved methane from anaerobic reactors for a ‘typical’ scenario of biogas characteristics. Source: Adapted 
from Brandt et al. (2021a, 2021b, 2021c).
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reactor (with consequent acidification of the filter bed) and the biological oxidation of CH4 is carried 
out in the second reactor at a pH close to neutrality (Brandt et al., 2016). Figure 7.12 shows a flow 
process diagram and a photograph of a pilot-scale biofilter system for the oxidation of H2S and CH4 
in a waste gas in two stages.

Regarding the filling material for biofilters, fibrous/inert/synthetic materials can be used to improve 
the porosity and structure of the filter bed. Design and operating specifications for biofilters applied to 
the oxidation of H2S and CH4 can be found elsewhere (Brandt et al., 2019).

7.4.4 Dissolved methane treatment or valorization in biological post-treatment units
7.4.4.1 Preliminary
Instead of being desorbed and transferred to a gas stream, D-CH4 can be directly biologically oxidized 
in a biological unit downstream the anaerobic reactor. For this, a biological reactor is required with 
adequate conditions for the growth of MOBs.

This oxidation can occur under aerobic and anaerobic conditions, following different biological 
paths. In this section, two approaches are revised, according to the D-CH4 mitigation strategies 
discussed in Section 7.4.1:

• Strategy C: biological oxidation of D-CH4 under aerobic conditions, with the only purpose of its 
destruction to avoid its emission to the atmosphere.

• Strategy D: biological oxidation D-CH4 under aerobic or anaerobic conditions, using it in a 
regulated environment as a substrate for other biological processes (e.g. denitrification, energy 
generation).

Table 7.5 shows some literature studies of experiments carried out to biologically oxidize to 
eliminate or beneficially use the D-CH4 present in anaerobic effluents.

As shown in Table 7.5, different biological reactors have been tested for the oxidation and beneficial 
use of D-CH4. Adequate conditions (e.g. dissolved oxygen concentration, presence of electron acceptors 

(a)

(b)

Figure 7.12 Biofilter for the biological oxidation of H2S and CH4 in two stages: (a) process flow diagram and (b) 
photograph of a pilot system. Source: Adapted from Brandt et al. (2021a, 2021b, 2021c).
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Table 7.5 Experimental studies with the biological oxidation of D-CH4 of anaerobic effluents.

Biological 
Reactor 
Configuration

D-CH4 
Management 
Strategy

Biological 
Condition for the 
D-CH4 Oxidation

D-CH4 
Removal 
Efficiency 
(%)

Observations Technology 
Application

Reference

AS reactor C Aerobic oxidation Up to 
80%

D-CH4 
generated in 
sewers and 
primary settlers

Full-scale Daelman 
et al. 
(2012)

Enclosed DHS 
reactor

C Aerobic oxidation Up to 
98%

Percolation 
time of 2.0 h

Pilot Matsuura 
et al. 
(2010)

IFAS reactor D Aerobic oxidation 
of CH4 coupled 
to denitrification 
(AME-D)

Up to 
85%

Removal of 
TN of 33–44%. 
HRT of 9 h

Pilot Arias et al. 
(2018)

MBR D Aerobic oxidation 
of CH4 coupled 
to denitrification 
(AME-D)

Up to 
95%

Synthetic 
sewage. 
Removal of TN 
up to 60% by 
heterotrophic 
denitrification. 
CH4 used as 
an electron 
donor. HRT of 
4.6–5.6 h

Pilot Silva-Teira 
et al. 
(2017)

Biofilm reactor 
(polypropylene 
membrane as 
support)

D Anaerobic 
oxidation of 
CH4 coupled to 
denitrification. 
(AnME-D)

Up to 
85%

Synthetic 
effluent and 
enriched media. 
anaerobic 
ammonia 
oxidation 
(anammox) also 
occurred. The 
TN removal 
was up to 99%

Laboratory Liu et al. 
(2020)

Biofilm reactor 
(sponge-based)

D Partial oxidation 
of CH4 by AOB

Up to 
85%

Synthetic 
enriched 
effluent. 
Valuable 
methanol 
(CH3OH) is 
produced

Laboratory Gupta 
and Goel 
(2019)

MFCs D Exoelectrogens 
microorganisms 
generate 
electricity with 
the D-CH4 
aerobic oxidation 
by-products

Up to 
85%

Synthetic 
effluent. 
Conversion to 
electricity of 
17%.
HRT of 
4.0–16 h.

Laboratory Chen and 
Smith 
(2018)

Management strategy: C – simple oxidation in the biological post-treatment unit; D – oxidation coupled to another biological 
process in the post-treatment unit; HRT – hydraulic retention time.
Source: Adapted from Centeno-Mora et al. (2020) and Stazi and Tomei (2021).

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



229Dissolved methane

or donors) for the maintenance of the specific microorganisms which carries out the desired biological 
process are necessary in these cases. For the D-CH4 oxidation process without beneficial use (strategy 
C) and for its use during the heterotrophic denitrification in AME-D (as an electron donor, strategy 
D), full-scale and pilot experiments have been tested. For the AnME-D process, methanol production 
and MFCs, only laboratory-scale experiments, with synthetic effluents (not anaerobic effluent) and in 
many cases enriched reactors have been tested to date, showing that there is a need for more research. 
These processes are further detailed in the following sections.

7.4.4.2 Direct oxidation of D-CH4 without valorization
Under aerobic conditions, CH4 can be biologically oxidized to CO2 in a sequence of bioreactions 
(Daelman et al., 2014), as shown below:

CH O CH OH4 2 3
1
2

+ →
 

(7.4)

CH OH O HCHO H O3 2 2
1
2

+ → +
 

(7.5)

HCHO O CO H O+ → +2 2 2  (7.6)

Overall reaction:

CH O CO H O4 2 2 22 2+ → +  (7.7)

In the first stage (Equation 7.4), D-CH4 is oxidized to methanol (CH3OH) by methane monooxygenase 
enzymes produced by methanotrophic bacteria (Methylocystis and Methylosinus). Then, methanol 
is oxidized to formaldehyde (HCHO) by methanol dehydrogenase enzymes produced by the same 
methanotrophic bacteria (Equation 7.5). In the third stage (Equation 7.6), formaldehyde is oxidized 
to carbon dioxide by formaldehyde dehydrogenase enzymes produced by various types of bacteria, 
including methanotrophs. In each stage, O2 is consumed and CH4 or other by-products are not 
valorized during this process. These reactions also occur during the oxidation of CH4 in biofilters 
(Section 7.4.3.3).

Different aerobic biological reactor configurations can be used for the oxidation of D-CH4 from 
anaerobic effluents. Figure 7.13 shows the main systems reported in the literature. An important 
risk in these processes is CH4 stripping and transference to a waste gas (Section 7.4.2) instead of 
being oxidized. Therefore, appropriate operating conditions should be provided to stimulate the CH4 
oxidation rather than its desorption.

In the case of the AS systems (Figure 7.13a), when this process is considered as a post-treatment unit 
for anaerobic effluents, it should be possible to biologically oxidize the D-CH4 in this unit, as long as 
proper conditions to avoid methane stripping are provided, such as fine bubble aeration and submersed 
inlet. Daelman et al. (2012) reported oxidation efficiencies up to 80% in a full-scale STP. In a later article, 
Daelman et al. (2014) determined the conditions which could optimize the D-CH4 oxidation process in 
AS systems with a mathematical model. They concluded that an accurate aeration control, compatible 
with optimal conditions for the effluent quality, should be provided. An aeration too low or too high 
would stimulate the CH4 stripping to the gas phase. In addition, deeper tanks and CSTRs would produce 
the best results in terms of CH4 oxidation. These recommendations must be experimentally validated in 
full-scale systems. Although it has not been reported in the literature to date, similar conditions should 
be observed in other AS variants or submerged aerobic reactors (e.g. membrane bioreactors (MBRs), 
moving bed biofilm reactors (MBBRs), submerged aerobic biofilters, among others).

In the case of an enclosed DHS reactor (Figure 7.13b), when it is operated at high QG/QL ratios 
(∼0.48), D-CH4 can be oxidized in the unit (percolation time of 2 h), as already analysed in Section 
7.4.2.3. D-CH4 oxidation efficiency up to 90% (only in this unit) was reported in Matsuura et al. (2015).
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7.4.4.3 Valorization of D-CH4 in the biological post-treatment
D-CH4 can be used by different groups of microorganisms as a source of carbon or energy during its 
oxidation. Figure 7.14 shows some biological processes that have been experimentally studied and 
reported in the literature (Gupta & Goel, 2019; Stazi & Tomei, 2021).

Figure 7.14a shows the process of aerobic oxidation of methane coupled with denitrification (AME-
D). In this case, a wide group of methanotrophs aerobically oxidizes CH4 with O2, and the intermediate 
by-products of this oxidation are used as electron donors for the heterotrophic denitrification of NO3

−. 
The anoxic conditions for this denitrification are possible due to the O2 consumption. The overall 
reaction is presented below:

5 5 4 4 2 12 54 2 3 2 2 2CH O NO H N H O CO+ + + → + +− +
 (7.8)

Pre-denitrification MBRs (Silva-Teira et  al., 2017) and an integrated fixed film activated sludge 
(IFAS) reactors (Arias et al., 2018) have been tested in pilot-scale experiments for the application of 
AME-D. D-CH4 removal efficiencies of 95 and 85%, respectively, with total nitrogen (TN) removal 
efficiencies of 60 and 44% were reported.

It should be noted that this process has an important consumption of O2 (for the complete 
nitrification of ammonia, and for CH4 oxidation), and that the aeration process could produce the 
CH4 stripping from the liquid phase (Stazi & Tomei, 2021). For this reason, a good strategy to reduce 
methane desorption to the environment is to carry out the process under anoxic conditions, either in 
a continuous bioreactor with a pre-anoxic compartment or a sequencing batch reactor (SBR) in which 
anaerobically treated sewage is introduced in a non-aerated stage. Moreover, there is the possibility 
that under hypoxic conditions, anaerobic CH4 oxidation processes could develop, even without the 
presence of any known denitrifying anaerobic methane oxidizing (DAMO) microorganism, as has 
been referred to previously (Silva-Teira et al., 2017; Xie et al., 2023).

Figure 7.14b presents the process of anaerobic oxidation of methane coupled with denitrification 
(AnME-D). According to Sánchez et al. (2016), two pathways are possible for AnME-D. In the first 
one, anaerobic methanotrophic archaea an anammox bacteria oxidize CH4 using nitrate as an electron 

(a) (b)

Figure 7.13 Available biological reactor configurations for the aerobic oxidation of D-CH4 in the liquid phase: (a) AS 
reactor and (b) enclosed DHS reactor.
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donor and nitrite, which is produced by archaea is reduced to N2 by anammox bacteria. The overall 
reaction is shown below (Sánchez et al., 2016; Stazi and Tomei, 2021):

5 16 1 15 15 15 45 54 3 4 2 2CH NO NH N CO+ + → +− +. . .  (7.9)

In the second pathway, nitrate and nitrite can both act as electron acceptors. The nitrate reduction 
is done by DAMO archaea, meanwhile the nitrite reduction is done by DAMO bacteria, following the 
overall reactions shown below, respectively:

5 8 8 5 4 144 3 2 2 2CH NO H CO N H O+ + → + +− +
 (7.10)

3 8 8 3 4 104 2 2 2 2CH NO H CO N H O+ + → + +− +
 (7.11)

AnME-D has been studied in the last few years as a promissory path for the simultaneous D-CH4 
mitigation and the denitrification in anaerobic effluents. D-CH4 removal efficiencies up to 85% with 
a TN removal of 99% have been reported in an enriched biofilm reactor with synthetic effluents (Liu 
et  al., 2020). However, more experiments with AnME-D process in pilot-scale systems, with real 
anaerobic effluent and at long-term operation are required to determine the process viability and 

(a)

(c)

(b)

(d)

Figure 7.14 Available biological processes for the valorization of D-CH4 in the biological post-treatment: (a) aerobic 
oxidation of methane aerobic coupled with denitrification (AME-D); (b) anaerobic methane oxidation coupled with 
denitrification (AnME-D); (c) partial oxidation of CH4 to produce methanol and (d) MFCs. Source: Adapted from Stazi 
and Tomei (2021).
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stability in time under more realistic conditions (e.g. with different compounds such as solids, organic 
matter, dissolved gases, which could produce undesirable reactions or biomass inhibition; biomass 
maintenance and subsistence in the long term, among others).

Different denitrification pathways can be observed in the same reactor. In a pilot-scale system, 
Sánchez et al. (2016) reported the combination of AME-D, AnME-D and anammox in an MBR reactor 
for the post-treatment of an UASB reactor effluent, with a D-CH4 removal in MBR reactors of 95% and 
TN removal up to 60%.

Figure 7.14c shows the possible path of using D-CH4 to produce methanol. As described in Section 
7.4.4.2, during its complete oxidation, D-CH4 is first converted by methanotrophic bacteria in 
methanol (CH3OH), then to formaldehyde (HCHO) and finally to CO2. According to Gupta and Goel 
(2019), ammonia-oxidizing bacteria (AOB) can limit the process to the first oxidation (CH4 to CH3OH, 
shown in Equation (7.4)), allowing the accumulation and recovery of methanol, which is a valuable 
by-product. This process should also be studied in pilot-scale experiments to evaluate its operation 
under more realistic conditions.

Finally, Figure 7.14d shows MFCs which can use the D-CH4 oxidation to generate electricity. In 
this case, the by-products of the CH4 aerobic oxidation (performed by methanotrophs) are used by 
exoelectrogenic microorganisms (such as geobacter), which can produce electricity during the CH4 
oxidation. Chen and Smith (2018), in a laboratory-scale experiment with a synthetic effluent, reported 
a D-CH4 removal of 85% with an electricity conversion of 17%. This process should also be studied in 
the future at a larger scale and with real effluent.

7.5 FINAL REMARKS
The presence of methane dissolved in effluents of anaerobic reactors during the treatment of sewage is 
inherent to anaerobic-based STPs. This dissolved methane represents: loss of energetic potential, potential 
safety risk for operators and source of CH4 emissions which increases the system carbon footprint.

However, this chapter showed that different strategies for the management of D-CH4 are available 
to mitigate these effects, and even to recover or beneficially use D-CH4. Physical and biological 
processes were discussed and the current state of development of each of the available technologies 
was described. Particularly, the desorption-based techniques and some biological processes based on 
the aerobic oxidation of D-CH4 (coupled to denitrification or not) seems to be at a more advanced stage 
of development, and more evidence of its application for anaerobic effluents at larger scales is available. 
Other processes, particularly for the AnME-D and MFCs seems very promising technologies to promote 
a sustainable use of D-CH4, although more experimentation at larger scales is necessary to validate its 
viability and stability with real anaerobic effluents and to define more suitable reactor configurations.

In addition, for every management strategy and technique presented in this chapter, more information 
related to their application at full-scale plants (e.g. performance and costs) is necessary to support 
decision-making processes during the planning and the design of anaerobic-based STPs. In this regard, 
to date, a management tool that guides decision makers during the selection of the more appropriate 
D-CH4 mitigation strategy should be developed, considering that many different techniques and 
technologies described in this chapter could be more or less suitable for an specific anaerobic-based 
STP, depending on many variables such as its scale (population served), the type of anaerobic reactor, 
flow sheet of the system, temperature variation and many other site-specific conditions.
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ABSTRACT

With the increasing concerns of water scarcity, water reuse is becoming the cornerstone of circular water economy 
and sustainable development. One of the potential solutions to resolve another important environmental challenge, 
the water–energy nexus, is the introduction of anaerobic processes in wastewater treatment and reclamation trains. 
Despite the numerous advantages of anaerobic treatment, effluent water quality is lower compared to conventional 
aerobic secondary effluents and requires adequate post-treatment to meet current wastewater discharge and 
reuse standards. On the basis of the most popular water reuse standards for non-potable uses and the overview of 
the characteristics and efficiency of proven treatment processes, this chapter provides guidance on the selection of 
appropriate wastewater treatment and reclamation alternatives for treatment of urban and industrial wastewater 
from food and agro-industries which reflect the current practical experience worldwide. The proposed decision-
making process for selection of the most suitable treatment scheme for a given project takes into account one 
additional important parameter – the treatment capacity (plant size) which is not taken into account in current 
water reuse regulations. Nevertheless, treatment capacity and ease of operation define the feasibility and economic 
viability of the most suitable post-treatment of anaerobic effluents and tertiary treatment with disinfection for water 
reuse applications. The presented design and performance parameters for selecting proven and mature treatment 
technologies are given only for information – professional judgement is necessary for accurate design taking into 
account all local conditions and requirements. Innovative technologies under investigation or with limited full-scale 
application which are still not validated for water reuse applications are not discussed. More research efforts are 
needed for their development and full-scale implementation.

Keywords: post-treatment of anaerobic effluents, reuse regulations, selection of treatment trains, tertiary 
treatment, water quality parameters, water reuse.

8.1 INTRODUCTION
The long-term experience in water reuse – with recent great successes of new water reuse schemes 
and applications – demonstrates that water reclamation provides a unique and viable opportunity to 
augment traditional water supplies (Asano et al., 2007; Lazarova & Asano, 2013). Indeed, water reuse 
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is becoming a cornerstone of sustainable water management and urban planning, and is considered to 
be a key chain link of the emerging circular economy (IWA, 2016; Lazarova, 2022).

Circular economy and rational, responsible, renewable and sustainable use of water resources are 
closely intertwined. Looking beyond the current take–make–dispose extractive linear approach, a 
circular economy aims to redefine growth, focusing on positive society-wide benefits by recovering 
and reusing resources thereby creating a closed-loop and valorization of water resources and side 
streams from various treatment processes. This is also considered one of the most efficient ways 
to solve another important challenge of the 21st century – the water–energy nexus – preserving 
better our environment and maximizing energy and resource recovery from wastewater. With the 
development of innovative technologies, wastewater treatment plants are evolving into environmental 
energy neutral facilities with the potential for recovering a wide range of other valuable resources such 
as organic matters, nutrients (mainly nitrogen and phosphorus), metals, proteins, polysaccharides and 
so on (Pikaar et al., 2022). In this respect, anaerobic wastewater treatment is a proven and beneficial 
route to energy positive treatment facilities.

Producing reclaimed water of a specified quality to fulfil multiple water-use objectives is now a reality 
due to the progressive evolution of water reclamation technologies, regulations and environmental 
and health risk protection measures (Lazarova et al., 2013). This chapter presents basic principles 
and technologies enabling water reuse mainly for non-potable purposes. It provides guidance for the 
selection of appropriate tertiary treatment trains depending on water quality requirements, plant 
size, costs and easiness of operation, based on state-of-the-art and full-scale water reuse experience 
worldwide. The key challenges related to the introduction of anaerobic technologies for wastewater 
mainstream treatment are also discussed.

8.1.1 Water reuse practices and applications
Water reuse practices can be classified into two main categories: non-potable and potable water 
reuse. The dominant non-potable applications of recycled water include agricultural irrigation, 
landscape irrigation, industrial reuse, environmental enhancement and various urban uses. 
Among them, agricultural and landscape irrigation are widely practiced throughout the world 
with well-established health protection guidelines and good agronomic practices (Asano et  al., 
2007; Lazarova & Bahri, 2004). Industrial wastewater recycling is also a well-established current 
practice.

It is important to underline that the terms ‘water reuse’, ‘wastewater reclamation’ and ‘water 
recycling’ are used in this chapter as synonyms. The importance to specify ‘reclamation’, which in 
the past indicated that wastewater should be treated before its reuse is losing its relevance due to the 
more stringent water reuse standards requiring appropriate treatment to fit-to-purpose water quality.

In addition, depending on the source of recycled water, two main categories of water reuse should 
be dissociated:

(1) Reuse of treated municipal wastewater named also urban wastewater reuse, which also include 
industrial uses for different purposes, and

(2) Reuse of treated industrial wastewater, which include internal water recycling for various 
purposes and external water reuse, mainly for agricultural irrigation and/or on-site landscape 
irrigation.

Agricultural irrigation was, is and will remain the largest recycled water consumer with recognized 
benefits and contribution to food security. Both municipal and industrial reclaimed water (mainly 
from food industry and cooling systems) are used for irrigation. As a rule, urban water recycling is 
practiced using effluents from municipal wastewater reclamation plants, in particular for landscape 
irrigation, car washing, firefighting and street cleaning. Other relevant and cost-effective applications 
are also emerging such as environmental enhancement and recreation, in-building recycling and 
industrial uses of reclaimed urban wastewater.
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Indirect potable reuse, in particular groundwater (aquifer) recharge, after complementary polishing 
and storage of recycled water in an environmental buffer, has been implemented in many countries 
as an efficient response to the need to increase water supply. Finally, direct potable reuse, practiced 
since 1968 in Namibia and recently introduced in Texas and Arizona, is emerging as a solution to the 
challenges which some countries will face in the next 20–50 years.

The dominant application of industrial reclaimed water is plant-internal water recycling for cooling, 
boiler make-up, process water, transport, cleaning and on-site irrigation. For some industries, internal 
reuse of wastewater can reduce water consumption by up to 50–95% (Rosenwinkel et al., 2013). In 
some industries, additional benefits of water recycling include the recovery of heat, raw materials and 
other valuable products.

8.1.2 Water quality requirements for wastewater treatment and reuse
The majority of water reuse standards and guidelines worldwide are focused principally on health 
protection. Contact, inhalation and in particular ingestion of reclaimed water containing pathogenic 
microorganisms or toxic chemicals create the potential for adverse health effects for humans and 
animals.

The principal contaminants of urban wastewater are total suspended solids (TSS) with typical 
concentration range of ∼100–300 mg/L and organic matter expressed by its chemical oxygen demand 
(COD) of ∼200–1000 mg/L or biological oxygen demand (BOD) in the range of 100–500 mg/L. 
Accordingly, the treatment of municipal wastewater is typically designed to meet water quality 
objectives based on suspended solids (SS) (<5–35 mg SS/L), organic content (<10–45 mg BOD/L or 
<50–125 mg COD/L), nutrient levels (<10–20 mg N/L and <0.1–2 mg P/L) and biological indicators 
(total or faecal coliforms or Escherichia coli in the range of <10–104 cfu/100 mL, helminth eggs <0.1–
5/L, enteroviruses) and, in some cases, chlorine residual (>0.5–5 mg Cl/L).

Water quality requirements vary with the type of application, regional context and overall risk 
perception. In practice, these factors are expressed through different water quality requirements, 
as well as criteria for design, operation and reliability of treatment facilities. The most stringent 
guidelines and regulations operate on the basis of the precautionary principle, which demands 
high water quality and intensive treatment, leading to lower health risks without any additional 
specific measures. However, similar health protection can be achieved by means of additional health 
protection barriers, as demonstrated by the World Health Organization (WHO) wastewater reuse 
guidelines (WHO, 2006). The application of additional health protection barriers and codes of good 
practices (the multibarrier approach) could form an essential part of a risk mitigation strategy, as also 
underlined by USEPA guidelines (2012).

Table 8.1 illustrates the microbial water quality and treatment requirements of the most important 
cornerstone water reuse guidelines and regulations for irrigation followed worldwide. In many 
countries, unrestricted irrigation of crops eaten raw is considered to present the greatest potential for 
disease transmission associated with water reuse. However, this is not always the case – for example, 
some regulations recommend more stringent standards for public lawns where crops are eaten raw.

The third edition of the WHO guidelines for agricultural irrigation with reclaimed water (WHO, 
2006) and the European Water Reuse Regulation (EU Regulation 2020/741, 2020) were inspired by 
the Australian Water Recycling Guidelines (NRMMC, 2006) which aims to provide adequate health 
protection and attain the health-based target of ≤10−6 disability-adjusted life years per person per 
year. The microbial concentration levels for verification monitoring recommended for unrestricted 
irrigation of food crops (Table 8.1) vary from 1 to 10 E. coli/100 mL, which means full disinfection as 
this is the range of variation of detection limits of the most common analytical methods. The WHO 
guidelines (WHO, 2006) indicate the value of 10 E. coli/100 mL for the treatment alone, which can 
rise to 10,000 E. coli/100 mL with additional health protection barriers, for example, drip irrigation of 
high-growing crops. It should be noted that these requirements apply to all treatment works, including 
small facilities.
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Table 8.1 Comparison of water quality required for agricultural irrigation of selected guidelines and regulations.

WHO (2006) USEPA 
guidelines (2012)

State of 
California 
(2000)

NRMMC (2006) 
Australian 
guidelines

EU 
Regulation 
(2020)

Guidelines Guidelines Regulation Guidelines Regulation

Microbial 
Indicator

E. coli Faecal Coliforms Total Coliforms E. coli E. coli

U
n

re
st

ri
ct

ed
 i

rr
ig

at
io

n
 o

f 
fo

o
d
 c

ro
p

s/
co

n
su

m
ed

 r
aw

Coliforms, 
number (cfu or 
MPN)/100 mL

10–105 depending 
on treatment, 
additional health 
barriers and type 
of crops

Not detected 
(daily, 7-day 
median,
14 max)

≤2.2 (daily, 
7-day median, 
23 max in 30 
days, 240 max)

≤1 (weekly) ≤10 (weekly,
90%)

Helminths 
(eggs/L)

≤1 NS NS NSa NS

BOD5 (mg/L) NS ≤10 (weekly) NS NSb ≤10 (weekly)

TSS (mg/L) NS

Turbidity 
(NTU)

≤2 (on-line, avg. 
24 h, 5 max)
Membranes ≤0.2 
any time

≤2 (on-line, avg. 
24 h, 5 max)
Membranes 
≤0.2 (max 0.5)

≤5

Chlorine 
residual

>1 mg/L (on-line) >1 mg/L NS

Log removal 
requirements 
(pathogens)

6–7 logs in total 
via various 
combinations 
of pathogen 
barriers, water 
treatment and 
natural die-off

NS 5 logs of MS2 
bacteriophages 
of disinfection 
process

6 log viruses
5 logs for 
bacteria and 
protozoa

>5 log E. coli
>6 log 
coliphagesc

>4 log 
Clostridium 
perfringensd

Minimum 
treatment 
requirements

NS Secondary, 
filtration, 
disinfection

Tertiary + 
disinfection;
chlorination 
Ct = 450 mg 
min/L

Secondary, 
filtration and 
disinfectione

Secondary, 
filtration, 
disinfection

O
th

er
s

Coliforms/ 
100 mL

Restricted 
irrigation:
3–4 log removal 
requirement

Processed/non-
food crops
≤200 FC 
(median, 800 
max)

NS Commercial 
food crops, 
pastures, fodder 
≤100 to ≤1000 
E. coli

Helminths 
(eggs/L)

≤1 NS NS ≤1 for 
pastures or 
fodderf

cfu: colony forming units; MPN: most probable number; NS: not specified.
aFor highest exposures, the verification monitoring includes also C. perfringens, somatic and F-specific bacteriophages (weekly), 
as well as adenovirus and Cryptosporidium oocysts (monthly).
bThe state regulations in Australia requires 10 mg/L of BOD5 and TSS for category A, highest exposure and highest water quality.
cTotal coliphages or alternatively F-specific or somatic coliphages.
dSpore-forming sulphate-reducing bacteria can be as an alternative.
eA number of specific operational parameters are recommended depending on the given treatment process.
fThe monitoring frequency depends on the initial count of helminth eggs.
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The revised U.S. Environmental Protection Agency (USEPA) guidelines (USEPA guidelines, 2012) 
and the Californian Water Recycling Criteria (State of California, 2000) for irrigation and other urban 
uses also require a high level of disinfection for almost total coliform inactivation and high level of 
treatment, which includes secondary treatment, filtration and disinfection for food crops irrigation. In 
addition, conservative requirements are included for water quality monitoring, treatment train design 
and process operation. For example, turbidity requirements for conventional tertiary treatment with 
disinfection state that turbidity should be <2 NTU (max: 5 NTU), and if membranes are used the 
turbidity cannot exceed 0.2 NTU more than 5% of the time within a 24-h period or exceed 0.5 NTU 
at any time.

In California, the same stringent disinfection requirements are applied for industrial uses of 
recycled municipal wastewater for industrial cooling and air conditioning that involves use of cooling 
towers, evaporative condensers, spraying or any other devices that creates a mist, as well as industrial 
process water that may come into contact with workers.

Concerning trace elements, agronomic and physico-chemical parameters and compounds, the Food 
and Agriculture Organization guidelines (Ayers & Westcot, 1985; Pescod, 1992; FAO & IWMI, 2023) 
are the key document of reference for the water reuse standards, guidelines and regulations of other 
organizations and countries. These parameters are of critical importance for the implementation of 
safe agricultural and landscape irrigation with recycled water due to their influence on crops quality 
and yield, as well as soil properties and productivity. The maximum threshold values of agronomic 
parameters depend on type of crops and soil, for example, salinity (<450–4000 mg total dissolved solids 
(TDS)/L), sodium adsorption ratio (<3–9), boron concentration (<1 mg/L) and content of some heavy 
metals (Cd, Ni, Hg, Zn, etc.) and phytotoxic compounds (Lazarova & Bahri, 2004; FAO & IWMI, 2023).

As a rule, environmental and agronomic risks of water reuse for irrigation are related to uncontrolled 
or large industrial wastewater discharge in municipal sewers (e.g. high concentrations of heavy 
metals or organic micropollutants). In coastal areas, the major risk is the high salinity and sodicity of 
wastewater due to seawater intrusion into municipal sewers, for example, high rates of infiltration, in 
particular under high-tide conditions. The feedback from acquired experience shows that in biological 
wastewater treatment (e.g. activated sludge), the major part of heavy metals and refractory organic 
micropollutants are concentrated in sludge (biosolids). Consequently, the land application of polluted 
wastewater sludge and reclamation of industrial wastewater represent the highest risk for agriculture 
and landscape irrigation.

Water recycling criteria for industrial water reuse are specific for each industry and depend on the 
final application. The most important water quality issues for industrial uses with few examples of 
threshold limits are summarized in Table 8.2. Corrosion, scaling and biofouling are the major issues 
related to salinity (TDS or conductivity), hardness, ammonia, phosphorus, SS and residual organics. 
Water quality requirements are the most stringent for boiler make-up water (low and high pressure) 
and electronic industry. Cooling water also must be treated to low threshold values for ammonia, 
silica, hardness and conductivity.

The development and enforcement of water reuse standards is an essential step in the social acceptance 
of water recycling. However, in some cases, regulations could represent a challenge and a burden for 
water reuse, as for example in the case of very restrictive requirements based on the precautionary 
principle. For example, health risk-based regulations for irrigation, such as those developed in Australia 
and used as the basis for the new European regulations require an additional health risk assessment 
(qualitative or quantitative microbial risk assessment) and validation of log removal of treatment 
technologies, in addition to water quality monitoring for class A recycled water. These new requirements 
lead to significantly higher permit and operation costs without any guarantee of lower health risks or 
better process reliability. A comprehensive review performed by a large group of leading experts (Olivieri 
et al., 2016) demonstrated that a treatment-based approach used for years in the USA, in particular in 
California, does not increase public health risks compared to Australian regulations and that modifying 
the standards to make them more restrictive will not improve public health.
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8.2 TYPICAL TREATMENT SCHEMES FOR MUNICIPAL AND INDUSTRIAL WATER REUSE
The starting point for consideration of water reuse for any specific application is ensuring the public 
health, biological and chemical safety of using recycled water by applying appropriate treatment 
technologies. Consequently, the choice and design of treatment schemes to meet reclaimed water 
quality objectives is a critical element of any water reuse system.

8.2.1 Main water quality parameters of concern
The key parameter of concern in the first step of wastewater treatment, named also primary treatment, 
is TSS which when present in effluents can plug distribution systems and protect microorganisms, thus 
decreasing the disinfection efficiency of most subsequent treatment processes. The main objective in 
the next step of wastewater treatment is carbon and nutrient removal (BOD, COD, nitrogen and 
phosphorus), known also as secondary treatment. Even if organics removal is not strictly needed 
for the reuse of effluents for agricultural irrigation, organic carbon removal is required for effluent 
discharge, as well as it is of great importance for the reduction of the regrowth potential of residual 
microorganisms in reclaimed water distribution systems.

Nutrients removal is generally recommended for environmental purposes and protection of 
sensitive water bodies. In addition, their presence is not desirable if the reclaimed water is used for 
groundwater recharge and most industrial applications. Further treatment includes tertiary polishing, 
such as removal of residual SS, nutrients, some specific compounds including organic micropollutants, 
salts, heavy metals and finally disinfection.

Disinfection is the most important treatment step for almost all water reuse applications. The 
removal of organic micropollutants, such as pesticides, polychlorinated biphenyls (PCBs), polycyclic 
aromatic hydrocarbons (PAHs), pharmaceuticals and health-care products, which are also known 
to be potentially harmful for human health, is generally required only for potable reuse applications. 
In some cases, heavy metals and dissolved salts (measured as TDS and/or conductivity) can also be 
of health and environmental concern, as well as for industrial uses. In addition to microbiological 
pollution, agronomic parameters such as salinity, sodium and boron are very important parameters 
for the use of recycled water for irrigation.

Table 8.2 Water quality requirements and related issues for industrial water reuse.

No. Parameter Adverse Impacts 
and Concerns

Examples of Water quality 
Limitsa (mg/L)

Treatment Processes

1 TDS Corrosion <0.1; 5; 35; 60 up to 1000 RO, electrodialysis, blending

2 Conductivity 0.05; 300–800 µS/cm

3 TSS Clogging, biofouling 5; 10; 30 Sand filtration, UF, MF

4 Ammonia Corrosion, microbial 
growth, biofouling

<0.1; 1.9; 4; 10 as N Nitrification, ion exchange, 
air stripping

5 Ca, Mg, Fe, 
silica

Scaling <0.01; 1.0; 1.5 (up to 65) silica
<1 Ca and Mg
0.3; 1 Fe

Softening, ion exchange, RO

6 Hardness Scaling <0.05; 0.3; 70, 120 up to 200 Softening, ion exchange

7 Phosphorus Scaling, algal growth, 
biofouling

2 as Ptot Biological or chemical P 
removal, ion exchange

8 Organic matters Microbial growth, 
biofouling

0.7 TOC
10; 20; 30 BOD5

40; 60 COD

Biofiltration, activated 
carbon, RO, biocides

UF, ultrafiltration; MF, microfiltration; RO, reverse osmosis; TOC, total organic carbon
aSource: Adapted from Lazarova et al. (2013) on the basis of feedback from full-scale facilities.
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8.2.2 Main treatment processes used for wastewater treatment and reuse
The choice of wastewater treatment trains includes the evaluation of treatment performance and 
reliability of the available technologies, their ability to consistently achieve target water quality limits, 
as well as various local conditions such as plant size, energy efficiency, existing infrastructure and 
equipment, distribution systems and so on. The final step is the techno-economic evaluation, including 
the financial resources for the capital and operating costs.

The main removal mechanism and fields of application for the most common wastewater treatment 
technologies are given in Table 8.3.

As a rule, proven technologies are selected for water reuse systems in order to consistently meet 
water reuse quality requirements. It should be noted that the performances and economic viability of 
tertiary treatment technologies are highly influenced by secondary effluent quality, load variations and 
other specific factors. For this reason, for innovative and advanced technologies, pilot-plant testing 
is highly recommended for the establishment of process efficiency and adequate design criteria, in 
particular for the production of high-quality recycled water.

 Figure 8.1 summarizes the main treatment steps and the most common individual processes used 
in wastewater treatment and reuse. Such typical treatment trains for reuse purposes are common 
for municipal treatment plants, as well as for many industrial wastewater treatment facilities, as for 
example food and paper industries. As mentioned earlier, additional advanced treatment of secondary 
effluents for the production of high-quality recycled water with the removal of organic micropollutants, 
salinity and some specific compounds is required for potable reuse and several industrial uses such as 
process, cooling and boiler make-up water.

It is important to underline that usually in municipal wastewater treatment plants additional 
polishing is carried out only on a portion of secondary effluents depending on water reuse demand. 
This concept is also common for many industries where industrial and domestic wastewater is 
treated in the same facility. Nowadays, closing water cycle and zero liquid discharge are becoming an 
environmentally friendly objective for many industries and an increasing number of municipalities, 
in particular in coastal and environmentally sensitive areas. A new more sustainable design of water 
reuse systems is decentralized treatment and building of satellite treatment units near the point of use, 
especially for the supply of high-quality recycled water (Lazarova et al., 2013).

Currently, anaerobic wastewater treatment is a common technology for food processing and agro-
industrial wastewater with increasing interest for pulp and paper industries. In municipal wastewater 
treatment plants, anaerobic digestion is used mainly for sludge treatment (Van Lier et  al., 2020) 
and domestic sewage in some warm-climate countries, especially in Brazil, Colombia and India 
(Chernicharo, 2006). Only very recently anaerobic systems have been developed for treating cold and 
low-strength wastewater, including mainstream municipal sewage. Their main advantages are energy 
savings, reduced sludge production and lower investment costs (see Chapter 1), as well as additional 
benefits for agricultural irrigation due to elevated nutrient conservation (C, N and P). A number of 
advanced biotechnologies were developed for anaerobic treatment, but only upflow anaerobic sludge 
blanket (UASB) technology achieved the most wide and successful application for industrial and 
urban wastewater (Van Lier et al., 2020).

Adequate pre- and post-treatment is essential for the success of wastewater treatment trains 
including anaerobic processes (van Lier, 2006). Anaerobic technologies are achieving only a partial 
treatment, requiring a proper post-treatment for the removal of organic matter and other constituents 
little affected by the anaerobic treatment, such as nutrients (N and P) and pathogenic organisms 
(viruses, bacteria, protozoa and helminths) in order to comply with discharge and/or reuse standard.

Proven disinfection technologies are chlorination, which is not recommended in some European 
countries (e.g. in UK) for wastewater treatment because the generation of toxic by-products, ultraviolet 
(UV) irradiation and ozonation. Reverse osmosis (RO), applied for salt removal, is also very efficient 
for the removal of organic micropollutants and microorganisms. As a rule, for the majority of reuse 
applications, final chlorination is required also for the RO permeate.

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



244 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

Ta
b

le
 8

.3
 M

ai
n 

m
ec

ha
ni

sm
s 

an
d 

ap
pl

ic
at

io
ns

 o
f t

re
at

m
en

t 
pr

oc
es

se
s 

us
ed

 f
or

 w
as

te
w

at
er

 t
re

at
m

en
t 

an
d 

re
us

e.

P
ro

ce
ss

D
es

cr
ip

ti
o

n
A

p
p

lic
at

io
n

C
o

m
m

en
ts

C
on

ve
n
ti

on
al

 w
as

te
w

at
er

 t
re

at
m

en
t 

pr
oc

es
se

s

S
ed

im
en

ta
ti

o
n

E
li

m
in

at
io

n
 o

f 
S

S
, i

n
cl

u
d

in
g 

p
ar

ti
cl

es
, 

sa
n

d
 a

n
d
 fl

o
cs

P
re

-t
re

at
m

en
t,

 p
ri

m
ar

y 
an

d
 

se
co

n
d

ar
y 

se
tt

li
n

g
C

o
ll

o
id

al
 s

o
li

d
s 

sh
o

u
ld

 b
e 

tr
an

sf
o

rm
ed

 i
n

to
 S

S

A
er

o
bi

c 
bi

o
lo

gi
ca

l 
tr

ea
tm

en
t

T
ra

n
sf

o
rm

at
io

n
 o

f 
bi

o
d

eg
ra

d
ab

le
 

o
rg

an
ic

 m
at

te
rs

 t
o
 C

O
2 

an
d
 H

2
O

 b
y 

m
ic

ro
o

rg
an

is
m

s 
in

 t
h

e 
p

re
se

n
ce

 o
f 

o
xy

ge
n

W
as

te
w

at
er

 c
o

n
ta

in
in

g 
si

gn
ifi

ca
n

t 
qu

an
ti

ti
es

 o
f 

o
rg

an
ic

 m
at

te
r

S
ev

er
al

 s
ys

te
m

s 
ar

e 
av

ai
la

bl
e:

 l
ag

o
o

n
s,

 
ac

ti
va

te
d
 s

lu
d

ge
, o

xi
d

at
io

n
 d

it
ch

es
, b

io
fi

lm
 

re
ac

to
rs

A
n

ae
ro

bi
c 

bi
o

lo
gi

ca
l 

tr
ea

tm
en

t

T
ra

n
sf

o
rm

at
io

n
 o

f 
bi

o
d

eg
ra

d
ab

le
 o

rg
an

ic
 

m
at

te
rs

 a
n

d
 b

io
m

as
s 

to
 C

H
4,

 C
O

2
, H

2
O

 b
y 

m
ic

ro
o

rg
an

is
m

s 
in

 t
h

e 
ab

se
n

ce
 o

f 
o

xy
ge

n

W
as

te
w

at
er

 c
o

n
ta

in
in

g 
h

ig
h

 
qu

an
ti

ti
es

 o
f 

o
rg

an
ic

 m
at

te
r,

 h
ig

h
 

te
m

p
er

at
u

re
 o

r 
ex

ce
ss

 b
io

m
as

s 
fr

o
m

 
ae

ro
bi

c 
sy

st
em

s 
(s

lu
d

ge
 t

re
at

m
en

t)

S
ev

er
al

 s
ys

te
m

s 
ar

e 
av

ai
la

bl
e:

 l
o

w
-t

ec
h

 
an

ae
ro

bi
c 

la
go

o
n

s 
an

d
 h

ig
h

-r
at

e 
bi

o
re

ac
to

rs
 

w
it

h
 h

ig
h

 b
io

m
as

s 
co

n
ce

n
tr

at
io

n
 i

n
 g

ra
n

u
la

r 
an

ae
ro

bi
c-

ac
ti

va
te

d
 s

lu
d

ge
 a

n
d
 b

io
fi

lm
 

re
ac

to
rs

 –
 p

re
d

o
m

in
an

ce
 a

t 
fu

ll
-s

ca
le

 U
A

S
B

 
an

d
 E

G
S

B
 r

ea
ct

o
rs

 w
it

h
 o

n
ly

 a
 f

ew
 f

u
ll

-s
ca

le
 

A
n

B
R

M
 a

n
d
 o

th
er

 b
io

te
ch

n
o

lo
gi

es

C
o

m
bi

n
at

io
n

 o
f 

ae
ro

bi
c/

an
ae

ro
bi

c/
an

o
xi

c 
sy

st
em

s

C
o

m
bi

n
at

io
n

 o
f 

d
iff

er
en

t 
ty

p
es

 o
f 

m
ic

ro
o

rg
an

is
m

s 
to

 r
ed

u
ce

 t
h

e 
am

o
u

n
t 

o
f 

N
 a

n
d
 P

U
su

al
ly

 a
p

p
li

ed
 a

s 
ad

va
n

ce
d
 

tr
ea

tm
en

t 
to

 a
ch

ie
ve

 d
is

ch
ar

ge
 

st
an

d
ar

d
s,

 n
o

t 
fo

r 
ir

ri
ga

ti
o

n

In
te

n
si

ve
 i

n
te

re
st

 a
n

d
 r

es
ea

rc
h

 o
n

 c
o

m
bi

n
ed

 
an

n
am

o
x 

sy
st

em
s 

an
d
 i

n
ve

st
ig

at
io

n
 o

f 
o

th
er

 
ad

va
n

ce
d
 t

ec
h

n
o

lo
gi

es
 s

u
ch

 a
s 

F
O

, m
em

br
an

e 
d

is
ti

ll
at

io
n

, m
ic

ro
bi

al
 f

u
el

 c
el

ls
, e

tc
.

A
d
va

n
ce

d 
tr

ea
tm

en
t 

pr
oc

es
se

s 
u

se
d 

fo
r 

ad
d
it

io
n

al
 p

ol
is

h
in

g 
be

fo
re

 r
eu

se

C
o

ag
u

la
ti

o
n

–
fl

o
cc

u
la

ti
o

n
In

cr
ea

se
 o

f 
so

li
d
 s

iz
e 

th
ro

u
gh

 a
d

d
it

io
n

 o
f 

ch
em

ic
al

s 
an

d
 p

ar
ti

cl
e 

ag
gr

eg
at

io
n

U
su

al
ly

 b
ef

o
re

 s
p

ec
ifi

c 
d

is
in

fe
ct

io
n

 
sy

st
em

s 
in

 c
o

m
bi

n
at

io
n

 w
it

h
 

gr
an

u
la

r 
m

ed
ia

 fi
lt

ra
ti

o
n

C
h

em
ic

al
s 

d
es

ta
bi

li
ze

 p
ar

ti
cl

es
 a

n
d
 i

m
p

ro
ve

 
S

S
 r

em
o

va
l

F
il

tr
at

io
n

R
em

o
va

l 
o

f 
p

ar
ti

cl
e 

an
d
 c

o
ll

o
id

al
 s

o
li

d
s 

by
 r

et
en

ti
o

n
 i

n
 g

ra
n

u
la

r 
m

ed
ia

 o
r 

su
rf

ac
e 

fi
lt

ra
ti

o
n

 (
d

is
cs

 o
r 

m
ic

ro
-s

cr
ee

n
s)

R
em

o
va

l 
o

f 
p

ar
ti

cl
es

 a
b
o

ve
 a

 
ce

rt
ai

n
 l

ev
el

 d
efi

n
ed

 b
y 

m
ed

ia
 

ch
ar

ac
te

ri
st

ic
s

M
ai

n
ly

 s
an

d
 a

n
d
 a

ct
iv

at
ed

 c
ar

b
o

n
 a

re
 u

se
d
 

as
 g

ra
n

u
la

r 
fi

lt
ra

ti
o

n
 m

ed
ia

 w
it

h
 i

n
cr

ea
si

n
g 

in
te

re
st

 i
n

 c
lo

th
y,

 i
n

o
x 

an
d
 p

la
st

ic
 m

ed
ia

 f
o

r 
su

rf
ac

e 
fi

lt
ra

ti
o

n
, e

.g
. s

el
f-

cl
ea

n
in

g 
m

ic
ro

fi
lt

er
s

D
is

in
fe

ct
io

n
 

p
ro

ce
ss

es
R

em
o

va
l 

o
r 

in
ac

ti
va

ti
o

n
 o

f 
p

at
h

o
ge

n
s 

u
si

n
g 

h
ea

t,
 c

au
st

ic
 c

h
em

ic
al

s,
 p

h
ys

ic
al

 
se

p
ar

at
io

n
, c

h
em

ic
al

s,
 U

V
 l

ig
h

t,
 e

tc
.

C
ru

ci
al

 p
ro

ce
ss

 f
o

r 
h

ea
lt

h
 p

ro
te

ct
io

n
 

b
ef

o
re

 r
eu

se
C

h
lo

ri
n

at
io

n
 a

n
d
 U

V
 a

re
 t

h
e 

m
o

st
 c

o
m

m
o

n
 

m
et

h
o

d
 w

it
h

 i
n

cr
ea

si
n

g 
in

te
re

st
 i

n
 o

zo
n

at
io

n

M
em

br
an

e 
p

ro
ce

ss
es

P
re

ss
u

re
- o

r 
va

cu
u

m
-d

ri
ve

n
 m

em
br

an
e 

p
ro

ce
ss

es
 b

as
ed

 o
n

 s
iz

e 
ex

cl
u

si
o

n
 o

r 
m

o
le

cu
la

r 
d

iff
u

si
o

n

R
em

o
va

l 
o

f 
im

p
u

ri
ti

es
: 

ba
ct

er
ia

, 
vi

ru
se

s,
 d

is
so

lv
ed

 s
al

ts
, c

o
ll

o
id

s,
 

et
c.

 a
n

d
 p

ro
d

u
ct

io
n

 o
f 

h
ig

h
-q

u
al

it
y 

re
cy

cl
ed

 w
at

er

M
ai

n
 s

ys
te

m
s:

 M
F,

 U
F,

 n
an

o
fi

lt
ra

ti
o

n
 a

n
d
 R

O
 

– 
ch

ar
ac

te
ri

ze
d
 b

y 
h

ig
h

-e
n

er
gy

 r
eq

u
ir

em
en

ts

E
xt

en
si

ve
 a

n
d 

lo
w

-t
ec

h
 p

ro
ce

ss
es

 u
se

d 
in

 w
at

er
 r

eu
se

 s
ch

em
es

E
xt

en
si

ve
 p

ro
ce

ss
es

 
in

 l
iq

u
id

 m
ed

ia
B

io
lo

gi
ca

l 
d

eg
ra

d
at

io
n

 o
f 

o
rg

an
ic

 m
at

te
rs

 
in

 n
at

u
ra

l 
sy

st
em

s 
an

d
 d

is
in

fe
ct

io
n

 b
y 

su
n

li
gh

t;
 m

ac
ro

p
h

yt
es

 a
n

d
/o

r 
al

ga
e 

co
u

ld
 

b
e 

a 
p

ar
t 

o
f 

th
e 

sy
st

em

A
p

p
ro

p
ri

at
e 

lo
w

 c
o

st
 t

re
at

m
en

t,
 i

n
 

p
ar

ti
cu

la
r 

fo
r 

sm
al

l-
si

ze
d
 t

re
at

m
en

t 
p

la
n

ts
 –

 h
ig

h
 r

es
id

en
ce

 t
im

e 
an

d
 

h
ig

h
 l

an
d
 f

o
o

tp
ri

n
t

M
ai

n
 s

ys
te

m
s 

in
cl

u
d

e 
st

ab
il

iz
at

io
n

 a
n

d
 

m
at

u
ra

ti
o

n
 p

o
n

d
s 

(l
ag

o
o

n
in

g)
, w

et
la

n
d

s 
an

d
 

al
ga

e 
p

o
n

d
s 

– 
la

go
o

n
in

g 
h

as
 t

h
e 

ad
d

it
io

n
al

 
ad

va
n

ta
ge

 t
o
 e

n
su

re
 t

h
e 

st
o

ra
ge

 o
f 

re
cy

cl
ed

 
w

at
er

E
xt

en
si

ve
 

tr
ea

tm
en

ts
 u

si
n

g 
lo

w
-r

at
e 

in
fi

lt
ra

ti
o

n

B
io

lo
gi

ca
l 

d
eg

ra
d

at
io

n
 o

f 
o

rg
an

ic
 m

at
te

rs
 

an
d
 r

et
en

ti
o

n
 o

f 
so

li
d

s 
an

d
 p

at
h

o
ge

n
s 

in
 

so
li

d
 m

ed
ia

L
o

w
 c

o
st

 t
re

at
m

en
t 

th
at

 c
an

 b
e 

u
se

d
 

fo
r 

sm
al

l 
(I

P
) 

o
r 

la
rg

e 
so

il
 a

qu
if

er
 

tr
ea

tm
en

t 
(S

A
T

) 
u

n
it

s

M
ai

n
 s

ys
te

m
s 

in
cl

u
d

e 
S

A
T

 a
n

d
 i

n
fi

lt
ra

ti
o

n
–

p
er

co
la

ti
o

n
 (

IF
)

EG
SB

, E
xp

an
de

d 
G

ra
nu

la
r 

Sl
ud

ge
 B

ed

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



245Water reuse

Although almost any treatment level can be attained with currently available technologies, it is 
important to remember that costs involved and sludge production increase almost exponentially as 
the treatment level rises. It is common for construction costs to double from primary to secondary 
treatment and to rise again by 50–100% from secondary to more advanced treatment. Similarly, energy 
demand and operation costs increase for high-rate and high-tech tertiary treatment technologies. 
Energy-intensive processes such as RO or other advanced hybrid technologies such as UV/H2O2 
polishing should be limited to use for production of very high-quality water whereas alternative 
solutions might be more energy and cost effective.

8.3 SELECTION OF APPROPRIATE POLISHING TREATMENT FOR WATER REUSE
As mentioned earlier, tertiary treatment includes additional removal of SS, organic carbon and 
nitrogen, phosphorus precipitation, disinfection and in some cases complementary salt removal.

Nitrogen and phosphorus removal are not required for irrigation, but could be mandatory for 
discharge purposes, which is the case in Europe and many other countries for discharge in sensitive 
water bodies. More stringent standards for environmental and recreational uses such as <2–5 mg TN 
(total nitrogen)/L and <0.1–0.2 mg TP (total phosphorus)/L are unlikely to be feasible using traditional 
treatment processes. New advanced treatment processes, including for example oxidation and carbon 
adsorption, would be necessary to remove residual dissolved organic and nitrogen constituents to 
consistently achieve very low-nutrient levels.

Figure 8.2 shows a simplified decision-making flowchart of some typical tertiary treatment 
processes depending on the type of secondary effluents (aerobic or anaerobic), treatment capacity 
(plant size expressed in p.e., people equivalent) and water quality requirement for the removal of 
residual SS, carbon, nutrients, salts and for disinfection.

Preliminary Primary Secondary Tertiary Salt & ions removal Disinfection

Screening,
Sand and

grease
removal

Sedimentation,
Physico-chemical

clarification
(Lamella settling)

Low rate processes:
Stabilisation ponds (aerated and

anaerobic),
Wetlands

Conventional processes:
Activated sludges AS,

Trickling filters TF,
Rotating biocontactors RBC,

Sequence batch reactors SBR

Advanced aerated processes:
Membrane bioreactors MBR,

Moving bed bioreactors MBBR,
Biofilters BF

Anaerobic processes:
Upflow sludge blanket reactors USBR,
Expanded granular sludge bed EGSB,

Anaerobic filters AF,
Anaerobic membrane bioreactors AnMBR,

Internal circulation IC and Fluidised beds (FB)

Suspended solids
removal:

Filtration (sand media or
mechanical),

Chemical precipitation +
filtration,

Ultra- or microfiltratio
UF/MF

Nitrogen removal:
Biofilter (N and DN),

Break point chlorination

Trace organic removal:
Activated carbon,

Ozonation,
Nanofiltration NF,

Reverse osmosis RO

Salt removal:
Reverse osmosis RO,

Electrodialysis
reversal

Low rate processes:
Soil aquifer treatment

SAT,
Infiltration-percolation,

Maturation ponds

Ions and heavy
metals removal:

Ion exchange

Conventional processes:
Chlorination,

UV ifrradiation,
Ozonation;

Peracetic acid PAA

Innovative processes:
Ultrasounds,

Hybrid systems
(UV/H2O2, UV/Cl)

Low rate processes:
Maturation ponds

MBR

Combined anaerobic and innovative processes:
Combined anaerobic reactors AN with Annamox or

microbial fuel cells MFC,
Combined forward osmosis FO, membrane
distilation MD, and AN/AnMBR - Annamox

Figure 8.1 Typical combinations of wastewater treatment processes for beneficial reuse of urban and industrial 
wastewater (source: adapted from Lazarova, 2005).
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In addition to target consent, other factors such as the quality of secondary effluents, plant size 
and other local specificities need to be taken into account to select an adequate and cost-competitive 
option.

Table 8.4 provides a summary of capacity, main design parameters, typical achievable water quality 
limits, costs, advantages and constraints of the most common treatment processes used for tertiary 
polishing of secondary effluents.

8.3.1 Specific features of post-treatment of anaerobic effluents
Compared to conventional secondary effluents, anaerobic effluents still contain a variety of residual 
compounds which require adequate post-treatment. The main water quality parameters of concern 
are as follows:

• Higher residual organic concentrations with COD well above the common threshold limits for 
wastewater discharge and reuse.

• Higher concentrations of organic micropollutants, including industrial chemicals, pesticides, 
pharmaceuticals, endocrine disruptors and so on.

• Higher content of nitrogen and phosphorus up to 50 mg N/L and 20 mg P/L, respectively.
• Presence of dissolved methane up to 25 mg/L that should be removed or recovered.

Combined anaerobic–aerobic systems provide good removal of organic carbon due to enhanced 
biodegradation of selected compounds under anaerobic or aerobic conditions. As a rule, residual 
COD and nitrogen from anaerobic effluents are removed by conventional and advanced aerobic 
biotechnologies such as activated sludge, biofiltration, trickling filters (TFs), membrane bioreactors 

Methane
removal

Anaerobic
treatment

Activated
sludge

MBR

Aerobic post
treatment

Activated
sludge MBRTrickling

Filters, RBC

Coagulation/floculation

Sand filtration

Disinfection
UV, Cl, O3

Constructed
wetlands

Maturation
ponds

Coagulation/floculation

Sand filtration

UF/MFMicro
filters

Micro
filters

Biofilters
N/DN

UF/MF

Disinfection
UV, Cl, O3

RO

RO

wastewater wastewater wastewater

recycled water for irrigation
and/or other urban uses

recycled water
for irrigation
and/or other
urban uses

high-quality recycled water for
potable and/or industrial uses  
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Figure 8.2 Decision-making flowchart for the selection of appropriate wastewater tertiary treatment for non-
potable reuse – illustration of typical treatment trains as a function of water quality requirements for carbon and 
nutrient removal.
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(MBRs) and moving bed bioreactors (MBBRs). For small systems, low-tech natural treatment systems 
are more appropriate, including constructed wetlands and polishing ponds. Biofilm processes such 
as biofilters, TFs and constructed wetlands, as well as MBBRs are characterized by higher removal 
efficiency and better tolerance of variations of hydraulic and organic loads.

8.3.2 Removal of SS and nutrients
The most common tertiary treatment technologies for additional removal of SS and nutrients are as 
follows:

• High-rate clarification using chemical precipitation followed by lamella clarification (TSS and 
TP removal).

• Sand filtration with or without chemical dosing (TSS and TP removal, removal of organic N).
• Biofiltration: aerated biofilters (nitrification) or denitrifying biofilters with methanol addition.
• TFs or submerged-aerated filters (SAFs) with nitrification.

In the case of anaerobic mainstream wastewater treatment with requirements for nitrogen removal, 
potential deficit of biodegradable organic carbon for denitrification can be avoided by methane recovery 
or by-pass of 30–50% of the influent raw sewage directly to biological post-treatment (Chernicharo, 
2006). Phosphorus removal in treatment plants using anaerobic reactors is only possible by physico-
chemical treatment using chemicals for P precipitation.

TFs and SAFs are less complex and less expensive treatment processes; however, they only provide 
additional nitrification. To comply with the requirements for SS and phosphorus removal, both TFs 
and SAFs should be combined with sand filtration. Because of their ease of operation, SAFs are well 
adapted for small and intermediate-to-medium sized wastewater reclamation plants.

Granular biological-aerated filters (BAFs) could achieve simultaneously good nitrification and solid 
removal, including phosphorus (with addition of chemicals). Nevertheless, BAFs are more sensitive to 
solid overloading compared to TFs and SAFs (sludge loss in secondary clarifiers).

The most compact filtration technologies are microscreens and pressure sand filters. Both 
technologies require good operation, repair and maintenance, which are more complex for pressure 
filters. The main constraint of microscreens is that P removal is not possible and SS content in effluents 
is higher, thus limiting its application to less stringent standards.

Good P removal can be achieved by chemical precipitation and/or filtration. In the case of high-
solid content in secondary effluents (>30 mg TSS/L), high-rate clarification with lamella settling is the 
best option. Rapid sand filters could be the best option for well-clarified secondary effluents (<25 mg 
TSS/L). Continuously backwashed filters have the additional advantage to avoid filter bed clogging, 
but these devices have more complex operation, higher susceptibility to failure, production of higher 
volume of backwash water and additional operational problems associated with sand abrasion of 
pipes and pumps.

If total nitrogen removal is required with additional denitrification, BAFs are a good option as a 
combination of denitrifying and nitrifying filters.

8.3.3 Membrane technologies
Tertiary membrane filtration, microfiltration (MF) and ultrafiltration (UF), are the most costly 
treatment option which provides, however, the best effluent quality with almost complete solid and 
pathogen removal. In the case of stringent requirement for disinfection, this solution could be cost-
competitive compared to complex conventional tertiary treatment by coagulation/flocculation, sand 
filtration and UV or ozone disinfection.

SS, bacteria, parasites and viruses are readily removed by UF and MF, in exception of viruses that 
had passed through the more porous MF membranes (0.2 µm cut-off), in particular after chemical 
cleaning. The use of MF or UF produces recycled water quality which is suitable for unrestricted 
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irrigation and urban uses. In many cases, a pre-treatment of secondary effluent by sand or cloth 
filtration has been implemented before tertiary UF and MF systems in order to improve their operating 
efficiency.

Nowadays, the combination of MF or UF with RO is recognized as a ‘multiple barriers’ polishing of 
municipal and industrial effluents and is considered as the best available technology for high-quality 
water reuse applications, including potable and industrial reuse. The main advantages of combined 
membrane systems are the high efficiency of removal of organic micropollutants, pathogens and 
dissolved solids (desalination). Despite the development of new membrane technologies, pre-treatment 
step plays a critical role in membrane performance, for example, cleaning, energy consumption and 
operating costs.

Among the membrane processes used for wastewater treatment, MBR technology is advancing 
most rapidly and is becoming a mature proven technology. Currently, the majority of MBR systems 
are implemented for municipal wastewater treatment using submerged membranes for solid/liquid 
separation of the mixed liquor, whereas side-stream MBR configuration (external recirculation of the 
mixed liquor) is the preferred technology for industrial wastewater treatment. It is important also to 
underline that MBRs are considered as the state-of-the-art technology for decentralized systems, in 
particular in-building wastewater treatment and recycling plants. Compared to tertiary MF or UF, 
MBR systems have demonstrated a better reliability of operation, in particular lower fouling.

Recent studies demonstrated that the combination of MBRs and RO could be a competitive 
option for advanced water reuse, ensuring improved removal of micropollutants. As MBR systems 
are increasingly implemented for municipal wastewater treatment instead of conventional activated 
sludge, it is easier and cheaper to add RO polishing for the treatment of only to the part of the effluent 
that is needed for water reuse.

New membrane technologies and hybrid combinations are intensively studied in laboratory and pilot 
scale in order to increase treatment and cost efficiency. Forward osmosis (FO) and pressure-retarded 
osmosis are investigated as an energy-efficient solution. These membrane processes use natural osmosis 
phenomenon for water transport through a highly selective FO membrane. Various combinations of 
FO/MBR or FO/MBR/NF and new configurations of MBRs are also under investigation.

8.3.4 Disinfection
Despite significant advances in science and technology, the three mature disinfection technologies 
used for wastewater disinfection worldwide remain to be chlorination, UV disinfection and ozonation. 
Although the use of chlorination has been declining over the last decade, this technology remains the 
most commonly used, in particular in the USA. In the same time, UV disinfection has grown at an 
accelerated rate in Europe and all over the world. New technologies such as electro-chlorination and 
hybrid disinfection processes have been developed and implemented.

The success of UV technology is largely attributable to low costs, the absence of toxic by-products 
and the ability to consistently achieve almost complete wastewater disinfection (Lazarova et  al., 
2011). Only a few wastewater treatment plants are currently using ozonation, but the interest in 
this technology is growing because this is the only disinfection alternative capable of partially or 
completely remove trace organics, including pharmaceuticals and endocrine disruptors at typical 
disinfection doses.

UV disinfection is the most sensitive process compared to chlorination and ozonation. As a rule, 
for efficient UV disinfection, the average values of influent transmittance should be more than 50% 
and residual concentration of SS <15 mg/L (Savoye et al., 2001). Stringent standards for almost total 
disinfection (coliforms below the detection limits) could be consistently achieved only under the 
condition of complete removal of SS (TSS <5 mg/L) and with high-UV doses up to 60–120 mJ/cm2.

Even if ozonation is less impacted by SS, designed ozone doses are also strongly influenced by 
upstream treatment. Depending on the target disinfection level, the required transferred ozone doses 
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for municipal wastewater disinfection could be from 5 to 15 mg O3/L with contact times of <10 min 
and good mixing (Lazarova et al., 2011).

Additional advantage of ozonation for treatment of industrial wastewater and anaerobic effluents 
is the removal of refractory organics measured by the COD (up to 50% of total COD depending 
on chemical compounds), enhanced biodegradability of residual organics and very efficient colour 
removal. Advanced oxidation (ozonation, H2O2/UV, Fenton, etc.) should be considered for stringent 
standards with requirements for low-residual COD concentrations.

8.4 CONCLUSIONS
During the last few years, water reuse has become a significant alternative to conventional water 
supply sources to meet water needs and respond to climate changes. This applies either to large-
scale urban areas, rural or small-scale on-site recycling schemes and industrial facilities worldwide. 
With the increasing concerns of energy efficiency and rising costs, the role of anaerobic treatment is 
growing.

Despite the numerous proven advantages, anaerobic biotechnologies require adequate post-
treatment to comply with wastewater discharge and reuse standards. Compared to conventional 
wastewater treatment trains based on aerobic biological treatment, tertiary treatment technologies 
that can be used are similar but are implemented after the aerobic post-treatment of anaerobic effluents.

This chapter provides guidance on the selection of suitable wastewater treatment and reclamation 
schemes for urban wastewater and industrial wastewater from food and agro-industries which reflects 
the current practical experience worldwide. Both urban and industrial water reuse standards are 
presented with indication of achievable treatment level of the most common and proven technologies 
enabling to consistently meet water quality limits for SSs, carbon, nutrients, pathogens and some 
other parameters such as salinity and organic micropollutants.

As underlined in this chapter, the selection of adequate tertiary treatment options should include 
a number of other considerations, including treatment capacity (plant size), local conditions, existing 
infrastructure, land availability, costs, ease of operation and so on. The presented design and 
performance parameters for selected tertiary treatment technologies are given only for information. 
Professional judgement and experience are necessary to apply them for the specific conditions of a 
given project.

Rapid advances in science and technology are greatly contributing to the development of new 
breakthrough technologies such as innovative biotechnologies, FO, microbial fuel cells, membrane 
distillation, new advanced oxidation methods and so on, but their scale-up and full-scale validation 
need further research. There is no doubt that the combination of anaerobic and innovative technologies 
will contribute to the implementation of energy neutral and energy positive wastewater treatment 
plants with recovery of many other beneficial resources and water reuse for various uses currently 
supplied with drinking water from conventional water resources.
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ABSTRACT

Micropollutants (MPs) are biological or chemical compounds resulting from human activities that make their way 
into water bodies in trace quantities. They cause adverse effects on aquatic environments and their complexity 
and costly quantification makes them difficult to monitor and, consequently, the implementation of legislation for 
controlling their disposal. Thus, the aim of this chapter is to describe occurrence, environmental and health impacts, 
and current regulatory frameworks of MPs. The fate and removal of these contaminants in anaerobic reactors 
treating domestic wastewater is discussed and strategies for enhancing MP removal are presented. Studies on MP 
removal in anaerobic systems are still emerging and a great deal of work should be carried out to evaluate whether 
conventional anaerobic reactors applied to domestic wastewater treatment under usual operating conditions are 
able to effectively remove contaminants of emerging concern. Transferring the mechanistic understanding of the 
anaerobic biotransformation of MPs to feasible changes to be implemented in mainstream anaerobic domestic 
wastewater treatment remains a major challenge. Moreover, the study of new operating strategies and reactor 
configurations seems to be mandatory to comply with the requirements of removing organic matter, nutrients, and 
MPs, as well as generating energy (biogas), thus resulting in robust, safe, and sustainable units.

Keywords: anaerobic digestion, domestic sewage, emerging contaminants, legislation, micropollutant, pesticides, 
pharmaceutical residues, sweeteners.

9.1 MICROPOLLUTANTS IN DOMESTIC WASTEWATER
Micropollutants (MPs) or emerging contaminants include new pollutants that, until recently, were not 
detected. They are biological or chemical compounds resulting from human activities that make their 
way into water bodies in trace quantities (at or below µg/L). The complexity of MPs and their costly 
quantification makes them difficult to monitor and, consequently, the implementation of legislation for 
controlling their disposal (Aquino et al., 2013). A few examples of common MPs are pharmaceutical 
residues, endocrine disruptors, plasticizers, pesticides, sweeteners, and personal hygiene products.

Sources of MPs in the environment are diverse. Pharmaceuticals mainly come from domestic 
wastewater (from excretion), hospital effluents, and surface run-off from concentrated animal feeding 
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operations and aquaculture. MPs from personal care products, such as fragrances, disinfectants, 
and insect repellents, mostly come from household sources, such as bathing, shaving, spraying, 
and swimming. Steroid hormones come from human excretion and livestock farming. Non-ionic 
surfactants, plasticizers, and fire retardants come from industrial and domestic wastewater (from 
production and by leaching out of the material, respectively). MPs from pesticides, such as insecticides, 
herbicides, and fungicides can come from improper cleaning, run-off from gardens, lawns, roadways, 
and agricultural run-off (Luo et al., 2014). Figure 9.1 shows the contamination pathways for MPs.

Contamination of water and sewage by MPs has adverse effects, such as resistance in pathogenic 
bacteria and reduced diversity of bacteria and algae in running water (Carey et  al., 2016). These 
substances cause changes in the behavior and morphology of aquatic biota (Chen et  al., 2014; 
Corcoll et  al., 2015; Petersen et  al., 2014) and interfere with the hormonal system of wildlife and 
humans. Several negative effects are often associated with short- and long-term toxicity, regardless 
of concentrations in the order of ng/L. Even with the partial elucidation of the consequences and 
toxicity of exposure to these MPs, most countries do not have legislation to impose a maximum limit 
for the concentration of MPs in water bodies.

Therefore, the aim of this chapter is to describe the occurrence, environmental, and health impacts, 
and current regulatory frameworks for MPs. The fate and removal of MPs in anaerobic reactors treating 
domestic wastewater is then discussed and strategies for enhancing MP removal are presented.

9.1.1 Occurrence
Data on the presence of MPs in water bodies can be categorized into: (1) occurrence in wastewater 
treatment plant (WWTP) influents and effluents; (2) occurrence in surface water; (3) occurrence in 
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Figure 9.1 Contamination pathway for MPs.
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groundwater; and (4) occurrence in drinking water. Due to the large number of existing MPs and 
the cost of their analysis, a limited number of compounds is usually monitored in environmental 
samples. Frequently, the targeted compounds are chosen based on their frequency of occurrence, 
or as representatives of particular MP classes. The reported concentrations of MPs in WWTPs vary 
significantly in space and time due to the rate of production of MPs, sales and practices of a given 
community, water consumption and use, and size and efficiency of WWTPs (Jelic et al., 2011; Luo 
et al., 2014). Particularly, the excretion rate plays a crucial role in determining the introduction of 
pharmaceuticals into raw wastewater: drugs such as aspirin and carbamazepine have an excretion 
rate lower than 5%; medicines such as amoxicillin, ciprofloxacin, and tetracycline excretion rates 
are over 70% of the ingested mass. However, the massive use of the former drugs usually leads to 
high concentrations in domestic effluents. Pharmaceuticals found with the highest concentration in 
WWTP influents, according to a comprehensive review performed by Luo et al. (2014), are ibuprofen 
(0.004–603 µg/L), followed by caffeine (0.22–209 µg/L) and diclofenac (0.001–94.2 µg/L). Insect 
repellant N,N-diethyl-meta-toluamide has been tracked in concentrations between 2.56 and 3.19 µg/L 
and triclosan, an MP found in personal care products, was found in concentrations of 0.03–23.9 µg/L. 
In contrast, steroid hormones were found in wastewater at much lower levels (below 100 ng/L). 
However, their occurrence even at low concentrations is a concern because of their high estrogenic 
effect. The use of pesticides can be seasonal due to the prevalence of pests under different climatic 
conditions, and rainfall and sunlight affect the flow pattern of these MPs. Herbicides were found in 
the range of 0.02–28 µg/L, insecticides between 0.0007 and 4.16 µg/L and fungicides below 1.89 µg/L 
(Kasprzyk-Hordern et al., 2009; Luo et al., 2014).

The release of WWTP effluents into water bodies has been considered a main cause of the presence 
of MPs in surface water. Following treatment processes in WWTPs, MPs are subjected to dilution 
in surface water, sorption onto suspended solids and sediments, direct and indirect photolysis, and 
biodegradation. Due to river water dilution, pharmaceutical compounds may occur at levels at least 
one order of magnitude lower than effluent levels (Gros et al., 2007; Luo et al., 2014). Non-steroidal 
anti-inflammatory drugs, carbamazepine, sulfamethoxazole, and triclosan are the most frequently 
reported compounds in surface water. However, caffeine is an MP reported at the highest concentration 
in countries such as Costa Rica, Taiwan, and the USA (up to 106 ng/L) (Luo et al., 2014).

Groundwater has been found to be less contaminated with MPs than surface water. Better 
characterization of MPs in groundwater has been only done in some parts of Europe and North 
America. MP contamination of groundwater mainly results from landfill leachate, groundwater–
surface water interaction, infiltration of contaminated water from agricultural land or seepage of 
septic tanks, and sewer systems. In France, Germany, Spain, and the USA, most MPs were detected 
at below 100 ng/L (Luo et al., 2014).

Publications reporting the occurrence of MPs in drinking water are scarce. Some recent studies 
showed that most MPs in tap water were below the limit of quantitation or limit of detection and 
that drinking water treatment plays a significant role in eliminating MPs from drinking water. The 
maximum occurrence concentrations of most MPs were reported to be below 100 ng/L in France, 
Spain, the USA, and Canada except for carbamazepine (1000 ng/L) and caffeine (200 ng/L) (Luo 
et al., 2014). However, two recent studies conducted in China report the presence of pesticides and 
flame retardants in the region of Taihu Basin, in which even advanced treatment procedures were 
inefficient in removing these contaminants (Ren et  al., 2020). In the region of northeast China 
(Heilongjiang, Jilin, and Liaoning provinces), 19 kinds of pesticides, 6 kinds of organophosphates, 2 
kinds of phthalates, and 22 kinds of pharmaceutical and personal care product pollutants were found 
in drinking water samples (Wang et al., 2022).

9.1.2 Environmental and health impacts
So far, little is known about the possible chronic health effects associated with the long-term ingestion 
of MP mixtures in drinking water. Furthermore, after entering an aquatic environment, MPs are 
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subject to natural attenuation processes, such as microbial degradation, photodegradation, sorption in 
suspended particulate matter, and deposition in sediments. All these processes influence the fate and 
toxicity of contaminants in water bodies (Gibs et al., 2013; Yang et al., 2011). One must also consider 
the predicted no-effect concentrations of these MPs, which represent the concentration of a substance 
below which an unacceptable effect most likely will not occur. The known environmental and health 
impacts of a few major MPs are described below.

(1) Ibuprofen: a drug from the group of non-steroidal anti-inflammatory drugs, used to treat pain, 
fever, and inflammation. It is a popular over-the-counter drug with a high daily therapeutic dose 
(600–1200 mg/day), of which 70–80% is excreted. Along with diclofenac, it was considered a 
priority for studies by the Global Water Research Coalition. While ibuprofen readily degrades 
under aerobic conditions, it exhibits resistance to anaerobic degradation. Among the adverse 
effects caused by its contamination, the induction of vitellogenin (a protein present only in 
females) in mussels exposed to the drug was observed (Gonzalez-Rey & Bebianno, 2014).

(2) Diclofenac: a popular drug, also belonging to the class of non-steroidal anti-inflammatory drugs, 
with analgesic, antipyretic, and anti-inflammatory properties. Diclofenac has the highest acute 
toxicity of this type of drug and has been detected in water and sewage treatment plants due 
to its high level of consumption and resistance to biodegradation in the aquatic environment. 
Considered a priority for study, its presence in water bodies causes adverse effects, such as 
hormonal changes in aquatic beings. It has a significant deleterious effect on the survival 
and reproduction of fish and zooplanktonic and benthic organisms (an effect also caused by 
propranolol) (Fent et al., 2006).

(3) Propranolol: an antihypertensive drug used for the treatment and prevention of myocardial 
infarction, angina pectoris, and cardiac arrhythmias. Although designed for human use, it 
is equally effective when used in physiological studies in fish and causes growth disorders in 
invertebrates at concentrations above 0.5 mg/L (Fent et al., 2006).

(4) Triclosan: bactericide used in medicines, cosmetics, and personal hygiene products. In Brazil, 
the National Sanitary Agency allows a concentration of up to 0.3% of triclosan in personal care 
products, although it is prohibited in the USA. There are indications that prolonged exposure 
to products with bactericides can generate bacterial resistance and hormonal changes. It can 
cause oxidative stress in fish and mollusks, and at 500 ng/L of triclosan, changes were observed 
in the levels and activities of some enzymes in such organisms (Ku et al., 2014).

(5) Carbamazepine: a medicine that belongs to the group of antiepileptics. Carbamazepine is one 
of the most persistent drugs of concern in water bodies receiving effluents and is resistant 
to both conventional and advanced wastewater treatment. In addition to being stable in the 
environment, studies show that it is captured by plants irrigated with wastewater, as well as its 
bioaccumulation in aquatic organisms. Furthermore, as a psychoactive drug, carbamazepine 
has the potential to make fish more vulnerable to predators (Keen et al., 2012).

(6) Atenolol: indicated for cardiac patients, atenolol is mainly used to control arterial hypertension 
and angina pectoris. Atenolol is part of the group of beta-blocker drugs and is widely prescribed 
worldwide. Atenolol is a drug regularly found in wastewater, as 90% of it is eliminated in feces 
and urine and is captured by plants and vegetables (Beltrán et al., 2020).

(7) Ciprofloxacin: fluoroquinolone antibiotic is usually applied to treat bacterial infections. Given 
the high usage of ciprofloxacin, it can be found in hospital and industrial wastewater at over 
31 mg/L. Ciprofloxacin is of particular concern since genotoxic and mutagenic effects have 
been reported in bacteria (Kümmerer et al., 2000; Richard et al., 2014).

(8) Bisphenol A: a chemical produced in large quantities used primarily in the production of 
polycarbonate plastics. It is found in various products including shatterproof windows, eyewear, 
water bottles, and epoxy resins that are used to coat some metal food cans, bottle tops, and 
water supply pipes. Bisphenol A is a suspected anthropogenic endocrine disruptor. Although it 
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is less estrogenic toward aquatic organisms than natural hormones, it has been reported to be 
able to induce feminization phenomena in various species of animals at high concentrations 
(Metcalfe et al., 2001). Golub et al. (2010) concluded that bisphenol A mainly affects offspring 
viability, sex differentiation, immune hypersensitivity, and gender-differentiated morphology, 
thus affecting the endocrine system when prenatally exposed (Richard et al., 2014).

(9) Caffeine: in the surface water quality report, caffeine appears as a chemical quality indicator, 
used as a tracer of the presence of human excreta and some substances from the contaminant 
group (Bernegossi, 2019). The mutagenic effects of caffeine can cause increased cell death 
(inactivation of DNA regeneration), and interference with enzymatic reactions and replication 
mechanisms in cells and microorganisms (Fernandes et al., 2017; Kihlman, 1974).

(10) Cyclamate, aspartame, and sucralose (sweeteners): artificial sweeteners are synthetic chemicals 
used as a substitute for sugar. These molecules have been found both in surface water and 
in sewage treatment plants. They are potential indicators of anthropogenic contamination 
of surface water by sanitary sewage (Zirlewagen et al., 2016). Studies on the consequences 
arising from the presence of sweeteners in water bodies are scarce, but it has been shown that 
the presence of sucralose causes changes in behavior and feeding pattern in crustaceans (Li 
et al., 2018).

(11) Chlorpyrifos: the most widely used pesticide on crops, including corn, soybeans, broccoli, and 
apples, and it is also widely used in non-agricultural settings such as golf courses. Chlorpyrifos 
was invented as an alternative to the pesticide dichloro-diphenyl-trichloroethane and has 
become part of a pattern known as ‘regrettable substitution.’ Chlorpyrifos works by attacking 
insects’ nervous systems. High doses, for instance, what farmers are exposed to when they 
spray pesticides, can cause people to experience nausea, dizziness, and confusion. The most 
disconcerting effect of chronic exposure to chlorpyrifos, however, is its potential to impair 
children’s developing brains (Burke et al., 2017; Hu, 2018).

9.1.3 Current regulatory frameworks
Political awareness of water quality has been growing over the last few decades, especially as WWTPs 
have been identified as a major source of MP pollution (Rogowska et al., 2020). However, very few 
countries have implemented legal norms to regulate the maximum concentration of MPs that can be 
detected in water samples. A lack of bi-directional communication between scientists and policymakers 
has contributed to fragmentation and inconsistencies in chemical inventories and environmental 
regulations (Sanganyado, 2022). The identified current regulatory frameworks of major countries are 
described and summarized in Figure 9.2.

(1) The European Union: Regulations have been adopted for limiting the presence of micro-
contaminants in water bodies throughout the territory of the European Union. Environmental 
quality standards for a few MPs have been regulated by the European Parliament through 
Directive 2008/105/EC. Annex I of this directive lists the annual average and the maximum 
allowable concentration of 33 MPs, including chlorpyrifos and a few pesticides. In October 
2022, the European Commission reviewed and updated the lists of pollutants in surface 
water and groundwater, including additional MPs such as carbamazepine, sulfamethoxazole, 
diclofenac, ibuprofen, erythromycin, triclosan, and others. If the proposal is agreed by the 
European Union Council and the European Parliament, Member States will be required 
to take measures to meet the quality standards for additional pollutants, and to make their 
monitoring data available on a more frequent basis (European Commission, 2023). Currently, 
the legislation of the European Union is the best worldwide for emerging MPs.

(2) The United States of America: The United States Environmental Protection Agency regulates 
the pollution of water bodies. Currently, the agency has a strong program for screening and 
regulating endocrine disruptors in water samples. The National Primary Drinking Water 
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Regulation enforces primary standards for a few microorganisms, disinfection by-products, 
disinfectants, inorganic chemicals, radionuclides, and organic chemicals (MPs listed include 
majorly pesticides, herbicides, and chemicals from the discharge of industrial chemical 
factories) (The United States Environmental Protection Agency, 2023).

(3) Canada: Environment and Climate Change Canada and the Environmental Protection 
Agency have reported that MPs are increasingly and consistently being found in groundwater, 
surface water, municipal wastewater, drinking water, and food sources. The MPs being 
tracked are mostly polybrominated diphenyl ethers (fire retardant), acetaminophen, ibuprofen, 
chlortetracycline, caffeine, bisphenol A, triclosan, and a few others. However, although water 
quality criteria have been established for a few emerging contaminants, they are not legally 
enforced. The Guidelines for Canadian Drinking Water Quality regulate the maximum amount 
of a few pesticides/herbicides, in which chlorpyrifos is among them (Government of Canada, 
2023).

(4) China: In 2014, China declared a ‘war on pollution.’ Since then, air quality has improved 
significantly, but China’s standards for environmental quality and pollutant emissions mainly 
focus on conventional pollutants, as do its lists of managed chemicals. Most feature on one 
of the two lists: for air pollutants and for water pollutants. Once listed, chemicals can be 
controlled under laws on air and water pollution. A first list of ‘new pollutants for priority 
control’ is expected to be published in 2023. Substances on those lists will either be banned 
or subjected to usage and emission restrictions. Meanwhile, regulators are currently revising 
guidelines on industrial restructuring to gradually phase out some pesticides, veterinary drugs, 
cosmetics, and industrial chemicals (Zi, 2022).

(5) Southeast Asia: Although research of emerging contaminants in southeast Asia is insignificant 
in comparison to other regions globally, it has gained substantial momentum in recent years. 

Figure 9.2 Current regulatory frameworks for MPs in water samples around the world.

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



261Fate of micropollutants

Except for Timor-Leste, all southeast Asian countries are part of the Association of Southeast 
Asian Nations (ASEANs), a collaborative intergovernmental organization that started in 1967. 
To enhance water quality and better water management practices, the ASEAN working group 
on Water Resource Management was created to increase regional cooperation and provide 
frameworks to assist member countries. However, there are no ASEAN-specific water quality 
guidelines similar to those of the European Union, and only some member countries have 
developed or adopted a country-specific water quality index to evaluate the quality of their 
water resources. Even then, the parameters measured were focused on basic indicators and 
microbial risk (ammoniacal nitrogen, biochemical oxygen demand, total coliform bacteria, pH, 
etc.), and there are no water quality guidelines created for MPs (Lee et al., 2022).

(6) Latin America: The class of MPs that is most measured in Latin America is pharmaceuticals, 
followed by personal care products and endocrine disruptors. The lack of information about 
MPs in countries such as Cuba, El Salvador, Haiti, Honduras, Nicaragua, Panama, Paraguay, 
Peru, and the Dominican Republic is largely economical, due to the high cost of quantification 
of these compounds and environmental political interests. Currently, representatives from 
Argentina, Brazil, Chile, Cuba, Costa Rica, Guatemala, Ecuador, Nicaragua, Panama, 
Paraguay, and Uruguay have participated in the project RLA/7/019 ‘Elaboration of indicators 
to determine the effects of pesticides, heavy metals, and emerging pollutants in continental 
aquatic ecosystems important for agriculture and agro-industry.’ The main objective of this 
project is to improve quality of life, food security, and agricultural resources in Latin America 
and the Caribbean through the proper management of water resources. However, legislation 
in this context in Latin America is almost non-existent (Peña-Guzmán et al., 2019).

9.2 FATE AND REMOVAL OF MPS IN ANAEROBIC REACTORS TREATING DOMESTIC 
WASTEWATER
9.2.1 Fate of MPs during wastewater treatment
Traditional domestic wastewater treatment systems are typically designed and operated to remove 
influent solids, organic, and macronutrient loads. Organic MPs present in wastewater, which are 
not specifically targeted, exhibit varying degrees of removal, due to the combined effect of different 
biotic and abiotic mechanisms. Broadly speaking, the concentration of MPs in wastewater can be 
attenuated by abiotic degradation (due to photolysis, chemical oxidation, and hydrolysis reactions), 
volatilization, a partition to the solid phase (adsorption), and biotransformation reactions. The extent 
of the contribution of each of these pathways to the overall MP removal is highly dependent on the 
physicochemical properties of MPs, wastewater treatment technology, environmental conditions at 
treatment plants, and their operational parameters.

The widespread environmental presence of MPs originating from domestic sewage is indicative 
of their chemical stability and resistance to abiotic degradation under ambient conditions. As 
volatilization is only relevant for compounds with high vapor pressures, sorption to the particulate 
phase and biotransformation are considered the main removal mechanisms of these recalcitrant MPs 
during secondary (biological) treatment of domestic wastewater.

Adsorption of MPs to the particulate phase may occur due to hydrophobic interactions between 
aliphatic and aromatic groups of MPs and the lipidic fractions of biomass and sludge; electrostatic 
interactions between charged functional groups and the superficial charge of solids; as well as the 
formation of complexes between the MPs and metal ions present in the solid phase (Tran et al., 2018). 
The properties of MPs that influence their adsorption include molecular size; charge; hydrophobicity; 
and the presence of specific functional groups in their chemical structure. Naturally, the properties of 
sorbents (which depend on, among other things, the sludge type and sludge age) and environmental 
factors such as pH, temperature, and ionic strength of the medium are equally relevant in determining 
the extent of adsorption, particularly for MPs harboring ionizable moieties. A large number of 
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parameters involved in the characterization of the phenomena makes the theoretical prediction of 
MP sorption unfeasible. Thus, the combined effect of these parameters is condensed in liquid–solid 
partitioning coefficients (Kd), which can be experimentally determined for the sorbate–sorbent pair 
and are often used as predictors of the sorption potential of an MP onto the particulate phase in 
WWTPs (Berthod et al., 2016).

The strength of the sorbate–sorbent interaction determines the reversibility of the adsorption, 
which in turn influences the MP mobility in the environment once the particulate phase is removed 
from a WWTP. Reversible adsorption of MPs onto sludge raises concerns of environmental spread 
in cases where sewage sludge is disposed of on agricultural land, in the form of biosolids. In these 
situations, MP removal by adsorption would not be a desired mechanism, as the environmental risk 
would remain unchanged, simply being transferred out of the treatment plant.

The reversibility of the adsorption also affects MPs availability to undergo further biological 
transformations. As most of the anabolic and catabolic microbiological reactions are mediated by 
intracellular enzymes, MPs should be in solution and available for uptake by microorganisms (and 
therefore, not physically adhered to a surface – adsorbed) in order to be biotransformed. This, however, 
is not a consensus in the literature, as some authors consider the adsorbed MPs to be bioavailable, 
whether due to biotransformation mediated by extracellular enzymes or the consideration of reversible 
adsorption as an initial transport step to biodegradation (Gonzalez-Gil et al., 2018a).

Finally, the significance of sorption as an MP removal mechanism depends on sludge-wasting 
practice in WWTPs, as measured by solid retention times (SRTs) in bioreactors. For aerobic reactors 
based on the activated sludge technology, which are usually operated under short SRTs (3–10 days), 
there is a considerable removal of MPs adsorbed to wasted sludge. Anaerobic processes, on the contrary, 
have lower biomass yield in comparison with the aerobic ones, and bioreactors are typically operated 
under much longer SRTs (hundreds of days) and therefore with minimal sludge wasting. The time 
necessary for saturation of MPs sorbed onto the anaerobic sludge is insignificant relative to the SRT, 
and therefore adsorption is negligible as a removal pathway, when compared to biotransformation 
reactions (Harb et al., 2019). This is not to say that adsorption does not play a role in MP removal in 
anaerobic reactors, as the retention time of some MPs is increased due to adsorption, which could 
favor the occurrence of biological transformation.

Biotransformation is a broad term that encompasses different types of reactions mediated by 
microorganisms. Biotransformed MPs can be partially degraded to other organic compounds of lower 
molecular mass (which is often termed biodegradation); conjugated to form products of higher molecular 
mass; or completely mineralized to CO2, H2O, CH4, and other inorganic compounds. Conjugation is 
a biotransformation process in which functional groups are added to an MP, usually rendering it less 
toxic, more water-soluble, or more amenable to biodegradation. The resulting conjugated products can 
be reverted back to the parent compound, which is often observed in WWTPs (Verlicchi et al., 2012).

The organic products of biotransformation, whether from biodegradation or conjugation, are 
commonly referred to as transformation products (TPs). TPs of some MPs might exhibit higher toxicity 
or recalcitrance than the parent compound, posing different environmental risks (Escher & Fenner, 
2011). During secondary treatment, TPs might accumulate in the medium as ‘dead-end’ metabolites, or 
they might be further transformed by different microbial groups as part of a wider metabolic network 
(Fischer & Majewsky, 2014). Thus, simply following the disappearance of an MP is not enough to 
assess the effectivity of treatment systems in reducing potential environmental risks (Stadler et al., 
2012). Complete mineralization or the formation of innocuous TPs should be the desirable endpoints 
of MP biotransformation in WWTPs.

Similar to adsorptive removal, the susceptibility of an MP to biotransformation is contingent on 
a wide range of factors, such as temperature, pH, redox potential, bioavailability, microbial diversity, 
presence of other substrates, hydraulic retention time (HRTs), and the physicochemical properties of 
MPs (Falås et al., 2016). Particularly for MPs, the concentration level is a key aspect in determining 
the type of biological transformation the MPs will undergo during secondary treatment, as it will 
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define the metabolic pathways acting on them. MPs might be part of the central metabolic routes 
of the microorganisms or they might be fortuitously transformed due to low substrate specificity of 
some enzymes (co-metabolism). Considering that MPs are found in domestic wastewater in the ng/L 
to µg/L range, it is not expected that their presence alone would be enough to induce the production 
of enzymes and cofactors necessary for their metabolization. Carbon and energy derived from the 
degradation of MPs would not be sufficient to support biomass growth. Thus, the biotransformation of 
MPs is understood to be necessarily dependent on other growth-supporting substrates (Kennes-Veiga 
et al., 2022).

The complexity of removal mechanisms and their dependence on a multitude of factors explain 
the wide variation in overall removal efficiency found for similar compounds in similar wastewater 
treatment technologies (Alvarino et al., 2018). Recognition and characterization of the mechanisms 
by which MPs are removed from domestic wastewater during mainstream biological treatment are 
essential to substantiate the proposition of novel treatment technologies constituting more effective 
barriers in containing the release of MPs to the environment.

9.2.2 MP removal in anaerobic reactors
Most of the investigations on MP removal during secondary treatment of domestic wastewater have 
focused on aerobic reactors, mainly those based on activated sludge technology. As mainstream 
anaerobic wastewater treatment is increasingly used for domestic wastewater, the literature on the 
fate of MPs in these systems is much scarcer. The transformation of MPs in biological reactors 
revolves around the action of enzymes on functional groups present in the contaminant’s molecules. 
While some of these enzymatic reactions are known to proceed in both aerobic and anaerobic 
environments, as the enzymes that catalyze these reactions are redox-independent (e.g., hydrolases 
and transferases; Gonzalez-Gil et al., 2019), some occur exclusively or at least preferentially under 
anaerobic conditions. This, in turn, results in distinct MP removal capabilities between anaerobic 
and aerobic reactors.

Several studies have shown that most MPs are biotransformed under anaerobic conditions, albeit 
to variable extents (Ghattas et al., 2017), as presented in Table 9.1. There is, however, significantly 

Table 9.1 Apparent removal of selected MPs during mainstream 
anaerobic treatment of real domestic wastewater.

Selected MPs Removal Range (%) References

Bisphenol A <0–87 [1–3, 14]

Caffeine 0–98 [4–6]

Carbamazepine 5–96 [5–8]

Ciprofloxacin 84–100 [5, 9]

Diclofenac <0–78 [1, 2, 4, 5, 7, 9–14]

Ibuprofen <0–91 [4–7, 9–12, 14]

Propranolol 46–100 [8, 12]

Sulfamethoxazole <0–100 [1, 2, 5, 8]

Triclosan 18–89 [3, 6, 12, 13]

Trimethoprim 33–100 [1, 2, 5, 9]

[1] Queiroz et al. (2012); [2] Brandt et al. (2013); [3] Mladenov et al. (2022); 
[4] Arrubla et al. (2016); [5] Dutta et al. (2014); [6] Reyes-Contreras et al. (2011); 
[7] Chen et al. (2019); [8] McCurry et al. (2014); [9] Butkovskyi et al. (2015); 
[10] de Graaff et al. (2011); [11] Pirete et al. (2022); [12] Granatto et al. (2021); 
[13] Butkovskyi et al. (2018); [14] Vassalle et al. (2020).
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little understanding of the fundamental mechanisms that lead to that removal. Obtaining mechanistic 
insight is difficult owing to the complexity of biological treatment systems. Thus, much of the work 
has been focused on unraveling the various factors (reactor-related or MP-related) that directly or 
indirectly influence the underlying microbiological process.

Among the MP-related properties (chemical structure, molecular weight, hydrophobicity, 
dissociation constants, etc.), the types of functional groups present in the molecule are of particular 
interest in assessing their removal in anaerobic reactors. It has been proposed, mostly agreeing 
with experimental data, that MPs containing electron-donating groups (such as amines, methyl, 
and hydroxyl) are more susceptible to anaerobic biotransformation, whereas MPs with electron-
withdrawing groups (such as chloro, sulfonyl, amide, carboxyl, nitrile, and aldehyde) are more 
recalcitrant to anaerobic treatment (Wijekoon et al., 2015). This, however, is not a universal rule, as 
structurally similar MPs often exhibit distinct transformation rates in the same bioreactor (Luo et al., 
2014). The interaction with other factors must be considered.

Diverse environmental (temperature, pH, ionic strength) and reactor-related properties (HRT, 
organic loading rate – OLR, SRT, redox potential, presence of growth-supporting matrices, wastewater 
composition) shape the composition of the microbial consortium present in anaerobic reactors, and 
thus the metabolic potential for MP biotransformation. It is believed that increased microbial diversity 
is beneficial to MP removal due to an increased number of functional traits in the community (Falås 
et al., 2016). In this context, using longer SRTs would be beneficial: not only does it allow for the 
establishment of slow-growing organisms, but also extends the exposure of adsorbed MPs to the 
microbial population (Harb et al., 2019). However, the exposure of the non-sorbed fraction remains 
limited by the HRT.

The putative existence of key microbial populations involved in MP biotransformation, which 
could be selectively enriched in anaerobic reactors to enhance overall MP removal, has motivated 
recent research efforts to isolate the contribution of the different stages of an anaerobic process 
(hydrolysis, acidogenesis, acetogenesis, methanogenesis). Experimental evidence so far has discussed 
acidogenesis, acetogenesis, and methanogenesis as the main steps involved in MP removal (Carneiro 
et al., 2020; Gonzalez-Gil et al., 2018b). However, some MPs are removed to similar extents under 
both acidogenic and methanogenic conditions, which might indicate that either the reactions are 
carried out by enzymes common to the different microbial groups, or that the biotransformation of 
MPs is not necessarily linked to the main metabolic pathways in a reactor, but to specific microbial 
communities common to all anaerobic environments (Kennes-Veiga et al., 2022).

Transferring the mechanistic understanding of anaerobic biotransformation of MPs, which is still 
in its infancy, to feasible changes to be implemented in mainstream anaerobic domestic wastewater 
treatment remains a major challenge.

9.2.3 Development of anaerobic reactors for MP removal
Most of the research focusing on the application of anaerobic reactors for MP removal is performed 
with lab-scale units. The option for such reduced prototypes is a scientific strategy to best control the 
process and to search for fundamentals for the removal process. Moreover, lab-made (simulated or 
synthetic) domestic wastewater is frequently applied to avoid interferences of a cocktail of compounds 
found in real domestic sewage, thus facilitating the mass balance and, consequently, the evaluation of 
anaerobic removal pathways. However, some studies also use real domestic sewage to prevent extreme 
simplifications from masking the obtained results.

The studies on MP removal in anaerobic lab-scale reactors can be divided into two categories: 
reproduction of conventional anaerobic reactors applied to domestic wastewater, that is, upflow 
anaerobic sludge blanket (UASB) reactors, and proposition of new configurations of reactors to 
enhance the removal of compounds. The first type aims at searching for the best operating conditions, 
as mainstream anaerobic WWTPs are designed to remove influent solids, as well as organic and 
macronutrient loads. Moreover, a combination of conventional anaerobic reactors with biological 
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or physical–chemical processes is addressed in some studies, often using anaerobic technology as 
the core of the process. The second type of study is focused on design procedures, mainly related to 
the increment of the SRT over the HRT, and consequently, the achievement of a high concentration 
of microorganisms, while at the same time trying to maximize the diversity of the cell population. 
Invariably, these studies are based on immobilized-cell technologies or with advanced techniques 
of cell retention, such as membrane processes, whose configurations are meant to comply with such 
requirements. Additionally, some studies in this line have sought to evaluate the influence of the 
phase separation of anaerobic processes in specific reactors, such as hydrolytic, acidogenic, and 
predominantly methanogenic ones as further discussed.

The challenge of developing more efficient and reliable bioreactors is subject to exhaustive research 
that begins on a laboratory scale. At this stage, the main variables that interfere with reaction rates 
and the stability of the system must be evaluated. These data can lead to the proposal of a model that 
allows a rational increase of the scale for a pilot unit. This new unit must also be studied to validate the 
model or modify it with the purpose of a new increase in scale. The progressive increase in scale, based 
on rational data, ensures security to the configuration of development process; however, it is more 
time-consuming. For this reason, this approach should be more unpretentious and freer from market 
pressures for quick results. It is an experimental–mechanistic approach, in which the experiment 
provides subsidies for models based on fundamental phenomena that will serve for scale-up, design, 
simulation, and optimization of the units.

Contrary to the experimental–mechanistic approach, there is a more traditional and more 
common approach in the development of anaerobic reactor configurations. This approach, which 
can be called purely experimental or empirical, is based on smaller-scale, pilot, or even on real-scale 
studies, focusing on directly observable and manipulable parameters, such as HRT and OLR. These 
parameters encompass physical, chemical, and biochemical phenomena and can be the main factors 
for scale-up or reactor design. This type of approach allows for faster evolution of the development 
of a given configuration but is generally less secure because it approaches the system as small ‘black 
boxes,’ which involve many physical, chemical, microbiological, and biochemical phenomena that are 
not properly elucidated.

The opposition of these two approaches is presented by Wentzel and Ekama (1997), who call the 
empirical approach the ‘black-box approach,’ in which applications are restricted to the experimental 
conditions that generated the model. According to the authors, the empirical approach only allows 
interpolation of results, whereas the experimental–mechanistic approach (called only mechanistic by 
the authors) would allow interpolations and extrapolations.

There would still be a third approach fundamentally based on mathematical modeling. However, the 
lack of mechanistic models that adequately cover all steps of the anaerobic process, parameters, and 
historical series of operational data means that this approach still encounters little or no applicability 
in this field.

It is clear that these three approaches are not completely independent and, even within the same 
research group, there is a need to balance the approaches well, to allow research to result in real 
advances in the area of anaerobic reactors. However, the experimental–mechanistic approach, 
although more complex and more time-consuming to generate practical results, should be the one 
that can make the greatest contribution to the consolidation of anaerobic treatment processes as a 
viable and reliable alternative. Furthermore, this approach allows studies on the microbiology and 
biochemistry of anaerobic digestion to be included in the generated models, allowing such studies to 
gain practical meaning.

In general, studies on MP removal in anaerobic reactors are based on the experimental–mechanistic 
approach, mainly because the mechanisms involved in the degradation of different compounds have 
to be elucidated to better understand the system. A black-box approach in this area may lead not only 
to sub-optimized units as occurs in the case of organic matter or nutrient removal, but also to unsafe 
systems incapable of removing MPs in the required levels. In addition, using a scientific method of 
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trial and error, in this case, can be disastrous not only because it releases compounds that are harmful 
to the environment, but also because it releases degradation products into the environment that can 
be even more toxic than the original compound.

Conventional anaerobic reactors commonly applied for the treatment of domestic wastewater, such 
as expanded granular sludge bed (EGSB) and UASB, have been studied on lab scale, mainly focusing 
on the HRT required to degrade some MPs, as performed by Granatto et al. (2021), who evaluated 
degradation of diclofenac (35–37% removal), ibuprofen (43–44% removal), propranolol (46–51% 
removal), triclosan (51–72% removal), and linear alkylbenzene sulfonate (63–65% removal). In the 
same configuration, Gutiérrez et al. (2022) evaluated the removal of nonylphenol ethoxylate (48–82% 
removal) in the co-digestion of domestic sewage and commercial laundry wastewater. In both studies, 
such a conventional reactor was evaluated under specific operating conditions and not related to 
the design parameters commonly used for this technology when organic matter removal is the main 
objective. For UASB reactors, the literature also explores HRT beyond the conventionally applied 
or conjugated technologies, aiming at MP removal. For example, Mora-Cabrera et al. (2021) studied 
a UASB reactor followed by a membrane electrochemical bioreactor to treat domestic wastewater 
containing ibuprofen (24% removal), carbamazepine (23% removal), diclofenac (29% removal), and 
17α-ethinylestradiol (26% removal), whereas Vassalle et al. (2020) combined UASB with high-rate 
algal ponds to remove ibuprofen (65% removal), diclofenac (65% removal), naproxen (71% removal), 
paracetamol (65% removal), gemfibrozil (39% removal), estrone (95% removal), 17β-estradiol (91% 
removal), 17α-ethinylestradiol (92% removal), estriol (89% removal), nonylphenol (70% removal), and 
bisphenol A (43% removal). In both studies, the HRT applied to UASB reactors was commonly applied 
in domestic WWTPs, in which the focus of the studies was on combining the systems, searching for 
reliable post-treatment units.

The proposition of new configurations of anaerobic reactors focusing on MP removal is based on 
the enhancement of the SRT/HRT ratio and the achievement of a high-diversity microbial population 
with increased concentration. One way to achieve this goal is to use cells immobilized on an inert 
support, as obtained in anaerobic filters, or even self-immobilized in the form of granules, as observed 
in UASB reactors. In addition, the use of adhered or immobilized cell technology allows for obtaining 
cell concentrations greater than those obtained in systems with non-adhered cells, with obvious 
benefits for the treatment of wastewater and for MP removal. In these systems, however, the kinetic 
analysis becomes more complex, as the phenomena of mass transfer from the liquid phase to the 
biological solid phase effectively influence the global rates of conversion of organic matter.

In the case of anaerobic reactors, in addition to the objective of increasing the cell retention time, 
the immobilization of the biomass can be used to improve the relationships between the different 
microorganisms, facilitating the transfer of primary and intermediate substrates between the various 
groups that participate in the complex process of anaerobic digestion. In addition, resistance to 
mass transfer in systems containing immobilized cells may represent protection for organisms when 
potentially toxic compounds or inhibitors are present.

More than an alternative, Speece (1996) considers the retention of biomass essential for the 
maintenance of methanogenic organisms, which have a low growth rate. The classic way of treating 
reactors containing immobilized biomass derives from the way of treating heterogeneous reactors 
containing immobilized enzymes. Two resistances to mass transfer are considered in this approach: 
transfer in the liquid phase, in the stagnant liquid film around a bioparticle, and transfer in the solid 
or intraparticle phase as classically presented by Bailey and Ollis (1986).

Uncertainty regarding granulation (self-immobilization) in UASB or EGSB reactors and the 
empiricism involved in the design of conventional anaerobic filters were some of the main motivators 
for proposing new reactor configurations containing cells immobilized on different and varied 
support materials, which allow adhesion and growth of diverse or specific biomass, depending on 
the application. Support material can be used as a selection or enrichment factor for some desirable 
organisms and the elimination of undesirable ones.
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Immobilized-cell anaerobic bioreactors have been proposed in different configurations for MP 
removal from domestic wastewater. Carneiro et al. (2019) compared two ways of packing the support 
material in a fixed-bed reactor. An anaerobic packed-bed reactor was compared to a structured-bed 
one for sulfamethoxazole and ciprofloxacin removal from domestic sewage. In this study, a structured 
bed showed to be potentially more viable as it presented the same performance for a quantity of 
support material 50% lower than that in a packed bed. Moreover, the structure of the bed, thus 
providing high bed porosity, may prevent hydrodynamic misbehavior, common in fixed-bed reactors, 
such as channeling and dead zones. Besides the fixed-bed configuration, immobilized cell reactors can 
be configured as expanded or even fluidized-bed, leading to the improvement of mass transfer fluxes, 
leading to benefits in the overall reaction rate although with higher energy demands.

Another way of achieving high SRT/HRT ratios is to separate suspended biomass and recirculate 
it to the reactor, thus decoupling the SRT from the HRT. Using efficient separation systems, such as 
processes using membranes, allows not only high HRT/SRT ratios but also the possibility of obtaining 
higher concentrations of microorganisms in a reactor. This alternative has been studied in some 
research groups as presented by Sawaya et al. (2022) and Arcanjo et al. (2022).

As mentioned earlier, adopting combined acidogenic–methanogenic reactors can be a feasible 
strategy to enhance MP removal. Carneiro et al. (2020) observed that the acidogenic phase is crucial 
in the biotransformation of some MPs, whereas the hydrolysis of carbohydrates does not significantly 
contribute to the metabolic transformation of such compounds. The removal of some compounds, such 
as galaxolide, celestolide, tonalide, erythromycin, and roxithromycin was favored under acidogenic 
conditions compared to acetogenesis/methanogenesis whereas the removal of other compounds, such 
as triclosan, fluoxetine, bisphenol A, and carbamazepine depends on acetogenesis/methanogenesis. 
Macêdo et  al. (2021) evaluated tetrabromobisphenol A removal in two anaerobic structured-bed 
reactors under acidogenic and methanogenic conditions and observed that the biodegradation 
occurred during acidogenesis via co-metabolism. Pirete et al. (2022) found that acidogenic bacteria 
were responsible for diclofenac and ibuprofen biodegradation in an anaerobic fluidized-bed reactor.

A combination of anaerobic and aerobic processes may be relevant for MP removal from domestic 
wastewater. This approach is known as a hybrid anaerobic–aerobic process. In a hybrid process, 
the anaerobic step is used to convert complex organic compounds into simpler compounds, such as 
volatile fatty acids, which are then fed to an aerobic bioreactor for further degradation. An aerobic 
step can be used to remove residual organic matter and to provide additional treatment of MPs that 
are not effectively removed by the anaerobic process. This combination of anaerobic and aerobic 
processes can result in a more efficient removal of MPs compared to using either process alone. 
Anaerobic processes can remove MPs that are biodegradable and have low solubility, whereas aerobic 
processes can remove MPs that are more recalcitrant and have higher solubility.

9.2.4 Strategies for enhancing MPs removal in anaerobic reactors
The development of anaerobic reactors for MP removal from wastewater faces several challenges, 
including: (1) the selection of suitable microorganisms: it is important to select microorganisms that 
can efficiently degrade the MPs present in wastewater without generating toxic by-products; (2) organic 
load control: the quantity and quality of organic matter in wastewater can affect the performance 
of anaerobic reactors. The organic load needs to be controlled to avoid system overload; (3) MP 
monitoring: MPs in wastewater can be difficult to detect and quantify. It is important to monitor them 
to assess the reactor’s efficiency and identify possible issues; (4) reactor scaling-up: reactor sizing 
should consider various factors, such as the type of MPs present in wastewater, the organic load, and 
the treatment system’s characteristics; (5) cost–benefit: the development of anaerobic reactors for MP 
removal must be economically viable, considering the cost of materials, energy required for system 
operation, and the reactor’s lifespan; and (6) legislation: environmental legislation may impose limits 
on the amount of MPs allowed in treated wastewater. It is essential to develop treatment systems that 
meet these legal requirements.
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Different approaches have been considered to enhance MP removal in anaerobic reactors. In 
addition to manipulating traditional operational variables known to be crucial to the performance 
of anaerobic reactors (such as pH, OLRs, solids, and HRTs), other more structurally demanding 
alternatives have also shown promise in enhancing the removal of MPs or enabling the removal 
of certain MPs. Recent studies have highlighted the potential of two-phase anaerobic reactors; a 
combination of anaerobic–aerobic or anaerobic–physicochemical processes; the use of membrane 
separation; and the addition of external substrates to domestic wastewater, which would serve as 
additional electron donors.

The utilization of two-phase anaerobic reactors, which consist of separate hydrolytic–acidogenic 
and acetogenic–methanogenic stages, has been demonstrated to be advantageous for the treatment of 
domestic wastewater over traditional single-phase reactors. Initially developed to treat high-strength 
waste, this approach has been shown to lead to a more stable process, increased methane production 
rates and yields, and greater microbial diversity than that of single-phase reactors (Carneiro et al., 
2022; Rajagopal et al., 2019; Smith et al., 2017). The improved performance is a result of providing 
optimal environmental conditions for the spatially separated microbial groups active in an anaerobic 
process. Current research suggests that these modifications can have positive effects on MP removal 
(Carneiro et al., 2020), although further investigation is needed to fully assess this potential benefit.

Treatment systems incorporating biological processes that occur under different redox conditions 
have been proposed to enhance MP removal. As aerobic and anaerobic bioreactors mainly target 
different moieties of MPs, a combination of the two environments would broaden the range of 
compounds removed during biological treatment. Theoretically, the aerobic environment can 
remove MPs that are recalcitrant to anaerobic degradation and vice versa. In the context of domestic 
wastewater treatment, this combination of redox conditions can be achieved in biological nutrient 
removal setups consisting of alternating anaerobic, aerobic and anoxic tanks, or through direct 
microaeration of anaerobic reactors. Falås et al. (2016) investigated the removal of 31 organic MPs 
in 15 biological reactors incorporating different redox conditions and found that although different 
redox conditions led to an increased removal of a few compounds (venlafaxine, diatrizoate, tramadol, 
codeine, and trimethoprim), a large number of MPs persisted in the treated wastewater, regardless of 
the operational conditions. Similar results were found by Wolff et al. (2018), who evaluated reactor 
cascades combining aerobic and strictly anaerobic treatments and observed a significant improvement 
in the removal of selected MPs (diatrizoate (20–70 percentage points increase), venlafaxine (90–98 
percentage points increase), and diclofenac (10–70 percentage points increase)), but only a slight 
improvement in the overall MP removal. do Nascimento et al. (2021) investigated the effects of the 
injection of small amounts of oxygen directly into a UASB reactor treating domestic wastewater 
on the removal of seven MPs (estrone, 17β-estradiol, 17α-ethinylestradiol, bisphenol A, diclofenac, 
sulfamethoxazole, and trimethoprim). The authors found significant enhancements of MP removals 
for all evaluated MPs (67–81 percentage points increase) and no significant deterioration in reactor 
performance. The microaeration prompted a gradual alteration of the microbial community inside 
the reactor, without compromising the archaeal community and therefore, the methanogenesis. Thus, 
microaeration presents a practical and promising alternative for retrofitting existing treatment plants 
to reduce MP emissions.

Due to the typical concentration range of MPs in domestic wastewater, their removal is often 
reliant on the presence of other growth-supporting organic substrates. Therefore, for low-strength 
wastewater such as domestic sewage, the presence of sufficient degradable organic matter might be a 
limiting factor for MP removal. Studies have shown that the addition of external electron donors can 
significantly enhance MP degradation (Oliveira et al., 2016). This is also why dosing external electron 
donors in post-denitrifying reactors for residual nitrogen removal can increase MP degradation 
(Torresi et  al., 2017). Thus, it can be hypothesized that co-treating domestic sewage with other 
wastewaters could favor the overall removal of MPs. However, this approach is still in its early stages, 
and it is necessary to evaluate the impacts of the subsequent increase in organic load on the treatment 
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system’s efficiency. Additionally, practical applicability must be considered, including aspects such as 
the availability and transportation costs of appropriate co-substrates.

The previously discussed emerging strategies for enhancing MP removal rely on the biological 
degradation route, which might still be insufficient for acutely recalcitrant MPs. In these cases, 
oxidative physicochemical post-treatments constitute compelling alternatives. There are numerous 
established and innovative oxidative physicochemical processes capable of removing MPs, such as 
ozonation, ultraviolet-peroxide, chlorination, hydrodynamic cavitation, sonolysis, Fenton-based 
processes, electrochemical oxidation, and ferrate oxidation. These processes are non-selective 
and generally capable of high-MP transformation rates. Some processes, such as chlorination and 
ozonation, are already found in domestic WWTPs containing tertiary stages for effluent polishing. 
While it is not within our current scope to provide an in-depth review of the performance of each of 
these technologies in MP removal, it is important to discuss the applicability of upgrading existing 
treatment plants aiming at MP oxidation. Oxidative chemical post-treatments typically entail 
elevated operating costs associated with high-energy requirements and costly inputs. While complete 
mineralization of some MPs is achievable for some of the processes, in some cases this might demand 
unfeasible reaction times, resulting in incomplete transformation of MPs. In some cases, TPs (deriving 
from MPs or from the wastewater matrix) can be more resistant or even more toxic than the initial 
target compounds (Ribeiro et al., 2015). Furthermore, the efficacy of oxidative chemical treatments 
is dependent upon the overall quality of the preceding wastewater treatment, as residual organic 
matter and common inorganic ions (sulfide, carbonate, bicarbonate, and nitrate) act as scavengers 
for the oxidant species, increasing the process cost. Nevertheless, cost-effective MP removal through 
ozonation has been implemented on full scale in Germany and Switzerland (Rizzo et al., 2019).

The strategies discussed to enhance MP removal from domestic wastewater involve adding a 
subsequent unit process to an anaerobic reactor. Naturally, these alternatives should achieve superior 
MP removal compared to relying solely on traditional anaerobic treatment. However, these options 
involve a significant degree of modification to WWTPs, and their implementation solely to reduce 
MP discharges may prove impractical in most cases. Adopting these systems is more likely to be 
successful when integrated with further polishing of other water quality parameters. This allows 
for more valued uses for the treated wastewater, such as water reuse and controlled groundwater 
recharge. It is important to keep in mind that any increase in effluent quality is accompanied by an 
increase in treatment cost and in the overall impacts associated with producing the necessary inputs 
for these post-treatments. In other words, the abatement of MP discharge might create environmental 
burdens beyond the walls of the treatment plant. Therefore, the endpoints for effluent discharge must 
be carefully assessed, aiming for an overall environmental optimum rather than the lowest achievable. 
A comprehensive benefit analysis is necessary.

9.3 CONCLUDING REMARKS
Sources of MPs in the environment are diverse. They can come from domestic wastewater, hospitals, 
commercial and industry effluents, farms, and several run-offs. This ample origin makes them diverse, 
complex, and difficult to monitor. Contamination of water and domestic sewage by MPs has adverse 
effects, such as resistance in pathogenic bacteria and reduced diversity of bacteria and algae in aquatic 
environments. These substances cause changes in the behavior and morphology of aquatic biota and 
interfere with the hormonal system of wildlife and humans. Even with the partial elucidation of the 
consequences and toxicity of exposure to MPs, most countries do not have legislation to impose a 
maximum limit for their concentration in water bodies. Currently, regulations have been adopted for 
a few micro-contaminants in some countries and regions only in the European Union.

Advanced physical–chemical treatment technologies, such as adsorption and membrane processes, 
have been demonstrated to be promising choices for MP removal; however, they imply high operation 
costs and formation of by-products. A biological anaerobic process of conversion of organic matter 
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has, therefore, received attention from several research groups trying to assess if it is a viable option to 
convert MPs in domestic sewage. The development of anaerobic reactors for the removal of MPs from 
wastewater faces several challenges, including a selection of suitable microorganisms, organic load 
control, MP monitoring, reactor scaling-up, and cost–benefit. Studies on MP removal in anaerobic 
systems are emerging and a great deal of work should be carried out to evaluate whether conventional 
anaerobic reactors applied to domestic wastewater treatment under usual operating conditions are 
able to effectively remove contaminants of emerging concern. Moreover, in order to comply with the 
requirements of removing organic matter, nutrients, and MPs, beyond generating energy (biogas) in 
a robust, safe, and sustainable way, the study of new operating strategies and reactors configurations 
are required.
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ABSTRACT

Anaerobic treatment of municipal wastewater has its own peculiarities given the low organic loading, volatile 
suspended solid content, and other specifics; however, monitoring and control approaches for sewage anaerobic 
biological systems share most principles as for industrial wastewater anaerobic treatment. The main key point for 
stable nominal operation in anaerobic bioreactors is to maintain sufficient active methanogenic biomass in reactors. 
The loss of methanogenic biomass can occur due to hydraulic washout, insufficient supply of methanogenesis 
substrates, inhibitions or toxicity including temperature shock. In this chapter, general key aspects when thinking 
on anaerobic treatment control are presented and discussed, including the most important variables for effective 
monitoring. Both conventional and more advanced strategies for process control are discussed with an emphasis on 
the process dynamics and the utilization of the available information from instrumentation to the best possible way.

Keywords: advanced control, anaerobic reactor monitoring, anaerobic treatment control, instrumentation, model-
based control.

10.1 MONITORING AND CONTROL: MOTIVATION AND GOALS
Similar to water treatment systems, the control of anaerobic processes is driven by a combination of 
forces and technology factors. These include the need to enhance operational efficiency to reduce both 
capital and operational expenses related to energy and chemicals (Olsson & Ingildsen, 2020). Good 
control involves maintaining consistent operation and quality of effluents as well as to proactively 
responding to unexpected events or disruptions. These include hydraulic and organic overloads, issues 
related to toxicity, sudden temperature or pH fluctuations, and more. Effective control measures not 
only serve to address these challenges but can also provide valuable insights into understanding the 
dynamics of the process for troubleshooting purposes.

Although anaerobic treatment is typically utilized to treat warm, high-strength industrial wastewater 
containing high concentrations of biodegradable organic matter, direct anaerobic treatment of 
domestic wastewater is becoming attractive as it can change a wastewater treatment plant from 
energy consuming to energy producing. However, anaerobic sewage treatment has its own limitations; 

Chapter 10

Process monitoring and control

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024

https://creativecommons.org/licenses/by-nc-nd/4.0/


276 Anaerobic Treatment of Domestic Wastewater: Present Status and Potentialities

it is limited by hydrodynamic constraints including flow fluctuations, rather than organic conversion 
capacity. A high fraction of particulate chemical oxygen demand (COD) in influents favours flocculent 
rather than granular sludge in upflow anaerobic sludge blanket (UASB) reactors and the composition 
in general displays a larger variability when treating sewage wastewater. Although the monitoring 
and control principles applicable to anaerobic reactors treating domestic wastewater do not differ 
much from those treating industrial wastewater, these specific limitations should be considered when 
designing monitoring and control of anaerobic sewage treatment plants.

Good monitoring and control practices for anaerobic reactors in domestic wastewater treatment offer 
benefits such as enhanced process efficiency, increased biogas production, efficient waste treatment, 
odour control, prevention of process upsets, regulatory compliance and operational cost savings. 
Adopting robust monitoring and control systems will optimize the performance and sustainability of 
processes. It is also essential to prevent process upsets, to ensure regulatory compliance and to achieve 
operational cost savings. By adopting robust monitoring and control systems, process performance 
and sustainability can be maximized.

When approaching the problem of controlling anaerobic reactors it is important to be aware of 
their characteristic dynamic behaviour. An anaerobic digestion (AD) process is a multistep process 
in which normally only either the first or the last step can become limiting. These first and last 
steps are the hydrolysis of particulate matter and methanogenesis, respectively (Figure 10.1). This 
implies that the intermediate step of acidification, which produces components potentially inhibitory 
to methanogenesis is actually the fastest step. This has an immediate implication that if acidification 
proceeds too quickly the system can be flooded with acids crossing the pH inhibition threshold for 
methanogens. If methanogens cease to operate, the accumulation of acids is never eliminated and the 
system methanogenic capabilities can collapse permanently. This is an inherently unstable system 
once the pH inhibition threshold has been crossed and therefore will require an active control action 
to bring it back into the stable operation range.

10.1.1 Anaerobic reactor operation under nominal conditions
Adequate operational conditions in anaerobic reactors must be maintained to provide favourable 
reactor environmental conditions such that the ecological balance of key AD microorganisms, 
especially methanogens, is maintained (de Lemos Chernicharo, 2007). Under normal conditions and 
in the presence of sufficient active methanogenic biomass, intermediate volatile fatty acids (VFAs), 

Figure 10.1 AD is a multistep process. Methanogenesis can be inhibited by the accumulation of intermediate 
products of the acidogenic fermentation and other components. Effective control action must reject the disturbances 
leading to that accumulation over the threshold of instability.
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generated during an intermediate fast acidification process, are consumed as quickly as they are 
generated. Under these conditions the limiting process step is methanogenesis. For the production 
of VFAs and their methanization to remain balanced it is necessary to ensure that sufficient active 
methanogenic biomass remains in the reactor. Adequate biomass retention is the key to ensure a 
feasible treatment capacity, especially for low-strength wastewater. As illustrated in the previous 
chapters, bioreactors such as UASBs and their later developments can deliver this capability. In 
particular, an expanded granular sludge bed reactor could offer better removal efficiency due to better 
contact between sludge and wastewater, making it suitable for dilute substrates such as domestic 
wastewater (Seghezzo et al., 1998).

The design of monitoring and control systems should aim not only to ensure stable and robust 
operation under normal conditions but also to optimize the process during start-up or recovery 
from unexpected upsets as swiftly as possible. The normal operation of an anaerobic digester is 
characterized by a stable microbial methanogenic activity leading to high yield of methanization of 
the influent biological oxygen demand (BOD).

10.1.2 Anaerobic reactor operation under dynamic conditions
In response to process and operational changes that may occur at any stage, including sudden or 
unforeseen events, as well as during start-up and recovery phases, it is crucial to take timely and 
appropriate actions. These operational measures are aimed at preventing process upsets, such as the 
accumulation of acids or disruptions in the microbial community, and ensuring the continued smooth 
operation of the system.

A critical yet challenging operation phase that can determine the entire progression of anaerobic 
treatment systems is the start-up (Sbarciog et al., 2012). In terms of operational strategy, the feeding 
regimen and inoculation procedures are pivotal factors during this phase. During start-up, a carefully 
planned feeding regimen becomes essential to support the growth and adaptation of the microbial 
consortium to changing or unfamiliar environments, all while avoiding destabilization. Consequently, 
across both experimental and full-scale studies, it is a common practice to gradually increase 
organic loading rate (OLR) of the feed, considering the current state of the digester and any required 
inoculation procedures.

10.2 MONITORING ANAEROBIC TREATMENT PROCESSES
Adequate operational conditions of an implemented anaerobic reactor are essential to create and 
maintain favourable reactor environmental conditions so that an ecological balance of key anaerobic 
microorganisms, especially methanogens, is maintained (de Lemos Chernicharo, 2007). The microbial 
consortia present in an anaerobic reactor can work effectively only under a specific range of conditions 
and they are sensitive to significant process changes that could eventually cause process failures if not 
adequately monitored.

10.2.1 Key variables and mechanisms affecting anaerobic treatment process operation 
and stability
Maintaining adequate balance of anaerobic microorganisms requires consideration of both physical 
and chemical characteristics of the reactor environment since these affect microbial growth (de Lemos 
Chernicharo, 2007). In this regard, important factors include:

• Biomass retention: a significant factor that increases treatment efficiency, shortens treatment 
period and/or reduces reactor size requirements is the density of microorganisms available for 
treatment (Taricska et  al., 2009). Also, the form of the microbial biomass, existing on their 
own or as aggregates, has a significant effect on microorganism survival, transfer of nutrients 
and  consequently, on the overall efficiency of an anaerobic treatment process (de Lemos 
Chernicharo, 2007).
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• Nutrients: a number of macro- and micro-nutrients are essential for maintenance and correct 
functioning of microorganisms. Hence, the reactor medium should have essential nutrients in 
sufficient quantities. For methanogens, these include N, P, S, K, Ca and Mg as macronutrients, 
and Fe, Ni, Co, Mo, Zn, Mn and Cu as micronutrients.

• Temperature: this is an important physical factor for microbial growth, favourable thermodynamics 
of several reactions and substrate diffusion rates. While an optimal temperature range for 
anaerobic treatment is between 30 and 40°C, anaerobic treatment rates at lower temperatures 
can decrease by ∼11%/°C below the ideal temperature range (Lubbe & Haandel, 2019). This 
presents challenges for anaerobic processes operating at lower temperatures (e.g. domestic 
wastewater treatment in milder climate regions).

• pH: this affects enzymatic activity and toxicity of a number of compounds. In an anaerobic 
treatment process, VFAs and carbonic acid (from generated CO2) are the main sources affecting 
pH. For methanogens in general, the optimal pH range is between 6.6 and 7.4 while inhibition 
occurs for pH below 6.0 or above 8.3. Acidogens are much less sensitive to pH and can survive 
even at very low pH (as low as 4.5).

• Alkalinity: this is the buffer capacity of an anaerobic treatment system especially in the form of 
bicarbonate (HCO3

− ) via ionic speciation reactions. The buffer capacity due to alkalinity helps 
in avoiding pH changes by regulating H+ ion concentration in the reactor medium. Sufficient 
alkalinity will help in neutralization of acidic VFA intermediates and hence help in pH buffering 
in case of VFA accumulation. Overall, alkalinity is important for evaluation of pH and indication 
of acidification conditions inside a reactor.

• Toxic compounds: toxicity of anaerobic microorganisms towards a number of compounds is one 
of the main reasons for non-generalized use of an anaerobic treatment process. Controlling or 
eliminating such compounds is necessary to minimize or prevent inhibition to microorganisms, 
especially methanogens which can be easily inhibited by these compounds. The level of toxicity 
depends on the concentration of inhibitory compounds and their impact on microorganisms 
(reversible or irreversible). The chemical species that can be inhibitory to microorganisms 
include salts (primarily cations such as Na+, Ca2+, etc.), ammonia/ammonium (NH3/ NH4

+ ), 
hydrogen sulphide (H2S) and heavy metals (chromium, nickel, zinc, copper, etc.). For sewage 
anaerobic treatment, possible toxic compounds in the feed include oxygen, NOx, NH4

+ /NH3 and 
sulphide although they may be likely at non-inhibitory levels (Lubbe & Haandel, 2019).

Researchers have identified and suggested many key process parameters known to act as diagnosis 
indicators of process stability: pH, biogas/methane flow, dissolved H2 concentration, alkalinity and 
VFA concentration (García-Gen et al., 2015). For an anaerobic treatment process, VFA levels and 
alkalinity are important indicators to assess process stability while microbial community profiling 
can give a direct indication of the process status (performance and stability). Methane production is 
also one of the important indicators to indirectly access stability in AD systems.

10.2.2 Variable selection based on availability and practicality
For efficient anaerobic bioreactor operation, activities that evaluate process efficiency, operational 
stability and sludge characteristics (amount and quality) are important. During practical anaerobic 
reactor operation, some of the important process variables and parameters that need to be verified 
and monitored include (de Lemos Chernicharo, 2007):

• Influent flow rates
• Physicochemical and microbiological characteristics of influent wastewater
• Efficiency and operational problems of the reactor
• Biogas characteristics (amount and quality)
• Produced sludge characteristics (amount and quality)
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A list of process variables that should be generally monitored during steady-state and/or stable 
operating conditions is provided in Table 10.1 in order to assess process efficiency, stability and quality 
of resulting sludge. A number of these listed variables are also necessary for anaerobic treatment 
process monitoring in general irrespective of the operational phase. Assessing the levels of dissolved 
organic matter (DOM) using BOD measurements is important for domestic wastewater since there is 
heterogeneity in DOM quality and levels in such wastes (Goffin et al., 2018). This affects the biological 
treatment efficiency which is highly sensitive to soluble organic matter fractions.

According to monitoring equipment availability and practical limitations, the measuring frequency 
of the variables given in Table 10.1 can range from daily to once in a month. The majority of these 
variables are limited to being measured and monitored offline only, which is problematic for 
instrumentation and control purposes.

10.2.3 Current AD process-monitoring practices
Owing to the long hydraulic retention times (HRTs) or solid retention times (SRTs) used in anaerobic 
reactor systems and the resource limitations in available monitoring equipment/techniques (particularly 
in case of microbial biomass and heterogeneous waste characterization), offline measurements are 
practically feasible and have long been used for monitoring the process. Offline measurements such 
as COD, total organic carbon, BOD, biomethane potential tests and organic matter biochemical 
analysis have been commonly utilized in anaerobic treatment systems (Jimenez et al., 2015). Methane 
production (part of biogas) is one of the common variables measured and monitored for assessing 
anaerobic reactor output performance.

In case of anaerobic reactor-monitoring practices at a commercial scale, Table 10.2 provides a 
summary of variables monitored across five of the existing plants in Europe according to the report 
by The Wales Centre of Excellence for Anaerobic Digestion et al. (2012) as an example. Although a 
variety of process variables are being monitored in these full-scale systems, only a few of the variables 
are measured online (pH, temperature, biogas flow rate, biogas composition, biogas yield and partial 
pressures) while a majority are measured offline and less frequently.

10.2.4 Practical limitations in anaerobic reactor monitoring and control
A small number of variables typically monitored online, particularly in commercial-scale anaerobic 
treatment systems, presents a limitation for the development of effective operational control strategies, 
for which the variables monitored online to effectively assess the process state is a critical component. 
For an anaerobic treatment process, VFA levels and alkalinity are important indicators to assess 
process stability while microbial community profiling could in some cases provide some indication 
of the process status (performance and stability). On a commercial scale, there are still major hurdles 
to overcome when monitoring such variables. VFA and alkalinity are generally monitored offline and 
less frequently in case of full-scale AD plants while monitoring for microbial community diversity and/

Table 10.1 List of monitoring variables suggested for assessing different factors during anaerobic reactor 
operation.

Process Assessment Factors

Treatment Efficiency Reactor Stability Sludge Quantity and Quality

Monitoring 
variables

• Suspended solids
• COD
• BOD
• Biogas production
• Pathogenic organisms

• Temperature
• pH
• Alkalinity
• VFAs
• Variations in biogas 

composition

• Total solids
• Total volatile solids
• Sludge mass
• Specific methanogenic activity
• Fraction of biodegradable solids in sludge
• Sludge settleability

COD, chemical oxygen demand; BOD, biological oxygen demand; VFAs, volatile fatty acids.
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Table 10.2 Summary of variables monitored across some of the existing anaerobic treatment plants in Europe.

Anaerobic 
Treatment Plant 
Component or 
Stream Analysed

Monitoring Variables Measurement Frequency Sampling

Feedstock Volatile and total solids On arrival, few times a week or 
monthly

Manual and 
on-site/in lab

Temperature Continuous Online and on-site

pH Monthly or few times a year Online/manual 
and on-site/in lab

Potential biogas yield Monthly Manual and in lab

Alkalinity Monthly or few times a year Manual and in lab

C:N:P:S analysis Monthly or few times a year Manual and in lab

Carbs, lipids, proteins, heavy 
metals, light metal ions

Less often (every year or two) Manual and in lab

Digester Total solids Weekly or monthly Manual and in lab

Temperature Continuous Online and on-site

pH Continuous or weekly Online/manual 
and on-site

OLR Weekly, monthly or few times a 
year

Manual and in lab 
or calculated

VFAs Weekly, monthly or few times a 
year

Manual and in lab

C:N:P:S ratio Every 4 months Manual and in lab

Hydraulic and solid retention 
times

Monthly Manual and in lab

Biogas Gas flow rate Continuous or few times a week Online and 
on-site/telemetry

Biogas yield Continuous, daily or few times a 
week

Online and 
on-site/telemetry

Biogas composition
(CH 4, CO2, NH3, H2S, other 
trace gases, impurities)

Continuous or few times a week Online and 
on-site/telemetry

Partial pressures
(CH4, CO2, H2)

Continuous or few times a day Online/manual 
and on-site

Digestate Volatile and total solids Few times a year (2–4) Manual and in lab

Temperature Continuous Online and on-site

pH Continuous or few times a year Online/manual 
and on-site/in lab

Nutrients and trace elements Few times a year (2–4) Manual and in lab

Heavy metals Yearly Manual and in lab

N total Before spreading, weekly or few 
times a year

Manual and in lab

Pathogens (e.g. Salmonella, 
Enterobacteria, helminth eggs)

Few times a year (1–4) Manual and in lab

VFAs Biweekly or few times a year Manual and in lab

C:N:P:S, carbon:nitrogen:phosphorus:sulphur; VFAs, volatile fatty acids; N, nitrogen.
Source: Information adapted from The Wales Centre of Excellence for Anaerobic Digestion et al. (2012).
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or abundance hardly exists or is not common. On the contrary, for anaerobic treatment of domestic 
wastewater/sewage, controlling some variables such as temperature is challenging although it is a 
readily available variable for online monitoring. For conventional suspended biomass treatment units, 
the low strength of such wastewater and the consequent low methane production from its anaerobic 
treatment could not provide sufficient heating to drive the process towards increased treatment rates 
in the optimal, higher temperature ranges (Lubbe & Haandel, 2019). A different behaviour is expected 
from high-rate systems, as extensively discussed in the previous chapters.

At the research level, novel techniques have been developed for online monitoring or rapid 
measurements. Existing studies have shown the potential and success of online-monitoring techniques 
for VFAs, alkalinity and other parameters (COD, total alkalinity, volatile suspended solids (VSS)) 
(Boe & Angelidaki, 2012; Falk et al., 2015; Molina et al., 2009; Morel et al., 2005; Nielsen et al., 2007; 
Steyer et al., 2002). Techniques have been generally tested on lab- and pilot-scale systems, but tests with 
full-scale systems have been performed as well (as in the study by Nielsen et al., 2007). With regards 
to practical considerations, the current limitations of such techniques include high cost (e.g. spectral 
techniques) and uncertainty in application to other case scenarios and process conditions since these 
techniques are generally calibration based. Another alternative strategy to deal with online-monitoring 
limitations is the development of model-based sensors (software sensors, observers, state estimators, 
etc.) that are able to predict the values of difficult to measure variables using variables that are easily 
measured or available during monitoring. Some of the popular approaches include Kalman filters 
and Luenberger observers (de Lemos Chernicharo, 2007). For AD processes in general, a number of 
studies on software sensors and state estimators/observers to predict unmeasured process variables 
have been published. For interested readers, de Lemos Chernicharo (2007) provide a review of such 
studies. Due to the predictive nature, such sensors have a major drawback of being limited to specific 
process conditions and operational ranges.

From a practical viewpoint, availability of skilled personnel, monitoring costs and opinions of 
technical consultants are the other major factors, besides equipment availability, affecting the extent 
of monitoring (e.g. number of variables measured and frequency) implemented in real-life anaerobic 
treatment plants (Drosg, 2013). However, when considering monitoring costs, one should also evaluate 
the economic losses resulting from insufficient monitoring (Drosg, 2013).

10.3 CONTROL OF ANAEROBIC TREATMENT PROCESSES
Despite several advantages of an anaerobic process as a treatment technology, a major concern in full-
scale application is that it can become unstable under operational condition variations (Bernard et al., 
2001). The microbial consortia present in an anaerobic treatment system can work effectively under 
a certain range of conditions and are sensitive to significant process changes that could eventually 
cause process failures if not monitored. Hence, control of such conditions within safe and optimal 
ranges is essential for a stable and efficient performance.

Numerous studies have been conducted on proposal and implementation of control schemes 
for anaerobic reactors in general. In this regard, several control schemes have been proposed and 
implemented to monitor anaerobic reactors: on/off, standalone or combinations of proportional 
(P), integral (I) and derivative (D) controls, adaptive control, cascade control, neural network-based 
control, fuzzy logic, non-linear adaptive, non-linear model predictive control (NMPC) and many other 
expert control systems (García-Gen et  al., 2015; Jimenez et  al., 2015). A majority of these control 
strategies used HRT or OLR as a manipulated variable (MV) (García-Gen et al., 2015).

10.3.1 Control strategies for nominal anaerobic reactor conditions
Operating under nominal conditions involves maintenance of stable and steady conditions with a 
given methane production rate. Under nominal steady-state conditions, anaerobic digester operation 
generally proceeds with minimal control action required (McCarty, 1964). During nominal operation 
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the main task of the control system is the rejection/attenuation of disturbances. Some of the key 
anaerobic reactor disturbances that have been the basis of control strategies in existing studies involve 
acidification, alkalinity changes and organic overloads, together with the inflow of toxic components. 
As such, the variables targeted for control (control variables (CVs)) in existing studies include pH, 
alkalinity, VFA concentrations and methane production rate while manipulating dilution rate and/
or added alkali/bicarbonate (MVs) (Jimenez et al., 2015). The existence of several different validated 
control strategies for anaerobic reactors in the literature implies that there is diversity in control 
strategies for different objectives and applications, irrespective of the anaerobic reactor operation phase 
(steady state/nominal, start-up, recovery, re-start-up, etc.) and feed characteristics. Some researchers 
have considered targeting CVs for faster indication and management of process destabilization whereas 
others considered maximizing methane production while avoiding organic overloads.

In general, acidification has been the key phase to track and a number of studies have utilized 
different and/or early indicator variables for effective control. This could be more apparent for 
anaerobic reactors treating high-strength wastes than low-strength streams such as sewage or domestic 
wastewater. The study of McCarty (1964) represents one of the earliest guides on anaerobic treatment 
fundamentals, including heuristics and suggestions for corrective action against process imbalances. 
These included suggestions on using operational actions (e.g. adding lime or sodium bicarbonate) to 
maintain alkalinity and/or pH within a stable range (bicarbonate alkalinity in the range of 2500–
5000 mg/L) (McCarty, 1964).

10.3.1.1 Hydrogen-based control
An alternative and less conventional approach is based on the monitoring of another fast-response 
variable, which is hydrogen in the gas phase if available in terms of adequate instrumentation for it. 
Rodríguez et al. (2006) proposed an easy to use controller for stable maintenance of the concentration 
of H2 in the gas phase. A controller operates by indirectly regulating the concentration of COD in 
the effluent, which reflects the methanization process. This is proposed by controlling the hydrogen 
concentration in the biogas. Theoretical analysis indicated that, under steady-state conditions, there 
is a functional connection between the concentration of COD in the effluent and the hydrogen in the 
biogas (Ruiz, 2005). This relationship can be directly determined through experiments for a specific 
substrate, reactor set-up and operational conditions when a real system operates in a stable state. This 
functional connection implies that setting a desired level for the hydrogen concentration in the biogas 
is essentially the same as establishing a target for the COD concentration in the effluent.

The controller is purposefully designed to maintain the hydrogen concentration in the biogas, 
and consequently, the COD concentration in the effluent, at a predefined set-point value. The control 
strategy is described in Equation (10.1), indicating how the dilution rate should change over time. 
Typically, a discrete implementation of the controller is the expected approach. The adjustment in the 
dilution rate is directly proportional to its current value and influenced by two factors: fH2 and fCH4. 
The factor fH2 depends on the current hydrogen concentration, whereas fCH4  is related to the current 
methane production rate:

d
d

H CH
D
t

KDf f= 2 4  

The controller modifies the dilution rate (D) according to the values of hydrogen concentration in 
the biogas (ppm H2) and methane production rate (QCH4). Figure 10.2 shows the relationship between 
the controller factors and these monitored variables.

The quick reaction of hydrogen to disturbances, such as overloads, guarantees that the system 
is swiftly corrected before it reaches an unstable state. The controller is purposefully designed to 
enhance the process by maximizing methane production as long as the hydrogen concentration 
remains at a low level. This controller capitalizes on the fact that hydrogen, acting as an intermediary 
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in AD, accumulates quickly in the biogas if almost any form of destabilization occurs. It serves as a 
well-established indicator of impending unstable conditions, particularly overloads. Consequently, it 
has the potential to be a highly effective early warning signal when monitored in real time.

10.3.2 Control strategies for dynamic AD conditions
For any given anaerobic treatment system, start-up can be a crucial phase as it can determine the entire 
progression of the system and this issue has not received much attention (Sbarciog & Vande Wouwer, 
2014). Another significant issue is slow recovery of anaerobic reactors from process instability or 
other imbalances. The conditions required during these stages are usually different from those of an 
anaerobic reactor in nominal operation. Hence, in addition to the system monitoring during normal 
operation, efficient control and optimization during the anaerobic reactor start-up and recovery can 
be beneficial and economical in safely driving the system towards an optimal operation (Sbarciog & 
Vande Wouwer, 2014).

Some studies exist that focused on proposing and designing controllers for anaerobic reactors 
during the start-up phase. Table 10.3 provides a summary of such studies. Some of these studies 
also considered strategies for re-start-up, recovery and process upsets (e.g. overload). It should be 
noted that the substrates of interest in these studies have primarily been industrial or sludge wastes; 
high-strength wastes that make the start-up phase challenging due to organic overload risks and 
destabilization if not managed effectively. For anaerobic treatment of sewage, start-up could be less 
challenging owing to the inherent presence of microbial populations and buffering capacity of these 
liquid wastes (Lubbe & Haandel, 2019).

The existing control systems listed in Table 10.3 range from simpler configurations (e.g. proportional) 
to more advanced ones such as optimal controllers (e.g. NMPC implementation by Ahmed & Rodríguez, 
2020) and an expert system (as in Barnett & Andrews, 1992). Overall, promising results have been 
observed from implementation of such model-based advanced control strategies for anaerobic reactor 
start-up and process upset recoveries in the existing studies. This indicates the potential for generally 
adopting such strategies for effective anaerobic treatment process control and optimization during 
start-up and/or process upsets.

10.3.3 Advanced control configurations
10.3.3.1 Optimum control using model-predictive control in anaerobic treatment systems 
(model- based controllers)
Model-predictive control (MPC) is an advanced control strategy that has proven to be particularly useful 
for difficult multivariable or multiple-input multiple-output control problems (Seborg et al., 2011). The 
basic idea of MPC involves optimizing future behaviour of a system by using model predictions and, 

Figure 10.2 Empirically derived functions for the hydrogen factor vs. hydrogen concentration in the gas (for an 
example desired ppm H2sp of 10 ppm) (a) and for the methane factor as a function of the methane production rate 
(b). It is worth nothing how the methane factor never attains zero meaning that the controller always pushes the 
system gently towards higher methane production rates if the capacity allows for it (source: Rodríguez et al., 2006).
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Table 10.3 Summary of existing studies on control strategies for anaerobic reactors during dynamic conditions (start 
up, recovery and upsets).

Ahmed and Rodríguez (2020) Austermann-Haun et al. 
(1994)

Barnett and Andrews (1992)

Aims Automatic, optimal start-up Start-up enhancement Diagnosing hydraulic, organic, 
toxic and NH3 upsets

Controller type NMPC Automatic system Expert system 
(fuzzy-logic-based)

CVs (1) VFAs (effluent),
(2) conc. of acetoclastic 
methanogens (reactor), and
(3) CH4 production rate

pH pH, CH4 flow rate and variables 
related to upsets considered

MVs Inflow rates for (1) organic 
substrate, (2) dilution water 
and (3) added alkali

Feed flow rate Influent flow rate, sludge 
recycle, dilution and acid/base 
addition

AD system tested • Virtual UASB (9.75 L at 
35°C)

• Substrate: synthetic 
(glucose) (set-up based on 
literature)

• Real-life AFFR (9.5 L 
at 35°C)

• Substrate: synthetic 
(VFAs)

• Virtual two-stage, 
continuous AD process

• Substrate: sludge (WW)

García-Diéguez et al. (2010) Holubar et al. (2003) Renard et al. (1991)

Aims Stable and efficient re-start-up 
and overload operation

Optimal start-up (non-
adapted seed) and optimal 
recovery (shock loadings)

Stable start-up and steady-state 
performance

Controller type Variable gain Optimal control Adaptive (model-based)

CVs H2 and CH4 gas flow rate 
(effluent)

Biogas flow rate and 
composition

Propionate concentration

MVs Feed flow rate OLR Feed dilution rate

AD system tested • Virtual USBFR (1150 L 
at 37°C)

• Substrate: synthetic 
winery WW

• Real-life CSTR (20 L 
at 30°C)

• Substrate: primary 
and surplus sludge mix 
(MWWTP)

• Real-life CSTR (60 L at 35°C)
• Substrate: citrocol

Rozzi et al. (1994) Sbarciog et al. (2012) Puñal et al. (2001)

Aims Stability during start-up and 
overload

Optimal start-up Diagnosing hydraulic and 
organic overload upsets

Controller type Proportional Optimal control Expert system 
(fuzzy-logic-based)

CVs Bicarbonate alkalinity 
(effluent)

CH4 production rate Acidification control (biogas 
flow rate, CH4 and CO biogas 
composition)

MVs Alkali concentration (influent) Dilution rate Feeding (and recycling) rate, 
and nutrients and alkali dosing

AD system tested • Real-life hybrid AD (10 L 
at 37°C)

• Substrate: olive mill 
effluent

• Virtual CSTR
• Organic substrate 

(details not reported)

• Data from different AD 
operational situations (exact 
details not reported)

AD, anaerobic digester/digestion; AFFR, anaerobic fixed film reactor; CSTR, continuous stirred tank reactor; MWWTP, municipal 
wastewater treatment plant; NMPC, non-linear model-predictive control; OLR, organic loading rate; USBFR, upflow sludge-bed filter 
reactor; VFAs, volatile fatty acids; WW, waste water.
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together with system output measurements, determining the appropriate control input actions to be 
implemented (Grüne & Pannek, 2011; Seborg et al., 2011). One of the characteristic features of MPC 
that contributes to its success is the consideration of constraints on inputs and/or outputs (Grüne & 
Pannek, 2011; Seborg et al., 2011). Also, provided that an accurate model is available, predictions can 
help in early detection of potential problems (Seborg et al., 2011). A critical factor, however, for MPC 
success lies in the availability of a reliable and accurate model.

MPC implementation in existing anaerobic treatment studies has shown successful performance 
for optimal control of anaerobic treatment systems, including robustness against disturbances 
(e.g. overload). Table 10.4 provides a summary of some of the existing studies on implementing 
model-predictive controllers in anaerobic reactors. Overall, a number of studies related to MPC 
implementation for anaerobic treatment systems exist in literature while few of these conducted real-
life validation tests. Also, the substrates of interest in these MPC studies have been primarily high-
strength wastewaters and solid wastes. Nevertheless, these studies have demonstrated the success and 
flexibility of MPC strategy for controlling anaerobic treatment processes.

Many of the studies listed in Table 10.4 have shown the success of MPC at optimizing the anaerobic 
co-digestion scheme; an anaerobic co-treatment strategy involving two or more substrates. Such a 
co-treatment scheme is beneficial to offset the limitations with anaerobic treatment of low-strength 
wastewaters such as sewage/domestic wastewater. Anaerobically co-treating sewage/domestic waste 
with substrates of desirable characteristics (e.g. higher COD, nutrient content, etc.) can mitigate 
low COD and suboptimal temperature operation issues with the domestic wastewater treatment 
alone. Implementing MPC for anaerobic co-treatment of sewage is an attractive approach to decide 
on effective operational strategy (e.g. ratio of co-substrate blending) for stable and optimal process 
performance, including optimal control during the start-up phase.

In a recent study by Ahmed and Rodríguez (2020), an NMPC system was constructed to optimize 
the start-up of anaerobic reactors treating soluble easily degradable organic materials (see Figure 10.3). 
Two different configurations were proposed for this system. For effective and cost-efficient control 
during the start-up process, a minimal set of practical CVs was chosen, which includes: (1) the quality 
of an effluent in terms of acetate equivalent COD, (2) the level of acetoclastic methanogenic biomass 
within the reactor and (3) the rate of methane production (only for one of the NMPC configurations). 
MVs for this process encompass the volumetric flow rates of organic substrate, dilution water and 
potentially concentrated alkali addition. In order to utilize the selected CVs, which are technically and 
economically feasible to measure or estimate, a custom-tailored AD model was specifically designed. 
This model plays a crucial role as a predictive component within an NMPC system.

A majority of the MPC studies for anaerobic treatment systems have implemented NMPC in 
particular which is justified and necessary due to the highly non-linear nature of models describing 
the complex anaerobic process. The existing studies on MPC have generally focused on ensuring 
stable, steady-state conditions for anaerobic reactors and as such, studies on MPC implementation 
specifically for the anaerobic reactor start-up phase are only a few. The operational conditions for 
anaerobic reactor start-up can be different that need to be optimized for faster, stable and efficient 
start-up to ensure successful onset of an anaerobic treatment process. In this regard, implementing an 
MPC strategy, inherently being an optimal control strategy, is effective for optimal anaerobic reactor 
control including start-up.

10.3.3.2 Meta-heuristics-based control: fuzzy logic and hybrid controllers
Meta-heuristics algorithms have been utilized in control designs besides being primarily applied for 
modelling/optimization applications. For anaerobic treatment applications, a number of studies exist 
that successfully designed such controllers including fuzzy-logic controllers and hybrid controllers. 
Fuzzy-logic control is based on application of expert knowledge that can help in optimizing processes 
under dynamic conditions (Robles et al., 2018). Moreover, fuzzy-logic-based control is advantageous 
for non-linear systems and does not require significant amount of data and/or an extensive/
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mechanistic model (Robles et al., 2018). Some of the earlier studies, such as those by Barnett and 
Andrews (1992) and Puñal et al. (2001), showed the success of fuzzy-logic controllers in AD systems. 
These studies were particularly focused on controlling processes under disturbances such as upsets 
and feed overloads (summarized in Table 10.3).

Fuzzy-logic controllers have also been experimentally validated with anaerobic treatment systems. 
In a study by Robles et al. (2017), a fuzzy-logic controller was validated against a pilot-scale digester 
treating winery wastewater. The system was automated with a fuzzy-logic controller for regulating 
methane gas flow rate by manipulating feed flow rate while incorporating variable VFA levels as 
control input to avoid acidification. An on–off pH controller was utilized additionally that would 
regulate pH via alkali addition. In the presence of set-point changes and moderate level of disturbances 
(equipment-related), the controller successfully exhibited robust performance. In another similar 
study by Robles et al. (2018), a fuzzy-logic controller was experimentally validated against a fixed-bed 
anaerobic reactor treating winery wastewater. The control strategy aimed at controlling methane flow 
rate and effluent VFA concentration by manipulating feed flow but the focus was also on maximizing 
methane flow rate. Despite some process upsets before automating the experimental system, the 
controller was able to drive the process towards favourable and optimal conditions. A pilot-scale biogas 
reactor treating solid wastes was switched from manual mode operation to automated operation via 
fuzzy-logic controller by Scherer et al. (2022). The control scheme involved regulating pH, methane 
composition in biogas and specific gas production rate by manipulating OLR. Compared to manual 
operation strategy, the controller was able to operate the process at higher OLR without acidification 
issues.

The potential of hybrid controllers for anaerobic treatment systems has been realized in existing 
studies. A new class of controller was proposed and then virtually tested against an anaerobic 
treatment system as a case study by Chairez (2013). The proposed controller involved combining 

Figure 10.3 Proposed NMPC system architecture for optimal start-up control of an anaerobic reactor treating 
soluble substrates (source: adapted from Ahmed & Rodríguez, 2020).
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fuzzy-logic control with a differential neural network (DNN) to deal with limited process information 
and uncertainty in non-linear systems. For the anaerobic treatment process case scenario, the 
proposed controller successfully exhibited set-point tracking of biomass and fermentation product 
concentrations using predictions from the implemented DNN (state estimator) for the virtual testing 
of an anaerobic treatment system as a simple case scenario. A combined control design involving 
fuzzy logic and adaptive model-predictive control (AMPC) was implemented by Ghanavati et  al. 
(2021) and virtually tested against an anaerobic treatment system. The controller aimed at regulating 
methane flow rate and effluent VFA levels as well as maximizing methane production by manipulating 
the feed flow. Auto-regressive moving average model (input–output model) was used for predictions 
in the AMPC while ADM1 was used as the plant model. Overall, the controller provided stable and 
near optimal process performance (methane production) under feed composition change and model 
mismatch scenarios. In a study by Anand et  al. (2021), a combined fuzzy logic and proportional-
integral-derivative (PID) controller was proposed to regulate an anaerobic reactor with a dual-heating 
system configuration (internal and external). The strategy aimed at regulating digester temperature 
via manipulation of the mass flows of the heating fluid. In comparison to a standalone PID controller, 
the proposed fuzzy–PID controller showed superior performance in terms of peak overshoots, rise 
time and settling time of the controlled variable (temperature) relative to set point. Moreover, the 
combined controller was able to deal with disturbances in feed temperatures.

Overall, implementing meta-heuristics-based approaches is a potential solution for tackling some 
of the challenges when modelling, optimizing and/or controlling anaerobic treatment systems (such 
as being highly non-linear systems in terms of modelling and having limited information due to the 
limitations in online monitoring for control purposes).

10.4 OUTLOOK
Effective and sufficient monitoring procedures are important for successful operation of an anaerobic 
treatment process. Anaerobic reactor failure resulting from poor or inadequate monitoring leads to 
significant financial losses since the reactor has to be started up again with new inoculum followed 
by significantly long waiting times (several months) to re-establish stable conditions and full loading 
capacity (Drosg, 2013). Moreover, monitoring efforts should be particularly highest for sensitive 
phases such as start-ups (Drosg, 2013).

A small number of variables monitored online in commercial-scale anaerobic treatment systems 
presents a limitation on the development of effective control strategies, where the number and type 
of variables monitored online to effectively assess the status of a process is a critical component. For 
challenging anaerobic reactor phases (start-up, recovery, etc.), VFA levels and alkalinity are important 
and ideal indicators to monitor. Also, microbial profiling can give a direct indication of the process 
status (performance and stability). Accounting for microbial diversity in management of anaerobic 
treatment processes is an emerging area of interest with high potential and can lead to a new standard 
in the field of anaerobic process control and optimization (Jimenez et  al., 2015). However, on a 
commercial scale, there are still major issues to overcome when monitoring such variables. VFA and 
alkalinity are generally monitored offline and less frequently in case of full-scale anaerobic treatment 
plants whereas monitoring for microbial community diversity and/or abundance hardly exists or is not 
common. With technological advancements over the years, it might be possible to overcome existing 
challenges in anaerobic treatment instrumentation and with a positive outlook, it is likely that more 
of the novel measurement techniques will be developed in the future that might be cost effective and 
applicable for commercial-scale applications.

For nominal conditions, effective operational control is less challenging than during the critical 
phases of start-up and recovery. Aiming for optimal operation during such critical phases can help 
increasing the practical feasibility of anaerobic treatment technology at large scale. In this regard, 
opting for optimal control strategies is an ideal strategy. More studies on optimal control strategies, 
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such as the implementation of such strategies for low-strength wastewaters, for start-up and/or optimal 
performance in general are still needed for progress and developments in this field.
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ABSTRACT

Anaerobic treatment of domestic wastewater has been recognized as a feasible technology to reduce energy 
demand from the valorization of streams with high-organic load. However, there are many factors that influence the 
environmental and economic profiles of the process, such as the effluent pollutant load, operating temperature and 
methane emissions in the treated effluent and in the air. Therefore, all these parameters must be optimized taking 
into account not only the technical performance (i.e. biogas production), but also environmental and economic 
implications. This chapter presents a dual approach to highlight the characteristics of anaerobic treatment of 
domestic wastewater with life-cycle assessment and techno-economic analysis and how to approach these 
methodologies in diverse case studies.

Keywords: domestic anaerobic treatment, life-cycle assessment (LCA), techno-economic analysis (TEA), 
wastewater treatment (WWT).

11.1 SUSTAINABILITY AND CIRCULARITY IN WASTEWATER TREATMENT PLANTS
The 2030 Agenda for Sustainable Development sets out a series of ambitious objectives for the 
global community. These sustainable development goals include targets for access to safe water and 
sanitation and improved water management. To date, these are challenges that have proven difficult 
to meet, partly not only because they are complex, but also due to the global context, with political, 
social, economic uncertainty and environmental adversities. This calls for redoubled efforts and 
carefully selected approaches to achieve transformational change. Especially, drinking water scarcity, 
climate change and resource depletion are driving a paradigm shift in the wastewater treatment 
sector, reinforced by social awareness and new legislative changes. Because of this, there has been a 
more proactive attitude regarding the transformation of public perception of wastewater treatment 
plants from disposal to waste valorization facilities or ‘biorefineries’. In Europe, the goal is not only 
compliance with the already outdated Directive 91/271/EEC, but also try to incorporate the precepts 
supported by the Circular Economy Action Plan published in 2020, the Regulation (EU) 2020/852 
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(also known as ‘EU Taxonomy’) in relation to sustainable development, the Regulation (EU) 2020/741 
for minimum quality in water reuse and with the forthcoming wastewater treatment directive (revised 
proposal in October 2022). Quality thresholds for wastewater reuse have also been contemplated 
by non-European countries and worldwide organizations, such as the World Health Organization, 
Environmental Protection Agency (EPA), Australian Guideline for Water Recycling (AGWR) and 
International Organization for Standardization (ISO). In terms of the implementation of circular 
economy, other initiatives, platforms and organizations around the world can also be cited, such as 
African Circular economy Network, Economy and Social Commission for Asian and the Pacific, Asia 
Circular Economy Association and the Platform for Accelerating the Circular Economy.

In this context of sustainability and circularity, the strategic direction of the sector is moving 
towards the design of energy-neutral facilities, the application of more restrictive criteria for the 
removal of micropollutants, the improvement of reclaimed water quality and the improvement of 
sanitation in areas that had been left behind. Better access to water and sanitation, water management 
and governance and the multiple benefits they bring, can contribute significantly to positive 
transformation in these environments.

Because of these, strategies and technologies have been put forward to reduce, reclaim, reuse, 
recycle, recover and rethink and thus maintain material flows within the production–consumption 
chain. The most prominent resource of a wastewater treatment plant (WWTP) is wastewater, which 
could be transformed into a multitude of co-products such as liquid or solid fertilizers from digestate 
or as struvite, hydroxyapatite, k-struvite or ammonium sulphate, polymers (polyhydroxyalkanoates 
(PHAs), celluloses and polyhydroxybutyrates (PHBs)), biomass (microalgae and biochar) and energy 
(hydrogen, biomethane, biodiesel, bioethanol and biogas) and also reclaimed water to be reused (Singh 
et al., 2022). Among them, one of the most recurrent products is biogas given the large technological 
maturity of anaerobic digestion (AD) processes and its well-known function as storable energy vector. 
Although AD has been typically supporting sewage sludge management in developed countries because 
the continuous challenges in the search for politically and economically acceptable treatment routes, 
its applicability goes beyond, as algal biomass, food waste, sewage, industrial feedstocks and other 
high-organic strength streams have been widely used in the co-digestion of organic waste (European 
Environment Agency, 2022). Anaerobic treatment offers an opportunity for the transformation of 
organic matter present in industrial and domestic wastewaters and reduced sludge production compared 
to a conventional activated sludge (CAS) system. Apart from this, anaerobic treatment improves the 
profile of facilities in relation to energy self-sufficiency by converting the produced biogas into heat 
and/or electricity (Stazi & Tomei, 2018). The system also responds more quickly to the addition of 
substrates after shutdown periods. In line with the above benefits, it entails a reduction in reactor size, 
a feature associated with its higher loading rate (Zieliński et al., 2023). However, these are only some 
of the reported advantages, as there are also environmental (avoidance of carbon dioxide emissions) 
and economic (sale of energy) benefits to consider. To obtain a broader view of the performance of 
this process across these two pillars of sustainability, this chapter presents both a critical review of 
the literature to highlight the potential environmental and economic benefits of anaerobic domestic 
treatment and a practical case study. Given the limited publication rate of research articles in the 
fields of life-cycle assessment (LCA) and techno-economic analysis for anaerobic secondary treatment, 
prospective challenges for technologies were also analysed by addressing a broad systematic revision 
of the literature on the topic of anaerobic treatment of domestic wastewater.

11.2 ANAEROBIC TREATMENT FROM AN ENVIRONMENTAL PERSPECTIVE
Anaerobic treatment is a very versatile process whose application has been widely studied in the 
wastewater treatment sector, especially for the management of sludge. However, depending on the 
operating conditions the required energy can totally or partially offset the energy balance of the facility. 
Sustainable sewage treatment plants (STPs) operated with anaerobic processes must, then, rely on 

Downloaded from http://iwaponline.com/ebooks/book-pdf/1418702/wio9781789063479.pdf
by guest
on 27 May 2024



295Life-cycle assessment, carbon-footprint and techno-economic analysis

technologies capable of maintaining a positive balance between the desired quality of emissions and 
the recovered resources. Therefore, the design and operation of STPs must be framed within a context 
in which environmental impacts are comprehensively and continuously assessed. One of the most 
recognized methodologies for this purpose is LCA, which not only takes into account direct–indirect 
emissions, but it is also useful for the identification of internal process weaknesses and technological 
benchmarking through its life cycle.

It consists of four well-defined stages: definition of the scope and system boundaries, development 
of the life-cycle inventory (LCI), life-cycle impact assessment (LCIA) and interpretation of the results 
(ISO, 2006a, 2006b). The first stage comprises the formulation of the initial hypothesis, the level 
of detail of the system under study, the data search needs, the definition of system boundaries and 
functional unit (FU). The so-called ‘system boundaries’ include all elements of technology, process 
or product under assessment. On the contrary, the FU is a quantitative definition of the system, as it 
is used as a reference for inputs and outputs and allows comparison of processes (ISO, 2006a). The 
second stage or LCI involves the quantification of the quantities of materials and energy, emissions 
and waste calculated with reference to the previously selected FU. All the data collected is then 
used and translated into environmental burdens during the impact assessment (third stage), which 
classifies emissions into their respective impact categories. These categories are global indicators 
(e.g. climate change, eutrophication or resource depletion), which provide insight into the status of an 
environmental aspect. Finally, in the last stage, the results of the LCI and the LCIA are interpreted, 
and conclusions of the study are provided.

In this sense, the first question to be answered is whether the anaerobic treatment constitutes a good 
technological alternative compatible with a good quality state of ecosystems, wildlife and humans when 
installed in domestic wastewater treatment plants. As mentioned in Section 11.1, the technology can be 
implemented both in water and sludge lines. In the first case, the most powerful strategy is the direct 
reduction of energy demand by replacing typical aeration systems with mixing devices. It is worth noting 
that aeration electricity accounts for 45–75% of the overall cost of wastewater treatment plants (Kong 
et al., 2021). In the second case, the use of anaerobic treatment in the sludge line allows higher methane 
yields as a source of bioenergy while allowing the concentration of phosphorus or nitrogen in a solid 
digestate that can be used in agriculture. In terms of environmental performance, anaerobic treatment, 
if all the produced methane is recovered, has the potential to reduce greenhouse gas (GHG) emissions. 
The best performance of an anaerobic process is directly related to the concentration of wastewater. 
Considering only direct emissions, a conventional aerated sludge process is only outperformed when 
the influent has a biochemical oxygen demand (BOD) concentration above 500 mg/L. This is related 
to emissions to the environment of dissolved methane contained in the anaerobically treated effluents, 
which can be as high as the methane recovered (Cakir & Stenstrom, 2005). Methane is a strong GHG 
with a global warming potential (GWP) of 28 (IPCC, 2021). Thus, GHG emissions associated with 
the anaerobic treatment of diluted sewage could be higher that the aerobic counterpart. Problems 
associated with the presence of dissolved methane in the anaerobically treated effluents were discussed 
in Chapter 7. For indirect emissions, the selection of post-treatment technologies, reactor configuration 
and wastewater salinity play key roles. The environmental profile is expected to be positive for anaerobic 
systems, at least for medium-strength influents (Smith et al., 2014).

Concerning the environmental benefits of anaerobic treatment for sewage sludge three publications 
can be highlighted claiming its best environmental performance. Blanco et al. (2016) and Arias et al. 
(2020a) tried to quantify it with an LCA focused on the introduction of a digester within the sludge line 
of a domestic WWTP. The implementation of this technology led to a noteworthy impact reduction 
in the environmental profile of the facility of ∼85 and 10% for each of the previously named studies, 
respectively. Awad et al. (2019) also supported the conclusions found in both publications, although 
the benefits achieved for the climate change category were much smaller (0.3% difference). It should be 
noted that, when an AD process is implemented, the dewatering characteristics of the sludge improve 
and, therefore, a lower amount of chemicals (polyelectrolytes) is required in the following dewatering 
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stages. In addition, the energy received from the biogas transformation provides the plant with a 
certain degree of autonomy from the national grid. However, and as it was underlined for domestic 
wastewater, the results achieved would depend on the characteristics of influent and technologies.

11.2.1 Is technology selection affecting the environmental profile?
The environmental benchmarking between anaerobic treatment technologies and other technologies 
cannot yet be offered in its entirety. The reason is the difficulties encountered in the following two 
aspects: the implementation of the technology within wastewater treatment plants and the lack of 
comparability between LCA studies, as they have different objectives, scopes, FUs, system boundaries 
and so on. Due to different methodological decisions made in each publication related to the topic, 
a coherent comparison between technologies cannot be made among research studies published by 
different authors. Accordingly, the comparison is restricted to scenarios proposed within the same 
published manuscript. In this sense, currently the maximum number of scenarios evaluated in the 
same manuscript is around five–six, although it is usual to study three–four scenarios in a comparative 
way. In addition, the diversity of studies is greater when anaerobic treatment is applied for sludge 
valorization compared to when it is referring to the water line. Consequently, research for domestic 
treatment has been directed towards the comparison of biological technologies, whereas the ongoing 
study of the scientific community for sewage sludge has resulted in some interesting findings for 
incineration, PHA production, hydrothermal carbonization (HTC) systems, pyrolysis and AD with 
microalgae processes for side-streams and lagoon biodigesters.

Chronologically, the first research addressing the aerobic versus anaerobic debate as secondary 
treatment from an LCA perspective was published by Smith et al. (2014) trying to compare an anaerobic 
membrane bioreactor (AnMBR) with a -rate activated sludge (HRAS) system. Other technologies were 
evaluated, not only in terms of technological comparison, but also taking into account different domestic 
wastewater composition, temperature and sludge-handling practices. An AnMBR produced the highest 
environmental impact in all categories analysed for medium-strength wastewater (430 mg/L chemical 
oxygen demand (COD)) and was related to two aspects: high-energy requirements for membrane scouring 
by biogas sparging and dissolved methane emissions. At higher strength of wastewater (800 mg/L 
COD), an AnMBR was able to outperform a CAS system due to higher energy production. Two years 
later, Pretel et al. (2016) also share insights on the environmental performance of AnMBRs. Due to 
the problematic encountered with respect to diffuse methane emissions in the previous study, they 
proposed an improvement of the system with a degassing unit in order to capture the methane dissolved 
in effluents for additional energy production or to be used as organic matter for denitrification in the 
downstream post-treatment unit. As a result, they obtained the best profile for AnMBRs for moderate–
high-strength domestic wastewater in all categories analysed except for eutrophication. However, many 
more parameters affect the environmental profile. Pretel et al. (2013) attempted to provide insight into 
energy demand, biogas recovery, nutrient recovery and sludge removal factors for an AnMBR. Although 
it is true that higher operating temperatures resulted in higher methane production, this energy was 
not sufficient to tackle the heating requirements to operate. To address the environmentally needed 
improvements for AnMBR technologies in domestic wastewater treatment, Harclerode et al. (2020) 
evaluated eight new scenarios. They considered primary treatment, membrane fouling, sulphide removal, 
phosphorus removal, dissolved methane management and waste management. Oxidative biological 
sulphide removal was shown to be more sustainable than coagulation, vacuum degassing tanks were 
shown to be better than hollow fibre contactors for methane removal and primary sedimentation was 
shown to be better than simple fine screening. Among these, sulphide and phosphorus removal offered 
the greatest improvements, with reductions of up to 70% in all impact categories.

The study of Sills et al. (2016) was no longer related to AnMBRs. Their environmental assessment 
was rather carried out for an anaerobic baffled reactor (ABR), for a combination of a tricking filter 
with ABR, tricking filter and ABR with constructed wetland (CW) and for an ABR with CW. Of the 
four scenarios, the ABR followed by tricking filter resulted in the best profile. However, the benefits of 
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bioelectricity production in the climate change category for ABRs were again hampered by dissolved 
methane in anaerobic effluents. This is because ∼95% of GWP was affected by this specific direct 
emission. It appears that, regardless of the technology used, the environmental competitiveness of 
anaerobically operated technologies as secondary treatment is related to the degassing of methane in 
effluents and the concentration of nitrogenous compounds. Upflow anaerobic sludge blanket (UASB) 
with wetland post-treatment and CAS were also compared in a study by Laitinen et al. (2017), who 
found a strong relationship between energy demand and climate change. The clear winner of their 
analysis was the CW-based treatment. UASB + CW was also the core topic of the study by de Sampaio 
Lopes et al. (2014) but the interpretation of the results did not include a comparative assessment of 
technologies. However, the contribution analysis provided pointed out the importance of sodium 
hypochlorite solution control during the disinfection stage. There are no longer restrictions for the 
joint application of UASB with CWs as a post-treatment step, Patel and Singh (2022) carried out a 
comparative LCA of the stand-alone performance of a UASB reactor with activated sludge processes, 
sequential batch reactors and CWs separately. Overall, UASBs show a better profile in the categories 
analysed compared to CAS and SBR (sequencing batch reactor) processes, except in eutrophication. 
This is due to the negligible nutrient removal from the anaerobic treatment, whereas SBR, despite being 
the highest contributor in the other categories, shows the lowest eutrophication potential (Table 11.1).

Considering the AD of domestic sewage sludge, two groups of technologies were studied: non-biological 
and biological-based. Within the first family, Chen et al. (2022) attempted to provide a comparative 
view for sewage sludge management of direct incineration and a combination of AD with incineration, 
whereas Medina-Martos et al. (2020) focused on the integration of the above-mentioned technology 
with a newly developed HTC system. The combination of HTC and AD resulted in a reduction of global 
warming potential by 75%. The improved performance compared to stand-alone AD was due to the 
recovery of hydrochar for heat production, which has a renewable biogenic origin. Studies by Li and 
Feng (2018) and Li et al. (2017a) are other examples on pyrolysis and co-incineration (Table 11.2).

For biological systems, AD was combined with a microalgae treatment. Benefits can be obtained 
from exhaust gas treatment with microalgae and dewatering of digestate from primary and secondary 
sludge. Because co-digestion would result in increased biogas and reduced energy for aeration in a 
secondary treatment reactor (the algae pond acts as a treatment process for ammonia emissions and 
prevents its return to the water line), implementation of the technology improves the environmental 
profile in relation to climate change, ozone layer depletion, freshwater eutrophication and water 
consumption (Tua et al., 2021). However, microalgae production does not necessarily need to occur in 
the sludge line and advantages can also be taken from the substitution of the CAS process.

It is noteworthy that the energy sector seems to benefit from technological advances in AD. A 
future optimized perspective of a two-stage system including stages of a dark fermentation process 
and PHA accumulation can reduce the environmental impact associated with climate change by up 
to 41%. However, AD as a single solution remains as of today the most advantageous alternative for 
wastewater valorization, as three gaps remain to be filled in two-stage systems: the microbial growth 
demands an increase, the need of higher accumulation yields for polyhydroxybutyrate production and 
larger organic loading rates or amount of feedstock processed inside the reactor (Asunis et al., 2021).

11.2.2 Prospective environmental–technological challenges
One of the recurrent applications of LCA is the identification of critical points and a comparison 
among products/scenarios performing the same function, especially in large-scale operation, and also 
in the early-design phases when it is possible to identify those stages with the greatest potential impact 
and on time implementation of changes that can result in a significant environmental performance 
improvement. Therefore, this section presents a critical review of the environmental consequences 
of different variables and technologies related to anaerobic treatment. So far, published studies have 
discussed the concentration of volatile solids, the impact of upstream and downstream processes, the 
temperature and co-digestion with other organic waste streams.
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11.2.2.1 Solid concentration
There is direct relationship among feedstock concentration, the conversion efficiency of the organic 
matter and environmental impact. However, the conclusions drawn by several authors regarding to 
the best techno-environmental performance do not seem to go in the same direction. The reason 
may be related to LCA methodological approaches adopted by each author, but also to the use of 
feedstocks with different solid concentrations (despite considering similar VS/TS (volatile solids/total 
solids) ratios in the studies) and technological configurations. Research conducted in the scientific 
community on this topic has been applied mainly to the most concentrated streams, sludge. This is 
because domestic wastewater usually contains a solid concentration of <0.1% and, therefore, the 
benefits of stream concentration are not sufficiently relevant unless the wastewater is mixed with 
food waste (Becker et al., 2017; Lijó et al., 2017). Recent LCA studies have demonstrated that the 
environmental feasibility of anaerobic treatment depends on both the biodegradability of organic 
matter and the concentration of solids (Chen et al., 2022; Li & Feng, 2018; Li et al., 2017a). Although all 
of them mainly focused on sludge treatment, lessons can be learnt for domestic wastewater treatment. 
For example, the environmental profile would improve with increasing volatile solid concentration 

Table 11.1 Methods and FUs of anaerobic domestic wastewater treatment processes for domestic wastewater 
and related.

Type of Resource LCA 
Method

FU References

Domestic wastewater, 
blackwater, urine and 
greywater

ReCiPe 26,000 inhabitants and 6510 jobs/
year

Lehtoranta et al. (2022)

Domestic wastewater IMPACT 
2002+

1 m3 of treated wastewater and 1 kg 
of sludge

Patel and Singh (2022)

Domestic wastewater ReCiPe 1 m3 of water available for 
consumption or 1 m3 of wastewater

Boldrin et al. (2022)

Domestic wastewater TRACI 5 million gallons of wastewater Harclerode et al. (2020)

Blackwater ReCiPe 1 m3/day of wastewater treated Estévez et al. (2022a)

Blackwater ReCiPe 1 m2 of urban garden Estévez et al. (2022b)

Blackwater and 
kitchen waste

ReCiPe Blackwater (in m3) and kitchen 
waste (in kg) generated in a four-
person household/year

Prado et al. (2020)

Domestic wastewater 
and sewage sludge

CML 1 t of TS Cañote et al. (2021)

Domestic wastewater 
and food waste

TRACI 5 million gallons/day Becker et al. (2017)

 Domestic wastewater 
and food waste

ReCiPe 2000 inhabitants/day Lijó et al. (2017)

Domestic wastewater 
and sewage sludge

IPCC 1000 m3 of influent wastewater Laitinen et al. (2017)

Domestic wastewater TRACI 1 m3 wastewater Shoener et al. (2016)

Domestic wastewater 
and sewage sludge

IMPACT 
2002+

2 MGD of domestic wastewater, 
assuming a plant lifetime of 30 years

Sills et al. (2016)

Domestic wastewater CML 1 m3 of treated wastewater Pretel et al. (2016)

Domestic wastewater TRACI 5 million gallons/day of wastewater Smith et al. (2014)

Domestic wastewater CML 1 m3 of treated effluent de Sampaio Lopes et al. (2014)

Domestic wastewater CML 1 m3 of treated wastewater Pretel et al. (2013)
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regardless of reactor configuration. However, the results (methane production) might be negligible 
and not be able to offset the environmental impacts of other inputs that cross system boundaries.

This is the case of Li et al. (2017a), which has obtained a very small (1.6–7.1% among scenarios) 
modification in the environmental profile when the organic content of the sludge varied from 70 
to 40%. Other publications can be highlighted: Chen et  al. (2022) demonstrated for sludge that 
incineration is a good option instead of AD for recoverable biodegradable waste with a low-organic 
content (VS/TS <55%), and Li and Feng (2018) showed that pyrolysis improve as much as its organic 
matter content does (the results were 4.6 times higher when achieving 70% compared to the baseline 
value of 50%). Finally, Li et al. (2017b) analysed processes with operation at low (3–6%) and high (10–
15%) total solid concentrations with the same organic matter fraction (i.e. VS/TS of 70%). In the latter 
case, environmental benefits are obtained for high-solid concentration technologies at thermophilic 
temperature and for low-solid concentration, at mesophilic temperature.

11.2.2.2 Upstream and downstream processes
The system boundaries of an LCA should be defined in accordance with the goals of the study. 
Therefore, the analysis of the environmental impacts of anaerobic treatment may be complemented 
by other processes or technologies used to facilitate organic matter solubilization, enhanced nutrient 
recovery or removal or compliance with legislation. The analysis of wider system boundaries has 
been mainly applied for the sewage line, but two studies have been reported for anaerobic secondary 
treatment. The first one is the research of Harclerode et al. (2020) who studied the differences between 
the use of primary sedimentation and screening only, included subsequent treatment with dissolved 
methane removal and nutrient removal and sludge management with AD and lime stabilization. The 
other one is the study of Laitinen et al. (2017) that incorporated a CW as post-treatment for a UASB 
reactor. Indeed, the substitution of secondary treatment technologies from aerobic to anaerobic can 
lead to the creation of new technological challenges within the sludge line, which indirectly contribute 
to the overall environmental sustainability of the system. This technological replacement has been 
analysed through several studies. For example, Brockmann et al. (2021) compared the performance 
of a CAS system with oxygen photogranulation and Arias et  al. (2020a) provided information on 
the benefits of HRASs followed by an integrated film-activated sludge. In anaerobic treatment 
technologies, the change in environmental impact could be due to both a decrease in excess sludge 
produced and a change in its quality. This would influence not only the size of the equipment, but also 
the selection of the most appropriate technologies for its management. Within this topic, the study by 
Arias et al. (2021) is noteworthy as they have proposed a comparison between a chemical and thermal 
pre-treatment for sewage sludge management after the subsequent AD. Although the absence of these 
technologies implies a lower energy demand, a worse environmental profile in terms of climate change 
was found. The best performance in this category corresponded to the chemical approach due to 
higher biogas production and lower energy demand. However, a higher impact was recorded in other 
categories such as terrestrial acidification, particulate formation and terrestrial eco-toxicity due to 
indirect emissions generated for the production of these chemicals. Wang et al. (2020) also compared 
stand-alone AD with the AD process with heat treatment and a new alkali/acid pre-treatment. The 
latter treatment shows less impact on climate change, although other categories such as acidification 
and eutrophication potentials favoured the implementation of the thermal technology. Despite this, 
the authors claim that alkaline treatment is comparable to thermal treatment and that the small 
differences are due to sodium chloride consumption and higher energy demand.

11.2.2.3 Temperature
Temperature is another parameter that must be considered within the process because there is a 
strong relationship with the reaction yield and with the energy requirements. When it comes to the 
valorization of wastewater for energy purposes, the energy consumed must be compensated by that 
resulting from the manufacture of the co-products. In domestic anaerobic treatment, the only product 
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analysed so far with LCAs is the biogas and, thus, only an energy perspective has been considered 
in the literature. The temperature was addressed for membrane bioreactors (MBRs) at 15, 20 and 
33°C in Smith et al. (2014) and Pretel et al. (2013). However, for temperatures up to 33°C, energy 
production from urban wastewater is not able to compensate for the heating needs of the system. For 
this reason, it is necessary to optimize the biogas yield, but only if the balance between production 
and consumption is positive. Studies on anaerobic sludge digestion processes (more data available) 
have shown that higher temperatures do not always lead to better environmental performance, and, in 
many situations, such improvement is only possible for some impact categories and FUs.

In this regard, Lanko et al. (2020) demonstrated the effects of temperature for sewage management 
through the analysis of three options: mesophilic, thermophilic and temperature-phased AD. The 
latter alternative showed the best environmental performance of the three in all the categories 
analysed (i.e. toxicity, land occupation, eutrophication and fossil resource depletion, among others) 
but climate change on which mesophilic digestion slightly outperforms. However, the authors found 
inconsistencies among different FUs. By changing the FU from 1 m3 of the treated wastewater to 
1 m3 of the produced methane, the previously stated environmental results were rearranged and 
led to a better profile of the thermophilic reactor for all categories except for climate change where 
mesophilic operation is still more favourable. With a similar approach, Li et al. (2017b) presented the 
environmental differences among five processes (conventional AD, high-solid AD, AD with thermal 
pre-treatment hydrolysis, thermophilic AD and thermophilic high-solid AD). Regardless of the solid 
concentration (suitable for both high- and low-solid contents), the best environmental results were 
obtained with high-solid thermophilic AD (44% improvement for a VSS (volatile suspended solids) 
concentration of 70%). It is true that this technology requires more energy for heating the feed sludge, 
agitation and transport, but its efficiency is also higher and therefore more biogas is recovered. It 
seems that, for the same solid concentration, thermophilic technologies provide the best profile.

On the contrary, domestic anaerobic wastewater treatment still lacks LCA studies referring to the 
production of non-energy bioproducts. In contrast, the sewage sludge digestion may produce VFAs 
(volatile fatty acids) as a result. However, the production of non-energy products reduces the energy 
self-sustainability of facilities because they cannot be converted in electricity or heat to be recycled 
back to systems. Therefore, the efficiency of heating devices, energy loss prevention (adiabatic systems 
are preferable) and energy-environmental optimization become essential. For example, Elginoz et al. 
(2020) reported a 10% decrease in environmental load by improving the efficiency of the heating device 
by 10%. Furthermore, in many impact categories (i.e. terrestrial acidification, eutrophication, eco-
toxicity and global warming, among others) temperature reduction showed a better profile (between 
13 and 36%) despite the lower performance associated with a temperature decrease.

11.2.2.4 Co-digestion of streams
Temperature and organic matter content are commonly parameters in the evaluation of anaerobic 
technologies, as indicated in sections 11.2.2.1 and 11.2.2.3. In this sense, co-digestion of other 
biodegradable waste streams with domestic wastewater would allow process optimization as higher 
volatile solid concentrations, C/N ratios and removal efficiencies can be achieved. Within this context, 
Becker et al. (2017) have demonstrated decreased impact on GWP with increased treatment of food 
waste with domestic wastewater. They have evaluated three technologies: a conventional (CAS), an 
anaerobic (AnMBR) and a newly developed aerobic treatment (HRAS). Their study could not draw 
conclusive results, as the environmental profiles of each were very similar and the uncertainty analysis 
showed small confidence intervals (probability within which the results of the environmental profile 
can be found). However, they highlight the potential of AnMBRs due to the recent development of the 
technology and the comparability of the net energy balance with HRAS-AD (technology that Arias 
et al. (2020a) stated as environmentally friendly compared to CAS for municipal wastewater).

Although not for domestic wastewater, other publications can be cited for sewage sludge. Morelli 
et al. (2020) have reported that there was a clear reduction (between 46 and 108% depending on the 
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impact category) of the environmental impact with the implementation of co-digestion in wastewater 
treatment plants. Edwards et al. (2017) compared the same co-digestion strategy with a segregated 
treatment where food waste ended up in landfill. As a result, the co-digestion scenario outperformed 
(given the additional bioenergy generated) the segregated treatment in climate change potential 
(represented as 53–71% of the impact of the business-as-usual or landfill scenario for food waste).

11.3 TECHNO-ECONOMIC VIABILITY OF THE AD
Techno-economic assessment (TEA), cost–benefit analysis (CBA), life-cycle costing (LCC), cost–
effectiveness analysis, cost–utility analysis and cost method of accounting are some examples of 
methodologies for the analysis of economic aspects of products, technologies and/or processes. Among 
them, TEA, CBA and LCC are some of the most frequently mentioned methodologies in the scientific 
community. Although LCC is the oldest methodology, they have been recently developed in parallel 
leaving to a vague distinction among them. CBA mainly focuses on projects and policies with the 
monetization of costs and benefits and aims at financial profitability. Although it is advantageously 
an autonomous tool unveiling whether a selected system under study has attributable welfare, CBA 
is considered a ‘black-box’ methodology. It simply ignores what happens inside the system in order 
to confirm its economic viability. Because of this problematic, TEA emerged as a tool simultaneously 
integrating the implications of technological aspects in the economy of a process or project as it 
systematically examines the interrelationships among them. There is, thus, a combination of engineering 
decision taking aiming at process optimization with the economic changes associated with them. In 
this regard, TEA separates from the vision provided for CBA as is not seem only a tool for investment. 
Therefore, TEA analysis should always go accompanied by a technological description and definition 
of technology-readiness levels. Despite implying and improvement for industrial processes of its use 
compared to CBA, TEA still lacks an appropriate regulatory foundation. In this regard, a new ISO 
standard is being developed (ISO/WD TS 14076) covering not only techno-economic analyses at any 
size or scale but also incorporating the environmental impacts. However, the inclusion of TEA in 
the legislation is far behind LCC which has already being recognized in directives (2014/24/EU and 
2014/25/EU) and in standards (ISO 15663:2000 and 15686:2017).

Then, considering Tables 11.3 and 11.4, why scientists have decided to use TEA instead of LCC in 
their studies in the topic of anaerobic treatment? Generally, LCC has been associated with a product 
approach and a cost analysis though all life-cycle stages whereas TEA has been typically limited to an 
inherent investor perspective with gate-to-gate system boundaries (around the factory). However, the 
truth is that both TEA and LCC have their origin altogether in LCA methodology and both of them could 
be suitably used interchangeably in some contexts. It is then that LCC has a wider applicability whereas 
the scope of TEA is narrowing more and more to the stand-alone analysis of technologies and facilities. 
It is also very associated with the use of LCC the monetization of externalities (noise, environmental 
pollution, social effects and vibration, among others) which could partially be internalized (such as 
GHG emission taxes or waste-disposal costs) in the analysis. This could be appreciated for the studies 
dealing with anaerobic wastewater treatment. Out of the 33 studies shown in Tables 11.3 and 11.4 for 
TEA, only one has included environmental externalities whereas two of nine of the LCC studies were 
considering them. And yet, the sector seems to prefer the use of TEA instead of LCC (∼72% of the 
studies were carried out with TEA). On the contrary, only one publication classified its study as CBA. 
Regarding the type of wastewater, the percentage of economic analyses focused on stand-alone analysis 
of sewage sludge was higher (57.6%) than for co-digestion and for other flows. The use of anaerobic 
treatment for domestic wastewater has only been addressed by five publications. 

11.3.1 Techno-economic emerging challenges
Although the environmental analysis for anaerobic treatment of the state-of-the art focused primarily 
on parameter optimization (i.e. temperature and solid concentration) and upstream and downstream 
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Table 11.3 Methodology and tools used for the economic analysis of anaerobic technologies in domestic treatment 
for sewage sludge.

Type of Resource Methodology Accounting Tools Reference

Sewage sludge TEA OPEX, CAPEX, PBP and TAEC Gholamian et al. 
(2023)

Sewage sludge mixed with 
lignocellulosic biomass

TEA OPEX, CAPEX, NPV and IRR Ebrahimi et al. (2023)

Sewage sludge TEA PBP, IRR, NPV and SIR El-Qanni et al. (2022)

Sewage sludge TEA OPEX He et al. (2022)

Sewage sludge TEA OPEX, CAPEX and NPV Vinardell et al. (2022)

Sewage sludge TEA OPEX and PBP Díaz et al. (2021)

Sewage sludge, food waste 
and fish sludge

TEA OPEX, CAPEX, ROI and NPV Fernando-Foncillas 
and Varrone (2021)

Food waste and sewage 
sludge

TEA OPEX, CAPEX and NPV Vinardell et al. (2021)

Sewage sludge and organic 
municipal solid waste

TEA OPEX, CAPEX, NPV, IRR and PBP El Ibrahimi et al. 
(2021)

Sewage sludge and food 
waste

LCC OPEX and CAPEX Andreasi Bassi et al. 
(2021)

Sewage sludge TEA OPEX, CAPEX and PBP Bahreini et al. (2020)

Sewage sludge TEA OPEX and CAPEX Medina-Martos et al. 
(2020)

Sewage sludge LCC OPEX, CAPEX, TAEC and ROI Roldán et al. (2020)

Sewage sludge LCC OPEX, CAPEX, PBP and MARR Cuéllar-Franca et al. 
(2019)

Sewage sludge TEA OPEX and CAPEX Ranganathan and 
Savithri (2019)

Sewage sludge and organic 
municipal solid waste

LCC NPV and IRR Francini et al. (2019)

Sewage sludge and organic 
waste

CBA OPEX, CAPEX and ROI Thomsen et al. (2018)

Sewage sludge TEA OPEX and CAPEX Dussan and 
Monaghan (2018)

Sewage sludge LCC OPEX and CAPEX Tarpani and Azapagic 
(2018)

Sewage sludge TEA OPEX, CAPEX, NPV, IRR and PBP Rus et al. (2017)

Sewage sludge TEA OPEX and CAPEX García-Gutiérrez 
et al. (2016)

Sewage sludge TEA OPEX Tomei et al. (2016a)

Sewage sludge TEA OPEX Tomei et al. (2016b)

Sewage sludge TEA OPEX and CAPEX Gianico et al. (2015)

Sewage sludge TEA OPEX, CAPEX and TAEC Garrido-Baserba et al. 
(2015)

Sewage sludge LCC OPEX Xu et al. (2014)

Note: CBA, cost–benefit analysis; CAPEX, capital expenditure; IRR, internal rate of return; LCC, life-cycle costing; MARR, minimum 
acceptable rate of return; NPV, net present value; OPEX, operational expenditure; PBP, payback period; ROI, return of investment; 
SIR, saving to investment ratio; TAEC, total annual equivalent cost; TEA, techno-economic assessment.
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technologies, the economic studies were mainly aimed at creating a roadmap around anaerobic 
processes and how the process could overcome cost-effectiveness constraints. Therefore, the study of 
complementary technologies for anaerobic systems plays an important role in the quality (and thus the 
price) and marketability improvement of co-products.

11.3.1.1 Upstream and downstream
Although the economic studies centred on anaerobic processes implemented within the sector of 
wastewater treatment have thermal pre-treatment for sewage (i.e. hydrolysis and carbonization), 
domestic anaerobic treatment as a secondary process has been investigated by the implementation of 
forward osmosis and reverse osmosis as pre-treatments. Within this context, Vinardell et al. (2020) have 
analysed the feasibility of forward and reverse osmosis to concentrate diluted solutions. Given that the 
wastewater pre-concentration accounts for more than 74% of the total budget, pre-treatment worsens 
the costs associated with the treatment. Therefore, the stand-alone AnMBR operation is cheaper 
than the scenario with such pre-treatment, those being half of the scenario with pre-concentration. 
Because of the better economic performance of forward osmosis–AnMBR, Vinardell et  al. (2022) 
studied the influence of the draw solution used during the operation of the system because it affects 
the membrane fluxes and the salinity (inhibiting anaerobic bacteria in the subsequent reactor). The 
most economically favourable draw solute was dependent on the membrane type but in any of the 
case studies proposed by the authors the economic impact from these substances was moderate. The 
hotspot still was the capital investment for pre-concentration. Although the forward and reverse 
osmosis for water reclamation is still not a viable configuration, pre-concentration of sewage sludge 
with membrane remains a promising approach.

The techno-economic analysis for domestic anaerobic wastewater treatment has been poorly 
addressed and the literature has been focused on sewage sludge. Two approaches can be found in 
the literature: AD is one of the multiple options for sludge treatment and AD is the main process 
discussed, but it is followed by other treatment. Garrido-Baserba et al. (2015), Tarpani and Azapagic 
(2018) and Xu et al. (2014) are examples of economic analysis for sewage treatment.

11.3.1.2 Feasibility of reactor configuration
Despite the large variability of reactors capable of operating at total solid concentration lower than 
3% (CSTRs or continuous stirred tank reactors, UASBs, AFBs or anaerobic fluidized bed reactors, 
ECGS or expanded granular sludge bed reactors, MBRs, among others), the techno-economic 
analysis of domestic anaerobic treatment has only paid attention to the operation of MBRs and ABRs. 

Table 11.4 Methodology and tools used for the economic analysis of anaerobic technologies in domestic 
treatment for wastewater resources.

Type of Resource Methodology Accounting Tools Reference

Domestic wastewater TEA OPEX, CAPEX and NPV Sanchez et al. (2023)

Domestic wastewater, blackwater, 
greywater and urine

LCC OPEX and CAPEX Lehtoranta et al. (2022)

Domestic wastewater TEA OPEX and CAPEX Vinardell et al. (2020)

Blackwater LCC OPEX, CAPEX and NPV Estévez et al. (2022b)

Blackwater and urine LCC OPEX and CAPEX Postacchini et al. (2022)

Domestic wastewater TEA OPEX and CAPEX Shoener et al. (2016)

Domestic wastewater TEA OPEX, CAPEX and NPV Sills et al. (2016)

Note: CBA, cost–benefit analysis; CAPEX, capital expenditure; IRR, internal rate of return; LCC, life-cycle costing; MARR, minimum 
acceptable rate of return; NPV, net present value; OPEX, operational expenditure; PBP, payback period; ROI, return of investment; 
SIR, saving to investment ratio; TAEC, total annual equivalent cost; TEA, techno-economic assessment.
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For example, Sills et al. (2016) compared the performance of ABRs with other systems such as the 
combination of an aerobic tricking filter with AD. This reactor provided a lower cycle cost (∼40% 
in agreement with the results of its net current value) because of both better capital and operating 
costs. It should be highlighted also the lower solid production of this system, which reduced the costs 
associated with disposal from 25 to 7%. Regarding the implementation of MBRs, membrane purchase 
seems to be the largest hotspot (over 49%) of the analysis followed by chemical addition for cleaning 
(between 0 and 26% depending on the flowrate) (Sanchez et al., 2023). Vinardell et al. (2020) also 
agreed on a higher contribution of capital expenditures (CAPEX) in membrane reactors (between 63 
and 77%).

11.3.1.3 Influence of co-digestion on economic profile
The organic matter concentration of domestic wastewater is not expected to be as high as, for example, 
that of molasses, cheese whey or sewage, among others. What can be expected from co-digestion of 
organic waste and municipal wastewater? To clarify this issue, Vinardell et  al. (2021) proposed a 
comparison of the following scenarios: (1) anaerobic secondary treatment with an AnMBR and with 
another AD reactors as side-stream for sewage sludge and food co-digestion, (2) the CAS system, 
(3) anaerobic secondary treatment but without co-digestion in the side-stream with AD and (4) 
another including nutrient recovery from the centrate of the side-stream AD. Although the analysis 
centred in the sludge line, the highest costs were also achieved by domestic WWTPs with an aerated 
secondary treatment because a larger amount of sludge with poor biodegradability is produced. The 
implementation of an AD AnMBR and co-digestion significantly increased the revenues (triple) despite 
the increase of the costs up to a 44%. Among the case studies with anaerobic co-digestion, the greatest 
benefits were obtained with the configuration in which the nutrients are treated in the mainstream. 
Co-digestion of food waste in a conventional domestic WWTP is not only preferable in terms of the 
facility itself, but also in comparison to the separate treatment of both types of waste.

11.3.1.4 Nutrient recovery efficiencies
The nutrient recovery can be performed both in the water and sludge lines and brings multiple benefits 
beyond the transformation of pollutants into marketable products. This strategy also supports the 
increase of quality of effluents and prevents the uncontrolled precipitation, which increases the 
performance efficiencies of unitary operations. However, nutrient recovery poses a challenge because 
it may compromise the economic feasibility of the processes. When implemented in the sludge line, 
the question to be solved is whether the precipitation of phosphorus should be performed before or 
after AD. Considering the results achieved by Roldán et al. (2020), there is 1% difference between both 
options, which ensures the viability of the processes when the LCC analysis is expressed by an amount 
of phosphorus recovered. However, a change in the FU per m3 unit led to a drastic change in the 
direction of the results because only one of the newly proposed alternatives was viable. This is related, 
thus, to the lower maintenance costs associated with the uncontrolled phosphorus precipitation and 
higher biogas production of the alternative considering the phosphorus precipitation before AD.

When anaerobic treatment is applied in the water line, costs are saved compared to aerobic systems, 
as aeration requirements are avoided. However, anaerobic processes are not capable of removing 
nutrients such as phosphorus and nitrogen by themselves and thus the effluent do not comply with 
European standards. Therefore, resource recovery technologies should be installed in the facility 
to maintain the emission thresholds. Because of this, the economic feasibility of the entire system 
is compromised because in many cases the methane production of the water line does not offset 
the higher CAPEX and operational expenditure (OPEX) associated with it (even for concentrations 
higher than 1100 mg/L). It should be considered that the biogas from the side-stream AD treating the 
sewage sludge from the main anaerobic treatment located in the water line may not also be sufficient 
to provide a profitable system (Vinardell et al., 2021).
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11.3.1.5 Valorization of the raw biogas
The valorization pathway selected for the raw biogas produced during anaerobic treatment has a 
strong influence on the economic viability of the facilities, as each of the co-products is co-related to 
a market price and to a specific post-treatment cost. The selection of the best technology has not been 
an easy task within this topic as each of the researchers compared different technologies with each 
other, and all drawn different conclusions. The knowledge in this section comes specifically from 
publications on AD of domestic sewage sludge treatment. However, and as the product obtained from 
the anaerobic secondary treatment of the domestic wastewater is also biogas, the recommendations 
and guidelines from the environmental studies of sewage sludge anaerobic treatment can also be 
applied. Volpi et al. (2023) recommended the use of biogas for the production of PHA, Purwanta et al. 
(2022) for co-firing in boilers, Alfonso-Cardero et al. (2021) for electricity production and Fuess and 
Zaiat (2018) for biomethane production.

Besides upgrading and transformation of the raw biogas, the CO2 in the biogas can also be 
transformed into a vast number of co-products. In this regard, Cuéllar-Franca et al. (2019) compared 
four technological configurations for the production of fuels: the capture of the CO2 by adsorption 
with mono-ethanolamine (MEA) from the raw biogas, the capture of CO2 with MEA from the flue 
gases of combusted raw biogas, combustion of raw biogas and direct use of the CO2 in the flue gases 
and capture of CO2 from raw biogas, combustion and final use of flue gases. The highest capital 
and operating costs arise from the CO2 capture by absorption from the flue gas, with a difference 
of ∼13% compared to the best scenario (CO2 capture from unsweetened biogas). Despite being the 
most expensive process, it has the most cost-effective design. This is because the liquid fuel has a 
higher price.

11.4 ANALYSIS OF WASTEWATER TREATMENT TECHNOLOGIES AND PROCESSES WITH 
LCA AND LCC
11.4.1 LCA approach for wastewater scenarios: a case study
Despite the growing interest in the application of LCA over the last decade, the complexity involved in 
collecting data throughout the entire life cycle, especially for novel practitioners, remains a threshold 
to overcome. This becomes more evident across sectors, as the focus (i.e. process or product) and 
logic (existence of cross-functionality) of the analysis vary depending on the objective of the study. 
To resolve some issues related to the applicability of LCA in the field of wastewater, Corominas et al. 
(2020) proposed a practical guide with a hypothetical approach for the sector. In this sense, this 
chapter aims to perform an LCA for domestic anaerobic treatment with experimental data as a starting 
point. Therefore, the main focus of the example provided is more on the early stages of research 
and development than on decision making (product purchasing or development of environmental 
legislation) or marketing (eco-design).

In this sense, the environmental profile of a sequential granular UASB bioreactor has been analysed 
taking into account the effects of changing temperature and hydraulic retention time. For this purpose, 
laboratory experimental data were obtained from the study of Stazi et al. (2022). Four scenarios were 
constructed based on two aspects: data availability and comparability between scenarios (Table 11.5). 
Effluent composition, operating temperature, product characterization (purity and amount of biogas), 
hydraulic retention times and pump run times are some of the raw data collected. Because two 
variables were analysed, the scenarios were named accordingly. ‘T’ refers to temperature whereas ‘H’ 
refers to hydraulic retention time. The numbers just after each letter correspond to the temperature in 
degrees Celsius and the hydraulic retention time in hours. Thus, the stage operating at 35°C and 22 h 
will be referred to as T35H22.
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Regardless of the sector or technology to be analysed, LCA should always proceeds according 
to ISO 14040 and 14044 standards, so the analysis of environmental aspects should be carried out 
following their four stages.

Goal and scope: One of the main assumptions when approaching anaerobic wastewater treatment is 
whether to consider the digestate/effluent as a discharge, a stream to be further treated, or a co-product. 
Generally, effluents from AD processes do not meet the discharge thresholds set by European legislation 
and, therefore, the removal of some compounds such as nitrogen or phosphorus should be considered. 
This feature could be managed by an extension of system boundaries to incorporate the respective 
treatment technologies. However, many other questions must be answered before decisions can be 
made: Is the analysis focused on reactor optimization? Is the process decentralized and space limited? 
Does the country where the technology is implemented have restrictive emission limits? On the 
contrary, the circular economy concept is driving the recovery of nutrients from wastewater streams. 
However, direct reuse of liquid and solid digestate is sometimes limited by crop type, proper fertigation 
practices, nutrient concentration in effluent, presence of metals and pathogens (which are only removed 
at higher temperatures), distance from facility to point of application, community acceptance and 
economic feasibility (Helmecke et al., 2020). The complexity of the treatment paradigm detailed above 
is something that must be reflected by LCA practitioners through the definition of system boundaries. 
As one of the key aspects, system boundaries should predefine the set of unit processes, inputs and 
outputs for total emissions accounting and is therefore fundamental in the creation of the LCI.

The system boundaries should consider three dimensions: geographical, temporal and technical 
(Li  et  al., 2014). Among them, the last one has a particular importance among the wastewater 

Table 11.5 Data collection from the experimental study of Stazi et al. (2022).

Parameters Units Scenario 
T35H22

Scenario 
T25H22

Scenario 
T35H14

Scenario 
T35H09

Working volume of the reactor L 0.90 0.90 0.90 0.90

Number of pumps – 3.00 3.00 3.00 3.00

Feeding volume/cycle L 0.50 0.50 0.50 0.50

Feeding time min 12.00 12.00 12.00 12.00

Sedimentation time min 30.00 30.00 30.00 30.00

Effluent discharge time min 8.00 8.00 8.00 8.00

COD in the influent mg/L 500.00 500.00 500.00 500.00

Total nitrogen (TN) in the influent mg/L 53.00 53.00 53.00 53.00

Total phosphorus (TP) in the influent mg/L 5.00 5.00 5.00 5.00

Temperature of operation °C 35.00 25.00 35.00 35.00

Reaction time min 670.00 670.00 420.00 230.00

HRT h 22.00 22.00 14.00 9.00

COD in the effluent mg/L 18.50 39.00 27.00 34.00

Nitrogen in the effluent as NH3 mg/L 60.50 52.50 59.00 59.50

Phosphorus in the effluent as PO4
- mg/L 7.75 8.10 7.25 7.10

Total dissolved solids (TSS) in the effluent mg/L 15.00 13.50 15.00 15.00

Produced biogas m3/kg COD 
removed

0.24 0.21 0.22 0.18

Methane in biogas % 75.50 53.00 75.50 75.50

Concentration of methane in the effluent mg/L 7.09 7.34 7.09 7.09

T35H09, 35°C of temperature and 9 h of hydraulic residence time; T35H14, 35°C of temperature and 14 h of hydraulic residence 
time; T25H22, 25°C of temperature and 22 h of hydraulic residence time; T35H22, 35°C of temperature and 22 h of residence.
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scientific community, corresponding to data collection for new technologies. However, the other two 
are rarely defined due to the limitations of the environmental characterization factor in the databases. 
For example, the Eco-invent database only covers 20,000 datasets, far fewer than the 204 million 
organic substances, alloys, mixtures, polymers and salts accounted for in the Chemical Abstract 
Service (2023) record. Moreover, many of them are not country or region specific and the inventory 
refers to a global or European approach. When studying a sequential granular UASB reactor, the 
system boundaries can therefore only be threefold: cradle-to-gate, gate-to-gate and cradle-to-gate 
with expansion/substitution/boundary partitioning allocation. In the first approach, emissions are 
accounted for from raw material extraction to UASB effluent.

In the second case, according to International Reference Life Cycle Data (ILCD) guidelines, direct 
foreground process emissions, such as methane or carbon dioxide, would be included. The latter 
perspective is the most difficult to define and a full consensus among LCA practitioners has not yet 
been achieved. Depending on how emissions are accounted for, three main schools of thoughts can 
be distinguished as: attributional, consequential and socioeconomic (Moretti et al., 2020). The pure 
attributional approach advocates that environmental impact should only be described by physical 
causalities entering and leaving through system boundaries. In contrast, the pure consequential 
approach aims at the description of the change of the environmental profile in response to a given 
modification in process technologies or the assessment of the future marginal energy supply. However, 
not many of the studies referring to anaerobic processes in wastewater treatment (11% according to 
the results in Tables 11.1 and 11.2) present how these emissions were reported. So, how to approach 
the limits of the cradle-to-gate system with expansion/substitution for sequential UASB reactors? One 
option could be to compare the scenarios with an attributional perspective considering that all viable 
alternatives provide the same number of products. This implies ‘expansion’ of the system boundaries to 
introduce other productive processes such as fertilizer or energy industries. ‘Substitution’ is, however, 
more typical of the consequential approach and is implemented through the avoidance of emissions 
from such production processes. Table 11.6 summarizes the decisions made at the goal and scope stage 
to carry out the case study described in this chapter.

Secondary treatment of domestic wastewater becomes, with the implementation of an anaerobic 
UASB, a multifunctional system capable of reducing direct pollution to water resources and 
simultaneously providing marketable products. Therefore, the complete definition of the system 
boundaries also depends on the function selected and the strategy followed to achieve the objective of 
the study. The functions of anaerobic wastewater treatment can be oriented at three different levels: 
micro-level, macro-level and accounting decision support (European Commission et al., 2011). The 
first is closely related to specific products, the second to the comparison of technological scenarios, 
material strategies and policy options and the third is interested in the documentation of what has 
happened or will happen based on decisions already taken. An example of a micro-level approach in 
the case of AD for the example provided in this chapter could be the comparison of the electricity and 
liquid bio-fertilizer produced versus products already on the world market.

As far as the process or macro-level analysis is concerned, multiple strategies can be cited: 
technological optimization by analysing the weak points and identifying the flows with the highest 
environmental impact, forecasting and comparing technologies, affecting the remaining unit operations 
of a facility and the overall impact through technology implementation, geographical coverage and 
system response to specific environmental conditions (especially in the case of open-air reactors, as 
the profile may change between regions for the same technological approach), as well as the use of 
specific characterization factors. All these strategies belong to one of the following groups: planning, 
design and operation/optimization. Within the first group one could include decision-making studies 
regarding the selection of treatment alternatives, the second group refers mainly to the elucidation 
of environmental hotspots and the anticipation of impacts and the third to the creation of roadmaps 
to ameliorate environmental impacts. Therefore, it should be considered whether the objective of the 
LCA is to provide guidance on planning, design or operation. Because the research objective of Stazi 
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et al. (2022) for the technology was the optimization of temperature and hydraulic retention time in 
a domestic wastewater treatment reactor, the case study provided can be framed within operation/
optimization.

Finally and as mentioned earlier in Section 11.2, the first stage (called objective and scope) of the 
LCA should also include the identification of the FU. As can be seen in Tables 11.1 and 11.2 in Section 
11.1, the most recurrent FU in AD for wastewater treatment is the volume of treated wastewater 
or ‘1 m3 of treated wastewater’. This FU has also been selected by many other authors focused on 
the analysis and comparison of technologies to be implemented as anaerobic secondary treatment. 
Examples are the studies of: Boldrin et al. (2022), de Sampaio Lopes et al. (2014), Harclerode et al. 
(2020), Laitinen et al. (2017), Patel and Singh (2022), Pretel et al. (2013), Pretel et al. (2016), Sills et al. 
(2016) and Smith et al. (2014). However, this FU is only representative of one of the system functions: 
wastewater treatment. The product approach should be considered with other FUs such as: 1 m3 of 
biogas, 1 kWh or 1 kg of methane produced, 1 kg of nutrients recovered and 1 m2 of soil fertilized.

Life-cycle inventory: In LCA, two LCI perspectives can be differentiated depending on the sources 
of data collection. In process-based inventories, data have been collected with a ‘bottom-up’ approach 
and use primary input–output data associated with the foreground system process. On the contrary, 
input–output inventories follow a ‘top-down’ approach and have been collected from statistical data. 

Table 11.6 Summary of the attributes of the LCA for the case study.

Attribute Description

Initial hypothesis (1) Two analyses were used for comparison: (a) the effluent of the 
UASB is directly discharged and (b) the effluent is directly reused as 
fertilizer source.

(2) The biogas has been valorized into heat and electricity in a heat and 
power unit with an efficiency of 45% for heat and 35% for electricity.

(3) Because of the scale of the facility, a conservative value of 0.4 m 
distance between equipment has been assumed to estimate the 
electricity consumption in the pumps. Readers should be aware 
that the distance may change in accordance with the location/
geographical aspects of the area of implementation and with the 
scale-up.

(4) Except for the energy demand of the pumps (whose efficiency is 
expected to be higher at higher design scales), it is assumed that the 
results of the remaining parameters do not differ from other scales.

(5) The reactor was sized considering the up-flow velocity indicated by 
Stazi et al. (2022) and a height/diameter ratio of 3.

(6) The pH control could not be included because in laboratory 
experiments the amount of chemicals (sodium bicarbonate) 
consumed is not usually recorded and the initial and final pH remain 
unchanged.

(7) Average data estimated from the upper and lower limits of the 
operating conditions for each of the scenarios analysed.

Technical system boundaries Cradle-to-gate for the hypothesis (a) and cradle-to-gate with system 
expansion for hypothesis (b)

Geographical system boundaries Continental/global level

Temporary system boundaries Not applicable

Emission accounting approach Attributional

Strategy group Operational, optimization

Level/scale of implementation Macro-level or process-oriented

FU 1 m3 of wastewater treated
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In the latter case, emissions are estimated from the selling prices of consumables/processes used and 
are therefore more suitable for regional/national scales than for industrial/facility scales. Although 
the data from Stazi et al. (2022) cannot be considered primary due to its bibliographic origin, it is 
certain that similar LCAs can be performed from laboratory data that have not already been published. 
Consequently, the nature of the study forces the foreground LCI to be a process-based inventory 
compiled from a ‘bottom-up’ approach. In addition to the application of mass and energy balances, 
software databases (for this case SimaPro®) were used to fill in gaps related to background processes, 
such as electricity and heat production. The LCI should be completed throughout the operation, 
maintenance, construction and demolition phases of a process/technology lifetime. However, the 
case study was only exemplified for the operational phase and the others were outside the system 
boundaries. For this reason, the LCI is constituted by direct and indirect emissions but only related 
to the treatment process.

Therefore, the emissions for anaerobic treatment in a UASB can be divided into direct and indirect. 
Direct emissions are considered within the boundaries of a gate-to-gate or inside-the-fence system, as 
they can be measured or modelled within a foreground system (Li et al., 2022). As a secondary biological 
treatment, emissions come from the microbial metabolic activities of the biomass involved in the unit 
operations or from the limited removal of the target pollutant. Estimation of such emissions can be 
performed with direct laboratory measurements, with IPCC (Intergovernmental Panel on Climate 
Change) guidelines, with characterization factors exposed in the scientific literature with similar 
objectives and from process modelling. However, the latter options may resort to overestimation or 
underestimation of such emissions, as inhibitory effects and other operational particularities of a system 
are not included. Therefore, only methane and carbon dioxide emissions were considered for the LCA 
example provided in this chapter. A comparison of scenarios has been shown according to commonly 
measured parameters at a laboratory scale. In addition, many of the remaining emissions were not 
considered relevant in other publications and were therefore assumed to have an impact of <5% (cut-off 
criterion) (Laurent et al., 2020). On the contrary, and depending on the composition achieved by the 
technologies, some of these components, such as methane, may rather be considered as valuable output. 
This is because biogas first undergoes a combustion process to produce electricity and/or heat.

Indirect emissions are usually defined for broader system boundaries, such as cradle-to-gate and 
cradle-to-grave, as emissions upstream (inputs from the Technosphere) and downstream (outputs to 
the Technosphere) of the target process or product may be considered background (system but not 
under the direct control or decisive influence of the producer of the good) processes and are often 
predefined in regulatory databases. Indirect and direct emissions were included in the case study. It 
should be noted that depending on the hypothesis and initial boundaries, the data may be reorganized 
differently. Table 11.7 specifically defines effluent nitrogen and phosphorus as emissions and not as 
feasible outputs.

Life-cycle impact assessment: This third stage of LCA aims to transform with impact assessment 
modelling factors the inventory in Table 11.7 into results that can be understood in terms of 
environmental impact or damage. It is further subdivided into the following stages: selection and 
definition of impact categories, classification, characterization, normalization and weighting. 
Unlike other LCA methodologies, such as carbon or water footprinting, LCA is a multidimensional 
methodology. Therefore, a multi-criteria analysis must be provided through the investigation of the 
results of indicators or categories. Many methods are currently available from which categories 
can be selected: USEtox, ReCiPe, IMPACT 2002+, TRACI, EDIP, CML, MEEUP, EPS, IPCC, Eco-
indicator and LIME (European Commission et al., 2011). The first pre-selection of the method 
should be performed on the level at which the impact categories should act, namely midpoint or 
endpoint. This implies that the results will be shown for different parts of the environmental value 
chain. Furthermore, the selection of the categories does not follow a strict rule; however, the usual 
practice is to select the method based on the categories of interest. The other option could be to 
choose the categories independently of the method. However, attributes such as completeness of 
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scope, robustness and uncertainty, reproducibility, transparency or stakeholder acceptance would 
vary among the selected categories. For example, the ILCD manual ‘Recommendations for Life Cycle 
Impact Assessment in the European context’ provides guidelines for pre-selection of methods based 
on the most common impact categories (climate change, ozone depletion, human toxicity, respiratory 
particulates/inorganics, photochemical ozone formation, ionizing radiation impacts, acidification, 
eutrophication, eco-toxicity, land use and resource depletion).

However, the guidelines were published in 2010 and many methods have since been updated as 
ReCiPe 2016. The selection of impact categories for the case study aimed at representativeness of 
the following aspects: background energy consumed, implications of biogas production in reducing 
resource depletion, relevance of direct emissions control and water resource pollution. For these 
reasons, the categories analysed were climate change, ozone depletion, eutrophication and resource 
depletion. During the classification stage, the LCI data are assigned to each of the previously 
selected impact categories. All of these categories can be found in CML and ReCiPe, two of the 
most widely used methods in the field of AD (see Tables 11.1 and 11.2). After selection of the LCIA 
method, the connection between the LCI and the environmental impact/harm is performed during 
the classification and characterization stages. Environmental loadings are assigned to each LCIA 
data element and category using factors. Both stages can be supported by the use of software such 
as SimaPro, EASETECH and OpenLCA, among many others. In particular, the first three LCIA 
stages for the environmental comparison of the UASB granular sequential reactor scenarios have 
been performed with SimaPro version 9.3 for the ReCiPe 2016 Midpoint (H) V1.07/World (2010) H 
method. Normalization and weighting, the optional ICLC stages were not included within the study.

Interpretation of the results: All of the above phases of LCA are interrelated. The objective of this 
analysis is not only to provide a clear message to the readers about the environmental expectations of 
the analysed process, product or technology, but it is also relevant for the identification of missing data 
and errors. Therefore, the LCA is iterative, and the results obtained at this stage lead to the modification 
or redesign of the assumptions adopted in the previous stages. When interpreting the results, the first 

Table 11.7 LCI per FU (1 m3 of wastewater treated) for the case study defined from the data of Stazi et al. (2022).

LCI Materials Units Scenario 
T35H22

Scenario 
T25H22

Scenario 
T35H14

Scenario 
T35H09

Inputs from Technosphere

 Feeding pump kWh/m3 0.41 0.41 0.41 0.41

 Recirculation pump kWh/m3 22.99 22.99 14.41 7.89

 Effluent pump kWh/m3 0.27 0.27 0.27 0.27

 Heat kWh/m3 18.98 5.92 19.01 19.08

 Biogas blower kWh/m3 2.51 × 10-3 2.67 × 10-3 2.21 × 10-3 1.60 × 10-3

Outputs to Technosphere

 Electricity kWh/m3 2.93 × 10-1 1.77 × 10-1 2.69 × 10-1 2.11 × 10-1

 Heat kWh/m3 0.00 0.00 0.00 0.00

Outputs to the Nature

 Methane (CH4) kg/m3 7.09 × 10-3 7.34 × 10-3 7.09 × 10-3 7.09 × 10-3

 Carbon dioxide (CO2) kg/m3 1.97 × 10-1 1.70 × 10-1 1.81 × 10-1 1.42 × 10-1

 COD kg/m3 1.85 × 10-2 3.90 × 10-2 2.70 × 10-2 3.40 × 10-2

 Nitrogen as ammonia (NH3) kg/m3 6.05 × 10-2 5.25 × 10-2 5.90 × 10-2 5.95 × 10-2

 Phosphorus as phosphate (PO4
−) kg/m3 7.75 × 10-3 8.10 × 10-3 7.25 × 10-3 7.10 × 10-3

 Dissolved solids (TSS) kg/m3 1.50 × 10-2 1.35 × 10-2 1.50 × 10-2 1.50 × 10-2
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step should be a data and sensitivity analysis, because the results depend on the decisions made 
throughout the design process. This should be especially important when using data from unreliable 
sources, numerical data that falls within a range, assumptions, and when alternative production routes 
can be modelled. Referring to the case study proposed for Stazi et al. (2022), ranges of data can be 
found regarding pollutant removal efficiency, assumptions were used for reactor sizing and distances 
between pumps and other equipment and the European profile was used to power electrical devices 
(the more renewable the profile, the lower the environmental impact). To check whether some of these 
parameters represent a significant change in the results, the sensitivity analysis should be linked to a 
contribution statement. The hotspots or elements of the process system that have the greatest impact 
on the overall profile should be identified. Depending on the details of the contribution analysis, the 
results could highlight the species of substances impacting the environment, the processes involved 
(i.e. energy or chemicals) or sections of a facility (i.e. primary treatment, secondary treatment). Finally, 
for comparative analysis, the results of different scenarios can be contrasted with each other. Figure 
11.1 shows the visualization of the contribution of one of the four scenarios analysed, as well as the 
comparison among all scenarios considering hypothesis (a) of the analysis (Table 11.6).

Table 11.6 highlights the two initial hypotheses of the LCA study conducted: discharge of the effluent 
directly into the environment and valorization of the effluent compounds as liquid fertilizer. Under the 
first hypothesis, five background processes and six polluting substances emitted to nature are responsible 
for the current distribution of the environmental profile in Figure 11.1a. Among them, the use of electricity 
in the pump needed for agitation and recirculation of the stream inside the reactor is the main contributor 
in three (between 54.8 and 78.6% for FRS or fossil resource scarcity and SOD or stratospheric ozone 
depletion, respectively) of the four impact categories under study. The ME (marine eutrophication), on the 

Figure 11.1 Environmental relative contribution profile for the four scenarios of the case study analysed: (a) Process 
contribution for the scenario T35H22 and (b) scenario comparison. T35H09, 35°C and HRT of 9 h; T35H14, 35°C and 
HRT of 14 h; T25H22, 25°C and HRT of 22 h; T35H22, 35°C and HRT of 22 h.
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contrary, is affected 96.2% by nitrogen emissions to water resources. With the exception of the marine 
eutrophication category, heat consumption is the second most important process in the profile with a 
minimum and maximum representativeness of 19.1 and 43.6% for SOD and FRS. This is due to two 
reasons: the five listed background processes are energy related, with an LCI underlining a much higher 
influence of electricity demand on the recirculation pump, and the unit process (expressed in impacts 
per kWh) of electricity is more polluting than the selected heating process. In this context, effluent 
recirculation is the main hotspot of the process when the distance between units is 0.4 m. A reduction of 
the length of the pump suction and discharge piping to 0.1 m would lead to completely different results, as 
the electricity demand would no longer be the main hotspot. Unlike temperature, hydraulic retention time 
and influent concentrations, the distance between equipment is not an intensive variable. Thus, full-scale 
anaerobic treatment systems may have pump arrangements and distances differing from those indicated 
within this chapter. For such reason, the results of the herein described LCA have been proposed as an 
example for the identification of environmental weak points from an early stage of design. The procedure 
could be repeated for larger scale technologies or facilities but considering that not all the parameters 
from the inventory are going to relate proportionally to the scaling-up of the facility. Another option to 
decrease the environmental impact of electricity use would be a modification of the hydraulic retention 
time. This is due to the relationship between the running time of the pump used in effluent recycling and 
the energy demand. To this effect, a comparison of three scenarios is shown in Figure 11.1b. Scenarios 
T35H09, T35H14 and T35H22 demonstrate how a shorter hydraulic residence time is accompanied by 
a decrease in environmental impact by an order of magnitude of up to 51.5%, from 22 to 9 h. Lower 
operating temperature also translates into better results (up to 30%). The answer to which of the two 
parameters (temperature or HRT (hydraulic retention time)) is more relevant for the profile with the 
same degree of modification cannot be obtained with this case study, as the hypotheses were built on 
experimental data. However, it appears that for modifications ∼30% the results depend on the distance 
from the recycle pump to the reactor. For example, three of the categories analysed are favourable to 
T35H14 for 0.4 m, whereas the same hypothesis is worse than T25H22 for 0.1 m.

When comparing initial hypotheses, A with B, the qualitative LCA results are similar. In both 
cases, T35H22 is the worst scenario in all impact categories and T35H09 is the best. Accordingly, the 
results are congruent regardless of the adopted scenario. The decrease in the environmental profile 
between the most and least polluting scenarios is, however, 11.8% higher for ME under scenario B. 
This means that T35H09 is still a better alternative in terms of lower effluent nutrient composition and 
thus under-recovery. The reason for this is the higher affect of a direct emission compared to fertilizer 
production from other sources (a comparability of the scenarios was performed considering that all of 
them could provide the same amount of phosphorus and nitrogen fertilizer).

11.4.2 How to approach the techno-economic analysis of anaerobic domestic wastewater 
treatment
The objective of wastewater treatment plants is to eliminate the pollutants present in the water in 
order to return the water to the environment, causing the minimum environmental impact, or to 
use it for other purposes in order to reduce the pressure on conventional water sources. To carry out 
wastewater treatment, a set of physicochemical treatments are necessary; the degree of treatment 
required for wastewater depends mainly on the effluent discharge limits. Most facilities have a 
conventional type of treatment, which consists of pre-treatment, primary and secondary treatment. In 
turn, various processes mentioned above involve the use of a wide variety of assets and can be grouped 
into civil construction, piping and electromechanical equipment.

As in any other industrial process, these infrastructures require a series of costs: energy, personnel, 
reagents, maintenance and so on, for the operation of facilities. In this sense, as with investment 
costs, these can vary depending on multiple variables that must be considered. Precisely, one of the 
first phases in any investment project is the feasibility analysis. The study makes possible to assess the 
profitability and financial sustainability of a project in the long term. This is particularly important 
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when, as is the case in the wastewater treatment sector, there are different treatment technologies 
available. Another important aspect of feasibility analyses is that they enable decision makers to assess 
the environmental, social and legal implications of a project. These assessments can help prevent risks 
and ensure that the project complies with applicable legal and environmental regulations.

A wastewater treatment project is viable when, in addition to technically complying with the legal 
criteria regarding the quality of the influent, it is sustainable in the long term, which implies identifying 
a priori all the aspects associated with the process that may jeopardize the operation itself in short- 
and medium-term future. From the techno-economic point of view, some treatment technologies may 
require higher operating costs but with a lower investment or, on the contrary, technologies requiring 
higher economic investment that minimize operating costs. However, any economic analysis must 
take into account the unique characteristics associated with the site of the facility, local energy costs, 
specific quality and regulatory requirements, for example. In this sense, the economic analysis of the 
treatment process can include, in a second stage, the quantification of the benefits generated, or, in 
other words, the resources produced in the process. In the case of anaerobic treatment, in addition to 
generating water resources for irrigation, it also generates an alternative source of energy in the form 
of biogas that is converted into heat or electricity to save energy resources, thereby reducing GHG 
emissions. With respect to sludge generation, compared to other treatments, it is lower, which reduces 
the costs associated with sludge disposal. This stabilized sludge can be used as a fertilizer to enrich 
and improve soil characteristics. In summary, understanding the wastewater treatment infrastructure 
as a source of resources, which can be quantified, makes it possible to integrate the benefits generated 
into an overall decision balance (Figure 11.2).

In scenarios where there are different technical alternatives, cycle cost analysis can help to identify 
which option is economically more viable taking into account the entire investment period. Life-cycle cost, 
also known by its acronym LCC, is used to evaluate project costs. LCC is a method of economic analysis 
used to evaluate the total cost of ownership of a product or service over its entire life cycle. This method 
is based on life-cycle thinking and takes into account all costs associated with a product or service, from 
acquisition to disposal. The main objective of LCC is to provide a complete and accurate picture of the 
total costs associated with a product or service, to help companies and individuals make more informed 
procurement decisions. LCC calculations can be used on any piece of equipment or treatment system 
to determine the cost of procurement, operation, maintenance or disposal over its lifetime. There are 
currently a wide range of models used to calculate the total cost over the lifetime of a product. Regardless 
of the model used, they all share a common objective: to provide an accurate estimate of total pump 
system costs over time, expressed in today’s currency value. In this sense, the result of an LCC can be 
used to compare different products or services and choose those with a lower total cost.

Figure 11.2 Anaerobic wastewater treatment costs and resource generation.
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Naturally, the weighting of certain factors in an LCC analysis will depend on local circumstances. 
For example, in countries with low-energy prices or for stations that run infrequently, energy costs 
may not be a major factor. Similarly, maintenance costs will not be a major factor in locations where 
labour is inexpensive. The advantage of an LCC analysis is that it lets the user focus on factors that 
matter most for a specific treatment system and situation. LCC can help in making informed decisions 
in the design and planning of the project. By evaluating the total costs associated with different design 
and planning options, the most cost-effective and sustainable option in the long term can be chosen. 
In addition to the great usefulness of LCC in the design phase of the project, it is also particularly 
useful throughout the operation period of the project. By evaluating the total costs associated with 
the project, areas where resource consumption such as water and energy can be reduced, and waste-
disposal costs can be minimized, can be identified. In this way, improvements can be made that 
increase the sustainability of the project.

LCC is divided into several steps, including identifying all costs associated with a product or 
service, estimating the future cost and projecting the cost over the life cycle. In general, we can 
simplify the following four costs:

(1) Acquisition costs (CAPEX). These are all costs associated with the initial investment plus 
research and development costs, corresponding to the engineering and construction, testing, 
transfer and integrated logistical support activities incurred to incorporate an asset into an 
organization.

(2) Operating costs (OPEX). They correspond to the variable costs derived from the operation of 
the system in accordance with the planned degree of activity (which may be hours/year).

 (2.1)  Maintenance costs. These reflect the consumption of resources derived from preventive 
and corrective maintenance, basic infrastructure, spare parts and associated consumption 
(not considered in the acquisition), repairs, modifications and/or modernizations, to 
ensure the availability of the system to fulfil its mission.

 (2.2)  Repair costs. These costs relate to technical failures or equipment breakdowns. They may 
require the intervention of a technician or the replacement of damaged components.

To summarize, the investment and/or acquisition costs are called CAPEX (capital expenditures) 
and the operating and maintenance costs are called OPEX (operational expenditures). The costs 
associated with fixed assets (CAPEX) take into account the useful life for which the infrastructures 
have been designed. Thus, they represent the capacity of the facilities to generate a profit over time. 
The costs associated with maintenance and operation tasks (OPEX) ensure the correct functioning of 
the facilities, optimizing their use and avoiding wear and tear and deterioration.

11.4.2.1 Capital expenditures
Investment costs correspond to all those costs related to the acquisition of the necessary assets and 
the start-up of the project. In the case in question, a wastewater treatment plant mainly involves 
land, piping, civil works (such as physical unit processes, biological reactors, degritting units and 
settlers, among others), electromechanical equipment (impulsion pumps, submersible pumps, blowers, 
centrifuges, etc.) and piping. Moreover, the infrastructure required to carry out water reclamation 
processes may include different types of technology and can vary depending on the quality of the 
reclaimed water, which will determine the technology chosen for the process.

It is important to note that the investment costs associated with reclaimed water infrastructure 
can vary depending on the specific circumstances of each project. However, despite the initial 
investment costs, these types of infrastructure can provide significant long-term benefits, such as 
reducing demand for freshwater resources and reducing the discharge of wastewater into surface 
waters, leading to improved environmental and public health outcomes. The percentage distribution 
of the investment cost for wastewater treatment and reclaimed water process infrastructure can vary 
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depending on a number of factors, such as the type and size of the facility, the technology used, the 
geographic location and local regulatory conditions.

In the case of an STP, construction costs can represent ∼70–80% of the total investment cost. Within 
construction costs, the cost of treatment equipment (e.g. biological and chemical treatment technology) 
and construction costs (e.g. installation of piping, construction of settling tanks and digesters) are 
the two major components (EPA, 2016). The remaining costs include the cost of land acquisition, 
engineering, design, licensing and permitting costs and administration and supervision costs. In the 
case of reclaimed water processing infrastructure, the cost of treatment equipment can represent the 
majority of the total investment cost. Advanced water treatment technology, such as reverse osmosis and 
membrane filtration, can be expensive to install and operate. Other costs include the cost of constructing 
and maintaining pipelines, storage tanks, pumping stations and other equipment associated with the 
distribution of reclaimed water. There are also costs associated with the management and oversight of 
the reclaimed water programme, including quality monitoring and regulatory compliance.

Another aspect to be taken into account with regards to investment costs is the useful life of the 
assets that make up these infrastructures in order to establish their depreciation. It should be borne in 
mind that the expected life of the different assets (infrastructures, electromechanical equipment and 
piping) may be defined by operational variables such as operating hours, or fixed variables such as the 
age of the element. However, there are references that allow these maximum useful life parameters to 
be established approximately.

A period of 30 years is considered appropriate for civil works and the rest of the first establishment 
costs, as although it may be necessary to remodel some equipment beforehand, the civil works are 
perfectly usable for a new installation. Shorter periods are established for the rest of the equipment, 
and in many cases not because they will continue to operate with good performance at the end of this 
period, but because of technical obsolescence, given that technical progress may make it advisable to 
replace them with others that are more efficient or better adapted to the real needs of the installation. 
With these criteria, the most frequently adopted periods are:

• Mechanical equipment: 12 years
• Membranes: 8 years
• Electrical equipment: 15 years
• Instrumentation and control: 12 years
• Piping: 15 years

The investment required to build any STP depends very much on its size. The specific investment 
(investment required for each m3/day of production) decreases as the size of the plant increases, 
which means that the scale factor plays an important role in the investment. In addition to the scale 
factor, other aspects such as the quality of the influent and effluent plays an important role, which 
will determine the type of treatment required. The investment costs of a wastewater treatment 
system have been studied by numerous authors, many of whom, through the development of cost 
functions, provide a model to estimate the investment costs for different types of treatment. These 
authors include the work of Friedler and Pisanty (2006) who establishes a cost function for secondary 
treatment and advanced secondary treatment with nitrification or Singhirunnusorn and Stenstrom 
(2010) who develops cost functions for four types of technologies: activated sludge, oxidation tank, 
aerated lagoons and oxidation ponds. On the contrary, Tsagarakis et al. (2003) focus on the analysis 
of the investment, operation and maintenance costs of different secondary treatments whose main 
difference is aeration. They conclude that activated sludge treatments can be the most economical 
above a certain size. On the contrary, Rodríguez-Miranda et al. (2015) estimates the investment 
costs of wastewater treatment by differentiating between investment costs associated with primary 
treatment and secondary treatment.

With respect to anaerobic wastewater treatment, one of the most used types of treatment is 
anaerobic sludge blanket reactors. Sludge blanket reactors are a type of anaerobic treatment in which 
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wastewater is passed through a floating ‘blanket’ of suspended sludge particles. As the anaerobes 
in the sludge digest the organic components of the wastewater, they multiply and accumulate into 
larger granules that settle at the bottom of the reactor tank and can be recycled for future cycles. 
The treated effluent flows up and out of the unit. Biogas resulting from the degradation process is 
collected through collection hoods throughout the treatment cycle. With respect to investment costs, 
Tchobanoglus et al. (2003), based on a sample of infrastructures with similar characteristics, suggest 
the following cost function:

IC Q Z= × × −, .
d 35 877 0 43

 (11.1)

where IC is the investment cost (€), Qd is the design flow rate and Z is the equivalent inhabitants 
(design).

In this sense, it is important to point out the influence of economies of scale on investment 
costs, so that a larger infrastructure would imply a lower unit cost according to the design flow 
rate (Figure 11.3). These results coincide with studies by other authors relating investment and 
operating costs to economies of scale in the wastewater treatment sector (Hernández-Chover et al., 
2018).

11.4.2.2 Operational expenditures
In the urban water cycle sector, a large number of equipment and infrastructures are necessary to 
carry out the process, in this sense, operation and maintenance (O&M) costs may exceed the initial 
investment costs. The initial investment in a project can be significant, but it is often only a fraction 
of the total costs that must be considered over the entire life cycle of the project. O&M costs can 
include expenses such as energy required to operate the project, equipment replacement and repair, 
labour costs and material costs. It is important to take these costs into account when assessing the 
feasibility and profitability of a project. An effective approach to minimize O&M costs is to carefully 
plan and design the project from the outset, with the goal of minimizing maintenance and operational 
requirements and maximizing energy efficiency. In addition, implementing preventive and predictive 
maintenance programmes can help reduce long-term maintenance costs by detecting and addressing 
issues before they become serious problems.

Figure 11.3 Investment costs and design flow rate (€/m3) for an UASB reactor.
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Operating and maintenance costs can be divided into two main groups:

(a) Fixed costs, independent of the treatment flow (€/day), such as:
• Operating and maintenance personnel costs
• Electromechanical maintenance costs
• Monitoring and control, health and safety and administrative costs

(b) Variable costs, depending on the flow treated (€/m3). These are
• Electricity costs
• Costs of chemical reagents
• Replacement costs of membranes or other treatment elements
• Waste management

Any analysis that aims to evaluate the operating costs associated with the wastewater treatment 
process will include technical and economic aspects that may affect the process. With respect to 
the technical aspects, the technology used can influence in a higher or lower pollutant collection 
and consequently in the formation of costs. At the same time, there are other variables that must be 
evaluated because of the influence they can have on the variation of the economic costs of the process. 
In the previous section, we have observed the influence of economies of scale on the investment costs of 
anaerobic treatment, so that the larger the size of the infrastructure, according to the design capacity, 
the lower the costs. With respect to operating costs, Hernández-Chover et al. (2018) confirmed that 
they have a similar behaviour, that is, larger infrastructure dimensions will generate a lower unit cost 
in terms of treatment (also shown in Figure 11.4).

There are other aspects that can influence the operational costs of these infrastructures: Sala-
Garrido et al. (2012) showed that WWTPs located in tourist areas are affected by seasonality and 
variability of pollutant loads, which implies that these infrastructures operate at full capacity during 
part of the year, generating higher operational costs and possible problems with effluent quality.

As in the previous section, an economic function is proposed to project the costs associated with 
the O&M of these infrastructures:

OC Z= × −, .64 286 0 445
 (11.2)

where OC is the operational cost (€) and Z is the equivalent inhabitants treated.

Figure 11.4 Operational costs per equivalent inhabitant treated for an UASB reactor.
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The results indicate that the operational costs of this type of technology are influenced by the 
presence of economies of scale, so that a greater number of treated inhabitants would reduce the 
relative costs of the treatment process. In addition, it should be taken into account that higher organic 
loads would generate greater amounts of resources, such as energy in the form of biogas, sludge that 
can be valorized and water.

In this section, we have synthesized the economic costs associated with this type of facility, 
suggesting economic functions that model the investment and operating costs of an anaerobic treatment 
plant. The LCC methodology divides the costs according to their nature, so that the proposed function 
would be as follows:

LCC ic in e o m s env d= + + + + + + +C C C C C C C C

where Cic  = initial costs. Initial costs relate to the cost of purchasing systems, piping and all mechanical 
and electrical equipment as well the cost of engineering, testing and inspection, including any spare parts 
and training; Cin  = installation and commissioning costs. These costs can include civil work, foundations, 
connection of piping, electrical wiring and instrumentation. They also cover the cost of setting and grouting 
of equipment on the foundations, provisions for flushing as well as performance evaluations at start-up. 
The installation and commissioning of monitoring and control equipment is also included in this item. 
Installation time can be minimized or eliminated by selecting a pre-programmed variable speed drive 
that requires a minimum of configuration settings; Ce  = energy costs. These costs can include civil work, 
foundations, connection of piping, electrical wiring and instrumentation. They also cover the cost of setting 
and grouting of equipment on the foundations, provisions for flushing as well as performance evaluations 
at start-up. The installation and commissioning of monitoring and control equipment is also included in 
this item. Installation time can be minimized or eliminated by selecting a pre-programmed variable speed 
drive that requires a minimum of configuration settings; Co  = operational costs. Operational costs cover 
the labour costs for normal operation of the pumping system. This includes, for example, normal wear and 
tear, system supervision and keeping the station clean. Operational costs do not include costs attributable 
to energy or maintenance of the treatment water system. An LCC analysis can be a good tool to see how 
fast the investment in a new supervision system will pay back;

Cm  = maintenance and repair costs. Such costs relate directly to the total number of hours 
spent on maintenance and the cost of spare parts, including planned and unplanned maintenance; 
Cs  = downtime costs. This category relates mainly to unexpected downtime but may also be due to a 
loss of production or even loss of trust from a customer. Downtime costs can be minimized by using 
maintenance contracts that ensure regular service to maximize uptime and shorten response time 
in the event of emergencies. Monitoring and control solutions can also create early warnings that 
help to prevent downtime; Cenv  = environmental costs. These include costs for dealing with spills, 
environmental inspections and contaminant disposal during the lifetime of the water treatment system. 
Such costs are often set by local regulatory authorities and vary from country to country. The disposal 
of used parts and materials is also included. For information about what materials are used and their 
effects on the environment, see the Environmental Product Declaration; Cd  = decommissioning costs. 
Decommissioning costs usually include the disposal of the water treatment system and auxiliary 
services as well as restoration of the local environment. The decommissioning costs seldom vary for 
similar solutions and are often excluded from an LCC calculation.

An LCC analysis can be used to determine the total cost for the system over its lifetime. When 
conducting a complete analysis, it is necessary to gather and enter data for all eight categories in the 
formula. An LCC analysis can also be used to examine how beneficial an investment can be, meaning 
that only factors that are of relevance for the analysis need to be included. Making two analyses – one 
with the investment and one without – and comparing the results will show the payback time for 
the investment. When comparing different systems, the relevant data should be entered for the same 
categories. The comparison of technological alternatives should include, in addition to the technical 
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aspects, the resources that each technology is capable of generating. The valorization of the resources 
generated can influence the reduction of the economic costs associated with both investment and 
operation. Thus, technologies with higher investment or operating requirements may be more viable 
options due to the resources they can generate over other alternatives.
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ABSTRACT

In this final chapter, a summary of the still open questions to be solved for the scale-up of the technologies described 
in the previous chapters (including post-treatment options), for application in cold and temperate climate areas is 
provided. Special attention is dedicated to upflow anaerobic sludge blanket and anaerobic membrane bioreactors 
(AnMBRs), which are, even if with different peculiarities, the most promising solutions. In addition to anaerobic 
mainstream treatment technologies, recent research demand focuses also on two important emerging topics, 
which are of interest not only for anaerobic wastewater treatment, but also for conventional activated sludge 
plants, that is, the fate of microplastics (MPs) in plants and in receiving water bodies and the antibiotic resistance 
spreading. For these two topics, which were not analyzed in detail in the previous chapters, we propose in this 
chapter a general presentation of the state of knowledge in relation to wastewater treatment plants (WWTPs) with 
particular focus on anaerobic systems and related research needs. Concerning MPs, in spite they are recognized 
as ubiquitous pollutants, there is a strong research demand on the standardization of sampling and analytical 
protocols and on powerful technologies able to improve their removal. Even though information about the fate 
and effect of MPs in WWTPs with anaerobic treatments is scarce, AnMBRs have demonstrated high removal rates, 
which suggest them as a promising technology. As regard to antibiotic resistance, WWTPs are one of the main 
sources of dissemination of antibiotic-resistant bacteria (ARBs), antibiotic-resistant genes (ARGs), and antibiotic 
residues into the environment. Even if the available data are referring mainly to warm climate regions, it is worth 
noting that anaerobic reactors, alone or in combination with aerobic post-treatment, can remove from 0.5 to 3.0 
log units of ARBs and ARGs depending on the resistance bacteria or gene. Also in this case AnMBRs achieved the 
best performance while good results have been also obtained with combined treatment options (i.e., anaerobic–
aerobic and anaerobic post-treatment). Research demand on antibiotic resistance is driven by the need of clarifying 
the fate of ARBs, ARGs, antibiotics, pathogens in the treatment line, and the effects of wastewater characteristics 
on the plant performance. Important challenge is the development and evaluation of more effective disinfection 
and treatment methods (such as ultrafiltration and advanced oxidative processes) able to reduce the antibiotic 
resistance spreading from WWTPs.

Keywords: anaerobic domestic wastewater treatment, antibiotic residues, antibiotic-resistant bacteria, antibiotic-
resistant genes, high-rate bioreactors, microplastics.
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12.1 ANAEROBIC DOMESTIC WASTEWATER TREATMENT IN A CIRCULAR ECONOMY
The concept of circular economy has been defined in many ways as well highlighted by Kirchherr et al. 
(2017), who, after a systematic analysis of the 114 circular economy definitions found in literature, 
proposed the following reference definition: ‘circular economy is an economic system that replaces 
the “end-of-life” concept with reducing, alternatively reusing, recycling, and recovering materials in 
production/distribution and consumption processes. It operates at the micro level (products, companies, 
consumers), meso-level (eco-industrial parks) and macro level (city, region, nation and beyond), with 
the aim to accomplish sustainable development, thus simultaneously creating environmental quality, 
economic prosperity and social equity, to the benefit of current and future generations.’

An anaerobic process fits perfectly this complete and exhaustive definition, because it allows 
resource recovery, including energy, safe water, and nutrients, from valuable by-products of industries, 
but, and even more important, from wastes and wastewater. In the case of domestic wastewater (DWW) 
treatment, the recovery of energy and nutrients is accomplished from a huge ‘dirty’ matrix whose 
conventional treatment generally implies energy consumption and loss of the nutrients contained 
in the influent. In this context, the anaerobic process potentially represents the optimal mainstream 
treatment option for DWW. Unfortunately, in cold and moderate climate regions, this option is still 
challenging due to the low process efficiency at these temperatures for dilute streams such as DWW. 
In the previous chapters, several key aspects for the application of anaerobic processes as mainstream 
treatment of DWW have been highlighted as well as the related research needs. In this final chapter, a 
summary of the still open questions to be solved to promote the scale-up of the proposed technologies, 
including post-treatment options, for application in cold and temperate climate areas is provided. 
Special attention is dedicated to upflow anaerobic sludge blanket (UASB) and anaerobic membrane 
bioreactors (AnMBRs), which are, even if with different peculiarities, the most promising solutions.

In addition to technologies, recent research demand focuses also on two important emerging topics, 
which are of interest not only for anaerobic DWW treatment, but also for conventional wastewater 
treatment plants (WWTPs), that is, the fate of microplastics (MPs) and antibiotic resistance spreading, 
both of them not extensively investigated for anaerobic processes. For these two topics, which were 
not analyzed in detail in the previous chapters, we propose in this chapter a general presentation of 
the state of knowledge in relation to WWTPs with particular focus on anaerobic systems and related 
research needs.

12.2 MAINSTREAM TECHNOLOGIES FOR THE ANAEROBIC TREATMENT OF DWW
12.2.1 General aspects to be investigated for high-rate systems
The first key element for the feasibility of anaerobic processes is the technology: it has been demonstrated 
that conventional suspended biomass reactors cannot achieve the required performance in terms of 
effluent quality with reactor volumes and footprint suitable for practical application, thus high-rate 
bioreactors are required.

Types and related characteristics of high-rate systems have been presented in this book; they 
are generally at medium/high technology readiness level but there are common research issues to 
be investigated. The first aspect is the performance optimization to define the best set of operating 
parameters depending on the final destination of the produced effluent: many studies have been 
conducted with this objective and they provided consistent results demonstrating the feasibility of 
high-rate bioreactors for chemical oxygen demand (COD) removal in DWW. Concerning the nutrients, 
anaerobic effluents are characterized by high N and P contents, which, as optimal solution congruent 
with sustainability goals, should be recovered as much as possible. Their recovery is not always easy 
and feasible due to geographical, logistic, and legislation issues. As already mentioned, research 
efforts and management strategies should be devoted to modify the approach in dealing with urban 
wastewater to be considered more as a source of energy and valuable compounds than a liquid waste. 
When the nutrient recovery is not feasible, appropriate post-treatment is necessary, also the challenge 
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in this case is the achievement of the good effluent quality with a minimum expense of energy in order 
to not having a massive impact on the recovered energy in the anaerobic step.

Another general critical aspect in the performance of anaerobic systems is the presence of dissolved 
methane (dCH4) in the treated effluent whose recovery has to be maximized to avoid energy loss and 
reduce dangerous greenhouse gas emissions. Research efforts on strategies for dCH4 recovery or reuse 
within the same treatment process are mandatory to approach energy-neutral anaerobic treatment, and 
to exploit the intrinsic merits of the process to be economically feasible and environmentally friendly. 
Several technologies are available for the dissolved CH4 recovery, both through physical methods, 
such as aeration, gas stripping, and degassing membranes, and for its biological removal through 
down-flow hanging sponge reactors and the more recent proposed process based on denitrification and 
anaerobic CH4 oxidation (N-Damo) (Stazi & Tomei, 2021). All the proposed technologies need further 
investigations to optimize the process performance at pilot and demonstration scales. In fact, their 
applicability has not yet been fully evaluated in terms of economic feasibility and process safety (Liu 
et al., 2014). Other issues, which deserve greater care, would be the regular and accurate measurement 
of the concentration of dCH4 in the effluent, instead of the generally assumed theoretical data referring 
to the thermodynamic equilibrium conditions, and the influence of some technical aspects, such as 
the technology itself, the operation mode, and the type of biomass (Cookney et al., 2016). The most 
promising solution for CH4 recovery, that is, membrane separation, requires additional research on 
the evaluation and related impact of wetting, fouling, and clogging phenomena. There are available 
control strategies for these phenomena but in most cases are energy-intensive and not economically 
feasible and research efforts should be devoted to these critical aspects.

12.2.2 UASB bioreactors
UASB reactors, described in detail in Chapter 2, represent an effective technology relatively easy 
to apply whose advantages for the anaerobic treatment of DWW in warm climate areas are well 
recognized. The extension of UASB application even in moderate/cold climate regions requires 
technological improvements as the maximization of the biomass activity with configurations able to 
concentrate the biomass inside the bioreactor. As reported in Chapter 4, promising results have been 
achieved with attached and granular biomass systems. These studies, as the most part of literature 
in this field, are conducted at lab scale and consistent work should be dedicated to their scale-up. 
Another interesting technical solution investigated in the two above mentioned studies is the operation 
in sequential mode, which is not common for an anaerobic process, but, given its flexibility, can be 
an effective solution for small wastewater treatment installations and to face the high seasonal load 
variations, which can occur in touristic zones.

12.2.3 Anaerobic membrane bioreactors
Membrane bioreactors represent the most powerful technology developed so far for enhancing 
the performance of biological processes and it is of particular relevance for the anaerobic process 
application even for treatment of low-strength wastewaters as the domestic ones. The use of 
filtration membranes would revolutionize treatment systems, eliminating practically all the colloidal 
compounds, germs, and suspended solids usually present in anaerobic effluents. Nevertheless, the 
anaerobic treatment of DWW, using submerged membrane technology, is today still a promise and 
not a reality. This is due, in practice, to the lower flux obtained in both laboratory and pilot scale 
AnMBR units, usually between 5 and 10 L/m2/h, far from the values of 20 L/m2/h or higher, observed 
in full-scale aerobic MBRs. Chapter 3 is dedicated to this technology and related research needs are 
well highlighted. Besides the need of performance optimization and facing the well-known fouling 
phenomenon, the most important aspect for the anaerobic treatment of DWW is the ‘the minimization 
of energy use’ associated in practice with the stable operation at higher flux, which is mandatory to 
achieve a positive energy balance making an anaerobic process competitive with an aerobic one. 
Energy consumption and fouling phenomena are strictly related and it is challenging to find the 
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optimal equilibrium solution allowing acceptable fouling levels and, at the same time, acceptable 
energy consumptions. Strategies and technological alternatives to work in this direction are described 
in detail in Chapter 3.

12.2.4 Post-treatments
As long as there is no breakthrough on AnMBR technology, the anaerobic treatment of urban wastewater 
will in practice relies on the use of UASB systems and their modifications as is presented in Chapter 2. 
Currently, there are multiple technologies available for the effective removal of biodegradable organic 
matter, Total Suspended Solids (TSS), and partial Total Nitrogen (TN) removal through aerobic post-
treatment systems, including suspended biomass (activated sludge processes); biofilm (trickling filter and 
down-flow hanging sponges, moving bed biofilm reactors, etc.), and integrated fixed-film and activated 
sludge processes. Nowadays, the increase in the elimination of TN means, in practice, bypassing part 
of the raw sewage directly to the post-treatment system, with the consequent loss of biogas production. 
Thus, the removal of dissolved methane and nitrogen compounds as was mentioned in Chapter 5 should 
be improved, with more effective strategies potentially involving advanced microbial communities or 
engineering systems, using among others anammox or N-damo processes at ambient temperature.

The use of post-treatment systems is also required if the anaerobically treated wastewater has to be 
reused, as has been mentioned in Chapter 8. Water reuse offers a good opportunity for recovering not 
only water, but also the contained nutrients for agriculture or landscape irrigation, diminishing the 
chemical fertilizer requirements of crops. Water reuse could play a crucial role in both mitigating and 
adapting to the impacts of climate change. Although traditionally the sources of drinking water have 
come from aquifers and surface waters, it is more and more common, due to water stress, to use energy-
intensive processes, such as desalination of seawater through reverse osmosis to produce drinking 
water. In Spain this represented the 5.9% of the total drinking water consumed in the country in 
2020 (INE, 2022). Replacing the use of drinking water with reclaimed water, especially for landscape 
irrigation and other urban uses, could be therefore a way to reduce energy consumption and greenhouse 
gas emissions, associated with seawater desalination, which would be added to the potential savings 
obtained from the use of combined anaerobic–aerobic systems to produce such reclaimed water.

12.3 MICROPLASTICS IN CONVENTIONAL WWTPS AND ANAEROBIC SYSTEMS
MP pollution has become a highly relevant issue in recent years. MPs can be defined as plastic 
fragments smaller than 5 mm. Depending on their origin, they can be classified as primary or 
secondary. Primary MPs are the ones that can be found in cosmetic and medical products. In addition, 
MPs originated from abrasion of tires and fibers that are released during laundry are also commonly 
classified as primary MPs (Rossatto et al., 2023). Secondary MPs are the ones that originate from 
physical, chemical, or biological fragmentation of larger plastic debris, such as plastics bags or bottles 
(Akdogan & Guven, 2019).

Besides their origin, MPs can also be classified based on their physical and chemical characteristics. 
Despite the lack of and standardized protocol for their identification leads to a great variability in 
the criteria used for their description, there is a general agreement in referring at least to the type of 
polymer, size, color, and shape. Thus, microbeads/spheres, fibers, films, fragments/irregular particles, 
or foams are commonly used terms (Hartmann et al., 2019).

Due to this diversity of sources, MPs can enter natural systems through different pathways. On the 
one hand, primary MPs are prone to be released through household sewage discharge or application 
of sewage sludge containing synthetic fibers or sedimented MPs from personal care or household 
products. On the other, anthropogenic activities such as littering or municipal solid waste collection 
and disposal contribute to plastic pollution. These larger plastic wastes and the MPs formed from 
them may be introduced into aquatic environments by wind dispersal, surface runoff, or soil erosion 
(Akdogan & Guven, 2019).
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Moreover, their characteristics make them a potential risk for ecosystems. Due to their small size, 
MPs can interfere with food chains, because they can be ingested by organisms in lower trophic 
levels such as zooplankton. Furthermore, their size in combination with their great specific surface 
area and hydrophobic surface enables them to act as carriers of other pollutants, such as persistent 
organic pollutants, heavy metals, polycyclic aromatic hydrocarbons, polychlorinated biphenyls, and 
even pathogens (Akdogan & Guven, 2019).

MPs are nowadays considered ubiquitous pollutants, as they have been found in every known 
environment, that is, seas, oceans, lakes, rivers, beaches, and marine soils, including the sediments 
of Arctic fresh water (Rossatto et al., 2023). In this context, domestic WWTPs are now considered 
important for the release of MPs due to the diverse origins of influents, all of which could contain 
a significant amount of MPs. The removal rates of MPs in domestic WWTPs are above 90%, but 
considerable quantities of MPs are released to the surrounding receiving waters, ending in ocean 
systems, due to the daily discharge of large volumes of effluents. The discharges of MPs in effluent 
and sludge are considered foreign matter and constitute a contaminant and source of pollution to the 
receiving waters and soil systems (Liu et al., 2022).

Numerous types of MPs have been detected in domestic WWTPs. The most common ones would be 
polyethylene (PE), polystyrene (PS), polyethylene terephthalate (PET), polypropylene (PP), polyamide 
fibers, and polyester fibers (Liu et al., 2021). Other polymers such as acrylates, alkyds, polyurethane, 
polyvinyl alcohol, and polyvinyl chloride (PVC) have been reported too (Sun et al., 2019).

12.3.1 Characterization techniques
Nowadays, one of the main challenges in the study of MPs is the lack of standardization in sampling, 
identification, and quantification methods, which explain the wide range of MP concentrations that 
can be found in literature among different studies. Although many researchers have reviewed the 
identification and characterization of MPs in marine environment and freshwater systems, less review 
papers have focused on the techniques used for the analysis of MPs in samples taken from domestic 
WWTPs. This can be explained by the complexity of wastewater and sludge, whit high contents of 
organic matter, suspended solids, and other contaminants (Liu et al., 2022; Tirkey & Upadhyay, 2021).

In general, many protocols have been developed, with a significant number of steps and long 
times of processing. This diversity of techniques results in a great extent of non-comparable results, 
contributing to a lack of consistency in them. Most relevant steps that are always mentioned in 
literature are shown in Figure 12.1.

In addition, when working with MPs, some precautions must be taken. During the sample 
collection and pre-treatment, contaminations of samples might be induced from atmospheric fallout, 
the equipment and devices, used and even clothing of workers. Some recommendations would be 
using glass materials, cover the samples with aluminum foil, or wearing laboratory coats made of 
natural fabric. It has also been suggested to setup a blank control sample. Finally, the recovery of MPs 
after the extraction processes is recommended to be tested (Sun et al., 2019).

As can be seen in literature, for each step of the sampling and processing, different options can be 
chosen:

Sampling: the first stage for the characterization and quantification of MPs is to collect wastewater 
and sewage sludge samples at different points within domestic WWTPs. For wastewater samples, 
the most common methods used include grab samples at different sampling points or using auto-
samplers to collect samples at intervals over periods from a few hours to 24 h. Sludge samples 
can be directly collected from the primary clarifiers, the activated sludge recirculation lines, and 
the anaerobic digesters. Sample volumes or sludge quantities collected are a critical factor, and 
the first source of variability among authors. Sample volumes used for the MP quantification 
in the water line could be in the ranges of 10–100, 100–200, and 50–1000 L, respectively. The 
quantity of sludge samples used for MP analysis can vary from 5 to 100 g or 150 to 200 mL. 
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The proper sample volumes or sludge quantities for MP characterization will depend on their 
concentration in the samples (Liu et al., 2022).

Filtering: Collected samples are usually filtered using filters or sieves. So far, the mesh/pore 
sizes applied in the related studies have not been standardized and vary from ∼1 to 500 µm, 
considerably affecting final results. This mesh-based size categorization may not be very 
accurate. Some studies have observed that some particles would not pass through the sieves 
even if sufficiently small due to their irregular shapes, and morphology of fibers enable them to 
pass longitudinally through smaller filters. In addition, the materials present in wastewater and 
sludge can cause blockages. For this reason, a common practice for sludge samples is to collect 
and transport them in a container to a laboratory for further sample processing (Sun et  al., 
2019). Once reached the laboratory, sludge samples are commonly subjected to some form of 
pre-treatment, such as sonication (Liu et al., 2022).

Organic material removal: it is necessary to remove all non-plastic organic substances in the 
samples, which comprises the major contents of solids recovered from domestic WWTPs. The 
clean-up of these materials may include various treatments and separation steps. Once again, the 
methodology applied varies widely among the different studies. The most cited methodologies 
usually include the use of acid or alkaline solutions, hydrogen peroxide, Fenton’s reagent, or 
even enzymes such as cellulase, chitinase, or protease. However, NaOH and KOH have been 
reported to lead to insufficient reduction of organics in sludge samples and cause destruction 
to PE, PS, polycarbonate, PET, and PVC polymers, so they are not recommended for organic 
removal in WWTP sludge (Liu et al., 2022; Tirkey & Upadhyay, 2021).

Figure 12.1 Flowchart summarizing steps and techniques used for MP detection in domestic WWTPs. Source: 
adapted from Liu et al. (2022) and Sun et al. (2019). Figure created with Biorender.com.
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Density separation: the aim of this step is to segregate MPs from inorganic substances or sediment 
that are not eliminated with the digestion. The most used salt solution would be NaCl. However, 
polymers such as PET or PVC cannot be separated with this methodology. For this reason, other 
salt solutions have been suggested in several studies: NaI, NaBr, and ZnCl2 (Tirkey & Upadhyay, 
2021).

Identification and quantification techniques: Liu et al. (2022) classified the most used techniques 
for MP characterization into two main groups. On the one hand, morphological and physical 
characterization using microscopy or stereomicroscopy is widely extended as a methodology to 
pre-sort and even count MPs. However, relying solely on the visual identification could result 
in overestimation of the actual number of MPs, especially fibers. On the other, techniques 
focused on chemical properties of MPs are now widely used, commonly in combination with 
the visual identification. These techniques range from relatively fast spectroscopy techniques 
(Fourier transform infrared or Raman spectroscopy) to pyrolysis-gas chromatography/mass 
spectrometry or thermogravimetric analysis-differential scanning calorimetry.

12.3.2 Occurrence and removal rates
As previously mentioned, there is not a standardized protocol for sampling, identifying, and quantifying 
MPs in domestic WWTPs. Because of this, the data reported by different studies vary significantly. 
There is discrepancy even in the units used, with authors referring to the mass or the number of MPs, 
particles, or items, taking into account in particles that cannot be confirmed as either plastics or non-
plastics (Michielssen et al., 2016; Sheriff et al., 2023).

Several review articles summarize the quantity and typology of MPs found. According to Sun 
et al. (2019) the amount of particles reported vary from 1 to 10,044 particles/L in influents and from 
0 to 447 particles/L in effluents. Sheriff et al. (2023) mentioned quantities in influents from 0.28 to 
8400 MPs/L and from 0.05 to 297 MPs/L in effluents. Other studies reported similarly mixed data 
(Liu et al., 2021). The wide variations in MP concentration or quantity in the studies could be partially 
related to the aforementioned differences on sampling methodology, pre-treatment of the samples, and 
the analysis methods applied, as well as the characteristics of the facilities (Sun et al., 2019). Other 
factors that must be considered are the size of the facility, the population served, and the source of the 
raw water (Liu et al., 2021; Sheriff et al., 2023).

Regarding sludge samples, studies focusing on MPs in the sewage sludge including their occurrence, 
transformation, and further mobilization are quite limited. According to Sun et al. (2019), the number 
of MPs in dry weight (DW) sludge could reach from around 1500 to 170,000 particles/kg DW. Nguyen 
et al. (2022) reported the number of MPs in sludge from domestic WWTPs worldwide ranges from 
>1000 to 301,400 particles/kg. These quantities are substantially higher than that in the liquid phase. 
The great variation in the number of MPs in sludge also emphasizes the importance of representative 
sampling and harmonized detection methods. On the contrary, size of MPs in the sewage sludge 
usually is significantly different from that in the raw water, with the average size being relatively large. 
In terms of the shape, synthetic fibers are the most common MPs found in sludge. Therefore, the 
continuous addition of MPs to soils due to the use of sewage sludge as fertilizer should not be ignored 
(Sun et al., 2019).

Although no treatment technology has been specifically designed for the removal of MPs in 
wastewater, most of domestic WWTPs exhibit high removal rates. Above 90% of MPs that enter 
WWTPs are removed from water lines, being retained in the sludge via adsorption mechanisms. Hence, 
the type of treatment plays a key role in this removal rate (Sheriff et al., 2023). The pre-treatment and 
primary treatment steps can effectively remove most MPs in wastewater. Grease and grit pre-treatment 
effectively removes MPs of larger size, whereas primary settling treatment achieve high efficiency in 
removing MPs. Due to this reason, the use of primary treatment systems would guarantee a high removal 
of MPs in domestic WWTPs, regardless of whether either an aerobic or anaerobic biological treatment 
can be used later. The secondary aerobic treatment, which usually comprises biological treatment and 
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clarification, manage to further decrease the number of MPs to 0.2–14%. Finally, in general, WWTPs 
with tertiary treatment processes had lower MP quantities (0–51 particles/L) in effluents than those 
with primary or secondary treatment processes only (Sun et al., 2019).

12.3.3 MPs in anaerobic systems
Regarding occurrence and fate of MPs in domestic WWTPs with anaerobic treatments, available 
information is scarce. Currently, there are no studies on the presence of MPs in full-scale facilities 
and on their removal rates. Only few studies have focused on anaerobic technologies in pilot-scale 
facilities. Moreover, different studies have tried to assess the influence of MPs on anaerobic granular 
sludge (AGS), which will be discussed in the next section.

Michielssen et  al. (2016) assessed the efficiency of different unit processes at three domestic 
WWTPs in removing small anthropogenic litter (SAL), which includes MPs. Two of them were full-
scale conventional facilities with different secondary and tertiary treatments, and the third one was 
a pilot-scale AnMBR with a side-stream configuration, placed after preliminary treatment of one 
of the other conventional facilities. The number of SALs in raw water and its removal rates for the 
three technologies were determined. The overall removal rates achieved ranged from 93.8 to 99.4%. 
Even though an important part of this removal took place in the preliminary treatment, AnMBR 
pilot process removed 99.1% of the remaining SAL, outperforming removal rates of final treatment 
in both plants with conventional configurations. This is due to the small pore size of the micro- or 
ultrafiltration membranes employed, usually between 0.4 and 0.05 µm. In addition, the unit processes 
employed affected also shape classes of SAL detected on final effluents. Some particles such as paint 
chips were not detected in the AnMBR effluent, unlike the other domestic WWTPs. Moreover, as 
compared to conventional systems, there was a 10-fold reduction in the number of fibers released by 
the AnMBR treatment. However, fibers still represented a greater percentage of SAL in effluents. It 
must be noted that in this study they did not focus on MPs exclusively, and part of these fibers could 
be natural fibers such as cotton. These results suggest that an AnMBR is an efficient technology for 
removing SAL and therefore, MPs.

In another study, Pittura et al. (2021) compared a full-scale WWTP with conventional activated 
sludge (CAS) treatment and a pilot-scale UASB coupled with an AnMBR. This study focused on 
determining MP occurrence and their removal rates. For an anaerobic configuration, they determined 
the presence of MPs in the pretreated influent, the UASB effluent, and the permeate, as well in 
the granular sludge. In this case, authors focused only on particles identified as MPs, classifying 
them in terms of their shape as fiber-shaped (MPFs) and particle-shaped (MPPs). The innovative 
configuration removed 94% of influent MPs compared with the conventional treatment scheme. The 
overall removal of 52.6% was achieved by the UASB and further 44% by the AnMBR. In terms of 
shape, the removal rate for MPPs achieved 100%, whereas only 87% of MPFs were removed. On 
the contrary, MPPs (particularly fragments and films) were identified in conventional WWTP final 
effluent. Hence, the main conclusion of this study was that the overall MP removal in a pilot-scale 
configuration was greater than that in a full-scale CAS scheme. The authors indicate that the high 
removal efficiency is due to the ultrafiltration unit, that was mostly responsible for the total abatement 
of MPPs. Regarding MP accumulation in sludge, the anaerobic sludge from UASB reactors presented 
a higher contribution of MPPs of lower size class (0.03–0.1 mm) than the sludge from primary in the 
conventional configuration.

In conclusion, anaerobic treatments emerge as a promising technology for removal of MPs from 
wastewater, especially membrane-based systems. This better performance of membrane bioreactor 
(MBR) technology to remove MPs compared to conventional systems has been highlighted by other 
authors, but in aerobic systems (Sun et al., 2019). However, it should be noted that AnMBRs have 
different fouling and permeation characteristics compared to aerobic MBRs (Pittura et  al., 2021). 
Finally, particular attention should be paid to fibers because both studies mentioned emphasize that 
AnMBRs are not able to remove them from influents.
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12.3.3.1 Effects of MPs on AGS systems
Several authors have studied the response of AGS to the exposure of different MPs. However, most of 
the studies carried out were laboratory-scale experiments. Thus, these laboratory-scale experiments 
were in part focused on determining the mechanisms of toxicity, so they applied conditions that could 
differ from real systems. A few authors have studied the fate and influence of MPs on pilot plants 
(Pittura et al., 2021) or the effect of more than a type of MP at a time (Wei et al., 2022). To date, there 
is no information about MP effect on full-scale anaerobic systems for municipal wastewater treatment. 
Most relevant studies in this field and their main results are summarized in Table 12.1.

In general, all authors conclude that MP addition has a negative effect on the performance of AGS 
systems, affecting extracellular polymeric substance (EPS) production, granule size and integrity, and 
methane production. It is important to note that the size of MPs and their concentration are relevant 
factors, and they must be considered when drawing conclusions. In addition, exposure time might 
play an important role in the effects observed, as well as the type of studied MPs.

These negative effects can be explained by two main mechanisms. On the one hand, some studies 
have reported that the leachates from different types of MPs inhibit microbial growth and affect 

Table 12.1 Principal effects of MP addition on AGS in different experiments.

Experimental Setup Type of 
MP

MP Concentrations/
Quantities

Main Results References

Laboratory-scale batch 
experiments

PS (particle 
size from 
0.5 to 
150 µm)

75 mg/L EPS secretion inhibition. Damage 
in AGS integrity and cell viability 
and methane production inhibited 
with increasing particle size

Wang et al. 
(2022a)

Laboratory-scale 
BEAD reactors

PE (average 
particle 
size: 
40–48 µm)

0.5–10 mg/L Higher concentrations (10 mg/L) 
inhibited methane production. 
Granule breakage and decrease 
in cell viability. Changes in 
microbial populations

Wang et al. 
(2022b)

Laboratory-scale 
UASB reactors 
operated continuously 
for 120 days

PET 
(average 
size: 
1.27 mm)

15–300 MPs/L Low concentration (15 MPs/L) 
did not affect AGS whereas high 
concentrations (75–300 MPs/L) 
significantly inhibited AGS 
activity, with granule breakage 
and EPS production inhibition. 
Changes in microbial populations

Zhang 
et al. 
(2020a)

Pilot-scale UASB 
reactors treating 
municipal wastewater

PP 5–50 PP/g TS Methanogenic activity tolerated 
up to a concentration of 
18 MPs/g TS
50 PP/g TS caused a remarkable 
inhibition on methane production

Pittura 
et al. (2021)

Laboratory-scale batch 
experiments
Remediation strategy 
with hydrochar tested

PET, PS, 
PE, and 
PP (size: 
150 µm)

75 mg MP/L (36% of 
PET, 15% of PS, 42% 
of PE, and 8% of PP)

Inhibition of cumulative methane 
production. Granule size 
decreased. Changes in microbial 
populations

Wei et al. 
(2022)

Laboratory-scale 
UASB reactor operated 
for over 300 days with 
synthetic wastewater

PVC (size: 
0.1 mm)

0–150 MPs/L Decrease in methane production 
and granule size. Cell viability 
was also affected. Changes in 
microbial population

Zhang 
et al. 
(2020b)

PS: polystyrene; PE: polyethylene; PET: polyethylene terephthalate; PP: polypropylene; PVC: polyvinyl chloride; UASB: upflow 
anaerobic sludge blanket; EPS: extracellular polymeric substance.
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microbial activities. Experimental results of the studies carried out with PVC, PET, and PS exposure 
demonstrated the negative influence of these leachates on methane production. PET can cause this 
negative effect through leaching of di-n-butyl-phthalate (Wei et al., 2019; Zhang et al., 2020a). PS 
leachates (Zhang et al., 2020a) were strongly associated with dropping methane production on AGS, 
especially the leachates from larger particles. On the other, results from diverse studies suggest that 
MP addition could lead to the production of reactive oxygen species (ROS). Even in the anaerobic 
environment, sub-micromolar oxygen still remains in the medium, which can interact with abundant 
active sites on MP surface and generate ROS. Compared with the control, the exposure of PET-MPs 
at 15 MPs/L had no impact on the ROS production, but the presence of 75, 150, and 300 MPs/L 
enhanced ROS production (Wang et al., 2022b; Zhang et al., 2020a).

Going into further detail, MP addition seems to contribute to the alteration of granule size and 
integrity. Studies with PS particles and biomass from an UASB reactor (Wang et al., 2022a) reported a 
decrease in granule size and breakage of them due to the MP addition. Moreover, the authors found a 
positive relationship between particle size and the damage caused. However, it is noteworthy that the 
PS concentrations might be higher than the ones found in a WWTP. In addition, another study with 
PE in a bio-electrochemical anaerobic (BEAD) reactor demonstrated alterations in AGS surface and 
a diminishment in particle size with MP concentration of 10 mg/L (Wang et al., 2022a). Other studies 
with PET (Zhang et al., 2020a) indicated the addition of 15 MPs/L had no effect in comparison with 
a control reactor, but higher quantities (from 75 to 300 MPs/L) resulted in a decrease of AGS particle 
size. Interestingly, in this study a lower number of MPs added (15 MPs/L) seemed to be related to an 
increase in EPS production, which is not observed with the higher ones. These results suggest that a 
low concentration of MPs can enhance EPS productions with a protective effect. In contrast, results 
from Zhang et al. (2020b) with PVC with 15 MPs/L did show negative effects.

These results are in consonance with the ones observed for AGS performance. Both methane 
production and COD removal show a descending trend when concentrations and size of MPs 
increase, regardless of the type of MP studied (Wang et al., 2022a; Zhang et al., 2020a). It is worth to 
mention that the lower quantities studied for PET had no remarkable effect on biomass performance 
in opposition to the results with PVC, as in the case of granule integrity. Experiments with PP in a 
pilot-scale UASB reactor only reported negative effects with MPs above 18 PP-MPs/g TS, but not with 
0.5 and 5 PP-MPs/g TS (Pittura et al., 2021).

In conclusion, the effect of MP addition on AGS reactor performance has been demonstrated 
by various studies. However, more research is needed, particularly in full-scale reactors. Regarding 
possible solutions, Wei et al. (2022) proposed the addition of hydrochar as an effective remediation 
strategy. Authors indicate that hydrochar amendment effectively mitigated the reductions in methane 
production, granule size, and cell viability and reduced the toxicity of MPs to microbial community.

12.3.4 Research needs on MPs
The first highlighted important aspect to be investigated is the definition of standardized protocols 
for sampling, identification, and analysis of MPs, which currently are not available thus making data 
analysis procedures extremely difficult. This is a mandatory start point to realize systematic studies 
on the fate of MPs in different water matrices and in WWTPs. Standardized methodologies can 
eliminate/reduce the high variability observed in MP concentration and removal data reported in the 
scientific literature (even for very similar WWTPs) opening the way for reliable comparative studies.

Concerning the anaerobic treatment, promising results have been obtained for MP removal, but 
these are based on few studies mainly focused on AnMBRs. As mentioned in Chapter 3, the most 
critical bottlenecks for MBRs requiring further investigations are fouling and clogging phenomena. In 
addition, in the case of MPs another important issue, which can cause clogging is constituted by fibers, 
so appropriate pre-treatment should be investigated in order to minimize the impact of fibers on the 
anaerobic treatment performance in AnMBRs. For the specific case of high-rate anaerobic bioreactors 
operated with granular biomass, which also demonstrated good performance in MP removal, additional 
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research is required on strategies for performance enhancement, that is, by addition of sorbent media 
(i.e., biochar, hydrochar, etc.), which showed positive effects in preliminary studies.

Finally, as observed in general for the studies on anaerobic processes to be applied for DWW 
treatment in moderate climate regions, also for the fate of MPs there is a strong research demand on 
experimental validation at demonstration and full-scale level, which is necessary for providing reliable 
feasibility evaluation.

12.4 ANTIBIOTIC-RESISTANT BACTERIA AND ANTIBIOTIC-RESISTANT GENES: WHY 
INVESTIGATE ANTIMICROBIAL-RESISTANT ELEMENTS IN WASTEWATER?
Antibiotic resistance is a global threat to public health leading to 700,000 deaths worldwide annually, 
according to the World Health Organization (WHO). Based on a report (O’Neill, 2016) by an 
independent committee, 10 million deaths annually are expected by 2050, meaning that more people 
will die from this than from cancer.

Antimicrobial resistance (AMR) can be defined as the ability of microorganisms, bacteria, viruses, 
fungi, and parasites to withstand the effects of drugs used to contain infections, that is, antibiotics, 
antivirals, antifungal, and antiparasitic. In the case of bacteria, antibiotic resistance is a process in 
which said microorganisms can achieve a resistance mechanism, due to the acquisition of resistant 
genes from other bacteria, or due to the mutation of key genes during cell replication. From that moment 
on, antibiotics will only act on those susceptible microorganisms, not affecting those microorganisms 
that have acquired AMR.

Although the development of antibiotic resistance is a natural evolutionary process mediated 
by microorganisms, it has been accelerated by selective pressures due to anthropogenic activities 
(Bengtsson-Palme et al., 2017). In view of the various factors that encourage the emergence and spread 
of this resistance, the excessive use and misuse of antibiotics by the world population and the subsequent 
spread of antibiotic-resistant genes (ARGs) among microorganisms can be highlighted (WHO, 2021). 
Antibiotic drugs enter the wastewater stream via human, animal, medical, and industrial waste, along 
with heavy metals at different concentrations according to their sources. These wastewater streams 
also contain enteric pathogens, coliforms, phages, antibiotic-resistant bacteria (ARBs), and ARGs, 
which then are combined during the treatment in domestic WWTPs (Hazra & Durso, 2022).

Domestic WWTPs aim to remove and control pollutants and conditions harmful to health, arising 
from chemical, physical, and biological nature. Although they present processes mainly directed to the 
removal of solids and organic matter, some removal of micropollutants, ARBs, and ARGs can occur 
(Machado et al., 2023; Uluseker et al., 2021), but still these micropollutants remain in effluents (Leroy-
Freitas et al., 2022; Machado et al., 2023). In Brazil, for instance, most of the municipal WWTPs 
operate with secondary treatment and ∼22% of the domestic WWTPs include some kind of effluent 
post-treatment, such as ultraviolet (UV) disinfection, maturation ponds, and chlorination.

Simultaneously to the indiscriminate use of antibiotics, WWTPs are considered hotspots for 
ARB proliferation and horizontal gene transfer of ARGs, being a major source of enriching and 
disseminating ARGs and ARBs to the environment (Bouki et al., 2013; Rizzo et al., 2013). This occurs 
because, in these environments, there is a combination of different ARBs and ARGs, close contact 
of cells, in addition to the great availability of nutrients, the presence of antibiotic residues, heavy 
metals, and other chemical compounds at subinhibitory concentration, creating favorable conditions 
for the spread of AMR through horizontal gene transfer. Therefore, it is possible to state that access 
to adequate and efficient DWW treatment systems constitutes one of the interfaces between basic 
sanitation and human health.

In line with the potential for spreading and monitoring the spread of AMR attributed to domestic 
WWTPs, there is a proposal from the European Union for member states to monitor AMR in domestic 
WWTPs receiving effluents generated by a population of more than 100,000 inhabitants (European 
Commission, 2022; Larsson et al., 2022). This is a unique case because there are no effluent discharge 
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limits (or standards) for the maximum allowed concentration of resistant genes or bacteria, as well as 
antibiotic residues in other countries. It is worth noting that, due to increasing population, urbanization, 
water stress, resource consumption, and water reuse plants, it is becoming unsustainable to treat 
wastewaters to only meet discharge limits. Therefore, it is important to produce valuable products 
(such as biosolids), recover nutrients, energy, and produce water having appropriate quality for reuse, 
and to protect the environment and public health. Thus, it is necessary to monitor chemical and 
biological micropollutants in wastewaters and their removal by different treatment options including 
anaerobic systems. It is also important to analyze the operational parameters and environmental 
factors that affect the occurrence, abundance, and removal efficiency of ARBs and ARGs by each 
wastewater treatment system (Baranchesme & Munir, 2018).

There are four types of mechanisms that bacteria have developed against antibiotics: (1) efflux 
pumps, which are proteins that excrete antibiotics from the cells (some examples of multidrug 
efflux genes are: mdtH, mdtN, mexB, mexD, mexF, Yang et al., 2014); (2) inactivation of antibiotics 
by hydrolysis or by conversion of functional groups (examples of β-lactamase genes are blaTEM, 
blaCTX-M32, blaCTX-M15, among others); (3) target by pass (such as overproduction of the target 
compound/enzyme); and (4) target modification (modification of the antibiotic targets themselves). 
The most common antibiotic-resistant elements investigated in wastewaters are listed in Table 12.2. It 
can be noticed that the majority of the studies have detected and quantified class 1 integron integrase 
gene (int1). This gene has been monitored as an indicator of putative multiple antibiotic resistance 
(Zhang et  al., 2018). ARGs encoding resistance to sulfonamides (sul1, sul2, and sul3), macrolide 
(ermB), quinolone (qnrB), tetracycline (tetM), and β-lactams (blaTEM) are commonly monitored in 
wastewaters (Table 12.2), among others. Alexander et al. (2020), in a study investigating 23 WWTP 
effluents in Germany, reported that the most frequently detected ARGs in wastewater effluents, 
among 12 clinically relevant ARGs studied, were those that confer resistance to sulfonamides (sul1), 
macrolides (ermB), β-lactams (blaTEM), and tetracycline (tetM); the intermediates were blaCTX-M32, 
blaOXA48, blaCTX-M15, blaCMY-2 (conferring resistance to β-lactam antibiotics), and rare ARGs 
were mecA (responsible for methicillin resistance), blaNDM-1 (gene that produces carbapenemase 
β-lactamase, conferring resistance to carbapenem antibiotics), mcr1 (mobilized colistin-resistant 
gene), and vanA (conferring resistance to vancomycin). They also reported that, based on the 
numbers of total ARG cell equivalents discharge per day, ARG dissemination from WWTP effluents, 
independently on the catchment area, was not related to the WWTP size. In fact, smaller WWTPs 
(for instance with a 26,000 population equivalent) release as many ARG cell equivalents per day 
(e.g., 2.97 × 1014) as larger WWTPs (4.76 × 1013 with a 45,000 population equivalent). According to 
the authors, these results lead to the question as to what kind of wastewater treatment or treatment 
efficiency smaller WWTPs apply.

Depending on the goals of the study, resources, and analytical capabilities, 5–30 ARGs can be 
investigated by real-time quantitative polymerase chain reaction (qPCR), more than 170 ARGs can be 
investigated through high-capacity qPCR, and even more ARGs can be assessed via metagenomics.

Wang et  al. (2020) in a review on the occurrence and fate of antibiotics, ARBs and ARGs in 
WWTPs (mainly activated sludge systems) in different geographical areas (Europe, America, Asia, 
and Africa), reported that the ARGs commonly observed in WWTPs were bla (blaCTXM, blaTEM), 
sul (sul1, sul2), tet (tetO, tetQ, tetW), and ermB genes, whereas the most frequently detected antibiotics 
were macrolides (clarithromycin, erythromycin/erythromycin-H2O, azithromycin, roxithromycin), 
sulfonamides (sulfamethoxazole), trimethoprim, quinolones (ofloxacin, ciprofloxacin, norfloxacin), 
and tetracyclines (tetracycline). They observed that there was a positive correlation between 
antibiotics and ARGs commonly detected in domestic WWTPs, except for β-lactam antibiotics and 
bla genes. The bla genes were found frequently, despite β-lactam antibiotics being seldom detected 
owing to hydrolysis. In secondary treatment effluents, the concentration of trimethoprim was the 
highest (138 ng/L in median) and the concentration of other antibiotics remained lower than 80 ng/L, 
whereas the relative abundance of ARGs ranged from 2.9 to 4.6 logs (copies/mL, in median).
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12.4.1 ARB and ARG reduction in WWTPs
Many studies have been conducted in different countries and WWTPs operated with CAS processes 
(as reported by Le et al., 2018; Pazda et al., 2019; Rafraf et al., 2016; Uluseker et al., 2021; Wang et al., 
2020). Nevertheless, very few studies have investigated ARB and ARG removal in WWTPs operated 
with anaerobic systems. In general, these studies reported that biological treatment systems (mainly 
conventional (CAS) or modified activated sludge (MAS)) reduce ARB and ARG abundance by 2–4 log 
units depending on operational conditions applied. Antibiotics removal varied and could be up to 70% 
depending on the class of antibiotics (Le et al., 2018; McConnell et al., 2018; Wang et al., 2020; Wen 
et al., 2016; Yang et al., 2014).

Le et al. (2018) investigated the occurrence of 19 antibiotics, bacterial resistance to 10 antibiotics 
and 15 ARGs in a municipal WWTP comprised of CAS and MBR systems (including primary 
clarifier + aerobic/anoxic tanks + microfiltration membrane unit). They reported that physical 
(primary clarifier) and biological treatments (anoxic/aerobic tanks) played an important role in 
removing the majority of antibiotics (median removal efficiency for amoxicillin, azithromycin, 
ciprofloxacin, chloramphenicol, meropenem, minocycline, oxytetracycline, sulfamethazine, and 
vancomycin was >70% in both CAS or MBR, whereas trimethoprim and lincomycin persisted in 
CAS (<50% removal), ARGs (up to 4.2 log removal), and ARBs (5.0 log removal). On the contrary, the 
microfiltration membrane treatment completely removed ARBs, reduced ARG concentration (up to 
4.8 log removal, and up to 7.1 log removal for the whole MBR train). The microfiltration membrane 
unit alone insignificantly reduced concentrations of antibiotic residues in comparison to the treatment 
in the secondary clarifier. They concluded that MBR system (comprised of primary clarifier + aerobic/
anoxic tanks + microfiltration membrane unit) outperformed CAS in the elimination of ARBs, ARGs, 
and most detected antibiotics.

Some studies (Du et al., 2015) have reported that aerobic membrane bioreactors (AeMBRs) can 
substantially reduce the concentration of ARGs (more than 5 orders of magnitude removal of tetG, 
tetX, tetW, and sul1 resistant genes) and complete removal of ARBs (Le et al., 2018) from DWWs, 
mostly due to pore-size exclusion mechanism (pore size: 0.1–0.4 mm). Wang et  al. (2020), in a 
review on the occurrence and fate of antibiotics, ARBs, and ARGs in municipal WWTPs (mainly 
CAS) worldwide, reported that ARG and ARB abundance was efficiently reduced in WWTPs (2 log 
reduction), and no obvious proliferation of ARGs and increase in Escherichia coli resistance rate 
were observed. However, they mentioned that ARGs (2.9–4.6 logs), ARBs (2.3–4.5 logs of E. coli/
enterococci), and antibiotics (macrolides, quinolones, sulfonamides, trimethoprim, and tetracycline) 
were still present in the treated effluent. In this review, the authors concluded that because ARGs, 
ARBs, and antibiotics are not entirely removed from WWTPs (even after disinfection treatments, such 
as ozonation, chlorination, and UV) the key point to control the occurrence of AR from WWTPs is to 
reduce antibiotics consumption by both human medicine and animal breeding.

Uluseker et  al. (2021) reviewed and summarized the current knowledge about AR removal 
efficiencies of different WWTP methods (studies mainly conducted in Europe, China, and Canada). 
They showed that CAS treatment, with aerobic and/or anaerobic reactors alone or in series, followed 
by post-treatment methods (such as UV, ozonation, and oxidation) removes considerably more ARGs 
and ARBs than activated sludge alone. They also examined AR in biosolids and discussed removal 
efficiency of different sludge treatment procedures. They concluded that advanced post-treatment 
methods such as UV, ozonation, and oxidation of effluents, and heat drying, lime stabilization, and 
pyrolysis of biosolids, remove considerably more ARGs and ARBs than activated sludge treatment 
alone, but there are disadvantages such as more complex operation and higher cost.

Studies investigating fate of ARGs in anaerobic digested sludge are more common (Tong & Wang, 
2014; Wu et al., 2016; Xu et al., 2018; Yang et al., 2014), but few studies have been found for anaerobic 
domestic WWTPs (as can be seen in Table 12.3).

As mentioned earlier, domestic WWTPs have been widely monitored in Europe, Asia, and North 
America regarding the occurrence and fate of antibiotic-resistant elements, such as ARGs, integrons, 
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ARBs, and pathogens (Uluseker et  al., 2021). However, monitoring data about AR elements in 
municipal WWTPs applying anaerobic reactors such as UASB followed by biological trickling filters 
(UASB/BTFs), one of the main technologies used in warm climate regions (such as in Brazil), are 
scarce.

Christgen et al. (2015) investigated the fate of ARGs in anaerobic, aerobic, and anaerobic–aerobic 
sequential (AAS) bioreactors (lab-scale) treating DWW through metagenomic approaches. They 
reported that AAS and aerobic reactors were superior to anaerobic units in reducing ARG-like 
sequence abundances, especially aminoglycoside, tetracycline, and β-lactam-resistant genes, whereas 
sulfonamide and chloramphenicol ARG levels were unaffected by treatment. They concluded that 
AAS reactors are more promising for future applications because they can reduce more ARGs with 
lower-energy consumption (32% less energy), but all three treatment methods have limitations and 
need further studies.

Leroy-Freitas et  al. (2022) investigated the abundance of integron (int1), ARGs (sul1, tetA, 
blaTEM, ermB, qnrB), and 16S rRNA in raw and treated wastewater of three full-scale WWTPs, 
using different treatment systems: CAS, UASB/BTF, and MAS/UV (modified activated sludge with 
UV disinfection stage). They observed that all WWTPs decreased the loads of genetic markers 
finally discharged to receiving water bodies and showed no evidence of being hotspots for AMR 
amplification in wastewater because the abundances of intI1 and ARGs within the bacterial 
population did not increase in the treated effluents. UASB/BTF showed a similar performance 
to that of the CAS and MAS/UV (ARGs removal of 1–2 log units), reinforcing the sanitary and 
environmental advantages of this biological treatment. Potential pathogenic population underwent 
a considerable decrease after the treatments; however, strong significant correlations with intI1 
and ARGs revealed potential multidrug-resistant pathogenic bacteria (Aeromonas, Arcobacter, 
Enterobacter, Escherichia–Shigella, Stenotrophomonas, and Streptococcus) in the treated effluents, 
although in relatively reduced abundances.

Santos (2021) reported ARG reduction of 0.3–0.9 log units after treatment in a UASB reactor. 
When UASB reactor was combined with other post-treatment systems such as high-rate algal ponds 
(HRAPs) or BTFs, ARG removal of 1.0–3.5 orders of magnitude were observed depending on the 
system combination. In UASB/HRAPs, a reduction of 3.5 log units was observed for β-lactam-resistant 
gene (blaTEM).

Machado et  al. (2023) investigating the same three WWTPs in the southeast part of Brazil as 
Leroy-Freitas et al. (2022) reported that MAS was effective in reducing ARB counts (by 2–3 log units), 
compared to CAS (1 log unit) and UASBs/BTFs (0.5 log unit). However, multidrug-resistant bacteria 
were still present in treated effluents despite the technology treatment applied. Yuan et  al. (2016) 
reported ARB reductions of 0.95–1.16 log units in a UASB reactor.

ARGs and ARBs that ended up being accumulated in the sewage sludge can be removed to some 
extent by the anaerobic digestion of the sludge. Thermophilic anaerobic digestion has been shown to 
be more effective in the reduction of ARGs than mesophilic digestion (Wu et al., 2016; Xu et al., 2018) 
(Table 12.3).

Anaerobic digestion of the sewage sludge can remove ∼20.7–80% of ARGs (Wu et al., 2016; Xu 
et al., 2018). In a recent review about the feasibility of anaerobic treatment including AD (of sludge 
and manure) in eliminating antibiotics and ARGs, Aziz et al. (2022) reported that AD at mesophilic 
and thermophilic temperatures were effective in eliminating ARGs including tetracyclines (tetA, 
tetO, tetW, tetX, tetC, tetG, tetL, tetM, tetQ), sulfonamides (sul1, sul2), macrolides (ermF, ermB, 
ermQ, mefA, mphB, ereA), fluoroquinolones (qnrS, aac(6′)-ib-cr, qnrA), trimethoprim (dfrA1, dfrA2), 
β-lactamase (blaTEM), aminoglycosides (aphA1, aphA2, aac(3)-II, aacA4, aadA, aadB, aadE, strA, 
strB), and mobile genetic elements (intI1, intI2, ISCR1, Tn916/1545). Nevertheless, contradictory 
results have been obtained for tetC, tetG, tetX, tetA, tetO, tetW, sul1, sul2, blaTEM, ermF, dfrA1, 
dfrA2, fluoroquinolones (qnrA), and intI1 genes, which are found to be resistant during the digestion 
period, and sometimes elevated concentrations have been observed after the anaerobic treatment. 
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They also reported that some resistant genes (sulfonamides – sul3, macrolides – ermX and mefA, and 
trimethoprim – dfrA5) are still not removed after AD.

In the study by Zarei-Baygi et al. (2020), operating an AnMBR for the treatment of DWW containing 
antibiotics (250 µg/L each of sulfamethoxazole, ampicillin, and erythromycin), they reported that 
ARG abundances (sul1, ermF, tetO) in the effluent increased upon initial antibiotic exposure to the 
system and then dropped immediately thereafter. The reactor removed 69–78% of sulfamethoxazole, 
89–98% of ampicillin, and 40–58% of erythromycin. Some effluent ARGs (tetO and ermF) were 
minimal, whereas other genes such as sul1 and int1 were still present in the effluent and strongly 
correlated with several potentially pathogenic genera.

Aziz et  al. (2022) concluded that AnMBRs are potentially the most efficient technology for 
removal of antibiotics (sulfamethoxazole, sulfadiazine, trimethoprim, clarithromycin, erythromycin, 
ciprofloxacin, ofloxacin, cefalexin, cephradine) and ARGs (sul1, sul2, tetO, tetW, ermF, ermB, 
blaNDM-1, blaCTX-M-15, blaoxa-48, blaoxa-1).

More details on the removal of antibiotics and ARGs are provided in Chapter 3 dedicated to 
AnMBRs.

In summary, anaerobic treatment technologies can reduce the burden of antibiotic resistance 
from the wastewaters and sludge (by reducing ARBs, ARGs, and antibiotic residues) and the removal 
efficiency will depend on reactor configuration, combination with other treatments, class of the 
antibiotic, and resistant genes.

12.4.2 Research needs on antibiotic resistance
Antibiotic resistance is a major threat to global public health. WWTPs applying biological treatment 
(involving aerobic and anaerobic processes) can reduce antibiotic residues, ARBs, and ARGs, but 
these resistant elements are not fully eliminated even after the disinfection treatment. In general, 
WWTPs operated with CAS processes can remove ∼2–4 logs of ARGs and ARBs and up to 70% of 
antibiotics. On the contrary, anaerobic reactors can reduce from 1.0 to 3.0 log units of ARB and ARG 
abundance depending on the bacteria or resistant genes. AeMBRs and AnMBRs can outcompete 
other treatments by removing 3–5 log units of ARGs and up to 98% of antibiotics.

Future studies should focus on innovative/powerful technologies and operational strategies able 
to increase the removal of antibiotics, ARBs, and ARGs from municipal wastewater. To achieve this 
and facilitate the comparison of removal efficiencies and resistant levels between different WWTPs 
and countries, research is needed to select the most appropriate indicators of resistant bacteria and/
or pathogens and ARGs, and standard methods for assessing them (Uluseker et  al., 2021). In the 
case of pathogenic bacteria, it could be a good choice to select, at least, microorganisms of the group 
ESKAPE, a group comprising six pathogens that show resistance to multiple classes of antibiotics: 
Enterococcus faecium, Staphylococcus aureus, Klebsiella pneumoniae, Acinetobacter baumannii, 
Pseudomonas aeruginosa, and Enterobacter spp.

Promising results obtained with combined treatments, that is, AAS processes or anaerobics in UASB 
bioreactors followed by post-treatment in HRAPs or BTFs should be consolidated with experiments 
at pilot/demonstration scale to achieve a full confirmation of their feasibility. The removal of ARBs, 
ARGs, antibiotics, and pathogens, as well as the influence of water quality parameters on the plant 
performance should be monitored and investigated. In addition, the development and evaluation of 
more effective disinfection and treatment methods (such as ultrafiltration and advanced oxidative 
processes) could contribute to reducing and/or eliminating the dissemination of AMR from WWTPs 
to the environment. The advantages and limitations of each treatment method and their combinations 
should also be investigated.

Finally, it is worth noting that to reduce antibiotic resistance spreading it is necessary to modify 
the current practice by reducing antibiotics consumption in medicine and animal breeding. This is 
because even the best technology cannot achieve the true ‘zero discharge’ and even minimal discharged 
amounts can contribute to the spreading.
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